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Preface 

The work presented in this PhD thesis was carried out at the Department of 

Environmental Engineering, Technical University of Denmark (DTU) from 

August 2018 to June 2021. Associate Professor Ursula S. McKnight (DTU) 

was the main supervisor and Professor Poul L. Bjerg (DTU) was the co-

supervisor. 

 

The PhD was internally funded by the Technical University of Denmark. A 

part of this work, specifically related to the field data acquisition, was funded 

by the project Riverscapes (Innovation Fund Denmark, grant #7048-00001B). 

 

The thesis is organized in two parts: the first part puts into context the findings 

of the PhD in an introductive review; the second part consists of the papers 

listed below. These will be referred to in the text by their paper number written 

with the Roman numerals I-IV. Paper II does not deal specifically with 

dynamics in peri-urban streams but more with innovative measurement 

methods and thus will play a minor role in this review. However, it is still 

included here for the relevance of the ground-truth data, and for the 

perspectives these new methods can offer. 

 

I Lemaire, G.G., McKnight, U.S., Schulz, H., Roost, S., & Bjerg, P.L. 

(2020). Evidence of spatio‐temporal variations in contaminants 

discharging to a peri‐urban stream. Ground Water Monitoring and 

Remediation, 40(2), 40–51. 

 

II Köppl, C.J., Lemaire, G.G., McKnight, U. S., Nørregaard, A.M., Thiim, 

C.A., Bjerg, P.L., Bauer-Gottwein, P., Garcia, M. (2021). Imaging Tracer 

Mixing Concentration 2D in a Stream with Hyperspectral Sensing from an 

Unmanned Aerial System. Submitted. 

 

III Lemaire, G.G., Rasmussen, J.J., Höss, S., Kramer, S.F., Schittich, A-R., 

Zhou, Y., Köppl, C.J., Traunspurger, W., Bjerg, P.L., McKnight, U.S. 

(2021). Impact of land use on spatiotemporal stream water quality: 

Implications for water governance in peri-urban catchments. Submitted. 
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IV Lemaire, G.G., Carnohan, S.A., Grand S., Mazel, V., Bjerg, P.L., 

McKnight, U.S. (2021). Data-driven System Dynamics model for 

simulating water quantity and quality in peri-urban streams. Submitted. 

 

In addition, the following reports and publications, not included but related to 

this thesis, were also completed during this PhD study: 

 

Bandini, F., Lüthi, B., Peña‐Haro, S., Borst, C., Liu, J., Karagkiolidou, S,  Hu, 

X., Lemaire, G.G., Bjerg,P.L., Bauer‐Gottwein, P. (2021). A Drone‐Borne 

Method to Jointly Estimate Discharge and Manning's Roughness of Natural 

Streams. Water Resources Research, 57(2).  

 

Carnohan, S.A., Lemaire, G.G., Figari, S., Bjerg, P.L., McKnight, U.S. The 

Dynamic Aquatic Simulation Hub: An Agile, Integrated Model and Boundary 

Object for IWRM. Manuscript. 

 

Lemaire, G.G., Bjerg, P.L. (2019). Methodology for risk assessment of stream 

water contamination by landfills. Mixing of landfill leachate plumes in 

streams. Danish EPA, project no. 2118. 

 

Roost, S., Bach, C., Lemaire, G.G., Sonne, A.T., Bjerg, P.L., Lilbæk, G. (2018) 

(in Danish). Streams impacted by contaminated site: temporal variations in 

concentration and flow (Vandløb påvirket af jordforurening: Tidslig variation 

i koncentration og vandføring). Danish EPA, project no. 2050.  
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Summary 

Stream water resources and ecosystems are at threat worldwide from the ever-

increasing pressure of urban and agricultural expansion, as well as climate 

change. Furthermore, the ongoing green transition of the world economy has 

led to emerging concerns of unintentional negative consequences with respect 

to freshwater biodiversity. These different stressors and how they contribute to 

the degradation of stream quality and ecology is especially complex to com-

prehend in peri-urban landscapes. These landscapes are indeed characterized 

by a sprawl of urban, industrial and agricultural activities to the detriment of 

more natural areas, and the inherent variability of these catchments results in 

highly dynamic hydromorphological and water quality stressors. 

Getting a better understanding of these conditions, stressor dynamics and the 

effects of underlying driving processes on ecological health is therefore an im-

portant priority. Dedicated measurements and in-situ monitoring are standard 

approaches to tackle this knowledge gap, but to this day are still practically 

and economically constrained in peri-urban settings due to their dynamic na-

ture and high variability. Simulation models can be used to advance the under-

standing of processes affecting stream water quantity and quality, and enable 

the design of more efficient monitoring programs. But while numerous hydro-

logical and water quality models exist, specific applications to peri-urban 

streams, for decision-making and mitigation strategies are still limited. 

The main objective of this PhD was therefore to further the understanding of 

spatio-temporal variations affecting water quantity and quality in peri-urban 

stream systems, and how these parameters can potentially impact ecological 

quality. In order to fulfil this scope, two main field investigations (reach and 

catchment scales) were carried out to evaluate the variation in discharges from 

contaminant sources and variability of physico-chemical stream conditions, 

with sampling on a monthly to bi-monthly basis over a year. An ecological 

quality assessment was carried using traditional (benthic macroinvertebrate) 

and novel (meioinvertebrate, specifically nematodes) bioindicators. 

Additionally, an integrated model (water quantity and quality, i.e. water 

temperature, dissolved oxygen (DO), and macronutrients) was implemented to 

obtain better insights into the dynamics of peri-urban stream systems. This 

model was developed using a System Dynamics approach for transparency 

purposes, to enable future stakeholder engagement practices and facilitate its 

potential transferability to other catchments at a later stage. 
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Both field studies revealed high seasonal variations of flow stemming from the 

numerous pathways that contribute to peri-urban stream discharges. Notably, 

the reach scale investigation (Mølle Stream) highlighted alterations of the 

groundwater baseflow and how different urban features and former 

anthropogenic modifications (retainment wall, drains) resulted in the creation 

of complex pathways that drive important spatio-temporal variations of 

contaminated groundwater and other discharges, and ultimately, variation in 

chemical concentrations in the receiving stream. 

A tracer experiment combined with a ground truth dataset were performed in 

Mølle Stream in order to investigate the potential use of hyperspectral drone 

images in future tracer tests. The experiment also investigated variations in 

concentrations and mixing processes in streams. Of particular relevance for 

this study, the distance between a discharge entry point or a contaminant source 

and fully mixed conditions (i.e. the mixing length) were assessed. The 

comparison between the tracer experiment, the reach scale investigation and a 

dedicated steady-state model for the estimation of the mixing length were in 

reasonable agreement. The results showed that the variations of tracer 

concentrations (and in general any dissolved substances) are strongly 

dependent on sample location, up to the point of fully mixed conditions. The 

mixing length is affected by the flow variation and mixing process and hence 

should be considered when applying a water quality model or when sampling 

in relation to compliance.  

The field investigation at the catchment scale (Usserød Stream) showed the 

strong variability of physico-chemical conditions in a peri-urban stream, and 

underlined the dynamic and variable contributions of different land-use areas. 

Wastewater treatment plant (WWTP) effluents were important contributors of 

nutrients (N, P), but significant contributions from agricultural lands were also 

captured during specific periods. 

The model co-developed during this PhD was applied in the Usserød Stream 

catchment and successfully captured flow, depth and temperature variations. 

Notably, it showed the effect of enhanced heterotrophic respiration in summer 

which resulted in lower oxygen concentrations, possibly driven by (1) 

dissolved organic carbon emanating from different agricultural or urban areas, 

or (2) the enhanced settling and degradation of organic particles provoked by 

a combination of shallow depth and interception by water plants. A potential 

remobilization of phosphorus from the streambed was also highlighted, 

through uncertainty analysis results combined with the rich dataset collected 
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on site. This process may become a significant diffuse source of nutrients, if 

others (e.g. wastewater treatment plant effluent) were eliminated.  

The temporal variations of some physico-chemical conditions (specifically 

DO, temperature and Biological Oxygen Demand) were seen as an explanatory 

factor for the poor to moderate ecological status recorded at the sampling 

stations along the Usserød Stream  (macroinvertebrate and fish bioindicators). 

Nevertheless, these variations were comingled with other potential stressors 

such as degraded physical habitat, lack of a source population for 

recolonization (macroinvertebrates) and chemical contamination. Indeed, the 

ecological assessment utilizing a nematode-based stress index 

(nemaSPEAR[%]),  well suited to reveal chemical contamination, showed bad 

to moderate quality at some sampling stations where suspended particles (and 

thus solid-bound contaminant) concentrations were high, suggesting that 

chemical stressors are likely overlooked. 

The aforementioned nemaSPEAR[%] index appears as a powerful bioindicator 

for environmental impacts and inherent dynamics in peri-urban stream 

systems. This indicator could discriminate different urban features such as 

wastewater treatment plant effluents and combined sewer overflows. 

Furthermore, it revealed potential benefits of these urban wastewaters which 

so far remained unnoticed in the development of green solutions. These 

solutions promote, for instance, more centralized and resource/energy-efficient 

wastewater treatment plants along with potential re-routing of effluent 

discharges, and could ultimately result in unforeseen negative impacts on 

ecological quality. 

Overall, these findings highlight the need to continuously track the dynamic 

properties in peri-urban stream systems, ideally at different time scales (high 

frequency, short term, seasonal, long term) and taking advantage of the new-

est available monitoring technologies. The collected data, in close combina-

tion with simulation tools, will better support process understanding, the 

quantification of contributions from contaminant sources and different land-

use and impacts in terms of both water and ecological quality.   
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Dansk sammenfatning 

Vandløb og økosystemer er på verdensplan truet af det stigende pres fra vok-

sende by- og landbrugsområder såvel som af klimaforandringer. Desuden er 

der pga. den igangværende grønne omstilling af verdensøkonomien opstået be-

kymringer om uønskede (negative) konsekvenser for biodiversiteten i fersk-

vandsområder. Disse forskellige stressfaktorer og deres bidrag til forringelse 

af vandkvaliteten og økologi/miljøet er særligt komplekse at forstå i overgan-

gen mellem by- og landområder (peri-urban). Denne type områder er karakte-

riseret ved en blanding af byområder, industri og landbrug, som sætter natur-

områder under pres. Den iboende dynamik i disse oplande/bynære vandområ-

der resulterer i stærke variationer i fysiske og vandkvalitetsmæssige stressfak-

torer. 

Det er derfor essentielt at opnå en bedre forståelse af dynamikken af disse pa-

rametre og stressfaktorer samt forståelse af de fundamentale processers og på-

virkningen af den økologiske tilstand. Overvågningsprogrammer med vand-

prøver og online målinger er begge typiske måder for at håndtere denne mang-

lende forståelse, men er udfordret både praktisk og omkostningsmæssigtpå 

grund af de dynamiske forhold og store variationer i bynære vandsystemer i 

disse områder. Beregningsmodeller kan anvendes til at øge forståelsen af de 

processer, der påvirker vandmængde og -kvalitet, og gøre det muligt at udvikle 

mere effektive overvågningsprogrammer. Men til trods for at der eksisterer tal-

rige modeller inden for hydrologi og vandkvalitet, er deres specifikke anven-

delse på bynære vandløbssystemer som grundlag for beslutninger og udvikling 

af afværgestrategier stadigt meget begrænset.  

Det primære formål for denne ph.d. -afhandling var derfor at øge forståelsen 

af de tidslige og rumlige variationer, der forekommer i bynære vandløbsyste-

mer. Der var fokus på variationer, som påvirker vandføring og –kvalitet, og 

hvordan disse forhold potentielt kan påvirke den økologiske tilstand. For at 

opfylde dette formål blev der foretaget to større feltundersøgelser på lokal og 

oplandsskala for at vurdere variationen i påvirkning fra forureningskilder/ud-

ledninger/arealanvendelser og variationen af de fysisk-kemiske forhold i vand-

løb. 

Den økologiske tilstandsvurdering blev foretaget ved hjælp af traditionelle  

bioindikatorer (bentisk makroinvertebrat) såvel som nye  bioindikatorer (mei-

oinvertebrat, mere præcist nematoder). Derudover blev der udviklet en integre-

ret vandløbsmodel (vandføring og –kvalitet f.eks. vandtemperatur, opløst ilt 
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(DO) og makronæringsstoffer) for at opnå dybere forståelse af dynamikken i 

bynære vandløbssystemer. Denne model blev udviklet ud fra en ”System Dy-

namics-tilgang” for at sikre transparens og fremme interessenternes engage-

ment, samt lette modellens potentielle overførsel til andre brugere på et senere 

tidspunkt. 

Begge feltundersøgelser afslørede betydelige sæsonudsving i vandføring som 

følge af de mange bidrag og udledninger til bynære vandløb. Især den lokale 

undersøgelse af en forurenet grund og påvirkningen af Mølleåen viste ændrin-

ger i grundvandets udsivning, og hvordan forskellige bymæssige karakteristika 

og menneskeskabte ændringer (bygværker, dræn og afløb) resulterede i et kom-

plekst udsivningsmøster. De mange transportveje påvirker rumlige og tidslige 

variationer af forureningsudsivning og i sidste ende variationer i koncentratio-

ner af de kemiske stoffer i vandløbet. 

Et sporstofforsøg ved Mølleåen, som havde til formål at undersøge 

mulighederne for at bruge droner og hyperspektrale billeder ved 

sporstofundersøgelser i fremtiden, belyste variationer i koncentrationer og 

opblandingsforhold i vandløb. Det var af særlig interesse for dette ph.d. projekt 

at vurdere, hvornår der opnås fuldt opblanding i et vandløb nedstrøms et 

udledningspunkt eller en forureningskilde. Sammenligning mellem 

sporstofforsøget, observationer fra studiet af udsivningen fra den forurenede 

grund og modelsimuleringer viste rimelig overensstemmelse. 

Opblandingslængden påvirkes bl.a. af vandføringen og vandløbets fysiske 

forhold, og det bør derfor tages i betragtning ved anvendelse af 

vandkvalitetsmodeller eller ved prøvetagning i forbindelse med vurdering af 

overskridelser af kvalitetskriterier.  

Feltundersøgelsen på oplandsskala (Usserød Å) viste en stærk variabilitet af 

fysisk-kemiske forhold i et bynært vandløb, og målinger understregede de dy-

namiske bidrag fra forskellige typer arealanvendelser. Spildevand fra rens-

ningsanlæg (WWTP) gav et stort bidrag af næringsstoffer (N, P), men betyde-

lige bidrag fra landbrugsarealer blev også observeret i specifikke perioder.  

Modellen, som blev udviklet undervejs i dette ph.d.-projekt, blev anvendt på 

oplandet ved Usserød Å, og simuleringer viste gode resultater for strømnings-

, dybde- og temperaturudsving. Resultaterne påviste især effekten af øget he-

terotrofisk respiration om sommeren, som resulterede i lavere iltkoncentratio-

ner. Dette var muligvis drevet af: (1) opløst organisk kulstof, der udledes fra 

forskellige landbrugs- eller byområder, eller af (2) den øgede bundfældning og 
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nedbrydning af organiske partikler fremkaldt af en kombination af lav vand-

stand og påvirkning fra vandplanter. Resultater fra en usikkerhedsanalyse kom-

bineret med et omfattende datasæt fra området indikerede også en potentiel 

frigivelse af fosfor fra åbunden. Denne proces kan potentielt give et betydeligt 

bidrag med en diffus kilde af næringsstoffer, hvis andre kilder (f.eks. spilde-

vand fra rensningsanlæg) blev elimineret.  

De tidsmæssige variationer af visse fysisk-kemiske forhold (DO, temperatur 

og biologisk iltbehov) blev foreslået som en forklaring på den ringe til mode-

rate økologiske tilstand, der blev registreret ved prøvetagningsstationerne 

langs Usserød Å (makroinvertebrat og fiske-bioindikatorer). Disse variationer 

kunne dog ikke adskilles fra andre mulige stressfaktorer såsom forringet fysisk 

habitat, mangel på muligheder for rekolonisering (makroinvertebrat) og ke-

misk forurening. Den økologiske vurdering blev foretaget ved hjælp af et ne-

matodebaseret stressindeks (nemaSPEAR[%]), som er en metode velegnet til 

at afsløre forurening fra kemiske stoffer. Resultaterne viste dårlig til moderat 

økologisk kvalitet ved nogle prøvetagningsstationer, hvor der blev konstateret 

høje koncentrationer af partikulært materiale (og dertil bundne forurenings-

stoffer), hvilket tyder på, at kemiske stressfaktorer sandsynligvis spiller en 

rolle.  

NemaSPEAR-indeks ser ud til at være meget anvendeligt som bioindikator for 

miljømæssige påvirkninger og iboende dynamikker i bynære vandløbssyste-

mer. Indikatoren kan adskille påvirkninger fra forskellige bymæssige bidrag fx 

spildevand fra rensningsanlæg og overløb fra fælles kloakeringssystemer. Des-

uden afslørede brug af nemaSPEAR-indekset potentielle fordele ved spilde-

vand fra byer, som hidtil ikke er medtaget ved udviklingen og vurderingen af 

grønne løsninger. Disse løsninger fokuserer ofte på mere centraliserede og res-

source-/ energieffektive rensningsanlæg for spildevand som sammen med po-

tentiel omlægning af spildevandsudledninger kan resultere i uforudsete og ne-

gative påvirkninger på kvaliteten af den økologiske tilstand. 

Samlet set fremhæver disse resultater behovet for løbende at spore de dynami-

ske forhold ved bynære vandløbsystemer, ideelt set ved målinger med forskel-

lig tidsskala og anvendelse af af de nyeste tilgængelige måleteknologier. De 

indsamlede data vil, i samspil med effektive simuleringsværktøjer, kunne bi-

drage til forbedret procesforståelse, kvantificeringen af kildebidrag (og areal-

anvendelse) og påvirkninger af både vandkvalitet og økologisk tilstand. 
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1 Introduction 

1.1  Motivation 
Freshwater resources (particularly lakes, reservoir and rivers) represent less 

than 0.01% of all water on Earth and only ca. 2% of non-frozen land surface 

areas (Lehner & Döll, 2004) but play an important role in the overall hydro-

logical and nutrient cycle and transport (Cole et al., 2007; Hotchkiss et al., 

2015; Maranger et al., 2018). These water bodies accommodate a rich biodi-

versity with almost 10% of all known animal species (Reid et al., 2018) and 

fulfill numerous ecosystem services such as water supply, food, irrigation, 

flood retention (Green et al., 2015; Postel & Carpenter, 1997; Wetzel, 2001). 

These ecosystems are deteriorating at an alarming rate due to unceasing an-

thropogenic pressures and climate change (Dudgeon et al., 2006; Vörösmarty 

et al., 2010). Accelerated land-use change since the 1950s, alongside the rise 

of agricultural productivity and increased development of urban areas to ac-

commodate an exponentially growing population, are major drivers of this 

overall degradation (Carpenter et al., 2011; Van Meter et al., 2016). In addi-

tion, the ongoing transition towards greener economies (UNEP, 2011) has led 

to emerging concerns of unintentional negative consequences with respect to 

freshwater biodiversity (Gasparatos et al., 2017; Marttila et al., 2020). 

The impairment of freshwater ecosystems is especially notable for streams that 

drain peri-urban landscapes due to their extensive hydrological connectivity to 

the surrounding lands (Fausch et al., 2010; Simon, 2008). These landscapes are 

characterized by the continuous sprawl of urban, industrial and agricultural ac-

tivities in detriment of more natural areas and high spatial heterogeneity 

(Allen, 2003; Piorr & Ravetz, 2011). The alteration of peri-urban streams is 

thus extremely complex and highly dynamic as a result of the combination of 

hydromorphological and water quality stressors from a fragmented patchwork 

of urban, agricultural and natural areas along with their inherent variability 

(Guo et al., 2019; Lintern et al., 2018).  

To bend the curve of this diversity loss and stop the overall degradation of 

these ecosystems, better management of stream water resources and efficient 

targeted mitigation strategies are needed. In Europe this has led to the imple-

mentation of the Water Framework Directive (WFD) in the year 2000, which 

aims to protect all water resources and ensure a good ecological and chemical 

status of streams (European Commission, 2000). This quality status assessment 

in practice is based on biological metrics at different trophic levels supported 
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by hydromorphological, physico-chemical and chemical monitoring elements 

(Birk et al., 2012; European Community, 2000).  

However, less than 40% of European streams had reached the required good 

ecological status by 2018 (European Environment Agency (EEA), 2018). Mul-

tiple possible causes were highlighted for this setback but no clear causal 

mechanism was identified due to several considerations. Ecological status is 

impaired by a combination of stressors whose interactions and effects on biotic 

communities are still difficult to comprehend (Birk et al., 2020; Schinegger et 

al., 2012). Furthermore, many streams were still classified under the unknown 

status due to insufficient spatial and temporal monitoring of relevant parame-

ters needed to support the assessment (European Commission, 2019). 

Getting a better understanding of these parameters and stressors dynamics, un-

derlying driving processes and how they affect ecological quality is therefore 

an important priority. Dedicated measurements and in-situ monitoring are a 

standard approach to tackle this gap, but they are often limited by practical 

(e.g. number of sampling points, parameters, etc.) and financial constraints 

(Brack et al., 2017; Carvalho et al., 2019). This is particularly true in peri-

urban settings for which measurements and data are still extremely limited, 

especially considering their highly dynamic nature (Braud et al., 2013; Castilla 

et al., 2015).  

Modelling tools appear as essential tools, as they can be used to advance the 

understanding of processes affecting stream water quantity and quality, thus 

enable the design of more efficient monitoring programs, and ultimately sup-

port decision-making by allowing testing of scenarios and mitigation strategies 

(Birk et al., 2020; Fu et al., 2019; Pinto & Maheshwari, 2014). Many hydro-

logical and water quality models have been developed over the years at differ-

ent levels of complexity and integration (Arheimer & Olsson, 2003); however 

the deployment of existing models designed for investigating hydrology and 

water quality in peri-urban settings are to this day limited and research-based 

models are still too fragmented (Fu et al., 2020). The integration of spatial 

heterogeneity and variable hydrological response times, combined with data 

requirement  and their inherent variability are some of the challenges to over-

come to fill this gap (Branger et al., 2013; Fu et al., 2020; Thuy et al., 2018; 

Wittmer et al., 2016).  
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1.2 Research objectives 
The main objective of this thesis was therefore to further the understanding of 

spatio-temporal variations in terms of hydrology, physico-chemical conditions, 

and their potential impacts on ecology quality in peri-urban catchments. More 

specific aims were to:  

 Examine the complexity of the groundwater-surface water interaction 

in peri-urban settings, and its implication in terms of surface water 

quality (I) 

 Perform and assess field scale investigations of the dynamics of phys-

ico-chemical conditions in peri-urban catchments, and potential link to 

ecological quality (II; III) 

 Co-develop an integrated modelling tool coupled to field data to better 

understand the drivers and dynamic factors impacting water quantity 

and quality in these catchments (IV)  

1.3 Outline 
Chapter 2 provides a background to this thesis with an overview of the main 

processes affecting peri-urban streams hydrology and quality, followed by a 

review of existing studies focussed on spatio-temporal variabilities. Available 

simulation tools for water quantity and quality will also be presented. Chapter 

3 presents the field sites and related activities carried out during this PhD to 

explore these variations. Chapter 4 outlines the main results of this PhD. Their 

implication in the broader context of water resource management are given in 

Chapter 5. Finally, conclusions are given in Chapter 6 followed by some sug-

gestions for future research on this topic in Chapter 7. 
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2 Background 

2.1 Characteristics of peri-urban streams and land-

use influence 
Peri-urban streams hydrology and water quality is determined by flow contribu-

tions and pathways stemming from natural, agricultural and urban land-use areas 

with highly contrasting dynamic properties (Crossman et al., 2021; Pinto et al., 

2013; Fig. 1). 

 

Figure 1. Conceptual drawing of a peri-urban stream highlighting typical contributions 

from the urban and agricultural areas. Yellow arrows highlight runoff pathways (fast hy-

drological response time) following rain events (blue arrows) while orange arrows indicate 

infiltration and groundwater seepage (longer hydrological response time), encompassing : 

(a) runoff and stormwater sewer systems, (b) wastewater treatment plan effluent, (c) indus-

trial runoff, (d) agricultural runoff, (e) groundwater flow and possible contaminant 

transport.  

 

Despite groundwater being a main contributor to stream baseflow in almost all 

geographic and environmental settings (Winter et al., 1998), this hydrological 
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compartment is often disconnected or disturbed in peri-urban landscapes. This is 

primarily a result of alterations to the soil surface and deterioration of natural drain-

age patterns that significantly affect the overall water balance and flow dynamics 

of the catchment. Notably, in urban areas the increase of impervious surfaces fos-

ters run-off and a flashier hydrograph, decreases the interception and infiltration 

of precipitation towards the groundwater, and results in a possible reduction in 

baseflow (Kalantari et al., 2017; Paul & Meyer, 2001; Walsh et al., 2005). In-

versely, underground networks (i.e. sewer systems, pipes, etc.) possibly constitute 

complex preferential flow pathways, referred as “urban karst”, that lead to rapid 

routing of groundwater flows to receiving water bodies (Kaushal & Belt, 2012; 

Lemaire et al., I). In agricultural areas, the intensification of production and 

periods with bare soil can also result in a formation of a top soil crust of low 

permeability fostering direct runoff (Van Meter et al., 2016). The combination 

of these characteristics results in a relatively complex hydrological response with 

both fast and slow hydrological pathways acting simultaneously (Braud et al., 

2013).  

Unsurprisingly, this heterogeneous land-use distribution and modification of the 

hydrological cycle in peri-urban catchments have strong impacts in terms of stream 

water quality. Firstly, the continuous landscape transformation and flashier hydro-

graph often result in more erosive flows and enhanced sediment loading (Ferreira 

et al., 2020; Walsh et al., 2005). This increased inflow of particles has profound 

direct ecological impacts on fish and invertebrate population as well as indirect 

consequences due to light reduction, changes in water temperature affecting auto-

trophic (water plant) communities, contaminant and nutrient transport by adsorp-

tion, and potential hypoxia by decomposition in case of elevated organic matter 

content (Bilotta & Brazier, 2008; Zeiger & Hubbart, 2016).   

Additionally, urban expansion is almost always associated with an enhanced load 

of dissolved nutrients and chemical pollutants to the stream bodies (xenobiotic 

compounds, metals), characteristic of the “urban stream syndrome” (Booth et al., 

2016; Walsh et al., 2005). This complex mixture of contaminants is delivered via 

point discharges (e.g. intermittent combined sewer overflow (CSO), continuous 

WWTP effluent) or diffuse pathways (e.g. numerous separated sewers and run-

off; Fu et al., 2020). Moreover, the historical development of industrial sites in 

the vicinity of streams constitutes a potential threat especially in terms of pollutants 

delivered via groundwater or other unknown pathways (Rønde et al., 2017; Roy 

& Bickerton, 2012; Weatherill et al., 2014; Lemaire et al., I). 
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Studies have also documented an increase of stream water temperature in urban 

areas in connection with elevated local air temperature, flow over hot impervious 

surfaces and WWTP effluents (Briciu et al., 2020; Wenger et al., 2009, Lemaire 

et al., III). Dissolved oxygen concentration can be impaired as a direct conse-

quence of stream temperature increase (reduction in oxygen saturation concen-

tration), as well as enhanced loads of labile particulate and dissolved organic 

matter fueling heterotrophic respiration (Hosen et al., 2014) or nutrient loading 

resulting in enhanced photosynthesis and ultimately eutrophication. However, 

contradictory observations of this last phenomena are often reported in urban 

stream environments due to the counter effect of more frequent scouring events 

(caused by flashier hydrograph) and light reduction provoked by higher sus-

pended solids, as previously mentioned (Blaszczak et al., 2019; Walsh et al., 

2005). 

Agricultural lands also have a strong impact on water quality. The overall exten-

sion of agricultural areas worldwide has expanded to the detriment of riparian areas 

that provide important services in terms of e.g. nutrient removal, erosion preven-

tion, temperature buffering, as well as pollutant retention and degradation 

(Dosskey et al., 2010; Van Meter et al., 2017). Agricultural lands constitute 

also a key diffuse source of nutrient discharge with potential eutrophication 

issues. Furthermore, agricultural activity is an important source of chemical, pes-

ticide and metal pollution, especially via direct run-off and tile drainage (Karlsen 

et al., 2019; Riseng et al., 2011; Rozemeijer et al., 2010). It is also worth men-

tioning that former agricultural activities and excessive fertilizer use combined 

with groundwater transport comprise a primary source-pathway for legacy nutrient 

discharge to streams (temporarily stored in soils, groundwater and sediments), for 

which mitigation measures are extremely difficult to implement (Chen et al., 

2018; Van Meter et al., 2017).   

All in all, the heterogeneous land-use distribution and associated stressors in peri-

urban catchments result in highly dynamic responses of the streams draining these 

landscapes, altering water quantity, quality and ecology in an extremely complex 

fashion (Berger et al., 2017; Donohue et al., 2006; Guo et al., 2019; Lintern et 

al., 2018). 
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2.2 Field investigations of spatio-temporal 

dynamics in mixed land-use catchments 
Table 1 presents an overview of selected field studies addressing specifically 

the spatio-temporal dynamics of water quality (physico-chemical, pollutant) or 

ecological quality in mixed land-use catchments. These studies cover a wide 

range of spatial (reach to region), and temporal scales (from high frequency 

(HF) to seasonal and multi-year trends), depending on the study’s aims. 

A substantial number of the studies presented here focused on nutrient fluxes (C, 

N, P) at relatively large spatial scales and aimed at identifying the contribution by 

land-use on a seasonal basis (see e.g. Coulter et al., 2004; Shehab et al., 2021; 

Tremblay et al., 2020). A few, however, sampled at higher frequencies (i.e. < one 

day) in order to better characterize the physico-chemical processes and dynamics 

of contaminant sources and delivery pathways. Ivanovsky et al. (2016) for in-

stance highlighted the diel cycle and assimilation of nutrients by plant biomass 

as well as the flush of ammonium from stormwaters. These studies underline 

that eutrophication was and still is a major threat to stream water quality 

(Leavitt, 2020; Le Moal et al., 2019).  

Evaluations of the variation in suspended solids concentrations are also well rep-

resented, as suspended solids are an important source of water quality impairment 

(see previous section). The respective field investigations were often run at high 

sampling frequencies to capture transient runoff events, allowing to either quantify 

the direct contribution of land-use (Zeiger & Hubbart, 2016) or the effect of 

changes in land-use (Ferreira et al., 2020). 

The majority of studies investigating spatio-temporal dynamics of organic and 

inorganic pollutants were carried out at the reach scale or in very small catch-

ments (< 100 km2), with the exception of Fairbairn et al. (2015) who focused 

specifically on the partitioning of contaminants between the sediment and water 

phases. Sampling at the reach scale allowed the authors to focus on source-delivery 

pathways. For example Ferreira et al. (2016) demonstrated a strong correlation 

of heavy metal pollution with road traffic intensity, and Wittmer et al. (2010) 

detangled a mixture of response times for different pesticides from both urban and 

agricultural areas. Interestingly, the study performed by Sonne et al. (2017) and 

supported by the data from Rønde et al. (2017) is among a few presenting sea-

sonal pollutant discharges via the groundwater pathway (but see Weatherill et al. 

, 2014; Fryar et al., 2000; and Lemaire et al., I). Overall, the number of studies 

looking into the dynamics of groundwater pathways in mixed land-use catchments 
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was relatively limited, with exception of  the previously mentioned as well as Van 

Herpe & Troch (2000) looking specifically at nitrate. 

Finally, only a few studies were found addressing the link between spatio-temporal 

variations of water quality and ecological quality in peri-urban catchments (excep-

tion being Becouze-Lareure et al. (2016) for the effect of CSOs, Sonne et al. 

(2017; 2018) with regards to organic and inorganic pollutants and Lemaire et al. 

(III)). In general, linkages and cause-effect relationships between water quality 

and ecosystem responses are still relatively poorly understood (Carvalho et al., 

2019) and the fact that ecological health is often confounded with water quality 

is a possible explanation for this knowledge gap (Heal et al., 2020; Pinto et al., 

2013).  
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Table 1. Literature review of studies addressing spatiotemporal investigation in peri-urban stream and targeting hydrological, physico-chemi-

cal, chemical status (search by explicit reference to “peri-urban” and “spatio/temporal variations” or “dynamics”). SS=Suspended Solids, N= 

Nitrogen, P=Phosphorus, C=Carbon, HM=heavy metals, PAH=polyaromatic hydrocarbons, CAH=chlorinated aliphatic hydrocarbons, PPCP = 

personal care products 

Reference 
(by spatial scale) 

Investigated parameters 
Characteristics  

catchment/reach size and 
flow 

sampling frequency Sampling scale Main observations 

< 10 km2      

Lemaire et al. (I) CAH 

500 m reach 
0.2 m3/s 

Seasonal Reach 

Variable groundwater discharge 
via natural (streambed) and engi-

neer (drains, cracks) compart-
ment. Complex hyporheic flow and 
contaminant transport at the junc-

tion of two channels 

Becouze-Lareure et al. 
(2016) 

HM, PAH, ecotoxicity 
2.7 km2 

0.01-0.5 m3/s 
HF Reach 

Highlight the toxicity of sediment 
downstream CSOs (benthic and 

hyporheic zone). Spatial and tem-
poral dynamics depending on in-
tensity of flush, potential resus-

pension 

Ferreira et al. (2020) SS 
6 km2 

0.01-0.05 m3/s 
HF Subcatchment 

Investigation of SS temporal varia-
tions in catchments with different 
urban extent, during and after sig-
nificant urbanization operations. 
Highlight the impact of urbanisa-

tion work on SS  

Ferreira et al. (2016) pH, COD, nutrient, HM 
6 km2 

0.01-0.8 m3/s 
HF Subcatchment 

Seasonal and storm magnitude ef-
fects. Strong influence of the hy-

drological regime. High concentra-
tion at the end of summer after ac-

cumulation and wash-off com-
bined with lower dilution. En-

hanced flow connectivity in wet 
season lead to mobilization of nu-

trient and metals from runoff 

< 100 km2      
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Fryar et al. (2000) CAH 
47 km2 

0.05-0.2 m3/s 
 

Seasonal Subcatchment 

Focus on spatial and temporal 
variations. Combination of loosing 

and gaining sections, hydraulic 
gradient reversal associated with 

storm events or dry periods.  

      

Tremblay et al. (2020) N, P, C 
15 km2 

 
-  Reach 

Focus on spatial variations: land-
use and geomorphological influ-

ence on nutrient retention and ex-
port. Strong variation of NO3 con-
centrations and retention capacity 
in pristine catchments compared 

to peri-urban ones 

Rodríguez-Blanco et al. 
(2013) 

P 16 km2 HF (10 min) Subcatchment 

Significant contribution of particu-
late P compared to dissolved P 
(DP) during storm events, DP 
mostly discharging from the 

groundwater flow component 

Horne & Hubbart (2020) Temp 23 km2 HF (5 min) Reach 

Spatiotemporal variations of tem-
perature based on land-use occu-
pation. Forested areas resulted in 
lower stream temperature in sum-
mer and higher in winter (buffer 
effect), while temperature was 

higher in agricultural lands. Urban 
influence was highly variable 

Wittmer et al. (2010) 
Biocides, pesticides 

 
25 km2 HF Subcatchment 

HF sampling (spatial and tem-
poral) revealed important loading 
from both urban (façade wash off, 
constant background, CSOs) and 
agricultural areas (seasonal and 

runoff effect). 

> 100 km2      

Van Herpe & Troch 
(2000) 

Nitrate 
114 km2 

0.5-2 m3/s 
Daily Subcatchment 

General increase of nitrate con-
centrations in agricultural areas, 
lower in forested areas and no 

specific link with the degree of ur-
banisation. Lower concentrations 
during the summer likely stem-

ming from plant assimilation. Sea-
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sonal variation of discharge path-
ways from runoff to groundwater 

flow 

Lemaire et al. (III) 
pH, Temp, Turb, nutrients, SS, chl-a 

ecological indicators 
120 km2 

0.35 m3/s 
Seasonal Reach 

Important temporal variations in 
stream discharge, temperature, 

DO. Dynamic contribution of both 
urban and agricultural-like areas 
for N and P characterized at the 

sub-catchment scale   

Müller et al. (2020) 
Emerging contaminants, 

pesticides 
134 km2 

0.2-0.8 m3/s 
HF (hourly) 

over one day 
Reach 

Important contaminant discharge 
from WWTP effluents, while negli-

gible influence of tributaries 
mostly due to minor flow dis-
charge at the time of study 

Ivanovsky et al. (2016) pH, DO, EC, nutrients, DOC, chl-a 
135 km2 
0.8 m3/s 

Seasonal+HF  

(10 min) 
Subcatchment 

Influence of both rural and urban 
areas. Limited groundwater input. 
Significant urban contribution in 
low flow periods and diel oscilla-

tion of nutrient cycling 

Sonne et al. (2017) 
HM, pharmaceutical, BTEX, 

CAH, toxicology 
200 km2 
2 m3/s 

Seasonal Reach 

Groundwater-borne contaminant 
discharge. Simultaneous anthro-
pogenic and geogenic sources 
caused by altered redox condi-

tions. 

Zeiger & Hubbart (2016) SS 
230 km2 

10-50 m3/s 
Seasonal +  
HF (2 days) 

Subcatchment 

SS estimate along land-use gradi-
ent. Increase of SS concentrations 
from pristine, to rural, to urban ar-

eas 

Coulter et al. (2004) pH, temp, Turb, nutrients, SS 
716 km2 
6.1 m3/s 

Yearly+ seasonal Subcatchment 

Focus on the spatial variations 
and limited conclusion in terms of 
time variations. Urban areas re-
sponsible for higher temperature 
and suspended sediments loads, 
agricultural areas for the nutrient 

loads  

Bu et al. (2010) 
pH, temp, DO, BOD, Nutrients 

(macro+micro) 
730 km2 

 
Seasonal 
(wet/dry) 

Subcatchment 

Highlight spatio-temporal variabil-
ity. Factor analysis and cluster re-
vealed comingled sources (agri-
cultural and urban input) and wa-
ter quality degradation from the 
source to the catchment outlet 
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Fairbairn et al. (2015) 
Emerging contaminants 

pesticides 
sediments 

809 km2 
1-6 m3/s 

Seasonal Subcatchment 

PPCP and pharmaceutical corre-
lated with urban density, signifi-

cant spatio-temporal variations of 
pesticides independently of land-
use. Strong seasonal variations of 

concentrations in water column 
compared to the sediments 

Shehab et al. (2021) 
pH, temp, DO, BOD, SS, nutrient, 

E.Coli 
3500 km2 

Seasonal 
(wet/dry) 

Subcatchment 

Focus on water quality and influ-
ence of landscape evolution. Fac-
tor and cluster analysis. Deteriora-

tion of water quality correlated 
with the fragmentation degree of 

land-use. 

Pinto et al. (2013) DO, Temp, N, chl-a, SS 22000 km2 Yearly Region 

Analysis of long term water quality 
via Factor and cluster analysis. 

Spatial discrimination between low 
and high polluted urban and agri-
cultural zones. Increasing temper-

ature trend and decreasing SS 
concentrations 

Petrone (2010) N, P, C 120000 km2 Seasonal Region  

Delivery of nutrient to coastal 
area. N, P, C fluxes were mostly 
in dissolved form and positively 

correlated with runoff and urbani-
zation degree (low retention) 
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2.3 Modelling tools for water quantity and quality 

assessment 
Models are useful for facilitating the interpretation of monitored and measured 

parameters and integrated models, considering both water quantity and quality as-

pects, are essential for efficient stream water resource management (Badham et al., 

2019). Many models have been developed to investigate catchment hydrology 

and water quality, although none specifically for peri-urban applications. 

These models are characterized by different degrees of complexity and spatial 

scales: they can be fully data-driven (e.g. neural network models; Najah 

Ahmed et al., 2019), conceptual (regression-based, e.g. Schwarz et al., 2006) 

or mechanistic (physical description of processes), and range from lump to 

physically distributed in space depending on the application purpose and data 

availability (Hesse et al., 2008). Table 2 gives a brief overview of widely ap-

plied models for hydrology and water quality based on a number of published 

references (Burigato Costa et al., 2019; Fu et al., 2019). The Soil and Water 

Assessment Tool SWAT (Neitsch et al., 2011) is a semi-distributed hydrolog-

ical/water quality model that can simulate erosion, nutrient fate and land-use 

effect at relatively large scale. Smaller scale application may be impeded by 

data and time requirement to run the model (Jankowfsky et al., 2014). 

QUAL2E/K (Chapra et al., 2012) are 1D water quality models that  allow for 

the simulation of various physico-chemical parameters, as well as pollutants, 

and can also include diverse autotrophic groups such as phytoplankton and 

macrophytes. AQUATOX (Park et al., 2008) is a mechanistic model based on 

fully mixed rector stream discretization and is unique as it allows to link water 

quality to ecological impact assessment for different biotic groups. Finally, 

WASP (Ambrose et al., 1993) and ECOLAB (DHI, 2017) are examples of mul-

tidimensional and deterministic models. WASP relies on an external hydrody-

namic model. The water quality module ECOLAB, of MIKE series dedicated 

to stream simulation, is 1D but can be integrated to a physically and spatially 

distributed hydrodynamic model (groundwater, surface water) assuming the 

data requirement and the long calculation time can be accepted.  

Alongside these models, research-based simulation tools constantly emerge 

specifically targeting peri-urban catchments. For instance, Branger et al. 

(2013) and Jankowfsky et al. (2014) focussed on distributed hydrological 

model development while others aimed at understanding physico-chemical 

variations, e.g. dissolved oxygen in small drainage areas (Marsili-Libelli & 

Giusti, 2008) or suspended sediment transport (Liu et al., 2018). Finally, an 
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example of model application specifically targeting chemical pollutants can be 

found in Wittmer et al. (2016), with a simulation tool aimed at identifying 

source contributions and pathways for pesticide pollution in a small Swiss 

catchment. However, these remain relatively organized by sub-disciplines and 

integration of both hydrology and water quality aspects would require practically 

significant collaboration efforts. 

Table 2. Overview of model capabilities and processes for some widely applied water 

quality model (DHI, 2020; Park et al., 2008; Sharma & Kansal, 2013; Wool et al., 2020)  

based on reviews from Burigato Costa et al. (2019) and Fu et al. ( 2019), and the model 

developed in Lemaire et al. (IV). 

 SWAT AQUATOX QUAL2K WASP 
MIKE-

ECOLAB 
Lemaire 

et al. (IV) 

Model dimension 1D 1D 1D 1,2,3D 1D (stream) 1D 

Hydrodynamics 
(if built-in) 

Conceptual 
semi-distrib. 

- - - 
Mechanistic 

(MIKE11) 
Conceptual 
semi-distrib. 

Physico-chemical       

Nutrients X X X X X X 

DO X X X X X X 

pH  X X X X  

Temperature X  X X X X 

Salinity  X  X X  

Sediment diagenesis  X X X   

Inorganic suspended 
solids 

X X X X X  

Sand/silt/clay  X  X   

Detritus  X X X X  

       

Ecosystem       

Phytoplankton  X X X X X 

Periphyton  X X X   

Macrophyte  X    X 

Zooplankton  X   X  

Zoobenthos  X     

Fish  X     

Chemicals       

Organic toxicant X X  X   

Pathogens  X X X X  

Ecotoxicity  X     

 

Lastly, another compelling modelling approach that presents a high potential 

to deal with the complexity and variability of peri-urban stream conditions is 

System Dynamics (Forrester, 1961). This method relies on the implementation 
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of an interconnected network of stocks and flows representing the studied 

system and from which complex and non linear behaviour can emerge (Khan 

et al., 2009; Simonovic, 2012). Initially developed for business and decision-

making facilitation in industry, it expanded to the environmental sciences and 

is now widely used in the field of water resource management (Winz et al., 

2008; Zomorodian et al., 2018). Some relevant advantages of this approach 

encompass fast model development, ability to merge multiple sub-systems and 

disciplines (typically socio-economical dimensions, key aspects of ecosystem 

services as described by Green et al. (2015)), and high potential for causality 

analysis and facilitation of stakeholder engagement, which are of primary 

interest in water resource modelling (McKnight & Finkel, 2013; Scolozzi et 

al., 2019; Winz et al., 2008). Applications of this method can be found ranging 

from local hydrological processes simulation to large catchment hydrology 

(Khan et al., 2009; Sehlke & Jacobson, 2005), as well as water quality issues 

(Brown Gaddis et al., 2007; H. Liu et al., 2015; Rivers et al., 2013). References 

to integrated model dealing with both hydrology and water quality in streams 

are so far limited, with the exception of Lemaire et al. (IV) who applied this 

methodology in a peri-urban catchment.  
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3 Field sites 

Two sites were selected for field investigations and data collection in distinct peri-

urban catchments during this PhD (Fig. 2): The Mølle Stream reach was evaluated 

with a focus on flow and chemical contamination (Lemaire et al., I) and the 

Usserød Stream catchment was studied with respect to flow and physico-chemical 

conditions in connection with ecological quality (Lemaire et al., III; IV). Both 

stream systems were located north of Copenhagen, on Zealand, Denmark. The 

geology of both sites is comparable and typical of the eastern part of Denmark 

with multiple layers of clay till and sand lenses forming a heterogeneous upper 

shallow aquifer, overlaying a Danien limestone aquifer with drinking water 

extraction interests. 

 

 

Figure 2. (a) Overview of field site locations (red). (b) Aerial photo showing the Mølle 

Stream site and industrial areas in the more natural settings. (c) View of the Usserød 

Stream flowing in urban areas and (d) restored and re-meandered stretch of the Usserød 

Stream running through agricultural surroundings (background map: Google).  
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3.1 Mølle Stream: reach-scale study 
The field activities in the Mølle Stream took place within a 500 m-long stretch 

downstream of the town of Raadvad. In this stretch, the stream and riparian areas 

are impacted by a former industrial site used over the past two centuries for metal 

manufacturing activities and domestic metal wares until 1972 (Fig. 2b). Prior to 

this PhD, investigations of the soil and groundwater revealed contamination of 

the upper shallow aquifer with petroleum products and chlorinated aliphatic 

hydrocarbons (CAH). Heavy metals in the topsoil and in the streambed sedi-

ments were also detected (Roost et al., 2018). 

 

Figure 3. (a) Overview of the Mølle stream site showing land-use, stream, main measure-

ment points and extent of the reach for the tracer experiment carried out in Köppl et al. 

(II). (b) Detailed view of the north channel instrumentation with the piezometers location 

for streambed water samples. (c) Picture of the north channel showing channelization and 

the retainment wall on the north bank. Modified from Lemaire et al. (I). 

 

The stream morphology has been significantly altered by the extensive anthro-

pogenic activities at the site, significantly affecting the natural groundwater 

pathways. The stream currently consists of two channels, the northern one be-

ing heavily modified, straightened and bounded by a retainment wall along its 

most upstream section (Fig. 3c), while the second channel flows in more natu-

ral conditions prior to merging with the northern channel  
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The study focused on the CAH contamination, specifically trichloroethene (TCE) 

and the corresponding degradation compounds cis-dichloroethene (cDCE) and 

vinyl chloride (VC), and possible discharge pathways and seasonal variations. 

Grab sample measurements carried out by consulting companies revealed that 

these contaminants were transported from the source area to the stream (Roost et 

al., 2018). 

 

Flow measurements, water grab samples in different compartments (groundwater, 

hyporheic zone, surface water) and in-stream contaminant mass discharge calcu-

lations  (ITRC, 2010; Rønde et al., 2017) at multiple cross sections were imple-

mented to quantify and track the evolution of CAH loading along the stream. 

Stream water levels and hydraulic head in the shallow aquifer were monitored on 

an hourly basis to evaluate variations in the relative hydraulic gradient and possible 

correlations with precipitation and baseflow, and implications on the estimated 

contaminant discharge (Fig. 3a-b).  

Lastly, a tracer experiment with Rhodamine WT was designed, performed and 

monitored by ground truthing data and RGB/hyperspectral camera mounted on 

unmanned aerial systems (UAS) to remotely sense hydrological transport and 

mixing processes in complex stream settings (Köppl et al., II). The work was 

closely related to Lemaire et al. (I) as the mixing length (to obtain fully mixed 

conditions) in the two studies could be compared. 

A summary of the field measurements carried out at the site in connection with 

this PhD are shown below. More details about the instrumentation and location 

can be found in Lemaire et al. (I) and in Roost et al. (2018).  
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Table 3. Summary of field activities carried out at the Mølle Stream during this PhD. 

Activities Frequency Reference 

Flow measurement Monthly Roost et al. (2018) 

Water sampling   

 Shallow Groundwater Monthly Roost et al. (2018) 

 Streambed (piezometers) Trimonthly Lemaire et al. (I) 

 Stream water Monthly Roost et al. (2018) 

Water level Hourly Lemaire et al. (I) 

 In-stream mass discharge   

Tracer experiment  Köppl et al. (II) 

 Design of experiment and injection -  

 Ground truth measurements and interpretation Sub-daily  

Data processing  Lemaire et al. (I) 

 In-stream mass discharge -  

 Multi-correlation water levels -  
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3.2 Usserød Stream: catchment-scale study 
The Usserød Stream and its main tributaries drain a peri-urban catchment of 

ca. 120 km2 (Fig. 4). The stream originates from a lake discharge (automatic 

sluice) and flows ca. 8 km before merging with a tributary and discharging into 

the Baltic Sea shortly after. Urban areas are primarily located in the upstream 

sector of the catchment (Fig. 2c) where the effluents of three WWTP discharge 

into the stream. The northern (downstream) region of the catchment is domi-

nated by agricultural activities and patches of natural-like areas (Fig. 2d). 

 

 

Figure 4. Overview of the Usserød catchment with stream and tributary showing (a) gen-

eral land use (DSFE, 2020), (b) key urban features (WWTP), continuous monitoring sta-

tions (round markers) and grab sampling station locations (triangular markers). Colors of 

the grab sampling markers correspond to the dominant land-use in the associated subcatch-

ment. Figure modified from Lemaire et al. (IV). 

The heavily modified stream has been the scene of several restoration projects 

since the beginning of the 2000s, simultaneously targeting flood resilience, human 

well-being and enhanced biodiversity as part of a Nature-based Solution (NbS). 

These restorations encompassed re-meandering operations, double profile sections 

for flood retention, daylighting of culverted stretches, and stream habitat improve-

ment (Jensen et al., 2006; Rudersdal, 2018). Despite this continuous effort, the 
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ecological state of the stream has plateaued in most of the permanent sampling 

stations at a moderate status according to a benthic macroinvertebrate indicator 

(Danish Stream Fauna Index (DSFI)), and remains poor to moderate for fish 

communities (Danish Fish Index for Streams (DFIS); Gørtz & Schultz, 2020; 

Kristensen et al., 2014). The underlying causes for this lack of improvement at 

the beginning of this PhD were not clearly identified, but impairments due to 

some physico-chemical parameters (e.g. dissolved oxygen (DO), temperature 

(temp), biological oxygen demand (BOD)) were observed and suspected 

(Iversen et al., 2011; Krüger, 2011). Physical habitat degradation, lag time for 

ecological recovery after restoration and other stressors (e.g. pollutants) could 

also be contributing factors (Lemaire et al., III). 

During this PhD, the stream physico-chemical conditions were further investigated 

(Table 4), specifically their potential spatial and seasonal variations, through the 

implementation of 11 measurement stations spread along the stream, sampled on 

a monthly to bi-monthly basis (Fig. 4b). Flow measurements were performed at 

each station to quantify nutrient (inorganic nitrogen, ortho-phosphate) loadings us-

ing an in-stream mass discharge approach, and identify pathways and sub-catch-

ment/land-use contributions. Additionally, the ecological quality was assessed us-

ing benthic macroinvertebrate and benthic meioinvertebrates (nematodes) and re-

spective DSFI (Skriver et al., 2001) and nemaSPEAR[%] (Höss et al., 2011) in-

dicators. 

Ultimately, the collected water quality data were used in combination with availa-

ble continuous monitoring stations in the catchment as inputs in developing an 

integrated model for simulation of water quantity and quality (Lemaire et al., IV). 

A summary of activities can be found in Table 4 below and more details re-

garding the measurement and modelling activities in Lemaire et al, (III; IV), 

respectively. 
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Table 4. Summary of activities carried out in Usserød catchment in connection with  

this thesis.  

Activities Frequency Reference 

Flow measurement Monthly/bimonthly Lemaire et al. (III) 

Stream physico-chemical conditions Monthly/bimonthly Lemaire et al. (III) 

 

Temperature (temp) 

dissolved Oxygen (DO) 

pH 

Electrical Conductivity (EC) 

Total Suspended Solids (TSS) 

Turbidity (Turb) 

Chlorophyll-a (Chl-a) 

 

 

Nutrients Monthly/bimonthly Lemaire et al. (III) 

 

Ammonium-N 

Nitrate-N 

ortho-phosphate-P 

Non Volatile Organic Carbon (NVOC) 

 

 

Ecological indicators  Annual (Aug.19)  Lemaire et al. (III) 

 Macroinvertebrate   

 Meiofauna (nematodes)   

Modelling  Daily Lemaire et al. (IV) 

 Monitoring data preparation   

 Integrated model development   
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4 Findings on spatio-temporal dynamics in 

peri-urban catchments 

4.1  Hydrological variation and mixing processes in 

streams 
Stream flow is fundamental to understanding stream water quality. It is a car-

rier of particulates and dissolved substances, it can provide dilution of  pollu-

tant loads, and its variability (more specifically the related parameters of flow 

velocity and water depth) will affect processes—such as residence time, reaer-

ation, and mixing—that have a strong influence on water quality (Blaszczak et 

al., 2019; Slaughter et al., 2017). This is even more relevant in peri-urban 

streams for which the extent of stream flow variations can be large, stemming 

from a combination of both fast and slow hydrological responses (section 2.1). 

One dimensional water quality models, as presented in section 2.3, are devel-

oped based on the assumption of fully mixed conditions (e.g. uniform concen-

tration of a given concentration in the stream cross section), but this assump-

tion should be carefully assessed as it is flow-dependent and therefore variable 

and dynamics. In-stream mass balances also use this assumption (Rønde al., 

2017). Lemaire et al. (I) showed that the contaminated groundwater plume dis-

charging into the Mølle Stream was not fully mixed (lateral mixing, practically 

defined as the variations in sampled concentrations being < 5% of the average 

concentration in a given cross section) ca. 250 m downstream of the contami-

nant hotspot on the northern bank of the north channel (Fig. 3), for a stream 

flow of ca. 340 L/s. The use of a steady-state model (Aisopou et al., 2015; 

Lemaire, 2016) for the estimation of the fully mixed conditions for the tracer 

test reported in Köppl et al. (II) (Figure 5) at the same site resulted in an esti-

mate of fully mixed conditions at ca. 540 m downstream of the injection points 

(stream flow day prior to the experiment: 363 L/s). This was in reasonable 

agreement with the model estimate and ground-truthing data from the tracer 

test (with fully-mixed conditions achieved between 75 m (transect e) and 405 

m (transect f) downstream the injection points; Fig 5). Both experiments were 

carried out during summer periods (June and May, respectively). Using the 

same model and flow measurement on a monthly basis for a year, a 6-fold 

variation of the mixing length was reported at this site (Roost et al., 2018), 
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clearly highlighting the influence of flow variations on mixing and stream wa-

ter concentrations, and ultimately water quality. These variations should be 

accounted for when designing monitoring plans for the assessment of chemical 

status of streams affected by contaminated sites (Lemaire et al., I). 

 

 

Figure 5. Concentration and mixing of tracer (rhodamine WT) in the Mølle Stream as 

mapped by hyperspectral imagery in May 2020 (a) for the entire investigated stretch and 

(b) for the first 50 m downstream the injection points. (b), (c), (d), (e) and (f) display the 

ground-truth concentration data highlighting the tracer lateral mixing of  in the control 

cross-sections marked c, d, e, and f in sub-figure (a), triangle markers corresponding to the 
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mapping presented in (a) and (b). Square and diamond markers correspond to two extra 

measurement rounds carried out earlier during the day. Modified from Köppl et al. (II).  

These mixing processes are strongly impacted by aquatic vegetation, especially 

in shallow streams, and flow variations combined with a cycle of plant growth 

and decay will ultimately result in complex impacts on hydrological conditions 

and water quality. In shallow streams, the potential presence of water plants in 

summer results in patches of reduced flow velocity, increased hydraulic rough-

ness and ultimately a greater water depth (Bandini et al., 2021;  Wilcock et al., 

1999). Nevertheless, this effect may be weakened during periods of very high 

flow following rainstorms, with bending of water plants towards the streambed 

and a relative reduction in hydraulic roughness (and water depth) as observed 

by de Doncker et al. (2011) and modelled in Lemaire et al. (IV). These dynamic 

flows, water depths, and plant life cycle variations will directly influence im-

portant processes related to water quality (e.g. dissolved oxygen reaeration and 

daily variations), stream temperature equilibrium (see discussion in the follow-

ing sections), and indirectly as the variations in water depth will affect the rel-

ative hydraulic gradient between groundwater and streamwater. This affects 

the direction of the flow and discharge of potentially dissolved contaminants 

and nutrients between the two water compartments (see e.g. Balbarini et al. 

(2017) and Balerna et al. (2021)), which will be further discussed in the next 

section. 

4.2 Variation in chemical contamination from 

groundwater inflows 
Groundwater can be an important diffuse source of nutrients and contaminants 

affecting peri-urban stream water quality, but the impact of urbanisation on the 

dynamics of groundwater-surface water interactions is still not fully under-

stood (Balerna et al., 2021). The field investigations in Lemaire et al. (I) clearly 

depict this strong alteration at the groundwater-surface water interface in peri-

urban settings by tracking the variations of chemical discharges from contam-

inated groundwater seeping into the stream (section 3.1). At this site, a more 

than 6-fold increase was calculated between the maximum and minimum dis-

charges between the winter and summer periods, respectively (transect T4; Fig 

3a and 5). This contaminant discharge and variations (together with the low 

dilution potential of this small stream) were often significant enough to result 

in stream VC concentrations exceeding relevant Environmental Quality Stand-

ards up to 500 m. downstream (Roost et al., 2018). Inversely, a study by Rønde 

et al. (2017) showed a relatively constant mass discharge of CAH in another 
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Danish peri-urban stream affected by a contaminated groundwater plume, us-

ing a similar methodology. The difference may lie in the relative location of 

the contaminated sites, stream size and a greater contribution of a stable re-

gional groundwater flow in Rønde et al. (2017).  

The inter-variation of in-stream mass discharge between transects highlights 

important spatial variations along the stream and allowed to discern different 

delivery pathways active at different times. In the most upstream part and the 

north channel, it was found that contamination was entering the stream by a 

combination of groundwater seepage through the streambed but also via typical 

urban features of peri-urban streams (e.g. cracks, former drain in a retainment 

wall; Fig.3c). The maximum contaminant discharge estimate in the transect at 

mid-reach (T4; Fig. 6) likely stemmed from sustained rain events. These events 

triggered higher flow and water depths, resulting in complex hyporheic flow 

between the two channels and enhanced contaminant transport from a hotspot 

located at the junction of these channels (Fig. 3a).  
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Figure 6. Temporal variations of in-stream contaminant mass discharge for chlorinated 

compounds (TCE, cDCE, and VC) along the north channel (T1) and downstream transects 

(T4, T6), and in the south channel (T7), expressed as PCE eq. Reproduced from Lemaire et 

al. (I). 

 

The quantification of these variations and delivery pathways underline potential 

causes for some of the “counterintuitive” results, i.e. with in-stream concentrations 

during the winter time higher than in the summer despite increased flow rates and 

a greater potential for dilution. Similar observations were made by LaSage et al. 

(2008) although the sampling was at lower frequencies and thus included some 

elements of inter-annual variability as well, and for nitrate discharges by Van 

Herpe & Troch (2000). 
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4.3 Variation in physico-chemical conditions  
In addition to the groundwater component, peri-urban streams receive mul-

tiple inflows, whose dynamics, in combination with in-stream biogeochem-

ical processes and external environmental conditions will determine the 

stream physico-chemical conditions (e.g. temperature, DO, nutrients). In a 

hydrological simulation of the Usserød peri-urban catchment for instance, 

Lemaire et al (IV) distinctly underlined the highly variable contributions of 

different inflows from groundwater, actively-controlled features (e.g. lake 

and sluices), but also WWTP effluents and separated systems, depending 

on the time of the year and precipitation regime (Fig. 7).  

 

 

Figure 7. Precipitation, and numerical simulation of flow and contribution of different 

flow components in a peri-urban stream (Nivemølle station; Fig.4). (a) Measured precipita-

tion in model area; (b) Simulated flow at the outlet of the catchment and (c) Simulated 

flow contribution for the key features captured by the model. The contribution is based on 

the sum of all inflows to the stream (lake (blue); flow from pervious areas (dark green); 

tributaries (light green); various urban features with WWTP (dark grey) and SS (light 

grey)) and does not account for possible loss along the reaches. (d) Selected time period 

showing the contribution of a CSO event (purple shading). Reproduced from Lemaire et al. 

(IV). 
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Stream water temperature is a key parameter for physico-chemical conditions, 

as many other processes are temperature-dependent. It is directly influenced 

by these different inflows in peri-urban settings, but the temporal dynamic and 

amplitude of variations is also strongly correlated to air temperature and de-

pendent on the overall thermal inertia, mostly driven by the stream size 

(Ducharne, 2008). The measurements carried out by Lemaire et al. (III) 

showed for instance a very strong seasonal thermal variations for a shallow 

peri-urban stream (Fig. 8), while a numerical simulation for this parameter in 

this same stream highlighted very fast responses to variations of air tempera-

ture (Lemaire et al., IV), corroborating the findings and modelling by Toffolon 

& Piccolroaz (2015) for lowland shallow rivers. Tributary inflows, impound-

ments and urban inflows induce local and spatial variations in peri-urban set-

tings, as seen for instant in the change induced by the WWTP effluent temper-

atures on the downstream temperature in Lemaire et al. (III). Horne & Hubbart 

(2020) also showed that riparian vegetation has strong impacts in terms of tem-

perature spatial variations, with a general beneficial buffering of extremes. 

In addition to their influence on water temperature, WWTP effluents have of-

ten a major contribution to the dynamics of conductivity and nutrient levels in 

peri-urban settings (e.g. see conductivity, nitrate (NO3) and orthophosphate 

(PO4) levels in the mostly-urban sections of the Usserød stream; Fig. 8), but 

this contribution can be once again modulated by the other flow contributions 

previously mentioned and explain the diversity of results found when trying to 

related nutrient discharges to a specific land-use (Table 1). Even within urban 

areas for instance, Schliemann et al. (2021) and Ivanovsky et al. (2016) were 

able to distinguish major hotspot moments of nutrient and high BOD dis-

charges from stormwater inflows (separated systems) at the beginning of in-

tense precipitation events, but not from WWTP effluents. At a larger spatial 

scale, Lemaire et al. (III) could capture significant nutrient fluxes from agri-

cultural lands spiking between mostly urban-borne discharges, likely in con-

nection with fertilizer application and runoff episodes. Similar results and var-

iation of contributions from groundwater, agricultural and urban discharges 

were also highlighted by Jarvie et al. (2008). 
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Figure 8. Temporal variations of a selection of water quality parameters measured at the 

sampling stations of the Usserød peri-urban stream (Fig. 4). The different markers repre-

sent the dominant land-use in the corresponding sub-catchment. Red dots and vertical bars 

show the mean value and +/- SD between stations. The dashed lines corresponds to availa-

ble suggested limit values for high (blue), good (green) and moderate (orange) ecological 

status (Naturstyrelsen, 2011). Partly reproduced from Lemaire et al. (III). 

 



31 

These inputs of nutrients, in addition to the variable inflow of organic matter 

(as reflected by the variations of BOD; e.g. Fig. 8), have a strong impact on the 

variation of DO in peri-urban settings as they directly promote aquatic plant 

growth, leading to strong diurnal variations from photosynthesis/respiration 

and ultimately impacting DO when decomposing (eutrophication). Low DO 

levels are often observed in peri-urban streams during summer, driven by 

higher stream temperature, but the degree of impairment can be extremely var-

iable. Blaszczak et al. (2019), for instance, showed a DO regime ranging from 

almost anoxia to over-saturated for different urban-dominated streams, even in 

summer periods. The low DO levels were often witnessed in connection with 

periods of low flow and in organically-rich waters, resulting in a high hetero-

trophic respiration. Hutchins et al. (2020) and Lemaire et al. (IV) suspected 

this process to be the main explanation for the deviations between DO simula-

tion and observed data, with high inflow of labile Dissolved Organic Matter 

(DOM) in peri-urban settings (Hosen et al., 2014; Kramer, 2020) during high 

flow periods, followed by a low flow period, longer residence time and en-

hanced heterotrophic respiration. Additionally, the flow alteration by a high 

density of stream water plants could result in more important settling of or-

ganic-rich particles, followed by high decomposition rates, especially in shal-

low streams during summer (Riis et al., 2020). 

These dynamic perturbations of DO and low oxygen periods could trigger the 

release of nutrients from alternative pools, especially phosphorus from the 

streambed and sediments (Jarvie et al., 2020; Lannergård et al., 2020). Such a 

process was observed by Ivanovsky et al. (2016) in a peri-urban stream in the 

north of France, and is suspected in the study by Lemaire et al. (IV) as an 

explanation for the deviation between observed and simulated orthophosphate 

concentrations. Notably, this mechanism could escalate in a feedback mecha-

nism, with streambed phosphorus release promoting water plant and algae 

growth, more particle settling and plant decomposition, ergo a greater potential 

eutrophication, low DO levels and so forth (Fig. 9). This process can also result 

in chemical impacts, with a possible release of bounded contaminants (e.g. 

metals, pesticides; Blaszczak et al., 2019; Jaiswal & Pandey, 2021) and be ex-

acerbated in the near future by climate change and the increase of water tem-

perature, as has been observed in lentic environments (Jane et al., 2021).  
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Figure 9. Conceptual diagram of a potential feedback loop between oxygen, which when 

low, may promote phosphorus mobilisation from the streambed, more water plant/algae bi-

omass trapping more organic-rich sediments or decaying, fuelling heterotrophic respiration 

and reducing DO. The color of the arrows indicates the sign of the causality between the 

connected parameters. Blue indicates a negative relationship (increase in one parameter 

lead to a decrease in the other connected one), red a positive relationship (increase in one 

result in an increase in the other one) while grey represent a variable or no consistent rela-

tionship (positive or negative depending on time). Dashed arrows represent exogenous in-

put of particulate and dissolved organic matters. 

 

  



33 

 

4.4 Insights into ecological quality 
The hydrological and physico-chemical variability in both time and space in 

peri-urban catchments are abiotic factors potentially having significant impacts 

on stream ecology, but their effects are arduous to quantify (Power et al., 

1988). Indeed, stream communities are often affected by a simultaneous com-

bination of multiple stressors in the peri-urban settings (e.g. high temperature, 

low oxygen, habitat degradation, etc.) whose effects and dynamic properties 

cannot easily be disentangled and potentially mask one another (Birk et al., 

2020; Bowes et al., 2016). For instance, in the investigation by Lemaire et al. 

(III) temporal variations of flow and physico-chemical conditions (Fig. 8) were 

seen as a potential cause of the poor to moderate ecological status (based on 

DSFI and DFIS indicators) despite stream restoration efforts and the imple-

mentation of NbS aimed at supporting biodiversity. In addition, low quality 

habitats at some stations and a possible lack of source populations for 

macrofauna recolonization could not be excluded as potential causes of this 

low ecological quality. 

Overall, there is to this day a lack of combined data to close the gap in terms 

of definitive links between water and ecological quality. The characterisation 

of ecological quality based on “traditional” bioindicators (e.g. fish and ma-

croinvertebrate) is carried out at an optimal time or season of the year depend-

ing on the bioindicator and organism group, and often at low frequency due to 

the required resources and time (e.g. every sixth year in Denmark, or for special 

cases like Usserød, it may occur every year, depending on the monitoring sta-

tion and bioindicator; Fossing et al., 2015). Consequently the ability of these 

metrics to identify the potential impact and ecological risk related to different 

stressor dynamics and variations is questionable and so far understudied (Birk 

et al., 2012; de Jonge et al., 2006; Rolls et al., 2018). 
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Figure 10. (a) Overview of the ecological status assessment at the monitoring stations of 

the Usserød peri-urban stream, Aug. 2019, based on nemaSPEAR[%] indicator (Höss et 

al., 2011). The sampling station marker color indicates the ecological class. (b) Scatterplot 

between the nemaSPEAR[%] index and suspended solids concentrations. Data extracted 

from Lemaire et al. (III). 

 

Chemical stress is an important driver of ecological degradation in peri-urban 

settings, whose effects and dynamic variations are overlooked and not well 

characterized by current and traditional biomonitoring methods (Berger et al., 

2017; Poikane et al., 2020; Schäfer et al., 2016). The use of a novel ecological 

indicator based on benthic meiofauna (nematodes) seems to be a promising 

tool to enable the link between ecology and chemical stressors in peri-urban 

catchment thanks to their abundance and fast response to disturbances  

(NemaSPEAR [%]; Höss et al., 2017). For example, this nematode-based stress 

index previously revealed the ecological impacts from combined organic and 

inorganic pollutant discharges from a contaminated groundwater plume to a 

peri-urban stream (Sonne et al., 2018). The same index was used by Lemaire 

et al. (III) and was able to differentiate impacts from distinct urban features in 

a peri-urban stream, e.g. poor to moderate ecological status were found just 

downstream of several CSO structures (Station 3 and 4, Fig. 10), and moderate 

to good downstream of WWTP effluents treated at different levels of efficiency 

(Station 2 and 5, Fig. 10). Furthermore, in the same study, a strong negative 

correlation between ecological quality (as indicated by this nematode-based 



35 

index) and suspended solids was also observed. The latter are known as im-

portant carriers of sorbed pollutants that can ultimately settle on the streambed. 

Sorbed pollutants can then be remobilized under anoxic conditions as previ-

ously mentioned. This correlation could partly explain the beneficial effect of 

the WWTP effluent in the downstream part of the same catchment (St. 5), 

where efficient treatment of the effluent provides dilution, and a more limited 

settling of contaminant-bound particles.  

4.5 Model application in stream studies 
Models and numerical simulations go hand in hand with measured data to sup-

port the understanding of water quantity and quality variations in peri-urban 

streams. Notably, integrated models (in this context hydrology and water qual-

ity) potentially enable a quantification of contribution from different land-use 

areas in peri-urban landscapes. An example is the study by Wittmer et al. 

(2016) showing high loads of pesticides from the urban areas during rain events 

compared to a background load from agricultural ones. They can facilitate the 

identification of the processes responsible for the observed dynamic variations. 

For instance, the use of an integrated model, combined with measured data in 

the Usserød catchment and accounting for uncertainty via Monte-Carlo simu-

lation, revealed a decreasing trend in DO concentration stemming from hetero-

trophic respiration episodes after a high flow – low flow transition (period 

May-September in Fig. 11; Lemaire et al., IV). It also showed the possible 

emergence of benthic or epiphyte communities in spring (April-May) resulting 

in important diurnal variations of DO concentrations.  
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Figure 11. Simulation results (blue line) of daily (a) stream flow, (b) water temperature, 

and (c) dissolved oxygen compared to measurements (red dots or lines for grab samples 

and monitoring stations, respectively) at Parallelvej station (see location in Fig. 4b). The 

pale blue and red shadings in (c) correspond to the amplitude of simulated and measured 

daily extremes, respectively.  The grey ribbon indicates the calibration period. Modified 

from Lemaire et al. (IV). 

 

Additionally, models allow for the evaluation of potential impacts resulting 

from stressor variations or implementation of mitigation strategies, for which 

observational data are not yet available. Notably, many water quality simula-

tions indicate the detrimental effect of climate change on flow and stream water 

temperature (Ducharne, 2008) and indirect effects on other water quality pa-

rameters such as reduction of DO concentrations, or increase in phytoplankton 

blooms (Hutchins et al., 2016). The study and simulations of water quality 

combined with observed data in the Usserød stream in Lemaire et al. (III; IV), 

warned against the detrimental effect of re-routing of WWTP effluents as part 

of a future green transition solution in this catchment, potentially resulting in 
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reduced thermal inertia (with higher temperature and enhanced metabolic ac-

tivity fuelling even more heterotrophic respiration), and more pollutant-bound 

particles settling in the stream.  

One of the key issues in terms of model development and validation applied to 

peri-urban catchments is the reliance on data. The use and acceptability of a 

model, especially in the context of future prediction and decision-making on 

mitigation strategies, is made in connection with a “validation” step consisting 

of a comparison with historical data (Eker et al., 2018). Data is also necessary 

to calibrate the models presented in section 2.3, with the extent of required data 

being dependent on the type of model used and its complexity (i.e. fully spa-

tially distributed models require more data than a lumped model). The high 

variability in space and time (with fast and long hydrological responses) of 

peri-urban stream flows and water quality require extremely rich datasets in 

terms of number of parameters, spatial coverage and sampling frequencies in 

order to calibrate and “validate” complex and spatially distributed models 

(Braud et al., 2013; Crossman et al., 2021). However, the model complexity 

can hinder its use for testing of scenarios and uncertainty analysis, as acknowl-

edged in the study by Thuy et al. (2018). They aimed at developing a surrogate 

model of a physically-based water quality model applied to a peri-urban catch-

ment, to ensure a reasonable calculation time.  

In this sense, models can still be developed and be useful to support early de-

cision-making, even in a context of data scarcity, as long as their structure 

captures the most relevant processes and feedback mechanisms responsible for 

the spatial and temporal variations of the key variables of interests (as 

underlined by Eker et al. (2018) interviewing some practitioners for water 

resource management). Examples of such models and applications can be 

found in Slaughter et al. (2017) looking at the probability of exceeding quality 

threshold of suspended solids and nutrients in south African catchments. Sim-

ilarly, Carnohan et al. (manuscript), using the model presented in Lemaire et 

al. (IV) in a data scarce mode, could highlight the influence of anthropogenic 

features and active controls (typically sluice) on water quality, which can ulti-

mately be used to promote relevant stakeholder (municipalities, water utilities, 

inhabitants) engagement in developing future management scenarios to ensure 

the protection of biodiversity.    
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5 Perspective and implications 

5.1 Compliance and governance 
The high spatial and temporal dynamics discussed in the previous section have 

important implications when legislation and compliance is considered. In Eu-

rope and under the WFD for example, guidance for the minimum frequency of 

monitoring is provided for biological, physico-chemical and priority pollutants 

in stream waters (European Commission, 2000). However, it was recently 

shown that the different monitoring programs implemented by European Mem-

ber States were below the recommendation frequencies thus resulting in an 

important uncertainty in terms of ecological status classification (see e.g. 

(European Commission (2019)). Skeffington et al. (2015) showed for instance 

that the variations of some physico-chemical parameters (P, temp, DO, pH) in 

different stream catchments in the UK resulted in a strong uncertainty in eco-

logical class allocation, simply depending on the monitoring frequency and 

timing. In Denmark, the potential chemical impacts and threats from contami-

nated sites to stream waters is assessed by a sampling carried out at the low 

flow period (Ministry of Environment and Food, 2018). This strategy implic-

itly means neglecting the potential sources and pathway dynamics highlighted 

in section 4.1 and consequently results in an uncertain chemical assessment.  

Overall, these variations and combinations of impacts add an extra layer of 

complexity to management decisions of stream water resources in peri-urban 

stream systems. Some of the results presented in section 4 underlined the chal-

lenge to link water quality impairments to one specific land-use. Additionally, 

mitigation of the dominant impairment sources results inexorably in a combi-

nation of more diffuse sources and thus subtler impacts to detangle (Leavitt, 

2020). Developing management strategies to reduce these impacts, especially 

using NbS serving multiple purposes and benefits, will require tools and mod-

els to promote the involvement of numerous stakeholders with often conflict-

ing interests (Le Moal et al., 2019; Weigelhofer et al., 2021). The potential for 

engagement and stakeholder participation is now seen as a key requirement and 

challenge for integrated water resource management and models serving this 

purpose (Badham et al., 2019; Fu et al., 2020), and was a main reason for the 

model development presented in Lemaire et al. (IV) and Carnohan et al. (man-

uscript).  
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5.2 The need for innovative monitoring techniques  
Data is at the core of legal compliance verification, and used as an input for 

model calibration and verification. Nevertheless, a balance needs to be found 

between adequate spatial and temporal coverage, and maintaining cost-effec-

tiveness (Bowes et al., 2020; Carvalho et al., 2019). The rapid development of 

in-situ sensor and cloud technology in the last decades offers unique opportu-

nities to better capture the high degree of variability affecting peri-urban 

streams, particularly through high frequency monitoring (Brack et al., 2017; 

Rode et al., 2016; Skeffington et al., 2015). Such sensors were used for instance 

by Alnoee et al. (2021), Fones et al. (2020) or Jarvie et al. (2020) to better 

understand the source and fate of nutrients and stream metabolism, and by 

Lefrancq et al. (2017) to better estimate pesticide concentrations and quantify 

surface runoff toxicity.  

Remote monitoring from satellite or UAS (depending on the extent of the in-

vestigated area) provides unique spatial coverage and can inform the distribu-

tion of discrete monitoring locations (Carvalho et al., 2019; Tyler et al., 2016), 

or provide opportunities for model calibration (see e.g. Bandini et al., 2017). 

High resolution and hyperspectral imagery can add valuable information re-

garding stream hydrology and flow conditions (Riverscapes, n.d.; Bandini et 

al., 2020; Köppl et al., II), but also stream water quality and ecology, either by 

direct sensing of relevant parameters, e.g. water temperature (Lemaire et al., 

III), chlorophyll-a, turbidity (Duffy et al., 2018; Fichot et al., 2016; 

Gholizadeh et al., 2016), or in connection with indirect statistical methods. 

Rügner et al. (2014) for instance showed the potential of using turbidity data 

and the correlation with suspended solids to evaluate the total concentration of 

PAH in streams during storm events. 

DOM is suspected to be a primary driver of enhanced heterotrophic respiration 

which can lead to anoxic conditions (Section 4.2). The deployment of in-situ 

optical sensors using fluorescence spectroscopy at high frequencies on the flu-

orescent DOM fraction has shown some really promising results in terms of 

source identification and land-use contribution (Kramer, 2020). This monitor-

ing technique is a very promising tool to better understand the source-pathway 

dynamics in mixed land-use catchments, especially when these pathways can 

be simultaneously active, intermittent and highly unpredictable (Blaen et al., 

2016; Khamis et al., 2020; Mendoza et al., 2020).  
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The ubiquity of meiofauna in stream water environments would greatly benefit 

ecological assessments, likely reducing issues related to inter-calibration of 

ecological classes between ecoregions (Birk et al., 2013). Furthermore, the 

possibility to sample year-round could enable a better understanding of the im-

pacts of temporal variability on biodiversity at shorter time scales (Brüchner-

Hüttemann et al., 2021).  

Finally, it is worth mentioning even more alternative techniques such as pas-

sive acoustic monitoring (PAM) for assessing in a more continuous manner 

ecological and water quality. Such an approach has been employed to re-

veal/identify community abundance and biodiversity in streams and lakes at 

different trophic levels, and thus could be employed to evaluate spatial and 

temporal variations as well (Desjonquères et al., 2020). Possible links and cor-

relations to ecosystem metabolism and DO variations seem possible although 

this research is still in its infancy (van der Lee et al., 2020). 
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6 Conclusions 

The main aim of this thesis was to further the understanding of spatio-temporal 

variations affecting water quantity and quality in peri-urban stream systems, 

and how these parameters can potentially impact ecological quality. In order 

to fulfil this scope, two field sites (reach scale and catchment scale) were in-

vestigated on a monthly to bi-monthly basis for a year, and the co-development 

of an integrated model for simulating water quantity and quality were carried 

out. The main conclusions of this work are summarised below: 

 The reach scale investigation in the Mølle Stream highlighted the alteration 

of the groundwater inflows to a peri-urban stream. Notably, the different 

urban features and former anthropogenic modifications (retainment wall, 

drains) resulted in the creation of various pathways and complex hyporheic 

flow driving important spatio-temporal variations of contaminated ground-

water discharge and resulting chemical concentrations into the stream. 

 A tracer experiment combined with a ground truth dataset were performed 

on the same site in order to investigate the potential use of hyperspectral 

drone images in future tracer tests, as well as the variations in concentra-

tions and mixing processes in streams. The comparison between the tracer 

experiment, the reach scale investigation and a dedicated steady-state 

model for the estimation of the location of fully mixed conditions were in 

reasonable agreement. Notably, the results showed that the variations of 

tracer concentrations (and in general any dissolved substances) are strongly 

dependent on sample location, up to the point of fully mixed conditions, 

and that the location of this point is affected by the flow variation and mix-

ing process.  

 The field investigation in the Usserød Stream peri-urban catchment high-

lighted an important seasonal variability of flow and physico-chemical con-

ditions for a shallow peri-urban stream, and in general the variable and dy-

namic contributions of different land-use areas. Limited groundwater in-

flow, as well as active control at the source (lake) via a sluice and shallow 

water depths resulted in significant stream temperature variations, causing 

low dissolved oxygen saturation in the summer time. Relatively high BOD 

and an important autotroph activity exacerbated the low oxygen concentra-

tions especially at night. 
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 An in-stream mass discharge approach showed highly dynamic nutrient dis-

charge (N, P) in the same catchment. WWTP effluents were characterized 

as an important contributor to the nutrient levels, but the relative contribu-

tion of other land-use areas and features were not constant. Contribution 

from agricultural lands were indeed dominant at some specific periods of 

our seasonal sampling. 

 An integrated (water quantity and quality) model using a system dynamics 

approach was built to facilitate the understanding of flow and physico-

chemical variations (temp, DO, macronutrients and chl-a) in peri-urban 

catchments, using plug-n-play structures to handle different land use fea-

tures and promote transferability.  

 The model was applied in the Usserød Stream catchment and successfully 

captured flow, depth and temperature variations. It showed the effect of 

enhanced heterotrophic respiration in summer resulting in lower dissolved 

oxygen concentrations. A possible remobilization of phosphorus from the 

streambed was also highlighted, using uncertainty results combined with 

the rich dataset collected on site.  

 The application of a nature-based solution (implemented ca. 5 years ago) in 

this same catchment has so far led to no marked improvement in the eco-

logical status of the stream (macroinvertebrate and fish bioindicators). The 

aforementioned significant temporal variations of some physico-chemical 

parameters and critical levels at specific times and seasons is a potential 

explanatory factor. However, these variations, as with many other catch-

ments, are comingled with degraded physical habitats, alteration of riparian 

areas and potential lack of source populations for recolonization (of ma-

croinvertebrate species pools).  

 Additional chemical contamination, both in the bound and dissolved phase, 

is another possible cause for the plateauing of ecological status. An ecolog-

ical quality assessment conducted using meiofauna communities (specifi-

cally, a nematode-based stress index, nemaSPEAR [%]) revealed bad to 

moderate quality at some sampling stations where suspended particles (and 

thus potentially bound contaminant) concentrations were high, suggesting 

that chemical pressure is likely overlooked.  

 This nematode-based stress index appears to be a powerful bioindicator for 

environmental impacts in peri-urban stream systems, and especially for 

evaluating the dynamic character of these impacts. The index allowed for 
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identifying impacts of different urban features, including wastewater treat-

ment plant effluent and their varying treatment efficiencies, as well as com-

bined sewer overflows. Furthermore, it reveals not only impacts but also 

potential benefits of urban wastewater effluents. These benefits have so far 

remained unnoticed in the development of green solutions that promote, for 

instance, more centralized and resource/energy-efficient waste water treat-

ment plans, along with potential re-routing of effluent discharges that could 

negatively impact ecological quality.  

 

Overall, these findings highlight the need to continuously track the dynamic 

properties of peri-urban streams, ideally at higher frequencies and taking 

advantage of the newest available monitoring technologies. The collected data, 

in close combination with simulation tools, will better support process 

understanding, the quantification of contributions from contaminant sources 

and different land-use and impacts in terms of both water and ecological 

quality. 
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7 Future research 

The work carried out during this PhD highlights the complexity and the dy-

namic processes acting in peri-urban stream systems, and how understanding 

the impact of these processes on stream ecological health remains a challenge. 

Some suggestions for on-going research in understanding peri-urban catch-

ments and facilitating relevant decision making processes are here proposed.  

Additional monitoring activities 

 Deployment of HF in-situ sensors and more spatially distributed moni-

toring activities. Output data will allow to better characterize the varia-

bility of processes, potential impacts and better quantify different flow 

component contributions, especially those stemming from transient hy-

drological responses (e.g. overflow from urban sector or initial nutrient 

wash-off from agricultural runoff). 

 In-situ sensor tracking of fluorescent DOM analyzed using e.g. PARA-

FAC models (Stedmon & Bro, 2008). This HF sensor could provide im-

portant information in terms of contaminant sources and delivery path-

ways. Additionally, insights on the conditions and driving forces of 

some of the observed enhanced heterotrophic respiration events could 

be gained when used in combination with a HF DO sensor and an esti-

mation of stream metabolism. 

 Use of UAS in conjunction with optical payloads. Exploration of hyper-

spectral data could provide valuable information in terms of water qual-

ity dynamics (chl-a mapping as a proxy for water plant biomass distri-

bution) and model calibration.  

More focus on pollutant and chemical status  

 The investigation of ecological quality indicates that chemical contam-

ination may potentially be a key stressor in the Usserød Stream. There 

is a clear need for sampling, quantifying and weighing the contribution 

of different dissolved or sorbed pollutants (xenobiotic, metals, as docu-

mented by Ribaucourt (2019) in the Usserød Stream) as an explanatory 

factor for some of the biological indicator results and variability docu-

mented at different times of the year. Traditional grab samples can be 

supported by other methods, such as passive sampling approaches for 

instance (Mutzner, 2019). 
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 These samplings could be carried out in parallel with an ecological as-

sessment using both benthic and epilithic meiofauna bioindicators to 

evaluate their potential to capture time variable chemical impacts in both 

sediments and the water phase, respectively (Bighiu et al., 2020). 

Integrated model improvements 

 Opportunities for further development of the model built during this 

PhD were suggested in Lemaire et al. (IV) and encompass for instance: 

 - A better feedback structure to account for groundwater and surface 

water interactions, as well as feedback from water plant biomass to 

hydraulic roughness to account particularly for summer dredging 

(aquatic plant removal) that occurs to improve stream conveyance.  

- A source and pathways module for nutrients would be a valuable 

step forward, with inclusion of a terrestrial phase model, in connec-

tion with the developed hydrological model.  

- Inclusion of a WWTP structure, ideally combined with a sub-mod-

ule dedicated to energy and resource recovery would facilitate the 

discussion regarding the possible rerouting of the WWTP effluent 

outlets as part of a green transition solution development in this 

catchment, and its consequences and trade-off in terms of freshwater 

and ecological quality.  

 One of the main reasons for developing a model using a system dynam-

ics approach was its high potential for stakeholder engagement, 

knowledge collection and sharing. Such use of the model was only ini-

tiated at the very end of this PhD, and is further addressed as the topic 

of a companion DTU PhD thesis (Carnohan, 2021). Here, the develop-

ment of visual interfaces came into discussion with municipalities, a wa-

ter utility company and a non-governmental organization, and should be 

pursued to further evaluate the benefit of this approach (Carnohan et al., 

manuscript).  

 Finally, its overall flexibility and transferability could be tested by ap-

plying it in another catchment.  
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Software Spotlight/ Chunmiao Zheng, Software Editor

PHT3D: A Reactive Multicomponent Transport
Model for Saturated Porous Media
reviewed by C.A.J. Appelo1 and Massimo Rolle2

This column reviews the general features of PHT3D
Version 2, a reactive multicomponent transport model that
couples the geochemical modeling software PHREEQC-2
(Parkhurst and Appelo 1999) with three-dimensional
groundwater flow and transport simulators MODFLOW-
2000 and MT3DMS (Zheng and Wang 1999). The
original version of PHT3D was developed by Henning
Prommer and Version 2 by Henning Prommer and
Vincent Post (Prommer and Post 2010). More detailed
information about PHT3D is available at the website
http://www.pht3d.org.

The review was conducted separately by two review-
ers. This column is presented in two parts.

PART I by C.A.J. Appelo

Introduction
PHT3D is a computer code for general reactive trans-

port calculations, coupling MODFLOW/MT3DMS for
transport and PHREEQC for chemical reactions. It was
developed by Henning Prommer in the 1990s and has
been applied by him and his coworkers to various ground-
water problems of practical interest. The resulting pub-
lications (http://www.pht3d.org/pht3d public.html) show
an impressive applicability of the code and illustrate the
underlying understanding of quite complicated interac-
tions (e.g., Prommer and Stuyfzand 2005; Prommer et al.
2008, 2009). In the original version, transport is calculated
during a time step, an input file is written for PHREEQC
for calculating reactions such as ion exchange and pre-
cipitation or dissolution of minerals, and these steps are
repeated for subsequent time steps until finished. This

1Corresponding author: Hydrochemical Consultant,
Amsterdam, The Netherlands; appt@xs4all.nl

2Corresponding author: Center for Applied Geoscience,
University of Tübingen, 72076 Tübingen, Germany; massimo.rolle@
uni-tuebingen.de

Copyright © 2010 The Author(s)
Journal compilation © 2010 National Ground Water Association.
doi: 10.1111/j.1745-6584.2010.00732.x

loose coupling has the advantage that updates of the
master programs can be installed without much effort.
A disadvantage is that the calculation of the chemical
reactions needs to be initialized time and again for each
cell in the model, which adds another time-consuming
step to calculations that are already computer-intensive.
Another disadvantage is that surface complexation reac-
tions need to be calculated first using the water compo-
sition from the previous time step and then reacted with
the changed water concentrations. This procedure was not
implemented in the original version of PHT3D, and sur-
face complexation reactions could not be calculated.

Prommer and Post recently released the second
version of PHT3D that resolves the shortcomings and
works very well. The improvement is owing firstly to
the implementation of total-variation-diminishing (TVD)
scheme that MT3DMS uses for calculating advective and
dispersive transport (Zheng and Wang 1999). Secondly,
it is because PHREEQC is now being used for storing
the chemical data of the model, including the chemical
activities and the composition of surface complexes from
the previous time step. In addition, the procedure to
transport total oxygen and hydrogen has been adapted
from PHAST (PHAST is the 3D reactive transport model
developed by Parkhurst et al. 2004, based on HST3D
and PHREEQC). This enables the user to obtain the
redox state of the solution without having to transport
individual redox concentrations of the elements (e.g., C
being distributed over carbon-dioxide, C(4), and methane,
C(–4)). The tighter coupling quickens the calculations
twofold at least, but probably by an order of magnitude for
the more interesting cases. In this review, the background
of the new implementation is presented and illustrated
with examples and compared with results from PHREEQC
and PHAST.

How Are pe and pH Calculated in the New
Version

The calculation of pe and pH from total hydrogen and
oxygen, and charge balance has been implemented in the
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Evidence of Spatio-Temporal Variations in 
Contaminants Discharging to a Peri-Urban Stream

by Gregory G. Lemaire, Ursula S. McKnight, Hanna Schulz, Sandra Roost, and Poul L. Bjerg

Abstract
Xenobiotic organic compounds can be discharged from contaminated groundwater inflow and may seep into streams from multiple path-

ways with very different dynamics, some not fully understood. In this study, we investigated the spatio-temporal variation of chlorinated 
ethenes discharging from a former industrial site (with two main contaminant sources, A and B) into a stream system in a heterogeneous clay 
till setting in eastern Denmark. The investigated reach and near-stream surroundings are representative of peri-urban settings, with a mix of 
high channel alteration and more natural stream environment. We therefore propose an approach for risk assessing impacts arising from such 
complex contamination patterns, accounting for potential spatio-temporal fluctuations and presence of multiple pathways. Our study revealed 
substantial variations in pathway contributions and overall contaminant mass discharge to the stream. Variable contaminant contributions 
arising from both groundwater seepage and urban drains were identified in the channelized part of the north stream, primarily from source A. 
Furthermore, variations in the hyporheic and shallow groundwater flows were found to enhance contaminant transport from source B. These 
processes result in an increase of the overall mass of contaminant discharged, correlating with the channels’ flow. Thus, an in-stream control 
plane approach was found to be an effective method for integrating multiple and variable discharge contributions quantitatively, although 
information on specific contaminant sources is lost. This study highlights the complexity and variability of contaminant fluxes occurring at the 
interface between groundwater and peri-urban streams, and calls for the consideration of these variations when designing monitoring programs 
and remedial actions for contaminated sites with the potential to impact streams.

Introduction
The implementation of legislations such as the Euro-

pean Water Framework Directive, which aim to protect 
water resources and associated ecosystems, are challenged 
by extensive anthropogenic activities worldwide (McKnight 
et al. 2012; Vörösmarty et al. 2010). Freshwater resources 
are particularly sensitive and the related ecosystems exhibit 
some of the highest decline rates in terms of biodiversity 
(Strayer and Dudgeon 2010; Sonne et al. 2018). The reasons 
for such a decline are many and possibly cumulative, includ-
ing stream flow alteration, habitat degradation, pollution, 
invasive species, and more recently emerging contaminants 
and climate change (Sonne et al. 2017; Reid et al. 2018).

The rapid urbanization observed worldwide has led to 
a fast and sometimes chaotic development of areas located 
at the fringe of existing cities or rural and secondary towns. 
This evolution has contributed to the development of a het-
erogeneous patchwork of urban, rural, and natural areas now 
defined as peri-urban ‘scapes’ (Allen 2003; Simon 2008; 
Eakin et  al. 2010). These new “landscapes” and resulting 
mixtures of activities are having profound impacts on the 
surrounding freshwater, especially for streams and rivers 
draining these types of catchments. Importantly, stream 

flow regimes may be modified by the coexistence of mixed 
catchment response times stemming from the more impervi-
ous urban-drained areas and the more rural/natural-drained 
areas, with possible reductions in evapotranspiration and 
base flow (Simon 2008; Braud et  al. 2013; Walsh et  al. 
2016). Furthermore, water quality is often directly affected 
by the rise of urbanization, with possible increases in water 
temperature, suspended solids, and enhanced loads of chem-
ical pollutants that may discharge via numerous pathways 
leading to counterintuitive patterns in contaminant distribu-
tions (Paul and Meyer 2001; Simon 2008; Walsh et al. 2016; 
Zoboli et al. 2019).

Due to their persistency, ubiquity and low degradation 
potential, chlorinated aliphatic hydrocarbons (CAH) such 
as trichloroethene (TCE) remain a major concern regarding 
legacy contaminants in groundwater for many industrialized 
countries (Conant et al. 2004; Ellis and Rivett 2007; Rivett 
et al. 2012; Freitas et al. 2015). Furthermore, the mobility of 
these compounds and their associated metabolites, such as 
cis-dichloroethene (cDCE) and vinyl chloride (VC), make 
them a serious threat to receiving stream waters (McKnight 
et al. 2010; Freitas et al. 2015; Rønde et al. 2017; Weatherill 
et al. 2018). Quantification of CAH fluxes in groundwater 
from former industrialized and contaminated sites can be 
carried out using the contaminant mass discharge (CMD) 
approach, where the mass per unit time flowing through 
a virtual control plane is quantified (Basu et  al. 2006; 
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Weatherill et  al. 2014). This approach has been success-
fully applied to the characterization of contaminant plumes 
in aquifers (Weatherill et  al. 2014), although some inher-
ent uncertainty exists (Troldborg et  al. 2010; Rønde et  al. 
2017). This methodology has also been employed to track 
the fate of contaminants in streams (in-stream CMD), with 
a simplified approach assuming a full mixing of the con-
taminants (Rønde et al. 2017; Milosevic et al. 2012; LaSage 
et al. 2008b).

Numerous studies have shown the importance of the 
groundwater pathway for the discharge of CAH to streams 
(Paul and Meyer 2001; Conant et al. 2004; Shepherd et al. 
2006; Chapman et  al. 2007; Ellis and Rivett 2007; Roy 
and Bickerton 2012; Rasmussen et  al. 2016; Roy et  al. 
2016; Sonne et al. 2017). However, the transport pathways 
for contaminants arising from urban and peri-urban areas 
may be even more complex and result in variable release 
dynamics for which little is known (Ellis and Rivett 2007; 
Braud et al. 2013). So although contaminants may reach the 
stream via groundwater-surface water interactions, there 
may be more rapid pathways triggered simultaneously from 
dense underground infrastructures (e.g., pipes or trenches) 
in more urban-like settings (Hatt et al. 2004; Kaushal and 
Belt 2012). Notably, a few studies apply the in-stream 
CMD methodology at several points in time to investigate 
the groundwater contribution and fate of CAHs (and other 
dissolved contaminants) in streams (Heejung and Hemond 
1998; LaSage et  al. 2008a; Milosevic et  al. 2012; Rønde 
et  al. 2017). Quite often, the contaminant mass balance 
could not be completely closed, indicating the existence of 
additional pathways for which the dynamics were not quan-
tified at the time of the study.

This lack of knowledge concerning the contaminant 
dynamics is a shortcoming in the assessment of the chemi-
cal status of streams. Monitoring programs traditionally 
focus on the measurement of stream concentrations for a 
direct comparison with the relevant Environmental Qual-
ity Standards (EQS) at regular time intervals (see, for 
example, European Commission 2009). High-frequency 
sampling would be ideal (Skeffington et  al. 2015; Brack 
et  al. 2017), but is rarely feasible predominantly due to 
economic constraints. This focus on specific measurement 
points in the stream sampled on a regular basis may be 
misleading and the risk associated to a given pollutant not 
properly assessed. In a recent study, Zoboli et  al. (2019) 
captured increasing micropollutant concentrations in dif-
ferent Austrian river catchments despite higher stream 
flows and resulting dilutions. This “counterintuitive” pat-
tern was due to the increased contribution of multiple 
sources during higher flow regimes, counterbalancing the 
positive effect of the enhanced dilution. In other words, it 
was the dynamics of the sources that were driving the gen-
eral trend of the measured concentrations. Thus, improv-
ing our understanding of the dynamics of contaminant 
source releases, associated discharges, and dominant path-
ways would benefit both the design and implementation of 
monitoring programs, as well as the assessment of chemi-
cal status (Sonne et al. 2017).

The objectives of this paper are therefore to investigate 
the spatial variation and discharge dynamics originating 

from a contaminated site impacting a peri-urban stream 
in order to (1) quantify the potential temporal variations 
on contaminant mass discharge to the stream, and result-
ing stream concentrations; (2) address or identify the key 
processes and pathways responsible for such variations; and 
(3) discuss the findings at the site in relation to the devel-
opment of key legislation and monitoring strategies. To do 
so, we applied a discrete in-stream contaminant mass dis-
charge approach at relevant transects along the investigated 
stretch. We argue that this method allows accounting for the 
nonfully mixed conditions occurring when multiple con-
taminant pathways are active, and is crucial when design-
ing suitable monitoring programs capable of capturing the 
impacts of contaminated sites and resulting chemical status 
in streams.

Study Site
Site Description

The study site is a stream reach ca. 500 m long (part of 
the Mølleåen stream system), located 15 km north of Copen-
hagen in the town of Raadvad (Figure 1). Raadvad is the site 
of a former industrial area, primarily used over the past two 
centuries for metal manufacturing activities, and is the loca-
tion for a well-known knife factory that produced domestic 
metal wares until 1972. In addition to metal works, the site 
has hosted a number of other factories including a bronze 
foundry and metal workshop. The site today houses vari-
ous professions including offices, residential houses and a 
nature school offering a variety of activities for children.

The annual precipitation in the area is ca. 860 mm (St. 
5628; Danish Meteorological Institute 2017). The stream 
flows eastward with a depth ranging from 0.3 to 1.5 m and 
width from 6 to 12 m along the investigated stretch. The 
median stream flow is ca. 437 L/s measured at a monitor-
ing station 500 m upstream of the investigated site for the 
period 2007–2018 (St. 5010; Danmarks Miljøportal 2018). 
The urban part of the stream reach consists predominantly 
of two engineered channels running past the industrial site. 
The channels flow from an impounded lake through two 
low-head dams that are rarely operated (i.e., remain in a 
fixed position), located just west (upstream) of the site. The 
north channel (the original location of the stream prior to 
industrialization) is straight and was initially channelized for 
a water mill used by the industry in the 1900s. It is bounded 
by a concrete retaining wall on the northern bank in its most 
upstream section, with a streambed consisting of organic 
sediments cluttered with rocks. The southern channel flows 
through a more natural setting and the streambed consists of 
pebbles and stones with patches of organic sediments. These 
channels then merge to reform the Mølleåen downstream of 
the industrial area and flow through a protected nature area 
into the Baltic Sea.

Geology and Hydrogeology
The geology in the area of interest is typical for Eastern 

Denmark. The setting is complex, where gyttja dominates 
in the vicinity of the streambed, and below this a mixture of 
layers of sand, gravel, and clay till forms a shallow hetero-
geneous aquifer. Below this shallow aquifer, and separating 
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this layer from a deep Danien limestone aquifer, is another 
more continuous clay till layer. The terrain is relatively flat 
at an average elevation of 5 m.a.s.l. (DVR90) with a slight 
slope from the north side, leading to a shallow groundwater 
flow toward the stream. It is not known to what extent the 
shallow aquifer and surface water are hydrologically con-
nected. Previous investigations reported upward hydraulic 
gradients from the deep to shallow aquifers and from the 
shallow aquifer to the stream (Niras 2012), as well as no 
indication of separate phase mobile CAHs. This ruled out 
contamination (see next section) of the deep aquifer, which 
is not discussed further in this paper.

Contamination Overview
Previous investigations of the soil (pore air) and 

groundwater revealed a contamination of the shallow aqui-
fer by CAH (specifically, TCE, cDCE, and VC), as well as 
petroleum hydrocarbons from the leakage of underground 
and surface storage tanks, urban drains, and likely waste 
deposits placed randomly throughout the site (Niras 2012; 
Orbicon 2016). Contamination by heavy metals and oil in 
the topsoil and stream sediments were also detected over 
most of the industrial site. Figure  2 depicts the locations 
of the main contaminant source zones for CAH (termed 
source zone A and B throughout the paper) impacting 
the shallow groundwater: source zone A is located below 
the main building on the northern bank of the northern 
channel, and source zone B is located at the junction of 
the two channels on the southern bank of the north chan-
nel. Finally, a third and comparatively minor source area 
was also detected in the most upstream part of the south 
channel, releasing mostly TCE to the stream. However, the 
concentration levels were not substantial compared to the 
contribution of the two other sources (Niras 2012; Lemaire 

2016; Orbicon 2016), and was therefore not investigated 
further in this study.

Previous investigations by consulting companies 
revealed CAH concentrations of up to ca. 2500 μg/L in the 
shallow groundwater, at a monitoring well 1  m from the 
north bank (see location in Figure  2). Some of the con-
tamination present in source zone A was further found to 
be entering the stream, as confirmed by grab samples in 
the vicinity of the northern bank, and upstream and down-
stream of the retainment wall (Niras 2012, Orbicon 2016). 
The exact seepage location and contaminant pathways were, 
however, unknown. Preferential pathways were suspected 
from former urban drains whose outlets are visible in the 
retaining wall, as well as through some cracks and fissures 
made visible by the presence of precipitated iron oxides 
(see pictures of these features in Figure 2). Total CAHs of 
up to 2600 μg/L were measured in the shallow groundwa-
ter in source zone B (Niras 2012). However, its potential 
discharge to the stream had not been estimated prior to this 
study.

Materials and Methods
Overview and Approach to Investigations

A 1-year measurement campaign was carried out at the 
investigated site from June 2016 to May 2017, focusing on 
the variations of contaminant mass discharge to the stream 
from the two contaminant sources. The measurements 
encompassed groundwater, streambed and surface water 
sampling, flow discharge measurements, as well as ground-
water table, and stream water level monitoring (10 points) 
repeated on a monthly basis. A preliminary conceptual 
model was developed using extra stream water samples (in 
addition to the first set of measurements collected), which 

Figure 1. Overview of the Raadvad site showing land use, stream flow direction, and location of the measurement transects. The 
dashed red lines correspond to transect locations where detailed stream water sampling was carried out (5 points per transect); solid 
red lines show the transects used for the in-stream contaminant mass discharge estimation. The dashed black line box indicates the 
location of the north channel presented in more detail in Figure 2.
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consisted of five points along each of the first five transects 
(T1–T5, Figure 1) in order to document the mixing pattern 
of the CAHs in the stream water. This was supported by 
application of a 2D advection-dispersion model of pollutant 
mixing in streams (Aisopou et al. 2015; Lemaire 2016) to 
evaluate the potential location of the discharge to the stream  
from source zone A (i.e., with respect to chainage, stream-
bed or streambank seepage), and to estimate the CMD and 
mixing conditions. These results were then used to design 
all other monitoring campaigns: these consisted of three 
points per transect for transects T1 and T4, and one point 
in transect T6 and T7 where fully mixed conditions (see 
In-Stream Contaminant Mass Discharge section) were 
achieved (see Figure  1 for all transect locations). Finally, 
to better understand some of the variations observed in our 
dataset, new streambed and stream water samples were col-
lected in June and November 2017 in the north channel, and 
additional monitoring of the stream water levels within this 
area including the south channel was performed from Octo-
ber to December 2018.

Water Level Monitoring and Stream Discharge
The stream discharges in the north and south channel 

were obtained by monthly measurements using an OTT MF 
pro flow meter and assessed using the mid-section method 
following the ISO 748 standard. The stream flow measure-
ments were taken at transects T1 and T7 for the north and 
south channel, respectively (Figures  1 and 2). The flow 
rate in Mølleåen could not always be measured due to the 
water depth in periods of high flow. Consequently, the flow 

rate was assumed equal to the summation of the north and 
south channel flows, i.e. the possible additional groundwater 
influx was assumed minor over the limited length of the 
investigated reach.

Hydraulic heads in the shallow aquifer and the stream 
water level were monitored hourly during the entire cam-
paign using mini divers (DI501) from Van Essen. The shal-
low groundwater was monitored in the existing boreholes 
in source zone A (screened from 0.5 to 2.5  m.b.s) and 
B (screened from 1 to 4 m.b.s). The stream water level was 
monitored approximately 10 m downstream of transect T1.

Hyporheic Zone (Streambed) Sampling
Streambed water samples were collected using drive-

point piezometers, placed within the hyporheic zone to a 
depth of 40 cm in the most upstream part of the northern 
channel. The samples were extracted by use of a peristal-
tic pump and rigid polyamide tubes, stored in 25 mL glass 
vials, sealed without air bubbles. The number of drive-
points varied across the 12 campaigns in order to enable the 
best delineation of the contamination entering the stream 
via the streambed. The measurement locations were chosen 
based on our conceptual model of the site, inspection of the 
streambed and ensuing practical constraints (stones, rocks 
and obstacles in the streambed itself). The piezometers were 
purged three times prior to sampling to ensure a freshwater 
input without the influence of stagnation. The samples were 
kept in a cooler on ice during the sampling, and thereafter 
kept at 4°C prior to chemical analysis. All chemical analy-
ses for CAH were carried out by an independent certified 

Figure 2. (a) Locations for stream water (blue circles) and streambed (piezometers; open squares) samples used in the estimation of 
contaminant mass discharge (CMD). Approximate delineation (sum of CAHs concentration > 10 μg/L in shallow groundwater) for 
the main contaminant source zones A and B are marked with striped red polygons based on previous investigations by a consult-
ing company (Niras 2012). Note that the other transects used for CMD estimation are shown in Figure 1. (b) Pictures from the site 
indicate the location of the crack and urban drain in the retainment wall.
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laboratory using the P&T/GC–MS method according to ISO 
15680. Detection limits for the analyses are 0.02 μg/L.

Stream Water Sampling
Stream water grab samples were collected in 25 mL 

glass vials, sealed without air bubbles (the locations and 
numbers of samples for each of the measurement transects 
were previously described in the Overview and Approach to 
Investigations section). Stream water was sampled from the 
most downstream point to the most upstream to avoid any 
sediment disturbance or cross-contamination while measur-
ing. They were kept on ice in a cooler on site before being 
stored at 4°C until sent for analysis. An additional transect, 
T0, was placed up-gradient of transect T1 in April, June, 
and November 2017 to enable delineation of contamination 
originating from the urban drainage system (see Figure 4).

In-Stream Contaminant Mass Discharge
The CAH concentrations measured in the stream are 

dependent on the stream flow, diluting any contaminants 
entering the stream. The temporal or spatial variation and 
fate of the discharged contaminant mass can therefore be 
evaluated by assessing the mass flowing through different 
control transects along the stream. Several formulations and 
simplifications can be used depending on the location of 
this control transect with respect to the different points of 
discharge.

The in-stream concentration is generally dependent on 
both the transverse and depth location of the sample within 
a control transect. For most streams, however, the depth is 
usually small compared to the width and the vertical mix-
ing occurs over a relatively short distance (Fisher 1979; 
Aisopou et al. 2015). At a certain distance, downstream of 
the discharge location, the contaminant will therefore be 
completely mixed in the vertical direction and the contami-

nant concentration is then only dependent on the transverse 
location of the sample. Thus, the in-stream CMD, J, can be 
evaluated using a discretization of the measurements taken 
along the in-stream control plane (ITRC 2010):
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where c
i
 is the pollutant concentration at mid water column 

in the sub-area i, q
i
 is the flow velocity in the sub-area of 

the in-stream control plane of area A
i
 and n is the number 

of sub-areas. In our study, n = 3 corresponding to the three 
water samples taken at regularly spaced locations along 
each of the transects T

i
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i
 is estimated as the average veloc-

ity in this sub-area, and A
i
 computed using the average depth 

of the sub-area i and width.
A contaminant is considered to be fully mixed when 

its concentration along a transverse section of the stream 
remains within 5% of the average concentration (Fisher 
1979). In that case, the concentration is almost constant in 
the control transects, both in depth and transverse direction. 
Hence, formula 1 simplifies and can be rewritten as (Rønde 
et al. 2017):
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where c
mix

  is the fully mixed concentration and Q
mix

 the 
stream flow rate at the point of fully mixed conditions 
downstream. Equation 2 is hereby applied to estimate the 
contaminant mass discharge at transects T6 and T7.

Finally, as parent and degradation products have been 
measured (i.e., TCE, cDCE, and VC), the CMD results are 
reported using the PCE equivalent unit, defined as:
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where m
i
 is the mass of a given chlorinated compound or 

metabolite i, and M
i
 is its corresponding molar mass.

Time Series and Statistical Analysis
The investigation of time variations and interactions 

between the different parameters of interest (precipitation, 
hydraulic head, contaminant mass discharge, etc.) was car-
ried out using Spearman rank and cross-correlation analy-
ses. The cross-correlation analysis was employed to estimate  
an average lag between the input driving parameter (i.e., 
precipitation) and output hydrological responses defined by 
the different hydraulic head measurements in the stream and 
shallow groundwater, following the techniques described in 
(Larocque et al. 1998). The discrete cross-correlation func-
tion is defined as:
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Figure 3. Effects of mixing and dilution of the in-stream con-
taminant concentrations measured at 5 detailed transects for 
TCE and detectable degradation products (cDCE and VC) in 
June 2016. Note that the x-axis corresponds to a normalized 
stream width, that is, 0 for the north bank, and 1 for the south 
bank.



NGWA.org G.G. Lemaire et al./ Groundwater Monitoring & Remediation 40, no. 2/ Spring 2020/pages 40–51  45

Figure 4. Variations of chlorinated ethene concentrations in the groundwater monitoring well, streambed, and stream in the north 
channel. (a) Spatial variations for a selected period (April 2017) expressed in PCE eq. (b) Temporal variations of molar ratios for 
the stream water and streambed water samples at different locations for three selected periods (April, June, and November 2017).

where x  and y are the means of time series x and y, s
X
, s

y
 are 

the respective standard deviations and n is the length of the 
time series.

A Spearman rank correlation analysis was then carried 
out to highlight potential trends between the different time 
series, especially as these trends are likely to be nonlinear 
and the data not normally distributed. In order to do so, 
the hourly hydraulic head time series datasets were down-
sampled to the measurement frequency (once a month) by 
averaging over the 4-h intervals during which the stream 
water samples were collected. The hourly time series for 
the precipitation data was down-sampled to the measure-
ment frequency by a cumulative estimate of precipitation 
between the previously estimated lag (determined by the 
cross-correlation) and the end of the measurement intervals 
to account for the time response of the hydrological system.

Results and Discussion
Spatial Distribution of the Contaminants in the Stream

The first sampling campaign, carried out in June 2016, 
revealed a contamination of the stream water by TCE and its 

degradation products cDCE and VC (Figure 3). cDCE was 
the dominant CAH compound in terms of concentration 
levels along the investigated stream stretch. Specifically, 
cDCE concentrations of up to ca. 2 μg/L were measured in 
the north channel close to the northern bank in the most 
upstream transect, T1, where source zone A is discharg-
ing. After the junction of the two channels, the concentra-
tions decreased significantly due to dilution resulting from 
the flow coming from the south channel. Figure 3 further-
more indicates the pattern of mixing across the different 
transects, where concentration values “flatten out” with 
distance due to the dispersion and spreading of the con-
taminants in the transverse direction. However, fully mixed 
conditions have not been attained even at the most down-
stream transect location, T5, for this specific campaign 
based on the criteria defined in the In-Stream Contaminant 
Mass Discharge section.

Taken altogether, this indicated that the bulk of the con-
tamination originates from the northern channel, is heavily 
diluted by water inflowing from the south channel, and that 
the location of fully mixed conditions requires additional 
measurements further downstream of transect T5.
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Investigating Contaminant Pathways from Source Zone A 
into the Stream

Differences in hydraulic head between the streambed 
piezometers installed in the north channel and the stream 
water level were found to vary in time, but always with an 
upwards flow (i.e., flow direction from the streambed to 
stream) or null at the time of measurements, and on the order 
of a few mm to a maximum of 4 cm. The corresponding water 
samples were also variable, revealing a highly heterogeneous 
overall contamination pattern, with concentrations of CAHs 
varying, for example in April 2017, from a few μg/L up to 
ca. 2600 μg/L (PCE eq) over a small confined area close 
to the retaining wall (Figure 4a). The measurements taken 
from the monitoring well in the shallow aquifer revealed 
concentrations ranging from ca. 4300 to 7500 μg/L (PCE eq)  
for all sampling campaigns.

Notably, the molar ratios between the different chlo-
rinated compounds were stable in time for both the shal-
low aquifer and hyporheic zone samples: VC was almost 
exclusively found under the streambed and mostly cDCE in 
the shallow aquifer (Figure 4b). However, significant tem-
poral variations in the molar ratios for cDCE and VC were 
observed in the stream water samples compared to the rela-
tively stable ratios observed in the shallow aquifer. These 
temporal variations were especially noticeable directly up- 
and downstream of the crack in the retaining wall, as well 
as in the ‘temporary’ transect (T0), and in the recess and 
drain (Figure 4b).

These observations suggest that the contaminants dis-
charging into the north channel from source zone A occurred 
via different pathways with variable contributions. VC 
mostly discharged via the streambed, indicative for a ground-
water flow pathway, while the cDCE component entered 
via different hydrological preferential flow paths from the 
northern bank (cracks and urban drains). These discharges 
were extremely dynamic and their respective contribution 
dependent on the near-surface hydrological flow conditions 
and hydrogeological properties of the stream bottom. These 
results are thus reflective of a highly complex system, com-
prised natural discharge processes combined with urban flow 
paths, leading to a highly complicated and heterogeneous 
contaminant discharge pattern that varies in space and time 
over a relatively limited area. Nevertheless, all contaminant 
pathways ultimately converge downstream of this complex 
discharge zone and add up with the additional CMD from 
source zone B. Currently, the Danish authorities require an 
understanding of the total impact from each contaminated 
site impacting surface waters. From there, the focus of our 
study shifted from this single source area to determine the 
overall CMD variation originating from the site.

Temporal Variation of the In-Stream Contaminant 
Discharge

The temporal variations of the in-stream mass discharge 
for CAH over 12 months were evaluated at transects T1, T4, 
and T6 (Figure 5). When considered individually, significant 

Figure 5. Temporal variations of in-stream contaminant mass discharge for chlorinated compounds (TCE, cDCE, and VC) along 
the north channel (T1) and downstream transects (T4, T6), and in the south channel (T7), expressed as PCE eq. See In-Stream 
Contaminant Mass Discharge section for calculations.
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temporal variations occurred and increased from T1 to T6 
with an average yearly discharge of 1.7, 4.7, and 3.7 kg/yr.  
PCE eq (coefficient of variation, CV = 67%, 75%, and 96%, 
respectively). In transect T1, downstream source zone A, 
the highest estimate for in-stream contaminant discharge 
was observed in January and February 2017, while the most 
important discharges after the channel junction at transect T4 
were found to not coincide with the ones in T1.

At this particular transect, T4, a significant increase in 
the in-stream CMD was observed for three of the measure-
ment rounds including November 2016 (ranging, e.g., from 
1.9 in T1 to 13.4 kg/y PCE eq in T4), as well as February and 
March 2017. These elevated levels in CMD held in “inten-
sity” further downstream to T6 for both November 2016 and 
March 2017, while continuously increasing in April 2017. 
This intensification of contaminant mass discharge to the 
stream was not caused by a sudden discharge from the south 
channel, considering the relatively low contaminant mass 
that has been estimated for that point in the same periods 
(see T7, Figure  5). Instead, a significant CAH discharge 
must have been active during these periods and under spe-
cific hydrological conditions occurring between transects 
T1 and T4. The attention was then shifted to assessing the 
role of source zone B (Figure 2) and the potential processes 
governing the increase in CMD.

Evaluation of Governing Environmental Processes
Spearman rank correlation was used to evaluate the 

interrelationships between precipitation, monitored hydro-
logical parameters, and estimated in-stream CMD in order 
to investigate the potential drivers for the contaminant 
dynamics found downstream of the junction at transect 
T4. Correlations were in fact found to be significant for 
describing the variation of in-stream CMD with some of the 
parameters collected on site (see Figure 6). Specifically, the 
in-stream CMD, J, for both cDCE and VC exhibited high 

positive  correlation values with the water flow rate, Q, for 
both the north and south channels (r

s
> 0.6 with p < 0.05, Fig-

ure 6a). The in-stream CMD at transect T4 varied almost 
linearly with the measured flow rate in the north channel 
(R2 > 0.8 for both cDCE and VC, Figure 6b), and to a cer-
tain extent with the measured flow rate in the south chan-
nel (R2 > 0.3, with one outlier removed corresponding to an 
unusually high stream flow in the south channel only).

No significant Spearman rank correlations (Figure  6a, 
r

s
< 0.6 and corresponding p > 0.05) were observed between 

the in-stream CMD estimated at transect T4, and drivers/
proxies of shallow groundwater flow such as precipita-
tion, N, or the relative water level gradient, Δh, measured 
between the north channel and the shallow groundwater 
monitoring well in source zone A. We therefore speculate 
that the increase in CAH mass at transect T4 is not caused 
by a shallow groundwater pathway not accounted for stem-
ming from source zone A. Instead, the interaction between 
the two channels and source zone B was suspected as the 
main driver responsible for this mass increase. We also ruled 
out the possibility of a resuspension of sorbed contaminants, 
considering the significant increase of CAH between T1 and 
T4 (ca. 7 times more in November 2016).

Following this analysis, an additional campaign in 
autumn 2018 was initiated in order to monitor hydraulic 
heads in the system with a focus on capturing the dynam-
ics associated with source zone B for a 2-month period. 
The hydraulic head is used here as a proxy for the stream 
flow, the relationship between hydraulic head and stream 
flow being relatively stable over this limited period of time 
and at this time of the year. During sustained rain events, 
an increase in the shallow aquifer water table (head) was 
observed for the northern part of the site. In addition, 
hydraulic heads increased for the north channel compared to 
the levels monitored in the shallow aquifer in source zone B 
and in the south channel (see hydraulic heads in Figure 7b: 

Figure 6. (a) Spearman rank correlation, qs, diagonal matrix between in-stream contaminant mass discharge in transect T4 and 
selected hydrological parameters: precipitation (N), stream flow rates (Q), water table in shallow aquifer (hGW) at source zone 
A and B, as well as stream water table (hSW) and the hydraulic gradient (Δh). Subscripts A and B refer to source zones A and B, 
respectively, while subscripts N and S refers to the north and south channel, respectively; see Figure 7 for specific locations. (b) 
Scatterplot of the in-stream contaminant mass discharge at T4 for cDCE and VC with respect to the stream flow rates in the north 
and south channel, and associated linear regressions.
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results suggest that sustained rain events associated with 
the site topography (with a slight slope from north to south 
along the investigated area) could cause a sufficient hydrau-
lic head difference that activates a substantial interchannel 
flow. This interchannel flow leads to the mobilization and 
transport of contamination stemming from source zone B, 
which is located very close to the bank at the junction of the 
two channels. This process was only observed for late times 
of the year, leading to the hypothesis that vegetation on site 
may be intercepting and transpiring a significant part of the 
precipitation during the summer months. This may limit (or 
reverse) the flow from shallow groundwater to the stream 
during summer.

Practical Implications and Perspectives
Our study investigated the mass discharge of CAH from 

a former industrial site to a peri-urban stream and moni-
tored its temporal variations for over a year on a monthly 
basis. The use of in-stream CMD for the quantification of 
the mass discharge through strategically placed control 
transects appeared to be fruitful. It allowed us to track and 
highlight the contribution of different sources to a receiv-
ing stream, while providing valuable insights on the possible 
contaminant pathways. Furthermore, this approach is valid 

without consideration of the full mixing of the contaminant,  
that is, independently of any prior knowledge on the dis-
charge and mixing zone. It is also a convenient way to 
aggregate the different pathways from a single source in 
order to quantify multiple pathway contributions at a larger 
scale, as carried out with respect to source zone A in this 
study. This in-stream approach is limited, however, by 
practical constraints for the discretization of an in-stream 
control plane, and to dissolved contaminants with concen-
tration levels high enough to be detected after dilution in 
the stream (Sonne et  al. 2018). We observed a substantial 
increase in CMD related to increases in stream flow. This is 
in contrast to, for instance, the study by Rønde et al. (2017), 
who observed an almost constant CMD with time in the 
Grindsted stream (Denmark). The finding in our study thus 
implies that the highest concentration in the stream is not 
necessarily related to the lowest stream flow (largest dilu-
tions), as intuitively expected from Equation 2.

Our results highlight the importance of understanding 
the dynamics associated with the presence of multiple con-
taminant discharge pathways emanating from a contaminant 
source in peri-urban/urban settings. As expected, shallow 
groundwater seeping through the streambed played a role, 
but also key urban features such as former drains and/or 
sewer lines acting as preferential flow paths and exhibit-
ing different temporal dynamics. Such flow paths were also 

Figure 7. Variation of hydraulic heads, h, for the shallow groundwater on the north side (GWA), shallow groundwater close to the 
junction on the south side (GWB), and stream water level in the north and south channels (SWN/S). (a) Monitoring locations; (b) time 
series for GWA (open red circle), GWB (filled red circle), SWN (filled blue triangle), and SWs (open blue triangle), displayed as a roll-
ing average over 24 h. Precipitation levels are displayed on the right-hand y-axis (black solid line) corresponding to the black lines at 
the top of the graph. The black arrows indicate sustained rain events corresponding to a marked increase in GWA. (c) Visualization 
of the water head variations and enhanced hydraulic gradient between the north channel, south channel, and GWB before (Time 1) 
and after (Time 2) a sustained rain event (as indicated by the dotted lines labeled Time 1 and 2).
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reported by Rønde et al. (2017) identifying drainage culverts 
as a source of uncertainty in their total CMD calculations. 
Peri-urban stream systems with such markedly different  
flow paths can be described as “urban karst”, that is, com-
posed of different environmental and engineered compart-
ments as also discussed in Zoboli et al. (2019), and constitute 
a significant contaminant transport vector for shallow ground-
water systems in these settings (Kaushal and Belt 2012).

However, these different pathways were not the main 
cause for the overall CMD variations documented here, 
as the largest in-stream CMD downstream did not coin-
cide with the maximum discharge from source zone A. We 
suggest instead that an inter-channel flow driven by local 
variations of river stage resulted in a complex contami-
nant transport from source zone B, located at the junction 
of the two channels, which otherwise seems to be small. 
Such flow dynamics and resulting contaminant transport is 
closely related to the meander-driven hyporheic exchange, 
or transient hydrological conditions at the channel junction 
scale as described and modeled, for example, by Boano 
et al. (2006), Dwivedi et al. (2018) and Han and Endreny 
(2013). To date, we could not find many other published 
studies describing point pollutant source dynamics with a 
source located in the near vicinity of a stream junction (but 
see Fryar et al. [2000] for a discussion on the influence of 
tributary flow and interaction with a contaminant plume). 
Nevertheless, such a configuration is certainly not unique as 
many contaminated sites are often historically located in the 
vicinity of stream waters (Weatherill et al. 2014).

The size of the stream and the heterogeneous clayey 
till setting may also play an important role in the strong 
CMD variability observed and the resulting variations in 
concentration levels. Indeed for a given geological setting, 
small or headwater streams are influenced by local flow 
systems with high seasonal variations, while higher-order 
streams and rivers are usually fed by more regional, sus-
tained and steady groundwater components (Winter et  al. 
1998; Dahl et  al. 2007). Furthermore, the low water flow 
in small stream systems results in a more limited dilution 
for any contaminant that enters, which in turn has a strong 
effect on the resulting contaminant concentrations, all CMD 
variations considered.

The outcomes of this study can already be employed to 
facilitate the design of monitoring plans for the assessment 
of chemical status of streams affected by contaminated sites. 
It is clear that for some stream systems, the combination of 
concentration levels and dilution effects without considering 
the dynamics of any sources present may be misleading. In 
Denmark for example, the EPA recommends sampling dur-
ing low flow periods (where the highest contaminant con-
centrations would be expected) while still acknowledging 
the possible variations of CMD especially in small stream 
systems (Miljøstyrelsen [Danish EPA] 2018). This study has 
shown that such a screening approach is only valid when the 
discharge of contaminants and stream waters are not strongly 
correlated, that is, the CMD variations are negligible com-
pared to the stream flow variation diluting the contaminant. 
Additionally, the sampling frequency was found to be a key 
factor to consider when designing monitoring strategies for 
chemical substances. European legislation, for example, the 

Water Framework Directive, for the assessment of chemi-
cal status has left it open to its Member States to choose 
what they think is appropriate, although the seasonal varia-
tion should ideally be accounted for (European Commission 
2009), especially for contaminants with suspected seasonal 
patterns (e.g., spraying season of pesticides, or tourist-borne 
substances such as Personal Care Products).

Conclusions
We investigated the temporal and spatial variation of 

chlorinated ethenes discharging from a contaminated site to 
a peri-urban stream comprised of two channels. An in-stream 
CMD approach was applied in order to track these variations 
at different transects along the investigated stream stretch 
(ca. 500 m). Our study revealed substantial local variations 
in concentrations, induced by a highly dynamic contaminant 
mass discharging to the stream via different pathways com-
prising a complex system of interlinked environmental and 
engineered compartments, or “urban karst.” The in-stream 
CMD estimates indicated a surprisingly high variation of 
CMD values, ranging from 1–13 kg/year, depending on the 
considered transect and measurement period.

Variable contaminant contributions from source zone A 
were identified in the channelized part of the stream, stem-
ming from both groundwater seepage and urban drain fea-
tures. However, these variations alone could not explain the 
maximum contaminant discharge estimated further down-
stream. A cross-correlation between different hydrological 
parameters and the estimated mass discharge revealed a strong 
link between these quantities and the flow rates in the two 
channels. Additional hydraulic head measurements suggested 
that, in periods of sustained rain, a transient hyporheic flow 
at the junction scale occurs enhancing contaminant transport 
from source zone B, a second source located at the conflu-
ence. Thus, an in-stream CMD approach was found to be an 
effective method for quantitatively integrating the multiple 
and highly variable discharge contributions, even if not fully 
mixed, although information on specific pathways is lost.

This study highlights the complexity and variability 
of contaminant fluxes occurring at the interface between 
groundwater and peri-urban streams. Notably, small streams 
are fed by local water flow systems likely to interact with 
contaminated sites often located in the near vicinity. Con-
sideration of these temporal variations are therefore essen-
tial when designing monitoring programs to determine the 
potential impact arising from contaminated sites impact-
ing streams (for prioritization purposes). Moreover, spatial 
aspects related to e.g. the presence of multiple active path-
ways, possibly dependent on the temporal dynamics, become 
important when considering remedial actions for prioritized 
contaminated sites in such peri-urban/urban stream systems.
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Abstract 37 

The release of anthropogenic chemicals to streams, stemming from contaminated sites, direct 38 

application (rural/urban) or accidental release, represents a significant threat to water resources 39 

and thus the health of humans and aquatic ecosystems. Predicting the transport and fate of 40 

chemicals is key to quantify contaminant concentrations and develop environmental quality 41 

standards (EQS). Tracer tests are a well-established tool for such hydrological investigations in 42 

various water-based systems. In stream settings, such experiments have predominantly 43 

investigated longitudinal mixing and flow velocities by measuring the tracer concentration in a 44 

few discrete locations; few studies have focused on the transversal mixing properties. Recent 45 

progress in hyperspectral remote sensing from unmanned aerial systems (UAS) allows advancing 46 

the two-dimensional monitoring of tracer tests, by mapping the tracer concentration with a high 47 

spatial resolution in narrow streams with difficult accessibility. So far, such methods have only 48 

been demonstrated in controlled settings or in ocean waters, but not in optically complex streams. 49 

In this study, we evaluated the performance of a miniaturized hyperspectral imaging system and a 50 

consumer grade camera on board of an UAS, to map the concentration of the fluorescent tracer 51 

Rhodamine WT in a stream impacted by a contaminated site. In order to estimate tracer 52 

concentrations from the remotely sensed data, a band ratio of the red and blue band was used for 53 

the photo camera, while a vector based method, estimating the spectral angle in regards to a 54 

reference spectrum was applied for the hyperspectral data. The photo camera performed well, but 55 

it only mapped reliably the concentration in sections of the stream exposed to direct sunlight (R2: 56 

0.83; nRMSE: 10.2 %), failing to map the concentration in all locations, which included locations 57 

where the direct sunlight was blocked by riparian trees (R2: 0.17; nRMSE: 28.7 %). In contrast, 58 

the advanced spectral information allowed the hyperspectral-based system to map the 59 

concentration well in all sections of the stream (R2: 0.76; nRMSE: 15.1 %), regardless of 60 

illumination changes. This demonstrated the advantage of optical cameras measuring water-61 

leaving irradiance from hundreds of contiguous narrow spectral bands that also allow detecting 62 

finer spectral absorption and emission features. The results presented here would help to improve 63 

the knowledge about mixing of contaminants in streams, i.e. to predict the location of fully 64 
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transversal mixing for contaminant sites discharging to streams via groundwater-surface 65 

interactions, as well as general assumptions behind mixing and dilution models. 66 

1. Introduction 67 

Tracer experiments with fluorescent tracers like Fluorescein, Rhodamine B and Rhodamine WT 68 

are widely used in experimental investigations of transport and flow in rivers, lakes, groundwater, 69 

glacial systems and wetlands (Battaglia et al., 2016; Brugman, 1987; Dierberg and DeBusk, 2005; 70 

Fountain, 1993; González-Pinzón et al., 2013; Qi et al., 2018; Suijlen and Buyse, 1994). In most 71 

tracer experiments, an instantaneous tracer pulse is released at an upstream point of the river, and 72 

the tracer concentration is recorded over time at one or multiple discrete points downstream of the 73 

injection. Tracer concentration can either be measured in-situ with fluorimeters (Drummond et al., 74 

2014), or ex-situ requiring that grab samples are taken at specified intervals for laboratory analysis 75 

(Atkinson and Davis, 2000). The information retrieved from these experiments is one-dimensional 76 

and supports investigations of longitudinal mixing/degradation effects. They are used to study 77 

reservoir retention (Rowiński et al., 2008) and water travel times (Wallis, 2005), to measure the 78 

longitudinal dispersion (Atkinson and Davis, 2000), to validate models of longitudinal dispersion 79 

(Duarte and Boaventura, 2008) and to study the fate of chemicals from waste water treatment 80 

plants (Guillet et al., 2019; Liu et al., 2020). Tracer experiments in conjunction with flow 81 

measurements can also be used to evaluate the magnitude of hyporheic exchange (Somers et al., 82 

2016). A common characteristic for the cited studies is that tracer concentration is measured in a 83 

few discrete sample locations, but a full, two-dimensional spatial picture of the tracer concentration 84 

cannot be achieved.  85 

Implementation of international (EU Water Framework Directive) and national (e.g. Danish Soil 86 

Act) legislation requires the identification of activities and pollutants, as well as their potential risk 87 

for exceeding existing contaminant EQS guideline values (McKnight et al., 2010; Skjolding et al., 88 

2021). For the investigation of contaminated sites, which can discharge pollutants to streams by 89 

multiple pathways, this means knowing where in a stream to measure when designing monitoring 90 

programs (Lemaire et al., 2020). This requires to determine as accurately as possible the 91 

hydrological processes governing contaminant transport and fate (e.g. mixing; dilution), either in 92 

the field or via modelling studies, including determination of the point of fully mixed conditions 93 

from which compliance is determined (Rønde et al., 2017) to ensure protective measures are in 94 
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place. To-date, a gap in understanding remains in relation to the transversal mixing properties of 95 

streams, which is labor intensive in terms of monitoring tracer experiments in the field, but remote 96 

sensing from UAS could be used to improve the general assumptions applied in modelling the 97 

transport and fate of contaminants in streams. 98 

It has been demonstrated that multispectral remote sensing can map the concentrations of 99 

fluorescent tracers in water at high spatial resolution. In the early 1980s, two studies examined 100 

Rhodamine B tracer spreading in the ocean using multispectral remote sensing from manned aerial 101 

platforms (Spitzer and Wernand, 1983; Valerio and Llebaria, 1982). A more recent study used 102 

both a multispectral camera and a hyperspectral camera, deployed on a manned aircraft, to map 103 

the concentration of Rhodamine WT in the ocean, releasing the tracer from the shore (Clark et al., 104 

2014; Hally-Rosendahl et al., 2015). Another study qualitatively examined the spreading of a river 105 

inflow plume, marked with Rhodamine WT, in a lake using manned airborne multispectral 106 

imagery (Nekouee et al., 2013).  107 

Aerial remote sensing from manned aircraft is the optimal choice to study large (> 0.1 km2) 108 

systems, for example portions of the ocean, large lakes or large rivers, but the resulting spatial 109 

resolution is too coarse for monitoring small-to-medium streams and to resolve concentration 110 

patterns at sub-meter resolution. Furthermore, the deployment of remote and contactless sensors 111 

based on manned aircraft is expensive and not as flexible compared to unmanned aerial systems 112 

(UAS). The recent advent of reliable UAS together with the development of lightweight optical 113 

sensors enables flexible and high resolution remote sensing, which can be applied in small and 114 

medium-sized streams. Streams are optically more complex compared to oceans or lakes, due to 115 

shallow bathymetry, submerged vegetation and overhanging riparian vegetation. Furthermore, 116 

streams contain multiple optical active constituents at different composition (i.e. phytoplankton, 117 

nonalgal particles (NAP), colored dissolved organic matter (CDOM) and detritus), making it more 118 

challenging to apply optical remote sensing methods (Ogashawara et al., 2017).   119 

Recent studies demonstrated the possibility of measuring fluorescent tracer concentrations in 120 

waterbodies from UAS. While some studies deployed common consumer grade RGB photo 121 

cameras detecting different light intensity levels, (Baek et al., 2019; Powers et al., 2018; Vasilijevic 122 

et al., 2015), Legleiter et al. (2020) used a hyperspectral imaging system measuring water leaving 123 

irradiance in physical units. However, all these studies were conducted in controlled or simplified 124 
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systems, e.g. experimental channels, water tanks or deep lakes where imagery is not affected by 125 

bottom reflections. In order to establish UAS-monitored tracer tests as an operational tool, it needs 126 

to be demonstrated in a real-world stream overcoming challenges such as shading by vegetation, 127 

shallow submerged vegetation, changing bathymetry or changing flow conditions. Furthermore, a 128 

method should be used where the remote sensing data can be calibrated against sampled 129 

concentration in the stream using only a few calibration points. Machine learning methods such as 130 

neural networks, requiring the collection thousands of in-situ measurements are not practical in 131 

this context. 132 

The two aims of this study are thus to (1) demonstrate the mapping of Rhodamine WT tracer 133 

concentration in an optically complex stream using only a few calibration points and to (2) 134 

compare the performance and applicability of a consumer grade photo camera with that of a 135 

radiometrically calibrated hyperspectral imaging system to map the spatial patterns of tracer 136 

concentration. 137 

2. Materials and Methods 138 

2.1. Study site 139 

The study site chosen for the tracer injection is a 450 m stretch of the Mølle Stream, located within 140 

an EU Natura 2000 protected area (Jægersborg Dyrehave) 15 km north of Copenhagen at Raadvad, 141 

Denmark (Figure 1); permission for the tracer test in this area was granted by the Danish EPA 142 

prior to the study. The study area is located just downstream of a former industrial area used 143 

primarily for metal manufacturing activities dating back over 200 years (Lemaire et al., 2020). 144 

These activities have resulted in contamination of the soil, groundwater and stream with 145 

chlorinated ethenes, petroleum hydrocarbons and heavy metals (Roost et al., 2018).  146 

The geology in the area is typical for Eastern Denmark, with gyttja dominating in the vicinity of 147 

the streambed, and a mixture of layers of sand, gravel, and clay till forming an underlying shallow 148 

heterogeneous aquifer. Below this, separated by a continuous clay till layer, is a Danien limestone 149 

aquifer that is protected for drinking water interests. The annual precipitation in the area is 660 150 

mm (DMI, 2020). Lemaire et al. (2020) have documented flow from the shallow aquifer to the 151 

stream, although contaminants from groundwater additionally enter the stream via urban pathways 152 

(such as drains), leading to a complex and temporally variable contaminant discharge to the stream. 153 
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For this reason, the tracer injection area was located further downstream, to avoid the complex 154 

flow dynamics close to the groundwater contaminant hotspot (shown in Figure 1).  155 

The Mølle Stream is classified as a large (type 3) heavily modified stream, and as such must reach 156 

good ecological potential (but not good ecological state) according to the Danish Water Plans 157 

(2021-2027); however, it must reach a good chemical state (Danish EPA, 2019). As the tracer 158 

injection site is located within a forested area, much of the stream surface is overhung by riparian 159 

trees. The streamflow originates from an impounded lake ca. 200 m upstream of the injection site, 160 

and is controlled via two low-head dams that release water into two engineered channels that rejoin 161 

just before entering the protected area ca. 30 m upstream of the injection area. The median flow in 162 

the stream is 437 L/s for the period 2007-2018 (Lemaire et al., 2020); actual flow measurements 163 

were conducted in May 2020 (363 L/s) using a magnetic-inductive flow meter (OTT MF Pro; 164 

OTT, Germany) and assessed according to the mid-section method following the ISO 748 165 

standard. Stream width at the injection site was 12.7 m, with corresponding mean stream depth of 166 

0.46 m (cross sectional area: 5.8 m2).  167 

 168 

Figure 1. (a) Overview of the Raadvad site in Denmark, showing land use, streamflow direction (blue arrows), 169 
contaminant hotspot, tracer injection points (yellow circles) and sampling transects (purple circles; transects defined 170 
as T1-T5 in downstream direction order) along the Mølle Stream. (b) Cutout detailing injection point locations and 171 
the easily visible Rhodamine WT tracer (an orange dye; taken with the photo camera), as well as transects T1-T4. 172 

2.2. Tracer Injection 173 

The fluorescent tracer Rhodamine WT (RWT) was chosen for its conservative properties in open 174 

channel applications (Clow and Fleming, 2008; Runkel, 2015), low photo degradation (Dierberg 175 

and DeBusk, 2005; Lin et al., 2003), which is important for open channel applications, and for its 176 
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low ecotoxicity (Skjolding et al., 2021). Furthermore, the excitation and emission wavelengths of 177 

548 nm and 587 nm, respectively, lie within the visible range of the electromagnetic spectrum, 178 

making it possible to detect the tracer with both a consumer grade photo camera, and a 179 

hyperspectral camera. 180 

The tracer injection was designed to ensure that ca. 5 µg/L of RWT would be reached at the 181 

location for fully mixed, steady-state conditions.  This concentration is roughly considered to be 182 

the hyperspectral camera’s detection limit (data not shown).  Fully mixed conditions in streams 183 

are defined as the location where the transverse pollutant concentration varies ≤ 5% from the 184 

average concentration in the transect; with vertical mixing being more rapid than the lateral mixing 185 

(Rønde et al., 2017). DIMICON, a steady-state model for calculating mixing and dilution of 186 

contaminants in streams (Aisopou et al., 2015)was used to provide a tentative estimate for this 187 

location based on the flow measurements (resulting in 541 m  for 363 L/s).  188 

For injection, 200 L of filtered (50 µm PP filter) stream water was mixed with a 20% RWT solution 189 

in a tank to produce a concentration of 0.33 g/L. A pump (DME150-4B-PP, Grundfos, Denmark) 190 

was used to inject the solution from the tank through 5 hollow cone nozzles (220.145.11.AC, 191 

Lechler, Germany) at a constant rate of 20 L/h into the stream. The discharge rate of 20 L/h RWT 192 

solution was chosen based on the stream discharge (with an average flow velocity of 0.062 m/s), 193 

in order to ensure ca. 5 µg/L would be reached at the location for fully mixed, steady-state 194 

conditions. The nozzles were attached to stakes in the stream at half stream depth, pointing 195 

downstream with the water flow (see Figure 2). The stakes were placed in a row parallel to the 196 

northern stream bank at a distance of 1 m from the stream bank and with 1.25 m distance between 197 

the stakes (see Figure 1a). The injection lasted approx. 8 hours from 09:15 until 17:20 h CEST on 198 

28 May 2020. 199 

2.3. In-situ Tracer Measurements 200 

To retrieve in-situ RWT concentrations in the stream, water samples were taken from the stream 201 

at mid-water column for analysis in the laboratory. In order to sample the stream water at precisely 202 

known geolocations and without disturbing the stream flow and tracer concentrations through the 203 

sampling process, sampling stations were established before the tracer injection. A sampling 204 

station consisted of a metal stake driven into the streambed, with a PE hose attached. The tubing 205 



II 

 

 

was routed along the stream bottom to the riverbank to minimize flow disturbance in the water 206 

column, where water samples could be taken using a peristaltic water pump. 207 

In total 25 sampling stations were established across 5 transects (T1-T5, Figure 1) with 5 sampling 208 

points each. The transects were placed 10 m, 25 m, 39 m, 74 m and 405 m downstream from the 209 

tracer injection zone. The last transect marked the end of the experimental area. Sampling locations 210 

were chosen to focus on the initial transversal mixing behavior after injection and to be visible 211 

from the UAS (see Figure 1b). The locations of sampling and injection points were precisely 212 

measured using a Trimble RTK GNSS R8s (Trimble, USA) rover station. 213 

Table 1. Overview of water sampling strategy. Time is given in local time; central European summer time (CEST) 214 

Purpose Location Sampling Interval Time Total Sample 

Number 

Remote Sensing 

Calibration 

All stations 

T1-T5 

Once 13:46 – 14:17 25 

Steady State 

Monitoring 

T5, central point 30 min 10:47 – 15:50 11 

Concentration 

Fluctuation 

T1, second point 

from northern bank 

1 min 09:25 – 10:06 32 

 215 

Water samples of 250 ml each were collected from all 25 sampling stations as described in Table 216 

1 for validation and calibration data for cross-sectional tracer concentration at a time close to data 217 

collection by the UAS. Additionally, samples at the second point from the northern bank at transect 218 

T1 were taken at 1 min intervals, to quantify the temporal variability of the tracer concentration in 219 

the stream close to the tracer injection. Samples were taken at the central point at transect T5 every 220 

half hour, to monitor the tracer concentration over time at the point of fully-mixed conditions. 221 

Rhodamine WT concentrations were assessed by using a fluorescence spectrophotometer (Cary 222 

Eclipse, Agilent, USA), with excitation wavelength set to 558 nm and emission wavelength set to 223 

583 nm. Fluorescence was converted to RWT concentrations using a seven-point calibration based 224 

on standard solutions of known concentrations with stream water used as the dilution media 225 

(RMSE: 0.48 µg/L). 226 
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 227 

Figure 2. (a) Tracer injection system: Tracer was pumped at constant flow rate through 5 submerged nozzles into the 228 
stream. (b) UAS platform with mounted hyperspectral camera and downwelling irradiance sensor collected reflectance 229 
data of the stream flying above tree canopies. 230 

2.4. UAS Data Collection 231 

Two different optical remote sensing payloads were deployed: a consumer photo camera and a 232 

hyperspectral imaging payload. For taking RGB images, a standard DJI Phantom 4 Pro (DJI, 233 

China) was used together with its own integrated camera. The RGB camera captures light in the 234 

visible range of the electromagnetic spectrum with three broadband spectral bands and has a high 235 

spatial resolution of 20 Mpix (see Table 2). The radiometric response of this camera was not 236 

calibrated and the linearity of the radiometric response is uncertain. Raw images were stored in a 237 

digital negative format (DNG), to prevent information loss through compression (e.g. JPEG 238 

format). Camera aperture opening, shutter speed and white balance were manually adjusted before 239 

the flight, so that the image values were more comparable across images, being only depend on 240 

the received light and not on automatically changing camera settings. 241 

Table 2. Characteristics of the optical sensors used on board the UAS. Spectral information of the hyperspectral camera 242 
was acquired by Köppl et al. (2021) and for the RGB camera by Burggraaff et al. (2019). FWHM means full width 243 
half maximum and is a measure for spectral band width. 244 

 Platform Sensor Spectral 

Bands 

Spectral 

Range 

FWHM Spatial 

Resolution 

Hyperspectral DJI Matrice 

600 Pro 

Cubert UHD 

185 

138 450 nm – 

955 nm 

4 nm – 69 

nm 

50 x 50 

RGB DJI Phantom 

4 Pro 

DJI CMOS 3 400 nm – 

670 nm 

65 nm – 116 

nm 

5472 × 3648 
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The hyperspectral imaging payload consisted of a UHD 185 (Cubert, Germany) hyperspectral 245 

snapshot imager with 138 contiguous narrow spectral bands in the visible to near-infrared spectrum 246 

and a spatial resolution of 2500 pixels to measure the upwelling radiation. The hyperspectral 247 

camera was radiometrically and spectrally calibrated. Furthermore, the payload consisted of an 248 

OceanOptics Flame (OceanOptics, Netherlands) spectroradiometer with attached cosine optic 249 

pointing upwards, to measure downwelling irradiance. After correcting downwelling irradiance 250 

for platform tilting effects, upwelling radiance and downwelling irradiance were used to calculate 251 

surface reflectance. The details regarding camera calibration, data correction and reflectance 252 

calculation can be found in Köppl et al. (2021). The flight platform used for the hyperspectral 253 

payload was a Matrice 600 Pro (DJI, China). 254 

Three UAS survey flights were conducted for the experiment: one flight with the RGB camera for 255 

creating a digital surface model (DSM) of the study site, and one flight with the RGB camera and 256 

hyperspectral payload each, to measure the tracer concentration in the stream. For creating the 257 

DSM, the UAS flew along the course of the stream 6 times, with an offset between the flight lines. 258 

3 flight lines were conducted flying at an altitude of 40 m above ground level with the camera 259 

pointing nadir; while another 3 flight lines were flown at 60 m altitude with the camera view 260 

direction, diverging approx. 20 degrees from nadir in the forward direction (see Table 3). 261 

According to Carbonneau and Dietrich (2017), flights at different altitudes including oblique 262 

images, can improve the DSM accuracy. 263 

Table 3. Flight parameters for the different mapping flights: hyperspectral and RGB sensor flights for determination 264 
of tracer concentrations and RGB sensor flight for generation of DSM. 265 

Sensor/Flight 

objective 

Time 

(h CEST) 

Altitude Speed Image 

frequency 

Image 

footprint 

Ground 

resolution 

Number 

Images 

Hyperspectral/ 

concentration 

13:48 – 

14:03 

60 m 1 m/s 0.5 Hz 16 m x 16 m 32 cm 620 

RGB/ 

concentration 

14:12 – 

14:22 

40 m 3 m/s 0.33 Hz 60 m x 40 m 11 cm 167 

RGB/DSM 10:29 – 

10:43 

40 m 

(NADIR) 

60 m 

(oblique) 

2.5 m/s 

4 m/s 

0.33 Hz 60 m x 40 m 

90 m x 60 m 

11 cm 

16.5 cm 

246 
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The hyperspectral and RGB concentration mapping flights were timed to coincide with the in-situ 266 

tracer concentration measurements. For the RGB mapping, the stream was mapped in 4 shifted 267 

flight lines at an altitude of 40 m, while for the hyperspectral mapping, 2 flight lines at 60 m 268 

altitude were conducted. The lower spatial resolution and smaller field of view (FOV) of the 269 

hyperspectral camera, led to a smaller image footprint and a coarser ground resolution. Therefore, 270 

given that both cameras have similar frame rates, the hyperspectral camera needed to be flown at 271 

slower speeds, to achieve sufficient image overlap for orthorectification (approx. 85% front 272 

overlap). 273 

To create orthophoto maps from the single images, the structure from motion (SfM) algorithm was 274 

used, implemented in the Agisoft Metashape (Agisoft, Russia) software package. First, the images 275 

of the first RGB flight were used to create a DSM. Before the UAS surveys, 8 visible ground 276 

control point (GCP) targets had been distributed throughout the survey site and georeferenced by 277 

a RTK GPS. The GCPs visible in the images were used to georeference the resulting DSM. 278 

Thereafter, the images of the hyperspectral and RGB survey flights, which were intended to 279 

measure tracer concentration, were mapped to orthophoto maps using Agisoft Metashape. As a 280 

base for orthorectification, the previously generated DSM was used. This step is especially 281 

important, because the hyperspectral images cannot be used to build a reliable DSM, given their 282 

coarse spatial resolution. The GCPs were used to ensure spatial matching of the DSM and the 283 

orthophoto map and to subsequently georeference the RGB and hyperspectral maps for tracer 284 

concentration mapping. 285 

2.5. Estimating Tracer Concentration from UAS imagery 286 

Introducing the fluorescent RWT tracer into the stream changes the spectral signature of the light 287 

reflected by the water surface of the stream (see Figure 3). Light at the excitation wavelength gets 288 

absorbed and is re-emitted at the emission wavelength. Those features are constrained to a narrow 289 

spectral range. Consequently, the amount of light returned by the water surface is decreased at the 290 

excitation wavelength and increased at the emission wavelength, when RWT is present in the 291 

water. Furthermore, RWT has the lowest absorption coefficient in the red to near infrared spectral 292 

region of the visible spectrum. This is a spectral broadband feature and gives water a pink to red 293 

color to an observer’s eye, when RWT is present in the water.  294 
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 295 

Figure 3. Comparison of hyperspectral water surface reflection with and without RWT tracer present in the water. 296 
RWT excitation (Ex), emission (Em) and red absorption (Red) features are highlighted as black dashed lines. 297 

In order to quantify the tracer concentration in the stream from optical remote sensing by UAS, 298 

the spectral features of RWT were quantified and translated into RWT concentrations. In order to 299 

calibrate the spectral features against the tracer concentrations, the in-situ tracer concentration 300 

measurements were used as a calibration data set. Some in-situ measurement points were not 301 

directly visible in the UAS imagery and were therefore omitted in the calibration process. 302 

2.5.1. Tracer concentration from RGB imagery 303 

The spectral bands of the RGB camera are too broad to detect the spectral features of the 304 

fluorescent excitation and emission from RWT. Therefore a third spectral feature of RWT is 305 

utilized, the averaged lowered absorption in the red spectral region. It was quantified by the 306 

red/blue band ratio, i.e. the red spectral band, divided by the blue spectral band. To obtain RWT 307 

concentration (𝑐𝑅𝑊𝑇) in the stream from the band ratio, a linear relation is assumed. Thus 𝑐𝑅𝑊𝑇 308 

was calculated by: 309 

𝑐𝑅𝑊𝑇 = 𝑝1

𝐷𝑁𝑅

𝐷𝑁𝐵
+ 𝑝0 (1) 310 

where 𝐷𝑁𝑅 and 𝐷𝑁𝐵 are the digital numbers of the red and blue camera channels respectively and 311 

𝑝0 and 𝑝1 are empirical constants to be found by calibration against in-situ 𝑐𝑅𝑊𝑇 measurements. 312 

To compare pixel values against in-situ measurements, the mean pixel value of all pixels within a 313 

0.5 m radius around the sample site was used, to avoid fitting against outlier values, or pixels 314 

disturbed by debris or other small-scale disturbances. 315 
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2.5.2. Tracer concentration from Hyperspectral imagery 316 

Contrary to the RGB camera, the narrow spectral bands of the hyperspectral camera in the visible 317 

range (average FWHM in VIS range: 11.5 nm) can detect the excitation and emission features of 318 

the RWT, as well as the broadband feature in the red spectral region, and therefore all three features 319 

could be utilized in quantifying the RWT concentrations in the stream. As a first processing step, 320 

all spectral bands below 482 nm were excluded due to their low signal to noise ratio (SNR). 321 

Furthermore, spectral bands above 752 nm were also excluded, as water has a high absorption 322 

coefficient in the NIR spectral region. Light of these wavelengths coming from the sun cannot 323 

penetrate the water column deep enough for the reflected light to contain usable information about 324 

the water column. After these steps, 71 spectral bands remained for the analysis. To normalize 325 

variations due to illumination and capture the depth of the absorption feature, the hyperspectral 326 

reflectance data was processed with the continuum removal algorithm in the ENVI (L3Harris 327 

Geospatial, USA) software package. This algorithm divides the measured spectra by an envelope 328 

function. 329 

In order to quantify the RWT concentration, the spectral distance between a reference stream water 330 

reflectance spectrum without any tracer and the spectrum of interest was used. Only the spectral 331 

regions with the distinct features of RWT were utilized (fluorescent excitation, 548 nm; fluorescent 332 

emission, 587 nm; red absorption 680 nm), in order to exclude the influence of any unrelated 333 

effects, with features in other wavelengths. To quantify the spectral distance, the spectral angle 334 

metric was used following the spectral angle mapper (SAM) classification method (Cho et al., 335 

2010; Renza et al., 2017; Yagoub et al., 2014). For calculating the spectral angle, each spectrum 336 

is represented as a vector with n dimensions, where n is the number of spectral bands. The 337 

geometric angle between those vectors is the spectral angle. A reference region of interest (ROI) 338 

of the stream was chosen upstream of the tracer injection site and the spectra of the ROI were 339 

averaged to obtain a reference spectrum without tracer. For each spectrum of the stream, the SAM 340 

metric was calculated relative to the reference spectrum. The SAM metric was calculated as: 341 
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𝑆𝐴𝑀 =  

(

𝑟0(548𝑛𝑚)

𝑟0(587𝑛𝑚)

𝑟0(680𝑛𝑚)
) ⋅ (

𝑟(548𝑛𝑚)

𝑟(587𝑛𝑚)

𝑟(680𝑛𝑚)
)

|(

𝑟0(548𝑛𝑚)

𝑟0(587𝑛𝑚)

𝑟0(680𝑛𝑚)
)| ⋅ |(

𝑟(548𝑛𝑚)

𝑟(587𝑛𝑚)

𝑟(680𝑛𝑚)
)|

 (2) 342 

where 𝑟 denotes the reflectance normalized by continuum removal, the index 0 denotes the 343 

reference spectrum, ⋅ is the dot product of two vectors and | | is the norm of a vector. Subsequently 344 

the SAM was used in a regression (Yang and Everitt, 2012), where a linear relationship between 345 

𝑐𝑅𝑊𝑇 and 𝑆𝐴𝑀 was assumed and 𝑐𝑅𝑊𝑇 was calculated as: 346 

𝑐𝑅𝑊𝑇 = ℎ1 𝑆𝐴𝑀 + ℎ0  (3) 347 

where ℎ0 and ℎ1 are linear fitting parameters, found by comparing the hyperspectral reflectance 348 

data to the in-situ 𝑐𝑅𝑊𝑇 measurements. As with the RGB imagery, the mean value of all pixels 349 

within a 0.5 m radius around an in-situ measurement point was used. 350 

3. Results 351 

3.1. In-situ Measurements of RWT 352 

Cross sectional in-situ measurements of 𝑐𝑅𝑊𝑇 revealed a narrow tracer plume with high peak 353 

concentrations of 22.2 µg/L to 51.4 µg/L shortly downstream of the tracer injection site for cross-354 

section T1 (see Figure S1). Further downstream (T2 – T4), the plume broadens and peak 355 

concentrations decrease. At cross-section T5, transversal 𝑐𝑅𝑊𝑇 variations are small, with a 356 

maximum deviation from the cross-sectional mean concentration of 7.4% at time of the UAS 357 

surveys, indicating that close to fully transversal mixing conditions were reached. 358 

As expected, in-situ measurements of 𝑐𝑅𝑊𝑇 at transect T1 with a high sampling frequency reveal 359 

a high variability in the tracer concentration over time at this location, due to flow variations and 360 

a narrow tracer plume. During the sampling period of 35 minutes, the mean concentration was 361 

34.3 µg/L with a standard deviation of 6.3 µg/L and minimum and maximum concentrations of 362 

19.7 µg/L and 46.9 µg/L, respectively (see Figure 4a).  363 

Monitoring the tracer concentrations at the most downstream point of the experimental site (405 364 

m downstream of the injection point), where close to fully-mixed tracer conditions were expected 365 
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from the model simulation, shows a first increase in 𝑐𝑅𝑊𝑇 after 11:33 h CEST, which is 138 366 

minutes after the start of the tracer injection. Thereafter, the tracer concentration increased rapidly 367 

until 13:14 h CEST, where 𝑐𝑅𝑊𝑇 reached 5.8 µg/L. After this point, the tracer concentration kept 368 

increasing at a slower rate, until the end of the measurements at 15:50 h CEST with a 𝑐𝑅𝑊𝑇 of 8.5 369 

µg/L (see Figure 4b). Notably, the water head of the stream at the tracer injection site changed 370 

during the experiment with an amplitude of 8 cm, related to the anthropogenic control (two low-371 

head dams) on the system. It decreased from the beginning of the experiment until 11:20 h CEST, 372 

where it started increasing until 15:20 h CEST, before decreasing again. This indicates a change 373 

in stream discharge during the experiment. 374 

 375 

Figure 4. (a) RWT concentrations 10 m downstream of the tracer injection zone (transect T1), measured with a 376 
frequency of 1 sample per minute. Turbulent flow and a narrow tracer plume lead to strong variations. (b) RWT 377 
concentration breakthrough curve at the most downstream measurement location (blue line) and relative water head 378 
(orange line) of the stream at the tracer injection location. 379 

3.2. Tracer concentration from RGB imagery 380 

To estimate 𝑐𝑅𝑊𝑇 in the stream from the RGB UAS imagery, the calculated band ratio was 381 

calibrated against the in-situ measurements according to equation 1. In total, 12 in-situ 382 

measurement points were visible in the imagery, not covered by vegetation, and therefore used for 383 

the calibration. 5 calibration points were shaded from direct sunlight by the riparian vegetation, 384 

while the remaining 7 points received direct sunlight (see Figure S2). The concentrations in the 385 

points used for calibration ranged from 0 µg/L to 21.9 µg/L. Applying the calibration to all 12 386 

calibration points gives a calibration root mean squared error (RMSE) of 6.3 µg/L and a 387 

normalized RMSE (nRMSE) of 28.7 %, with a goodness of fit value (R2) of 0.17. The distribution 388 

of 𝑐𝑅𝑊𝑇 versus the remotely sensed band ratios (see Figure 5a) revealed, that changes in band ratio 389 
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are primarily caused by changes in illumination. All shaded points have a band ratio below 1, while 390 

all points receiving direct sunlight have a band ratio above 1. This indicates that a common 391 

calibration for both shaded and sunny points will lead to large errors. Calibrating only for portions 392 

of the stream receiving direct sunlight yielded an RMSE of 2.2 µg/L and an nRMSE of 10.2 % 393 

with an R2 of 0.83. 394 

 395 

Figure 5. (a) Calibration of remotely sensed band ratio from RGB imagery versus in-situ measurements of 𝑐𝑅𝑊𝑇 . 396 
Influence of sun and shade is clearly visible with all shaded points (blue) having a band ratio below 1, while all sunny 397 
points (orange) have a band ratio above 1. Regression of all points (black) has an nRMSE of 28.7 %, while regression 398 
of only sunny points (orange) has an nRMSE of 10.2 %. (b) 𝑐𝑅𝑊𝑇  mapped based on RGB imagery and calibration for 399 
sunny conditions; the following features are marked: (A) injection point; (B) upstream part of the tracer plume; (C) 400 
shaded area; (D) plume further downstream in sunny conditions and (E) shallow submerged vegetation of singular 401 
leaves. Cross-sections T1-T3 are indicated. 402 

Figure 5b presents the result obtained using the band ratio from remotely sensed RGB imagery 403 

together with the calibration for sunny conditions only to map the spatial distribution of 𝑐𝑅𝑊𝑇 in 404 

the stream. Downstream of the origin of the tracer plume (A), the plume is narrow (approx. 1.2 m) 405 

and well defined with maximum concentrations around 30 µg/L (B). Thereafter the plume passes 406 

under a tree. When it re-emerges from below the tree canopy, the stream is shaded (C) and 407 

therefore the concentration cannot be mapped and appears low. When the tracer plume is again 408 

visible in the sunny part of the stream (D), it broadened out and maximum concentrations in the 409 

center of the stream reached approx. 10 µg/L. Some small noisy speckles of high 𝑐𝑅𝑊𝑇 are apparent 410 

(E), which are not caused by actual increased 𝑐𝑅𝑊𝑇 values, but by shallow submerged vegetation. 411 

Further downstream the plume is visible in some areas, while it is covered by trees or shaded in 412 

other parts of the stream. 413 
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3.3. Tracer concentration from Hyperspectral Imagery 414 

Surface reflection spectra after normalization by continuum removal show how the presence of 415 

RWT in the water changes the spectral shape of the reflected light. Four ROIs of the stream were 416 

defined for the analysis, with and without tracer presence under both sunny and shaded conditions 417 

(see Figure 6a). Results show that the illumination has little influence on the normalized spectral 418 

shape, while spectra of places with or without tracer could be clearly separated based on their 419 

spectral shape. Around the fluorescent emission feature of RWT, normalized water surface 420 

reflection is higher for ROIs with tracer presence, than for ROIs without RWT. Furthermore, the 421 

presence of RWT can be characterized by an increased slope from excitation to emission 422 

wavelength, as well as by higher normalized reflectance in the red range of the electromagnetic 423 

spectrum. 424 

Applying the linear relationship in equation 3 to the hyperspectral dataset yields a calibration 425 

RMSE of 3.32 µg/L and an nRMSE of 15.1 % with an R2 of 0.76, when including all visible in-426 

situ measurement stations, both shaded and sunny. The distribution of shaded and sunny 427 

calibration points in Figure 6b shows that the SAM indicator is not dominated by the illumination 428 

of the in-situ stations, and is well suited to find a valid calibration for both sunny and shaded points. 429 

 430 

Figure 6. (a) Normalized hyperspectral stream reflectance for different ROIs, based on presence of tracer and direct 431 
or indirect illumination. Solid lines represent the mean reflectance of a ROI, while the shaded area displays the 432 
standard deviation within a ROI. Spectra are clearly separable based on tracer presence. (b) Calibration of SAM 433 
(Spectral Angle Mapper) indicator from hyperspectral imagery versus in-situ measurements of 𝑐𝑅𝑊𝑇 . 434 

The resulting map of tracer concentration 𝑐𝑅𝑊𝑇 in the stream based on the hyperspectral data shows 435 

an initial narrow and well-defined plume (see B, Figure 7a), comparable to the mapping based on 436 
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the RGB imagery. When emerging after the first tree (C), the peak concentration is decreasing, 437 

while the plume is broadening (D). In contrast to the mapping based on RGB imagery, the method 438 

based on the hyperspectral data can also map 𝑐𝑅𝑊𝑇in the shaded area (C). The noisy behavior in 439 

area (E), which was observed in the RGB-based concentration mapping, is not present here. 440 

Moving further downstream (see Figure 7b), tracer concentrations were mapped to approx. 6 µg/L, 441 

which matches the in-situ measurements (see Figure S1), with patches exhibiting lower 442 

concentrations.  443 

 444 

Figure 7. 𝑐𝑅𝑊𝑇  mapped based on hyperspectral imagery for the first 50 m of the stream downstream of the tracer 445 
injection (a); for 30 m of the most downstream part of the investigated site (c); and over the entire investigated site 446 
(b). The following features are marked in (a): (A) injection point; (B) upstream part of the tracer plume; (C) shaded 447 
area; (D) plume further downstream in sunny conditions; and (E) shallow submerged vegetation of singular leaves. 448 
In-situ measurement cross-sections T1-T5 are highlighted. 449 
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4. Discussion 450 

The accuracy of the method that we propose to map RWT concentration in a stream using remote 451 

sensing is strongly dependent on the calibration curve to relate actual concentrations with spectral 452 

signals. One important assumption in calibrating the remotely sensed data against the in-situ 453 

measurements was that the tracer concentration 𝑐𝑅𝑊𝑇in the stream at the moment of image 454 

acquisition was equal to the concentration of the in-situ measurements for the pixels representing 455 

the in-situ sampling points. However, due to the practicalities of the fieldwork, there was a time 456 

delay between remotely sensed data capture and abstraction of in-situ water samples. The 457 

maximum observed time difference between remote and in-situ data capture was 29 minutes for 458 

the hyperspectral data, and 36 minutes for the RGB data. With the assumptions of a steady stream 459 

discharge and a constant tracer release, it was expected that a steady-state condition of tracer 460 

concentrations was reached throughout the experimental site at the time of capturing the remote 461 

sensing and in-situ data, which would reduce the effect of delays between remote sensing and in-462 

situ data capture. However, investigation of the in-situ measurements at a time interval of 1 minute 463 

just downstream of the tracer injection site revealed a large variability in tracer concentration with 464 

a standard deviation of 6.3 µg/L at a mean concentration of 34.3 µg/L over time. This is most 465 

likely caused by the narrow plume shape with a large lateral concentration gradient at this location 466 

together with a turbulent and unsteady flow, changing the exact location of the plume over time. 467 

This leads to potentially larger errors in matching in-situ measurements to remotely sensed data in 468 

the area close to the tracer injection, where the highest concentrations in the stream occurred. 469 

 Furthermore, constant measurements of the stream water head over time showed a change in head 470 

during the experiment with a maximum amplitude of 8 cm. This amplitude is to be considered 471 

significant, compared to an average cross-sectional depth of 46 cm at the location of the head 472 

measurement. The main reason for the change in head and subsequent change in discharge is 473 

thought to be the anthropogenic control of the water locks at the lake outlet, 200 m upstream of 474 

the measurement location. The changing discharge implies that a true steady state was not 475 

established at the field site (T5). This was also apparent in regular concentration measurements at 476 

the downstream end of the field site: even after a steady-state was expected to be reached, the 477 

tracer concentration continued to increase (see Figure 4a). During the time of remote sensing data 478 

collection, the concentration increased at that point by 1 µg/L from 6.2 µg/L to 7.2 µg/L. This 479 
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indicates a concentration mismatch of around 1 µg/L between in-situ data and remotely sensed 480 

data for locations towards the downstream end of the field site. 481 

Using a band ratio from RGB imagery to measure 𝑐𝑅𝑊𝑇 in the stream yielded good results with an 482 

nRMSE of 10.2 %, with an R2 of 0.83, for parts of the stream exposed to direct sunlight, but the 483 

method failed for shaded parts of the stream. As band ratios are normalizing for radiation intensity, 484 

shaded areas should not influence the results in an optimal scenario. The riparian vegetation at the 485 

time of the experiment consisted of trees with green leaves. The indirect light reaching the shaded 486 

stream areas was intercepted by the canopy and therefore the spectral shape of the incident light 487 

changed, as it got more absorbed in the red and blue range of the spectrum, than in the green range 488 

(de Castro, 2000). The change in the spectral shape of the incident light consequently changed the 489 

spectral shape of the reflected light and therefore the band ratio. Furthermore, the radiometric 490 

response of the consumer grade camera is not strictly linear, which can lead to different band ratios 491 

based on radiation intensity, even though most of that effect should have been mitigated by storing 492 

the RGB images in a RAW image format instead of a compressed JPEG format (Burggraaff et al., 493 

2019). 494 

The results reported here for areas of the stream exposed to direct sunlight are in the lower range 495 

of accuracy levels, compared to a study by Baek et al. (2019), which achieved R2 values in the 496 

range of 0.74 to 0.94 determining 𝑐𝑅𝑊𝑇 in an experimental channel from UAS-captured RGB 497 

imagery. It has to be noted though, that their experiment was conducted in a channel with 498 

controlled discharge and no riparian vegetation. Furthermore, the use of multiple in-situ 499 

fluorimeters allowed for thousands of in-situ calibration points and therefore gave the possibility 500 

to use artificial neuronal networks to determine 𝑐𝑅𝑊𝑇. The advantage of the method presented here 501 

is the applicability in a real-world uncontrolled scenario, with a very limited set of in-situ 502 

calibration points making it more operational than machine-learning based methods. 503 

The advantage of using hyperspectral data versus RGB data becomes especially clear when 504 

comparing the R2 of 0.76 for all sample points using hyperspectral data to the R2 of 0.17 for all 505 

sample points using RGB imagery. The information from the 71 contiguous spectral bands allowed 506 

applying a continuum removal to normalize for shade effects, while the narrow bandwidth of the 507 

spectral bands allowed detecting the fluorescent effects of the tracer and utilizing that information 508 

to quantify 𝑐𝑅𝑊𝑇. This allowed to map 𝑐𝑅𝑊𝑇 independent of shading or direct sun illumination of 509 
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the water surface. The spatial resolution of the resulting hyperspectral concentration map is lower 510 

with a ground resolution of 32 cm versus the RGB ground resolution of 11 cm, but the increase in 511 

ground resolution of the RGB imagery comes with a noisier concentration mapping which fails in 512 

the shade. 513 

Towards the end of the experimental site (Figure 7, T5), the tracer was expected to have nearly 514 

fully mixed over the flow cross section, resulting in a close to uniform concentration, but visual 515 

interpretation of the 𝑐𝑅𝑊𝑇 maps based on the hyperspectral data reveals patches of very low 516 

concentration in these locations. A possible explanation for the low mapped concentrations patches 517 

is a very shallow stream bathymetry in these areas. When the light only penetrated the water 518 

column shortly, before being reflected by the streambed, the interaction between the light and 519 

RWT is reduced and therefore the change in the electromagnetic spectrum underestimated 𝑐𝑅𝑊𝑇. 520 

Measurements of downwelling irradiance and upwelling radiance profiles over depth in the water 521 

column (data not shown) showed, that 80% of the upwelling radiance leaving the water column 522 

has not penetrated the water deeper than 40 cm. Therefore it can be assumed that this effect is only 523 

relevant, if the water is shallower than 40 cm, and for sections of the stream which are deeper, 524 

𝑐𝑅𝑊𝑇 mapping should be unaffected by the stream bathymetry. 525 

Legleiter et al. (2020) applied hyperspectral imagery as a proof of concept to estimate 𝑐𝑅𝑊𝑇 in 526 

turbid waters. The experiment was conducted in tanks to optimally control experimental 527 

conditions. By applying simple band ratios to sets of 3 to 4 calibration points, an R2 of 0.99 was 528 

achieved. Due to the controlled environment of the experiment, the results are not directly 529 

comparable to the results in this paper. In contrast, Clark et al. (2014) conducted a large scale 530 

experiment, releasing RWT in the near shore area of the ocean and used aerial multispectral and 531 

hyperspectral imagery to measure 𝑐𝑅𝑊𝑇. They achieved R2 values ranging from 0.71 to 0.88, which 532 

is comparable to the accuracy reported here. The ocean study is comparable to our study in the 533 

sense that both studies are conducted in real-world environments instead of a controlled setting. 534 

Whereas in the ocean, breaking waves, changing turbidity, ocean floor sediment, and changing 535 

bathymetry influence the remotely-sensed spectrum, the main effects influencing the remotely 536 

sensed data in an impounded stream are shading from riparian trees, shallow submerged vegetation 537 

and changing bathymetry and sediment.  538 
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In this study, we showed that hyperspectral mapping of RWT can take care of changes in reflected 539 

signal due to shading from trees. The shaded spots not only received less irradiance, but the angular 540 

distribution of light also changes. This suggests that our method relying on analysis of normalized 541 

spectral absorption and emission features, can also account for changes in reflectance due other 542 

causes, such as passing intermittent clouds that reduce irradiance in some spots (Köppl et al., 543 

2021), or the effect of changes in water leaving radiance in deeper parts of the river. This makes 544 

our method more suitable for mapping tracers in natural streams and under varying diffuse and 545 

direct irradiance conditions.  Another key aspect of this study is the possibility of densifying in-546 

situ RWT concentration measurement points, which is especially relevant to study transversal 547 

mixing processes. Despite of areas covered by trees, the spatial patterns visible in Figure 7 at the 548 

cross-sections are in agreement with the few points measured in-situ, with similar RWT 549 

concentration at the center for T1 and T2 (20 µg/L and 25 µg/L in Figure S1 at the time of flight, 550 

and yellow/red color in Figure 7 corresponding to 20 µg/L - 30 µg/L) and a sharp decrease towards 551 

the stream edges. Furthermore, low concentrations of RWT at T5 (around 5 µg/L) can be observed 552 

on the concentration map, with low spatial variation across the river at that spot, matching the in-553 

situ measurements. 554 

5. Conclusions 555 

This study demonstrates the immense potential of monitoring fluorescent tracer concentrations in 556 

streams with a high spatial resolution in two dimensions based on remote sensing from UAS. 557 

Mapping based on UAS has significant advantages in comparison to traditional tracer test surveys, 558 

where typically the tracer concentration can only be measured in a few discrete locations. The 559 

high-resolution concentration maps give a detailed overview of tracer transport and mixing and 560 

allow to detect and study small-scale flow patterns. The data could ultimately be used for retrieving 561 

an estimate of transverse mixing coefficient in shallow streams. 562 

The applicability of using UAS to map two-dimensional tracer concentrations in streams has been 563 

demonstrated previously, but only in highly controlled environments and less optically complex 564 

waters. This study further developed surveying methods to be applicable in a real-world use case 565 

in a small stream, with the associated challenges of shading from riparian trees, shallow submerged 566 

vegetation and changing sediment and bathymetry. 567 
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The application in a real-world use case also highlighted the advantage of using hyperspectral data 568 

instead of RGB data. The detailed spectral information allowed to utilize all spectral features 569 

associated with the tracer concentration, and consequently, the calibration of the remotely-sensed 570 

data to tracer concentrations was robust against the spectral changes introduced by real-world 571 

conditions (shading, submerged vegetation, etc.). Previous studies using RGB imagery for tracer 572 

concentration mapping in controlled environments reported very good results, but in our study, 573 

mapping based on RGB imagery was only successful in favorable conditions i.e. where the stream 574 

surface was directly illuminated by the sun and not in the majority of the stream surface with 575 

shading or other disturbances.  576 

The algorithm based on SAM to map tracer concentrations from hyperspectral data showed to be 577 

robust and can be calibrated with only a few in-situ measurements, which makes it easily 578 

deployable for a field survey campaign. Algorithms based on machine learning or neural networks 579 

might be able to achieve higher accuracies, but require a large amount of calibration points (>1000) 580 

and would therefore be unpractical for operational surveys. 581 
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Supplementary Material 711 

 712 

Figure S1. In-Situ measurements of Rhodamine WT concentration 𝑐𝑅𝑊𝑇  at cross sections T1-T5. Yellow line with 713 
triangles shows the data presented in this paper, which was collected between 13:46 and 14:17 h CEST. Additional 714 
in-situ data collected between 11:07 and 11:41 h CEST (blue circles) and between 12:19 and 12:50 h CEST (orange 715 
squares) is displayed as well. 716 
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Figure S2. Condition of in-situ measurement points. Points which were covered by vegetation / were not visible (white) 718 
could not be used for calibration of UAS data. Points which were visible from UAS and exposed to direct light 719 
(orange), or shaded by vegetation (blue) were used for calibration 720 
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ABSTRACT 22 

Climate change together with intensifying agricultural production and urbanization are playing a central 23 

role in global freshwater biodiversity decline. To design sustainable green transition schemes and 24 

support urban planning, a deeper understanding of the numerous interacting biogeochemical processes 25 

and their relation to ecological quality becomes essential. This study aims to support this process by 26 

exploring links between hydrological regimes and patterns evident for key water quality parameters and 27 

benthic invertebrate indicators in a peri-urban catchment that has undergone numerous stream 28 

restoration projects. Results indicate significant seasonal variability in discharge and physico-chemical 29 

parameters, confounding the identification of sources behind detrimental impacts on stream ecology, 30 

which may lead to the implementation of inappropriate mitigation strategies. Applying an in-stream 31 

mass discharge approach facilitated the quantification of nutrient loads at a sub-catchment level, thereby 32 

underlining the dynamic contributions of both agricultural and urban-like areas for nitrogen and 33 

phosphorus, while non-volatile carbon was mainly exported from agricultural lands. Multivariate 34 

methods were used to classify benthic macro- and meioinvertebrate (specifically nematode) taxa 35 

showing poor-to-moderate and poor-to-good ecological status, respectively. Poor ecological conditions 36 

were mostly found in the upstream part of the catchment, driven by a combination of impaired physico-37 

chemical conditions (dissolved oxygen, temperature, suspended solids) and habitat quality. Notably, 38 

the nematode-based stress index NemaSPEAR[%], expressing the proportion of species-at-risk within 39 

a sample, could reveal both impacts (e.g. contaminant-bound particles) and benefits (e.g. sustained 40 

flows especially in summer) of wastewater effluents. We do not question the fundamental logic behind 41 

implementation of nature-inspired strategies and/or carbon-reducing strategies within an urban planning 42 

context, as it is expected to have high environmental and socio-economic benefits. However, we want 43 

to make the point that some negative impacts on freshwater ecosystems may exist, and need to be 44 

considered when implementing sustainable green transition solutions and policies. This study thus 45 

highlights the need for holistic assessments, including the sediment compartment, to ensure green 46 

transition modifications under evaluation will be protective also of freshwater ecology. 47 

  48 
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1 Introduction 49 

Rapid urbanization has fueled the development of peri-urban landscapes, which consist of 50 

heterogeneous patchworks of urban, rural, and natural areas resulting in the eventual interconnection of 51 

initially distinct urban centers (Lemaire et al., 2020; Piorr and Ravetz, 2011). The diverse human 52 

activities have profound impacts on the surrounding water resources, especially rivers and streams, 53 

evidenced by their high rates of biodiversity decline (Reid et al., 2018; Strayer and Dudgeon, 2010). 54 

These trends continuously accelerate, despite increasing focus on the need for systemic approaches for 55 

sustainable management of water resources integrating human and natural dimensions (Carnohan et al., 56 

2020; Voulvoulis et al., 2017). 57 

Europe, and Denmark in particular, is moving quickly towards innovative “green transition” solutions 58 

that will lead towards fewer but more efficient and carbon-neutral wastewater treatment plants 59 

(WWTP). The added complications of a changing climate have ushered in new approaches worldwide 60 

under various names, such as low impact development (LID) or nature-based solutions (NbS), which 61 

are taking their place as essential flood risk reduction strategies with a focus on sustaining biodiverse 62 

ecosystems at their core (Naumann and Davis, 2020; Nesshöver et al., 2017). However, the race towards 63 

a green transition carries with it a heightened risk of unintended consequences that may adversely affect 64 

aquatic ecosystems despite the best intentions (Marttila et al., 2020), exacerbated in part because these 65 

strategies focus largely on water quantity, leaving the role of water quality to be inferred (Heal et al., 66 

2020). Maintaining good water quality, an essential condition for healthy ecosystems and human 67 

societies, has become a challenging task especially in peri-urban catchments, which exhibit large 68 

spatiotemporal variations based on their land use characteristics (and related pollution sources), local 69 

weather patterns, and other catchment-specific attributes (e.g. source water characteristics)(Guo et al., 70 

2019; Lintern et al., 2018; Pinto and Maheshwari, 2011).  71 

While effects of different land-use types on hydrology and water quality are well documented (e.g. 72 

Allan, 2004; Braud et al., 2013; Hatt et al., 2004; Jankowfsky et al., 2014; Singh et al., 2020), as well 73 

as on water quality and ecology (e.g. Berger et al., 2017; Gücker et al., 2006; Jonsson et al., 2017; 74 

Stepenuck et al., 2002), few studies focus on their comingled effect. This may be in part because water 75 

quality is used interchangeably with ecological quality, as pointed out in Heal et al. (2020), leaving the 76 

larger interface spanning hydrology-water quality-ecology under-investigated, especially within peri-77 

urban landscapes. Notably, investigations in mixed land-use catchments often target specific parameters 78 

(e.g. see investigations on nutrients by Rodríguez-Blanco et al., 2013, or sediment transport by Ferreira 79 

et al., 2020), and thus offer a limited picture of the complex spatiotemporal dynamics at stake in these 80 

systems (Ivanovsky et al., 2016; Lemaire et al., 2020; Sonne et al., 2018). The reasons may lie, among 81 

others, in the need for multidisciplinary resources, as well as practical and economic constraints in terms 82 

of monitoring and assessment (Allan, 2004; Carvalho et al., 2019; Ormerod et al., 2010; Pinto and 83 

Maheshwari, 2011).  84 
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Legislative targets (e.g. European Water Framework Directive, WFD) require “good” chemical and 85 

ecological status to be achieved for protected water bodies. The former is based on limiting 86 

concentrations for priority substances, and the latter is determined using Biological Quality Elements 87 

(BQE) together with supporting hydromorphological and physico-chemical quality elements (EEA, 88 

2018). A recent study by Jensen et al. (2020) noted the remarkably high fraction of water bodies in 89 

Denmark designated for legislative protection compared to other EU Member States; however, <0.5% 90 

of the legislatively protected water bodies are currently monitored for chemical contaminants (EEA, 91 

2018), which is indicative of the more cautious and cost-effective approach Denmark is taking towards 92 

the WFD implementation process.  93 

This is also evident in the action program guidelines released for the WFD cycle 2021-2027, where 94 

focus continues to be heavily placed on restoring the physical conditions of Danish water courses 95 

(Danish EPA, 2019). Certainly, good hydromorphological characteristics (flow conditions and physical 96 

habitat quality) and the absence of multiple anthropogenic stressors, as typically indicated by traditional 97 

water quality parameters (e.g. Biological Oxygen Demand (BOD), oxygen and ammonium; Rasmussen 98 

et al., 2013), are necessary conditions for a healthy and well-functioning freshwater ecosystem. These 99 

aspects of stream health may mask impacts from other stressors (e.g. anthropogenic chemicals) or 100 

compartments (e.g. sediments) if present. Therefore, heavy focus has been placed on evaluating these 101 

parameters in a first assessment of environmental conditions together with determining the ecological 102 

state (via especially traditional BQEs). 103 

A multitude of different anthropogenic stressors and stressor combinations occur in stream systems, 104 

and the amount of stressor interactions increases with increasing spatial scale, i.e. from site to stream 105 

network (Birk et al., 2020). While stream autotrophs are impacted mainly by nutrients, heterotrophic 106 

organisms are more influenced by oxygen availability, which is influenced by a broad suite of different 107 

stressors (e.g. flow reduction, fine sediment input, pollution, climate change), but toxic chemicals and 108 

habitat quality are, additionally, relevant stressors for impairments of ecological quality (Schäfer et al., 109 

2016). The influence of toxic chemicals on ecological stream quality is heavily understudied compared 110 

to other important stressors, as developed BQE indices primarily target nutrient enrichment, oxygen 111 

availability, and habitat quality (Poikane et al., 2020).  112 

Sediments in particular are an often overlooked compartment for understanding the risk that chemicals 113 

in the environment may pose, due in part to analytical and financial challenges, difficulties with 114 

estimating bioavailability and toxicity, and a lack of ecotoxicological data (McKnight et al., 2015; 115 

Rasmussen et al., 2015). Moreover, while fine sediments are well-known to act as a source and sink for 116 

aquatic pollutants, they are also a habitat rich in biodiversity. Many meiofaunal organisms, such as 117 

nematodes, are permanent inhabitants of the sediment, thus being suitable indicators for integrative 118 

ecosystem stress.  119 
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In fact, the “good” status of a water body will be strongly dependent on the conditions in the sediment 120 

compartment, as both compartments are closely related through benthic-pelagic coupling (Baustian et 121 

al., 2014). Thus, if the sediment compartment is in a poor condition, both chemically and ecologically, 122 

important ecosystem functions (e.g. nutrient cycling) will be hampered, and sediment-associated 123 

contaminants may be continuously transferred into the water phase either through remobilization 124 

processes or trophic transfer. Consequently, including ecological measures to assess the quality of 125 

sediments in monitoring programs can help to understand the link between the chemical and ecological 126 

status, acting as a preliminary evaluation for xenobiotic chemical stressors that may be active in the 127 

system. With the NemaSPEAR[%]-index, there exists a powerful and robust tool to assess chemically-128 

induced changes in sediments (Brüchner-Hüttemann et al., 2021; Höss et al., 2011; Schenk et al., 2020), 129 

where it has already proven useful for identifying chemical impact zones across the stream-aquifer 130 

interface (Sonne et al., 2018).  131 

This paper explores the seasonal variability present in a stream system heavily influenced by the 132 

anthropogenic modifications of the water cycle, and the resulting flashy hydrology associated with more 133 

urbanized streams. Notably, this catchment has been the focus of numerous ecological restoration 134 

efforts spanning >10 years, including a number of direct modifications to the stream channel (re-135 

meandering) supplemented with additional NbS approaches for urban flood reduction purposes. It thus 136 

represents an important study in the growing body of NbS literature, with respect to documenting 137 

changes (or lack thereof) to ecological quality after NbS implementation.  138 

The objectives of this study were thus to: (i) comprehensively assess seasonal variations for key 139 

physico-chemical parameters; (ii) examine the governing mechanisms affecting water quality 140 

considering both hydrological and physico-chemical properties; (iii) quantify the main sources and 141 

contributions for key macronutrients (C; N; P) loading; (iv) link ecological quality assessments with 142 

the various land use features; and (v) outline future directions for monitoring based on the application 143 

of traditional and novel ecological indicators. Physico-chemical parameters were measured with 6-8 144 

week intervals over a 1-year period in order to quantify seasonal changes, and will be discussed together 145 

with available data for ecological quality. Discharge data were acquired for the characterization of 146 

substance loading, and to support spatial discrimination at the sub-catchment scale. Key findings could 147 

also be important for supporting the ongoing efforts for sustainable transboundary water governance in 148 

this catchment. 149 

 150 

  151 
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2 Materials and methods 152 

2.1 Catchment description 153 

The Usserød Stream catchment is located on Sjaelland, Denmark, 25 km north of Copenhagen (Fig. 1). 154 

The stream has its origin in Sjael Lake, where the inflow is controlled via an automatic sluice located 155 

on the northwest side, and flows ca. 8 km before merging with the Nivå Stream and discharging into 156 

the Baltic Sea shortly after. The catchment size is 120 km2 and the underlying geology is representative 157 

of the region, i.e. a sequence of clay tills containing sand lenses, which lies on top of a Danien limestone 158 

aquifer currently used for drinking water abstraction with extraction points located close to the 159 

watercourse (Supplementary Information (SI) Fig. S1). 160 

The stream and its two main tributaries are typical for a peri-urban system, with a mix of different land-161 

use activities (Fig. 1). The average elevation of the catchment is 30.8 m.a.s.l (DVR.90) and the annual 162 

average precipitation in the area is 850 mm (Station 56.22; DMI (2020)). The southern region of the 163 

catchment is mostly urban (22% of the local land-use) and is drained by both separate storm water and 164 

combined sewer systems. Effluents from three local wastewater treatment plants (WWTP) and treated 165 

groundwater from one water supply facility contribute to the flow, and 2 low-head dams break the 166 

stream continuity. The northern region of the catchment includes the two largest tributaries (Donse 167 

Stream and Nivå Stream) and is dominated by agricultural activities (57% of land-use). The remaining 168 

land is mostly natural-like areas (21% of land use), e.g. secondary forest or transitional woodlands, and 169 

will be designated as forest hereafter (CLC, 2012; Fig. 1). This stream system represents an atypical (or 170 

flipped land-use) catchment, with the urban areas located primarily upstream (southern and central parts 171 

of the catchment, Fig. 1). Agriculture is found predominantly downstream (northern part), both in terms 172 

of overall land-use or when considering the riparian zone of the watercourse (defined as 10 m on each 173 

side of the stream; Karlsen et al., 2019). 174 

2.2 Historical development of ecological quality 175 

As with many streams in Denmark, at the beginning of the 19th century, the Usserød Stream was 176 

deepened and heavily channelized for enhanced drainage and hydropower purposes (Jensen et al., 177 

2006). Since the start of the 21st century, a number of stream restoration projects have been carried out 178 

to improve ecosystem health and simultaneously enhance resilience against floods for the surrounding 179 

lands as part of an NbS. These measures have been introduced and supported via the Usserød Stream 180 

Cooperation, which is comprised of two water treatment companies and three Municipalities that share 181 

responsibility for the protection of this water body, as well as the people who live in it. Measures have 182 

included re-meandering (for change in flow dynamics), one dam removal (enhancing flow continuity), 183 

an additional sluice to augment streamflow regulation at higher water levels upstream (prior to St. 3, 184 

Fig. 1), the addition of double-profile sections (to increase retention capacity in more urbanized stream 185 



III 

7 

 

sections) and large rocks (to enhance riffle-pool sequences), as well as the daylighting of culverted 186 

stretches (to improve fish spawning) (Rudersdal, 2018).  187 

Despite these measures, the Usserød Stream remains challenged in terms of reaching the required 188 

“good” ecological state. In March and October of 2019, investigations (18 stations) were carried out at 189 

the behest of the Usserød Stream Cooperation to determine the ecological quality for benthic 190 

macroinvertebrates, via the Danish Stream Fauna Index (DSFI) (Skriver et al., 2001), and for fish, via 191 

the Danish Fish Index for Streams (DFIS) for community composition (DFISa) and juvenile density 192 

(DFISt) (Kristensen et al., 2014), respectively. For benthic macroinvertebrates, generally moderate 193 

ecological quality (DSFI score = 4) was documented along Usserød Stream (16 stations) (with two 194 

exceptions: poor at St. 2 and good at St. 9; see Fig. 1, SI Table S1). Notably, the DSFI has been capped 195 

at a moderate level for more than 10 years at most sampling stations along the stream (data not shown). 196 

Ecological quality based on fish ranged from bad (DFIS score = 1, 7 stations, for data comparable to 197 

this study’s sampling locations) to good (DFIS score = 5; 1 station; SI Table S1 and Gørtz & Schultz, 198 

2020).   199 

The underlying causes hampering the attainment of a good ecological quality remain unresolved. While 200 

recognizing that the evaluation of the success of ecological restoration, also via NbS, is not 201 

straightforward (Wortley et al., 2013), the presence of multiple stressors in peri-urban settings 202 

potentially affecting the local ecosystem cannot be excluded. Notably, former monitoring activities have 203 

found that some physico-chemical parameters with potential consequences for ecological quality were 204 

below the local target guideline values (Iversen et al., 2011; Krüger, 2011; Rudersdal, 2018). 205 

Specifically, dissolved oxygen (DO) concentrations exhibit low values (< 6 mg/l especially in the 206 

summer season (e.g. June-August), with high water temperatures (> 21.5°C), which also contributes to 207 

decreases in DO concentrations. These studies furthermore note that the source of the stream, a heavily 208 

eutrophic lake (Sjael Lake), is suspected to be an important degradation factor.  209 



III 

8 

 

 210 

Figure 1. (A) Usserød Stream catchment location in Denmark, including the locations for the 11 sampling stations 211 
(St.) and the key land-use features in the area (CLC, 2012). Streamflow direction is from south to north. Note the 212 
sampling station markers are colored (green or gray circles) to denote their predominant land-use type in the 213 
corresponding sub-catchment (except station 1, white circle, with a relatively equal proportion of different land 214 
use types, has been considered as “mixed”). B-C:  Aerial photos showing the stream flowing through the 215 
agricultural and urbanized areas, respectively (photos courtesy of F. Bandini). 216 

2.3 Monitoring of streamflow and water quality  217 

The catchment is equipped with several online streamflow monitoring stations, and two oxygen 218 

monitoring stations. To supplement this data, streamflow and physico-chemical conditions were 219 

monitored at a finer spatial resolution comprising 11 discrete sampling locations along the stream and 220 

two major tributaries from October 2018 to October 2019 (see sampling period, parameters and 221 

acronyms in SI Table S2). 222 

The locations for the sampling stations along Usserød Stream were chosen in order to capture potential 223 

or suspected impacts from key land-use features (see Fig. 1). These comprise the lake input (St. 1), three 224 

WWTP effluent outlets (two upstream of St. 2 and one upstream of St. 5), various land-use transitions 225 

and associated runoff (St. 3, 8, 9), and the (known) combined sewer overflow (CSO) outlet (St. 4). St. 226 

6 and St. 10 characterize the contributions of the Donse Tributary and Nivå Tributary, respectively. 227 

Finally, St. 11 was placed ca. 50 m downstream of the junction of Usserød Stream and Nivå Tributary. 228 

Additional information on the sampling stations and related sections can be found in SI Table S3. 229 

Stream discharges were measured at all stations using an OTT MF PRO flow meter and assessed using 230 

the mid-section method following the ISO 748 standard, except at St. 1 due to inadequate conditions 231 
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for this type of measurement (regulated lake outflow). Instead, the flow from an existing monitoring 232 

station at the sluice was used (Rudersdal et al., 2020).  233 

Stream water samples for chemical analyses were collected mid-stream, mid-water column using a 234 

peristaltic pump and placed in 20 ml glass vials. Samples were stored on ice in the field, and then at 235 

4°C prior to chemical analysis, which were conducted within 2 weeks of sampling. Field measurements 236 

of temperature, pH, electrical conductivity (EC, normalized to 25°C; EC25) and DO were taken in situ 237 

at the same locations using a flow cell and WTW3430 multi-parameter probe, calibrated prior to each 238 

measurement campaign. 239 

2.4 Chemical analyses 240 

Nutrient samples (NO2-N, NO3-N, NH4-N and PO4-P) were filtered (0.2 µm) and analyzed by 241 

segmented flow analysis (San++ System, Skalar Analytical BV, The Netherlands) following  242 

DS/EN ISO 13395:1997, ISO DS 11732-2005, DS/EN 1189-1997, respectively. Unionized NH3-N 243 

concentration was estimated from NH4-N dissociation equilibrium, using pKa with temperature and 244 

pH-dependency (Emerson et al., 1975). Total Nitrogen (TN) samples were analyzed using Koroleff 245 

Digestion (Peroxodisulphate) and Photometric Detection with 2.6-Dimethylphenol (LCK 138 kit on 246 

DR3900 Hach-Lange spectrophotometer). Non Volatile Organic carbon (NVOC) samples were filtered 247 

(0.45 µm) and preserved with 4M phosphoric acid (17 w/w% to pH2) and analyzed by oxidation with 248 

catalytic combustion (Shimadzu, TOC-V WP analyser). For BOD, 300 ml samples were taken in 249 

duplicate, sealed without air bubbles and covered with silver foils on site to prevent light from affecting 250 

the samples. Oxygen concentrations were measured directly in the sampling flasks using a WTW DO 251 

sensor after 5 days incubation, at 20 °C (+/- 1).  252 

Total Suspended Solids (TSS) were assessed by filtering a known volume of stream water and recording 253 

the weight after drying (glass microfiber 0.7 µm, 105 °C - 2 hours, DS/EN872-2005). Chlorophyll-a 254 

(Chl-a) samples were collected on a glass microfiber filter (0.7 µm), and stored at -20 °C prior to ethanol 255 

extraction and photometric analysis following the method described by Arvola ( 1981) and ISO 10260 256 

(1992). Finally, transparency and water turbidity were assessed by use of a portable turbidity meter (430 257 

IR LED by WTW), where the mean value from 3 readings was recorded. 258 

2.5 Water quality data treatment 259 

The datasets related to stream water quality were tested for variance homogeneity and normality by 260 

Levene’s test and Shapiro-Wilk’s method, respectively. EC, TSS, turbidity, NH4-N, NO3-N and Chl-a 261 

concentrations were consequently log-transformed prior to analysis of variance (one-way ANOVA) for 262 

temporal variations. A certain degree of spatial correlation was suspected between sampling stations 263 

and examined by Moran’I test (inverse distance weighting).  264 
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Parameter correlations were investigated using Spearman’s rank correlation, both for the overall dataset 265 

and by sampling periods. PCA and Affinity Propagation clustering (Frey and Dueck, 2007) were used 266 

to explore and facilitate the interpretation of some of the variations observed in this multivariable dataset 267 

(z-transform standardization of the dataset). All analyses were performed on the mean values of all 268 

duplicates using R software (3.5.3) and relevant packages (ape, lawstat, stats, apcluster). The 269 

concentrations of some chemical parameters were sometimes below detection values at specific stations 270 

and sampling periods. These concentrations were set equal to one-half the detection limit (DL/2, in total 271 

6 values over the overall dataset). Some data for the sampling in October 2018 were missing (Flow, TN 272 

and Chl-a) and were therefore not included in this analysis. 273 

The concentration of any substance found in running waters will be dependent on the streamflow 274 

diluting the release from an emission source. Estimating the in-stream mass discharge, J, at different 275 

locations in the stream is therefore a useful method to characterize loadings from different sources and 276 

their intrinsic variations (Rønde et al., 2017). Mass discharge was estimated for nutrients and TSS by 277 

combining concentration and flow data while assuming fully mixed conditions at the sampling points 278 

(Lemaire et al., 2020): 279 

Ji=Ci*Qi 280 

where Ci and Qi are, respectively, the nutrient/TSS concentrations and flow rate measured at station i.  281 

2.6 Characterization of physical stream habitat quality 282 

The physical habitat quality was surveyed for all stream stations according to the Danish technical 283 

guidance document for the Danish Habitat Index (DHI; Wiberg-Larsen & Kronvang, 2016) described 284 

below. The DHI is based on 17 physical and hydromorphological parameters. The parameters represent 285 

three spatial scales; reach scale, local scale, and habitat scale and is partly based on assessments 286 

performed along 10 equidistant transects positioned within the 50 m reach defining each station. 287 

Number of pool-riffle sequences, sinuosity, cross-sectional profile, width of undisturbed area in the 288 

riparian zone, and intensity of ochre pollution were assessed visually for the entire reach. The remaining 289 

12 parameters were assessed in each transect, and the mean value of each parameter was calculated. 290 

Each parameter was scaled to a value between 0 and 3. The scale value corresponds to a percentage 291 

interval, or in some cases a range from modified to natural. Each scale value was weighted either 292 

positive or negative with a factor based on the estimated significance for ecological quality elements 293 

(in particular fish and macroinvertebrates). Summing the weighted scale values for all parameters gives 294 

the DHI index value. The DHI index score ranges from -12 to 63, where increasing index scores reflects 295 

increasing habitat quality (see SI Table S1). 296 
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2.7 Sampling and characterization of benthic invertebrate communities 297 

2.7.1 Macroinvertebrate communities 298 

Macroinvertebrates were sampled in August 2019 at all stations using a standard kick-sampling net 299 

(mesh size = 500 µm). Macroinvertebrates were collected using a standardized kick-sampling procedure 300 

(Skriver et al., 2001) with sub-samples collected at 25%, 50%, 75%, and 100% of the stream width 301 

along three equidistant transects positioned within the 50 m reach for each station. If riffle sequences 302 

were present within the reach, minimum one of the transects was positioned at the riffle. All sub-303 

samples were pooled and conserved in 96% ethanol in the field. 304 

Subsequently, macroinvertebrates were collected from each sample and identified to species level 305 

(Trichoptera, Plecoptera, Ephemeroptera, Coleoptera, Zygoptera, Lamellibranchia, Gastropoda, 306 

Hirudinea and Malacostraca), genus (Heteroptera, Megaloptera, Neuroptera, and Lepidoptera), and 307 

family (Diptera). However, individuals of Chironomidae were identified to sub-family, and individuals 308 

of the genus Chironomus were identified to species level. Based on the species-specific abundances in 309 

each sample, the DSFI score was calculated according to Skriver et al. (2001). 310 

2.7.2 Sediment-dwelling nematodes 311 

Sediment samples for nematode analysis were collected in triplicate in October 2019 at the same 312 

location where all physico-chemical parameters were sampled. Sampling locations were chosen where 313 

the streambed was dominated by fine sand and mud, and samples were taken using a piston drill (6 cm 314 

diameter) with an acrylic glass tube, according to Sonne et al. (2018). The upper 5 cm of each triplicate 315 

core were pooled together in a container and preserved using 4% formalin. 316 

Prior to organism extraction, sediments were rinsed through a 2mm-sieve to remove large stones and 317 

plant residues. Nematodes were then separated from the sediment particles using flotation extraction 318 

with colloidal silica (Ludox TM50; diluted to 1.13 g/ml) according to Heininger et al. (2007). After 319 

three extraction steps (mixing a minimum of 150 g sediment with colloidal silica and subsequent 320 

centrifugation; 15 min at 800 g), the pooled supernatant containing the nematodes were rinsed over 321 

filter cascade consisting of a 1-mm and 10 µm-sieve. Only meiofauna, containing the nematodes, are 322 

able to pass the 1-mm sieve and are retained by the 10-µm sieve, while small debris and the Ludox can 323 

pass the 10-µm sieve. The meiofauna were rinsed from the 10-µm sieve into a 50-ml tube. For better 324 

recovery of the aqueous nematodes, extracts were stained with a 4% formalin solution containing 325 

Bengal rose and stored till further analysis.  326 

After rinsing the nematodes again over a 10-µm sieve to get rid of the stained formalin solution, 327 

nematodes were counted under a stereo microscope at 20 to 40-fold magnification. For each sample, 328 

100 nematodes were sorted out and prepared in glycerol for taxonomic identification according to 329 
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Seinhorst (1959). In total, 1200 nematodes were identified under a microscope down to species level 330 

(1250-fold magnification).  331 

The NemaSPEAR[%]-index was calculated based on the nematode species composition according to 332 

Höss et al. (2017). Classes of ecological status for NemaSPEAR[%]-values were defined in Höss et al. 333 

(2017): >54 = high; 30 – 53.9 = good; 20 – 29.9 = moderate; 10 – 19.9 = poor; 0 – 9.9 = bad. 334 

2.7.3 Ecological data treatment 335 

In order to reduce the set of water quality parameters, a principal component analysis (PCA) was 336 

conducted on water quality data collected between October 2018 and October 2019. Prior to the PCA, 337 

linearity of pairwise correlations among water quality parameters was checked using Pearson 338 

correlation (SI Table S4). All water quality parameters were scaled to values between 0 and 1 according 339 

to the maximum value of each parameter. In cases of strong linear correlations among water quality 340 

parameters (Pearson R > 0.8), the water quality parameter with least expected influence on nematode 341 

and macroinvertebrate communities (expert judgement) was removed (SI Table S5). Based on axis 342 

scores of plotted data within the first two dimensions of the PCA, the water quality parameters were 343 

reduced to two parameters (PCA1 and PCA2), for use in the redundancy analysis (RDA). 344 

An RDA was performed for both the nematode and macroinvertebrate data and selected water quality 345 

variables. To optimize the strength of the RDA, environmental data was limited to PCA1, PCA2, NH4-346 

N, BOD5, and DHI, where NH4-N, BOD5, and DHI were expected to be the single environmental 347 

parameters with the highest influence on the invertebrates (note that DHI is expected to exert low 348 

influence on the community structure of nematodes, however). Nematode and macroinvertebrate 349 

abundances were log10 transformed in order to reduce the influence of rare species. In order to interpret 350 

RDA results correctly, a hierarchical cluster analysis (HCA) was performed for both the nematode and 351 

macroinvertebrate community data (Bray-Curtis similarities). PCA, Pearson correlation and RDA were 352 

all performed in R (version 3.6.2, R Core Team, Austria) with the relevant packages (base, stats, vegan), 353 

and the HCA was performed in PRIMER (version 6.1.5, PRIMER-E, Plymouth, UK). 354 

3 Results  355 

3.1 Variations in streamflow 356 

Substantial temporal variations in streamflow throughout the year were observed (Fig. 2). The mean 357 

discharge measured during the sampling period (Oct.2018-Oct.2019) for Usserød Stream, for the most 358 

downstream sampling station (St. 9), was 627 L/s (using the OTT MF Pro, this study). This is 359 

comparable with the value observed for the previous years (2016-2018), which was 587 L/s, based on 360 

the (continuous) data from an existing monitoring station at the same location (Danmark Miljøportal, 361 

n.d.).  In general and for all sampling stations, the highest discharges were observed during the periods 362 

with high precipitation (October and March 2019), while the lowest flow values occurred at the 363 
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beginning of summer (May and June 2019) when precipitation was lower (see also Fig. 2). A similar 364 

temporal trend of minimum/maximum flow was observed using data available from the continuous 365 

monitoring stations. 366 

Urban effluents and tributaries were found to constitute an important part of the base flow of the 367 

investigated stream system. Indeed, steep increases in flow rates were observed at specific sampling 368 

stations in the southern (St. 2) and central (St. 5 and 7) regions of the catchment for almost all sampling 369 

periods (Fig. 2). These sudden steps can be attributed to the extra inflow from effluent discharges from 370 

WWTPs in the catchment (upstream St. 2 and 5), and the two tributaries merging with Usserød Stream 371 

originating from more agricultural lands (St. 6 and 10). For example, the streamflow in Usserød Stream 372 

was effluent-dominated in the summer period: e.g. for the campaign in June 2019, the contribution of 373 

the WWTP outlets to the overall flow accounted for ca. 65% of the flow, the rest being mostly from the 374 

stream’s source at St. 1 (contributions for the other months are given in SI Table S6).  375 

The relative groundwater contribution in the southern region of the catchment was considered rather 376 

limited, as shown by the relatively constant stream flow up to St. 4, and a maximum groundwater inflow 377 

estimated from our flow measurement between St.2 and 4 of ca. 20 L/km (Fig. 2, Aug. 19). For the 378 

northern region (from St. 7), more variations were evident, along with alternation of losing and gaining 379 

sections. The stretch from station 7 to 8 was either in constant or losing conditions, probably due to the 380 

variation of groundwater abstraction operations nearby in the deeper aquifer and possible modification 381 

of the groundwater flow field. The last stretch from station 8 to 9 was either stable or gaining, indicating 382 

a time variable source of inflow (e.g. shallow groundwater, agricultural drainage). 383 

384 
Figure 2. Streamflow along Usserød Stream at the different stations for all nine sampling campaigns. WWTP 385 
outlets and tributary locations (inflow points) along the chainage are indicated by black and blue dotted lines, 386 
respectively. Accumulated precipitation during the day of the sampling campaign (P-1d), the 5 days prior to the 387 
sampling campaign (P-5d) and 30 days prior to the sampling campaign (P-30d) are also given.  388 

 389 
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3.2 Variations in physico-chemical parameters  390 

Large temporal variations were also documented for the general physico-chemical parameters. The 391 

observed dispersion of our dataset and subsequent analyses indicate, however, both a spatial and 392 

seasonal component for an important number of parameters monitored in this catchment (Fig. 3, Table 393 

1). In fact, a general spatial pattern emerged between the southern and northern regions of the 394 

catchment, related to the point inflows highlighted in the previous section. The southern region is 395 

strongly influenced by the stream’s source (St. 1) and the two WWTP outlets (just upstream of St. 2), 396 

while the northern region is dominated by the outlet from the third WWTP outlet (upstream St. 5) and 397 

the Donse Tributary (St. 6). The influence of the urban effluent outlets were particularly notable when 398 

tracking temperature (e.g. SI Fig. S2b and S3) and conductivity (SI Fig. S2g) along the stream, for 399 

example, while the influence of the tributaries could be observed with the change in NVOC 400 

concentrations (SI Fig. S2j).  401 

The stream water temperature was subject to a large seasonal variation, with a maximum amplitude 402 

close to 25°C between winter and summer periods (February-June). The highest temperature monitored 403 

at any station was 23.6 °C in June 2019 which lies above the threshold defined for good ecological status 404 

in this catchment (>21.5 °C; Naturstyrelsen, 2011). The mean stream temperature value for this specific 405 

sampling period was 21.5 °C. Shallow stream depth and limited groundwater inflows are seen as main 406 

factors for such seasonal variations. The DO concentrations generally followed an inverse trend to 407 

temperature, as expected. The lowest concentrations were monitored during summer (e.g. 4.2 mg/L in 408 

June 2019; mean DO concentration 7.6 mg/L for the same period), also below the defined threshold for 409 

good ecological status (<6 mg/L, Naturstyrelsen, 2011). These low values are partly caused by the high 410 

stream water temperature during this period, resulting in low saturation values and corroborated by a 411 

rank correlation (ρ = 0.7) between temperature and DO (SI Fig. S4).  412 

The conductivity (EC25, Fig. 3e) peaked during the winter months in this catchment, possibly stemming 413 

from the contribution of different dissolved salts and high nitrate concentrations (rank correlation ρ = 414 

0.5, SI Fig. S4). Furthermore, it exhibits a sharp increase in value in the southern part of the catchment, 415 

i.e. downstream of the WWTP outlet at St. 2 (SI Fig. S2g). The pH values ranged from 6.8 to 8.3 in the 416 

stream (mean overall value = 7.7); the highest values were observed in the late spring/beginning of 417 

summer in the most upstream part of the catchment and could potentially be driven by a combination 418 

of temperature and high photosynthesis activity at the stream’s source (eutrophic lake) at the time of 419 

sampling (SI Fig. S2d and S7).  420 

 421 
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 422 

Figure 3. Temporal variations of the general water chemistry parameters for all sampling stations (N=11). The 423 
different markers represent the dominant land-use in the corresponding sub-catchment  424 
(St.1 corresponding to the outlet of the lake is considered as “mixed”).  Red dots and vertical bars show the mean 425 
value and +/- SD between stations. The dashed lines corresponds to available suggested limit values for high 426 
(blue), good (green) and moderate ecological status (Naturstyrelsen, 2011).  427 

 428 
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3.3 Temporal and spatial variation of macronutrients 429 

N,P macronutrient-related species experienced both temporal variations (one-way ANOVA, p< 0.05) 430 

combined with spatial variations induced by local sources at the sub-catchment scale (Moran’I test run 431 

for each sampling period, see SI Fig. S3). Concentration peaks were often found at St. 2, 5 and 7 432 

indicating significant contributions from the urban effluents and tributaries, but also in the northern 433 

region of the catchment dominated by more agricultural lands (Fig. 4). For example, the ammonium 434 

concentrations were low and well below the available quality indicator with a mean value of ca. 0.25 435 

mg/L during our sampling periods. However, large variations with concentrations above the defined 436 

quality threshold of 1 mg/L were sporadically captured (peak values up to ca. 3.5 mg/L in May 2019, 437 

Table 1). These relative extreme concentrations were measured downstream from WWTP outlets (St. 438 

2, Dec. 2018), but also in the agricultural areas (northern region) at other times of sampling (St. 9, e.g. 439 

May 2019) indicating variable contributions from both types of land use.  440 

TN concentrations (mean = 3.2 mg/L) and ortho-phosphate (mean = 0.17 mg/L) lay within the range 441 

documented at national levels (DCE, 2018). However, PO4-P concentrations presented a clear seasonal 442 

pattern, with significantly higher concentrations during the summer months (maximum value of ca. 0.5 443 

mg/L in May 2019 all periods considered, and mean values > 0.2 mg/L in June and August 19, Fig. 444 

3m). The highest concentrations could be connected to a reduced dilution in summer and, as for NH4-445 

N, variable contributions of different sources and land-use types (with peak values in either the 446 

agricultural or urban-dominated sub-catchment in May and June, respectively, SI Fig. S2o). However, 447 

an increase in temperature and enhanced metabolic activities in the sediments cannot be excluded 448 

(positive correlation between temperature and ortho-phosphate of ca. 0.5, SI Fig. S4). Nitrate 449 

concentrations followed a similar spatial trend (overall mean = 1.69 mg/L), but opposite time-wise: the 450 

highest concentrations were measured during the winter period (mean in Feb. 2019 of >3 mg/L, Fig. 451 

3j), possibly caused by a reduced nutrient uptake in the stream and reduced removal efficiency from 452 

WWTPs at low temperatures. 453 

NVOC concentrations lay in a range between 2.3-23 mg/L (overall mean = 10 mg/L), with maximal 454 

concentrations observed between spring and autumn (Mar.-Sept.-Oct. 2019, Fig. 3h). The low degree 455 

of correlation between Chl-a and NVOC, combined with the relatively high NVOC concentrations 456 

measured in the tributaries (SI Fig. S2j), dominated by agricultural lands, suggests that surface run-off 457 

in these sub-catchments is a major carbon input to this peri-urban stream (also corroborated by the high 458 

precipitation levels observed during these months, Fig. 2 and Fig. 3).  459 
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Figure 4. Station clusters using all general water chemistry parameters (AP clustering, similarity measure r=1 with 460 
number of clusters =3 or 4). The radar plots show the standardized mean deviation of a specific cluster compared 461 
to the overall standardized mean of the dataset for all parameters. The selected periods illustrate the spatiotemporal 462 
variations along the stream: (A) strong nutrient (N) concentrations downstream WWTP in the southern part of the 463 
catchment (green luster), (B) strong nutrient (N,P) concentrations in the northern and agricultural part (blue 464 
cluster), (C) physico-chemical conditions driven by the lake at the source and by the northern WWTP effluent 465 
during a low flow period (red and blue cluster respectively), (D) important Chl-a discharge from the lake at its 466 
source and effluent dominated downstream the northern WWTP (red and cluster respectively). Results for the 467 
other campaigns can be found in SI Fig. S5. 468 

Turbidity and TSS concentrations were not statistically different from one period to the next, but these 469 

temporal variations were probably masked by high spatial disparity (Moran’I test run for each sampling 470 

period, SI Fig. S2i). The overall mean concentration of TSS was 10.4 mg/L, with values ranging from 471 

0.6 up to 60 mg/L over the entire sampling period. The turbidity values ranged from 1.5 to 98 NTU 472 

(mean value = 9.2 NTU) following a similar temporal trend to the TSS concentrations, these two 473 

quantities being strongly correlated (ρ = 0.8, SI Fig. S4 and S6). Both quantities were often the highest 474 

in the southern region up to St. 3, possibly due to a combination of limited dilution and enhanced loads 475 

of particles. Algae from the lake waters (ρ = 0.4 between Chl-a and TSS, SI Fig. S4) and suspended 476 

leaves and debris from overhanging vegetation in this area constitute an obvious source, prior to their 477 

potential settling. 478 

The mean suspended Chl-a concentration varied between the different sampling periods (one way 479 

ANOVA, p<0.05) with an overall mean of ca. 6.6 µg/L ( comparable with average  concentrations found 480 

in other European rivers; Bowes et al., 2012), and is probably related to algal dynamics associated with 481 

the lake and/or drift of benthic algae along the stream. Overall, the concentrations in August 2019 were 482 

the highest (max. = ca. 111 µg/L at St. 1) and were predominantly caused by an input of algae from the 483 

lake at the stream’s source, drifting and being diluted downstream.  484 
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Finally, BOD5 values ranged from <0.1 to 10.2 mg/L (overall mean = 3.3 mg/L), the highest values 485 

being found during the spring and summer months (May-Aug.). The values are considered high, as 486 

Danish guideline values require <1.8 mg/L for good ecological quality (Naturstyrelsen, 2011). 487 

Moreover, a study by Baattrup-Pedersen et al. (2016) has documented that the probability for reaching 488 

good ecological state (DSFI≥5) is estimated to be less than 20% when BOD5 > 2.8 mg/L and NH4-N > 489 

1.25 mg/L. Isolated events were documented in this study with these parameters both above the key 490 

threshold values: high ammonium-N values, originating from both agricultural and urban areas (as 491 

mentioned above), combined with degradation of organic material and algae from the lake drifting 492 

downstream and low flow velocities in the summer months (i.e. longer retention time) can certainly 493 

intensify the oxygen demand. 494 

Table 1. Summary statistics for the measured general water chemistry parameters in the investigated catchment: 495 
mean, minimum and maximal values, standard deviation (SD) and Coefficient of Variation (CV). Location and 496 
time for the extremum values are also given. Station 1 is removed from this analysis, as it is considered more 497 
representative of the lake input and not the stream itself. 498 

Parameter Mean Min Max SD 
CV 

[%] 

Min. values 

(Station - time) 

Max. values (Station - 

time) 

Flow [L/s] 443.3 2.0 2368.0 402.3 91% 6 Jun-19 11 Oct-19 

Temp [° C] 11.8 2.5 23.6 5.0 43% 3 Feb-19 2 Jun-19 

DO [mg/L] 9.5 4.2 14.7 2.1 22% 2 Jun-19 10 May-19 

pH 7.6 6.8 8.3 0.3 4% 5 Sep-19 10 May-19 

EC 750.4 330.0 1289.0 200.7 27% 3 Sep-19 5 Feb-19 

Turbidity [NTU] 8.4 1.5 43.1 7.4 88% 5 Dec-18 2 Aug-19 

TSS [mg/L] 10.1 0.6 60.6 8.0 80% 2 Oct-18 4 Jun-19 

NVOC [mg C /L] 10.0 2.4 23.1 3.8 38% 8 Oct-18 10 Oct-19 

PO4
3-[µg P/L] 172.7 6.8 498.8 127.7 74% 10 Mar-19 11 May-19 

NO2
- [µg-N/L] 48.9 3.7 255.1 40.8 83% 8 Oct-18 4 Aug-19 

NO3
- [µg-N/L] 1687.9 190.0 5924.1 1066.3 63% 2 Oct-19 2 Feb-19 

NH4
+ [µg-N/L] 250.6 14.8 3548.8 536.4 214% 8 Oct-18 11 May-19 

NH3 [µg-N/L] 2.6 0.1 50.1 7.0 269% 5 Sep-19 9 May-19 

TN [µg-N/L] 3292.5 7.3 12140.5 1948.0 59% 6 Dec-18 11 Dec-18 

BOD5 [mg O2/L] 3.2 0.4 8.0 1.8 56% 10 Oct-19 2 Feb-19 

Chl-a [µg/L] 6.6 0.2 35.3 5.9 89% 6 Aug-19 2 Aug-19 
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DO saturation [%] 86.9 48.4 129.2 15.4 18% 2 Jun-19 8 Jun-19 

EC25 [µS/cm] 1639.0 181.7 5691.6 1060.4 65% 2 Oct-19 5 Feb-19 

 499 

3.4 Variations in estimated mass discharge  500 

The in-stream mass discharge approach facilitated the quantification of contributions per sub-501 

catchment, thereby underlining their dynamic contributions according to land-use (Fig. 5 and 6). 502 

Considering St. 9 to be representative for the overall loading of Usserød Stream before confluence with 503 

the Nivå Tributary, the overall mean discharges at that location for PO4-P, NO3-N and NH4-N were 504 

estimated at 3.6, 36.6 and 6.4 t/yr, respectively. Mean NVOC discharge was ca. 205.0 t/yr.  505 

The urban part of the catchment appears as an important contributor to nutrient loads for a large part of 506 

the year, and has a strong seasonal pattern with higher discharges in the winter time (as shown by sub-507 

catchment J5; PO4-P, NO3-N discharge in Fig. 6b-d). Similarly, elevated contributions from the 508 

southern region of the catchment (upstream St. 3) were sometimes observed (e.g. J3; NO3-N and NH4-509 

N in February 2019), and mostly caused by the WWTP outlets upstream of St. 2 (Fig. 4A). However, 510 

the highest nutrient loads were witnessed in the northern region where agricultural land-use dominates 511 

for some specific sampling periods (sub-catchment J9 and downstream with associated NH4-N, PO4-P 512 

and NO3-N contribution in Oct./Dec. 2018 and May 2019; Fig. 5 c-d-f and 6a-c-d) highlighting the 513 

variable contributions of the different land-use types in the catchment. The contribution of the Donse 514 

Tributary (sub-catchment J6), draining mostly agricultural lands, was important in terms of TN, NO3-515 

N and NVOC especially in the spring-autumn period when its flow is relatively significant (Feb., Mar., 516 

Oct. 2019; Fig. 6a-b-e). NVOC, overall, was mainly exported from the agricultural areas of the 517 

catchment independent of the time of the year (Fig. 3h and 5b).    518 

The pattern for the discharge of TSS was more dynamic, with more areas contributing to the overall 519 

levels as seen from the variation in discharge along the stream (mean discharge = 188.7 t/yr at St. 9). In 520 

the southern region, the highest loads were often found at St. 3, characterized also as heavily overgrown 521 

(with overhanging) riparian vegetation, followed by a strong decrease of mass shortly after, supporting 522 

our initial assumption of particles settling at the local impoundments. Interestingly, the relative 523 

discharge between St. 4 and St. 5 remained constant or even decreased (June 2019 and August 2019 to 524 

a certain extent, Fig. 5e), possibly due to a combination of anthropogenic inputs and stream 525 

characteristics (WWTP effluent acting as a dilution source, change in stream morphology and increased 526 

amount of submerged plants altering TSS concentrations). 527 
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528 
Figure 5. Variation of in-stream mass discharge along the stream for selected parameters: TSS, NVOC, nutrients 529 
and total N. Grey and blue dashed lines represent the WWTP outlets and tributary discharges, respectively. The 530 
mass discharge from the tributaries alone is indicated by crossed round markers, also color-coded according to 531 
the measurement campaign. 532 

 533 

 534 

Figure 6. Temporal evolution of the nutrient mass discharge, J, per main sub-catchment. Only the sub-catchments 535 
with significant contributions are displayed, including the most upstream part of the catchment (labelled sub-536 
catchment J3, comprised of St. 1 to 3, in red), the discharge from the Usserød WWTP (sub-catchment J5, shown 537 
with the grey arrow), the Donse Tributary (labelled sub-catchment J6, in blue) and the most downstream part 538 
(labelled sub-catchment J9, in green). Sub-catchment delineation using sampling stations was carried out with 539 
QGIS. () Not plotted discharge in Oct 18 are caused by missing data (flow or TN concentration)  540 
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3.5 Assessing ecological quality 541 

3.5.1 Benthic macroinvertebrates  542 

The macroinvertebrate community composition changed along the stream corridor from communities 543 

dominated by taxa with high tolerance to low oxygen concentrations and standing water (e.g. Asellus 544 

aquaticus, Erpobdella sp., Helobdella stagnalis, and Tubificidae) closest to the outlet from Sjæl Lake 545 

towards higher frequencies and abundances of taxa with stronger preferences for flowing water and 546 

higher sensitivity towards low oxygen concentrations (e.g. Gammarus pulex, Elmis aenea, and Baetis 547 

rhodani) (SI Table S7) (Schmidt-Kloiber and Hering, 2015). This shift was also revealed from the HCA 548 

with stations 7-11 (furthest downstream) forming a disparate cluster (Fig. 7a). Stations 1 and especially 549 

3 were characterized by low taxonomic richness and overall low abundance, which probably explains 550 

the formation of separate clusters for each of the stations (Fig. 7a).  551 

Macroinvertebrate community structure was most strongly correlated with TSS, PCA1 (representing 552 

mainly ortho-phosphate, EC, and pH), and DHI (Fig. 7c). TSS values were generally highest upstream 553 

of the first low-head dam (just after St. 3), probably reflecting input of autochthonous material (e.g. 554 

phytoplankton) from Sjæl Lake. Considering the low variability in time and space of pH and to some 555 

extent EC, PCA1 should probably reflect mainly ortho-phosphate which may originate from Sjæl Lake 556 

and the WWTPs located within the studied stream sections. DHI mainly exerted influence along the 557 

first axis in the RDA (Fig. 7c) with highest values (highest habitat quality) towards the left in the 558 

ordination space. Stations 1 and 3 were characterized by high TSS and BOD concentrations and low 559 

DO (represented by PCA2, SI Table S8) while strongly contrasting in habitat quality (SI Table S1), 560 

where St. 3 was straight, wide, shallow, and dominated by sand and mud in the substrate, and St. 1 was 561 

narrow, meandering and with dominant coarse substrate types (data not shown). Since stations 1 and 3 562 

were similarly poor in macroinvertebrate taxa richness and abundance, stress from low DO (and high 563 

BOD) probably overruled any positive effects of good habitat quality at St. 1.  564 

Ecological quality mimicked the general differences in macroinvertebrate community composition with 565 

moderate-to-bad quality at stations 1-3 closest to the outlet from Sjæl Lake and with moderate-to-good 566 

ecological quality at the remaining stations (Fig. 7c, SI Table S1). Notably, the single occurrence of 567 

good ecological quality at St. 9 in March was affiliated with restored habitats which could indicate that 568 

water quality is the main bottleneck preventing higher ecological quality elsewhere. The poor condition 569 

of St. 2 is also notable, in that it is suspected that the WWTP efficiencies up-gradient of this station are 570 

lower than that of the WWTP up-gradient of St. 5 (BIOFOS, 2016; Hørsholm Kommune, 2016). These 571 

results likely indicate the influence of upstream anthropogenic controls and modifications to the natural 572 

hydrological system (e.g. sluice controlling lake (source) outflows; series of impoundments starting just 573 

after St. 3).  574 
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 575 

Figure 7. Bray-Curtis similarities hierarchical clustering based on log(x+1) transformed data for (a) benthic 576 
macroinvertebrates and (b) nematode communities sampled from all 11 stations (p<0.05). (c) and (d) RDA for (c) 577 
benthic macroinvertebrates and (d) nematode communites, based on log-transformed absolute abundances of 578 
species; color-coding of station symbols corresponds to the ecological quality for the DSFI (c) and 579 
NemaSPEAR[%]-index (d); solid, bold vectors represent environmental parameters that were significantly related 580 
to species composition (p<0.05; Monte Carlo permutation test). 581 

3.5.2 Nematode community composition 582 

Nematode communities sampled in August 2019 at the various sites varied considerably, both in terms 583 

of total abundances (from 39 individuals (ind.)/100 mL sediment at St. 8 to 907 ind./100 mL at St. 5) 584 

and number of species (from 17 at St.1 to 35 at St. 11). Nematode communities were mainly dominated 585 

by bacterial feeders (36–77%), followed by algae feeders (1–44%) and omnivores/predators (4–27%). 586 

Detailed information on the nematode species composition at the various stations can be found in SI 587 

Table S9.  588 

In terms of HCA, based on Bray-Curtis similarities for nematode species composition, St.1 and 3 were 589 

found to be significantly different from all other stations (Fig. 7b). Within the second cluster, there were 590 

3 significant groupings: St. 2 and 5 (WWTP effluent outlets); St. 4 (CSO outlet); and St. 6-11. 591 

Furthermore, within the cluster St. 6-11, St. 7 and 8 (located at the down-gradient end of the urban area) 592 

can still be distinguished from the rest (p<0.05). It is notable that this indicator could separate out 593 

distinct urban features, including the two locations for WWTP outflows, a (known) CSO (located before 594 

the primary treatment tank; NOVAFOS, 2020), as well as urbanized land-use areas from agricultural 595 

ones. 596 
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The RDA revealed that the nematode species composition was significantly related with PCA1 and 597 

NH4-N (p<0.05; Monte-Carlo permutation test; Figure 8d). Both parameters seemed to be positively 598 

related to the ecological quality (according to the NemaSPEAR[%]-index), which might be indirectly 599 

driven by potential food-web effects. Water quality parameters that are dominant for PCA1 (phosphate, 600 

EC) might have influenced potential food sources for the nematodes. It is known that the nematode 601 

species composition is not only shaped by direct effects of abiotic variables, but also by food-web 602 

interactions, such as competition and predation (Heininger et al., 2007). In the RDA, TSS and BOD5 603 

were not significantly related to the nematode community structure (p>0.05; Monte-Carlo permutation 604 

test; Fig. 7d). However, the RDA shows that these two parameters, which indicate the transport of 605 

(contaminated) particles to the sediment (TSS) and organic pollution (BOD5), point towards the stations 606 

showing a moderate-to-bad ecological quality, as represented by the NemaSPEAR[%] (Fig. 7d; SI 607 

Table S1). Notably, in August 2019 (when nematodes were sampled), the highest values for both TSS 608 

and BOD5 were recorded at St. 1 (43.9 mg/L and 10.19 mg/L, respectively), and were influential in the 609 

correlations found for both of these parameters, and NOx, with the nematode-based indicator (SI Figure 610 

S8). Interestingly, BOD5 doesn’t fall below 2.8 mg/L (suggested threshold in Baattrup-Pedersen et al., 611 

2016) until St. 9 (only station documenting high ecological quality) along the main stem of the Usserød 612 

Stream; and otherwise, only the tributaries had low BOD5 values (with St. 6=1.87 mg/L; St. 10=0.96 613 

mg/L, for Aug. 2019). TSS values were generally above 10 mg/L from St. 1-7, with the exception of 614 

St. 5 (7.86 mg/L, probably dilution due to WWTP outflow) and St. 6 (6.36 mg/L, Donse Tributary 615 

location). 616 

The NemaSPEAR[%]-index, as shown by color-coding in Fig. 7d, ranged from 2.8 to 60.9 indicating 617 

bad ecological quality at St.1, poor ecological quality at St.3, moderate ecological quality at St.2 and 4, 618 

good ecological quality at St. 5-8 and 10-11, and high ecological quality at St. 9 (SI Table S1). The 619 

clustering according to species composition related well to the NemaSPEAR[%]-values, where stations 620 

with poor and bad ecological quality, stations with moderate ecological quality and stations with good 621 

and high ecological quality generally clustered together, with the exception of St. 5. The cluster 622 

comprised of St.1 and 3 may also be explained by the special environmental physical conditions 623 

discussed previously. Although the ecological quality at St. 5 is classified as good (35.6), based on the 624 

NemaSPEAR[%]-index, the actual value was only slightly above the threshold to a moderate water 625 

quality classification (≥30). These findings suggest that the NemaSPEAR[%]-index may be sensitive 626 

to capturing subtle (temporal) changes stemming from a variety of urban features, including wastewater 627 

treatment plant efficiency levels (compare i.e. St. 2 and 5 locations), as well as pulsed events from e.g. 628 

CSOs (compare St. 4).  629 
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4 Discussion 630 

Here we discuss the findings of this study within a broader perspective, including some possible 631 

implications for water management and monitoring actions.  632 

4.1 Hydrology, water quality and land-use influence 633 

Our study shows important statistically significant variations for most of the physico-chemical 634 

parameters (except TSS), stemming from the multiple flow contributions. Variations in streamflow is 635 

seen as a major factor in explaining surface water quality variations, both by activation and delivery of 636 

different constituents and by dilution effects (Guo et al., 2019). Notably, small streams are 637 

hydrologically more dependent on local and often variable discharges, compared to larger streams or 638 

rivers fed by more regional and stable groundwater inflows (Dahl et al., 2007). The investigated stream 639 

is characterized by a limited groundwater inflow (Fig. 2), and thus strongly influenced by both the 640 

contribution (quantity) and physico-chemical characteristics of its source (lake and controlled sluice), 641 

wastewater effluent outlets, tributaries and runoff from different land-use types. Such a stream 642 

configuration is now ubiquitous, with the increase in peri-urban landscapes (Allen, 2003). 643 

Discharge and delivery of nutrients, and potential eutrophication issues, was seen as particularly 644 

dynamic (both temporally and spatially) and importantly, could not be explicitly related to one specific 645 

land-use. Indeed, nutrient contamination originating either from agricultural or urban sub-catchments 646 

were found to be dependent on the sampling period (Fig. 6). Such variations in water quality and change 647 

in land-use contribution have also been documented in e.g. Ivanovsky et al. (2016), facilitated by 648 

measurements at much higher frequency, and by Le Moal et al. (2019). WWTP effluents undoubtedly 649 

constitute a significant pathway for nutrient pollution (both NO3-N and PO4-P, Fig. 5, 6) in this peri-650 

urban catchment for a high (7 out of 9) number of sampling periods. Wastewater impacts on water 651 

quality parameters were found in fact to extend far downstream, even dominating water column 652 

composition well after transitions to down-gradient agricultural lands (Fig. 5c-d). Fones et al. (2020) 653 

and Jarvie et al. (2006) drew similar conclusions about the relative importance of urban areas in terms 654 

of nutrient export (at least in terms of PO4-P). However, more continuous monitoring should be 655 

implemented to fully capture the relative yearly contribution considering the important temporal 656 

variations, especially with respect to leaching and runoff from agricultural lands (Blaen et al., 2016; 657 

Munn et al., 2018). 658 

4.2 Learnings from ecological quality 659 

The ecological quality evaluated using benthic macroinvertebrates was below the target levels for good 660 

ecological status, despite a series of restoration projects carried out in this catchment (and finalized in 661 

2016). Based on previous regional ecological monitoring at the sampling sites, the Danish fish fauna 662 

indices fully mimics the ecological assessments based on benthic macroinvertebrates (SI Table S1). In 663 
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a large study covering numerous stream stretches combined with macrofauna samplings, Karlsen et al. 664 

(2019) suggest a minimum natural area requirement of ca. 20-30% within a given catchment as 665 

necessary for reaching a good ecological status, and even higher (40%) when only a 10 m riparian buffer 666 

zone is considered. Their findings could suggest a potential land-based transformation needed in this 667 

catchment for it to have any chance of reaching the required good ecological conditions. Currently, this 668 

system exhibits 21% of natural-like areas at the catchment-scale, and less than 3% at the riparian scale 669 

(10 m on each side of the stream), pointing towards the importance of connecting riparian and aquatic 670 

restoration measures, especially within NbS projects. 671 

Documented poor stream habitat conditions is certainly a partial explanation for the continued moderate 672 

state for benthic macroinvertebrates, while the aforementioned temporal variations of DO, temperature 673 

and BOD5 levels can affect both macroinvertebrates and fish. Interestingly, the different restoration 674 

projects (daylighting of culverts, re-meandering) and the recent implementation of an NbS (e.g. double 675 

profiles for urban flood reduction) has so far not led to significant improvement in terms of traditional 676 

ecological quality indicators at the time of this study (compare SI Table S1), reflecting the long 677 

timeframes that may be needed for improvements to be documentable. Moreover, the regular and 678 

systematic reduction of aquatic macrophytes during the summer (up to three times), carried out by the 679 

municipalities to enhance the stream’s conveyance potential, can also adversely affect habitat and 680 

reduce macroinvertebrate and fish populations (Bach et al., 2016). Lastly, another plausible explanation 681 

for this is the overall heavily degraded stream system with no remaining source populations of benthic 682 

macroinvertebrate species that could improve the ecological quality. In fact, the strongest predictor for 683 

local ecological quality is the distance to and frequency of significant source populations of sensitive 684 

macroinvertebrate species rather than local habitat quality (e.g. Stoll et al., 2016). Consequently, lacking 685 

source populations of sensitive macroinvertebrate species in the catchment may further delay system 686 

recovery even in the case of land-use transformation towards higher shares of natural area in the riparian 687 

zones (e.g. Stoll et al., 2016). 688 

The investigation of the meiofauna (nematode communities) and associated NemaSPEAR[%]-index 689 

revealed that particulates (and transport to sediment) should be taken into consideration when 690 

evaluating impacts on ecological quality. The lowest index values were indeed observed for the 691 

monitoring stations with the highest TSS concentrations. Suspended particles are an important transport 692 

and exposure mechanism for many priority pollutants. Specifically, contaminants have been linked to 693 

suspended particles in other studies of the catchment (heavy metals, data not shown), suggesting that 694 

sediments can act as a potential source of toxicants in certain regions of the watercourse. This adds an 695 

additional layer of complexity with respect to identifying the causes of unwanted impacts on stream 696 

environments, as sediments can provide an exposure pathway to high concentrations of contaminants 697 

with no current sources (Munn and Gruber, 1997; Rasmussen et al., 2015; Stackelberg, 1997), and 698 
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nematodes exposed to this contamination could pose a risk to higher trophic levels (Ptatscheck et al., 699 

2020).  700 

Importantly, the use of the novel NemaSPEAR[%]-index may be useful as an indicator for 701 

understanding ecological impacts from key urban features, but also potential benefits that may be 702 

overlooked. The transition towards a green economy advocates the use of centralized WWTPs for 703 

energy and efficiency purposes, which can be translated in this catchment to potential for flow diversion 704 

from the stream (see e.g., Danish Water Forum, 2016). These changes will certainly reduce the direct 705 

discharge of potential contaminants from the urban side (not investigated in this study), and nutrients, 706 

which will be beneficial for stream ecosystems. However, the nematode indicator additionally seems to 707 

highlight a potential trade-off, i.e. beneficial effect of the flow on dilution or resuspension of suspended 708 

solids.  709 

We therefore consider that this indicator could be useful in developing a deeper conceptual 710 

understanding for land-use effects, as well as spatiotemporal changes in biodiversity patterns. Notably, 711 

nematodes can be sampled year-round, a limitation for the other indicators mentioned in this study (e.g. 712 

macrofauna; fish). This is a critical gap identified in Rolls et al. (2018), emphasizing that more evidence 713 

is needed regarding the effects of hydrological regimes on freshwater biodiversity across multiple 714 

spatial and temporal components, to better predict the impact of direct (e.g. water resources 715 

development; water quality) and indirect (e.g. climate change) effects of humans on ecology. Moreover, 716 

as the NemaSPEAR[%]-index is representative for integrative ecosystem stress, we further propose this 717 

indicator could be a way to preliminarily assess the potential for impacts stemming from both sediment 718 

contamination (Höss et al., 2011; Schenk et al., 2020) and additional dissolved-phase chemicals (Bighiu 719 

et al., 2020) for prioritizing pollution sources that may be active in peri-urban catchments. 720 

5 Conclusions  721 

In this study, we investigated the temporal and spatial variations of key water quality elements in a 722 

small peri-urban catchment, combined with an ecological “fingerprint” using traditional 723 

(macroinvertebrates, fish) and more novel indicators (nematodes). The current study highlights the 724 

complexity of peri-urban catchments as observed through the spatiotemporal variability of flow and 725 

physico-chemical conditions induced by different land uses, as well as their specific impacts on 726 

ecological quality. More specifically, we showed that: 727 

 Significant seasonal variability in hydromorphology and physico-chemical parameters 728 

confounded the identification of land-use and sources behind detrimental ecological impacts, 729 

which may possibly lead to inappropriate mitigation strategies. 730 

 The peri-urban stream system was dependent on the highly dynamic physico-chemical 731 

characteristics of the different flow components. Limited groundwater inflow combined with 732 
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highly controlled (i.e. reduced) releases of water from the source (lake) via a sluice gate and 733 

shallow stream depths caused significant seasonal temperature variations resulting in low 734 

oxygen saturation conditions, while relatively high BOD5 and photosynthesis/autotrophic 735 

respiration processes exacerbated the low oxygen conditions, particularly at night in the 736 

summer months.  737 

 An in-stream mass discharge approach revealed that WWTP effluents, sustaining an important 738 

part of the base-flow especially in the summer, are important contributors to the nutrient levels 739 

(N,P) discharged to the stream. However, the relative contributions from the different land-uses 740 

in the catchment are not consistent. Our seasonal sampling captured discharges stemming from 741 

agricultural areas exceeding the urban contributions in terms of nutrients (ammonium and 742 

ortho-phosphate in May, nitrate in December), and constituting a primary carbon input (NVOC) 743 

to the stream system in winter.  744 

 The poor-to-moderate ecological status for benthic macroinvertebrates and fish can partly be 745 

connected to the dynamic land-use related impacts, as well as alteration of riparian corridors, 746 

habitat quality, and possibly significant seasonal variations of stream physico-chemical 747 

conditions at the catchment scale (especially temperature, DO and high BOD5). Notably, these 748 

indicators stayed relatively unchanged despite restoration efforts and NbS implementation. 749 

Potential improvements and required time to document positive shifts in ecological status after 750 

implementation of such modifications are still unknown, or may simply be masked by 751 

overlooked stressors such as additional chemical compound groups not investigated in this 752 

study (e.g. metals, pesticides). 753 

 The ecological assessment carried out using nematodes and the NemaSPEAR[%]-index not 754 

only brought to light the potential impact of chemicals, e.g with contaminant-bound particles 755 

discharging from the stream’s source (eutrophic lake) and urban features like CSOs, but also 756 

the potential beneficial effect of sustained flows emanating from the urban sector.  757 

In light of these results, we recommend an immediate effort in riparian restoration as part of the 758 

implemented NbS solutions, potentially combined with macroinvertebrate population augmentation. 759 

Specifically, vegetated riparian areas could bring increased shading with positive effects in terms of 760 

water temperature, dissolved oxygen and other services (nutrient removal, biodiversity). In addition, 761 

monitoring efforts carried out at higher frequencies (e.g. through installment of sensors) would allow a 762 

more precise quantification of the dynamic impacts of the different land-use types, especially in terms 763 

of nutrient loads.  764 

Moreover, sampling for pollutant and chemical stressors (dissolved or in sediment phase) should be 765 

considered further as a potential explanation factor for the plateauing of ecological status for benthic 766 

macroinvertebrates and fish. This sampling could be combined with nematode biomonitoring, as a 767 

promising indicator for the dynamic contribution stemming from urban pathways. Finally, holistic 768 
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assessments, considering the hydrology and water quality, and specifically the sediments, should be 769 

initiated to ensure green transition modifications under evaluation (e.g. removal of WWTP effluent 770 

outflows) and potential trade-offs on freshwater ecology are accounted for.  771 
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SI figures  

Figure S1 displays the location of the water abstraction wells in the vicinity of the stream. 

Figure S2 shows the spatial evolution of all physico-chemical parameters along the stream and 

sampling stations.   

Figure S3 shows the spatial variations of stream temperature, as measured by longwave infrared 

camera (February 2019). Figure curtesy of F. Bandini. 

Figure S4 displays the Spearman rank correlation matrix, all measured physico-chemical parameters, 

all sampling periods. 

Figure S5 shows a temporal evolution of the sampling station clusters, based on physico-chemical 

parameters. 

Figure S6 shows the Turbidity - TSS concentration scatterplot, all sampling periods. 

Figure S7 shows an investigation of the photosynthesis/autotrophic respiration based on signal 

filtering.  

Figure S8 shows some scatterplots between NemaSPEAR[%] and some specific physico-chemical 

parameters. 

mailto:grle@env.dtu.dk


III 

36 

 

SI Tables 

Table S1 gives an overview of different ecological indicators at different tropic levels, carried out in 

the investigated catchment. 

Table S2 shows the different measured parameters and an overview of the sampling periods. 

Table S3 gives the main cross section characteristics at the different sampling stations. 

Table S4 shows the Pearson correlation analysis, all parameters, all sampling periods.  

Table S5 shows the parameters selected for the PCA decomposition. 

Table S6 gives an overview of the WWTP effluents contribution to the overall stream flow. 

Table S7 gives an overview of the sampled macroinvertebrate taxa and abundance. 

Table S8 shows some correlation analysis between Principal Components and physico-chemical 

parameters. 

Table S9 gives an overview of the nematode taxa and abundance. 
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SI Figure S1. Water abstraction wells location and associated rate [m3/h]. Dot markers in the time 

series correspond to the sampling day. Color codes for the sampling stations is given in Fig. 1. 
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SI Figure S2. Evolution of the measured physico-chemical parameters along the stream at the 

different sampling stations, for all sampling periods. The 0 location is arbitrarily defined as the 

sampling station 1 location. Dashed grey lines correspond to the WWTP effluent locations, Dashed 

blue lines correspond to tributary inflows  
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SI Figure S3. Spatial variations of stream water temperature for (A) the entire stream section covered 

by thermal imagery, and cutouts (shown as black squares in A) highlighting the variations where (B) 

the Nivå Tributary merges with Usserød Stream and (C) WWWTP effluents are discharged. Note 

that, in C, after mixing, the temperature increase holds down through Usserød Stream junction with 

Nivå Tributary (in B). Thermal imagery captured by longwave infrared camera (LWIR) payload 

mounted on a drone, taken during the February 2019 sampling campaign. Figure courtesy of F. 

Bandini. 
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SI Figure S4. Spearman rank correlation matrix for the measured parameters (all stations and 

measurement periods considered n=). Observations with at least one parameter missing are removed 

from analysis (n=12).  

 

.
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SI Figure S5. Station clustering based on physico-chemical data (AP clustering, similarity measure r=1, with number of clusters = to 3 or 4), all sampling 

periods. The radar plots show the standardized mean deviation of a specific cluster compared to the overall standardized mean of the dataset for all 

parameters.
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SI Figure S6. Turbidity - TSS concentration scatterplot, for all sampling periods and stations (log-

transformed data). Dashed red and blue lines show prediction and 95% confidence intervals for the 

linear regression (significant, p<0.05), respectively. 
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SI Figure S7. Daily time series for precipitation and dissolved oxygen (DO) concentration and 

corresponding diel osciallation in Usserød Stream (see sensor location in Fig. 1) for the entire 

sampling period (Oct 18 - Oct 19). (A) precipitation (B) daily average DO concentration. the dotted 

red line corresponds to an ecological threshold (6 mg/L, for salmonid waters), the dashed purple line 

to daily minimum and maximum values, and the red dots show the stream water temperature at the 

WWTP effluent outlet, just upstream of St. 5. (C) Diel oscillation of the DO concentration (extraction 

by digital filtering of the hourly DO time series, 4th order Butterworth bandpass filter). 
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SI Fig. S8. Scatterplot of NemaSPEAR[%]-index values with respect to (a) NOx (p<0.01), (b) BOD5 

(p<0.01), and (c) TSS (p<0.001) for all sampling stations in August 2019; (d-f) present the station 

numbers (1-11) for NOx, BOD5 and TSS, respectively, for comparison purposes instead.  
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SI Table S1: Overview of different ecological indicators, including benthic macroinvertebrates (DSFI) 

and the Danish fish indices for streams (DFISa/t), showing a subset of the data collected in March and 

October 2019, respectively. Also shown are the Danish Habitat Index (DHI), conducted in May 2020, 

and the DSFI and NemaSPEAR[%]-index, sampled in August 2019 (as part of this study). 

Station  

 

DSFI1 

 

Mar 2019 

DSFI1  

 

Aug 2019 

NemaSPEAR2  

 

Aug   2019   

DFISa3:  

 

Oct 2019 

DFISt3:  

 

Oct 2019 

DHI4: 

 

 May 2020 

1 moderate bad 2.8 poor -- 30  

2 poor poor 27.8 bad -- 16  

3 moderate poor 16.7 bad -- 0  

4 moderate moderate 25.8 moderate bad 34  

5 moderate moderate 35.6 good bad 34  

6 -- moderate 40.7 moderate poor 9  

7 moderate moderate 38.4 poor bad 35  

8 moderate moderate 36.7 poor bad 9 

9 good moderate 60.9 moderate bad 6 

10 -- moderate 40.1 -- -- 6 

11 -- moderate 43.3 -- -- 3  

-- means no sample collected. 

1(Skriver et al., 2001) 

2 bad < 10 > poor < 20 > moderate < 30 > good < 54 > high (Höss et al., 2017) 

3Gørtz & Schultz (2020)  

4DHI: lower internal values were chosen to derive the borders between quality classes: bad < 0 > poor < 13 > moderate < 
25 > good < 38 > high (Pedersen et al.,2006).  
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SI Table S2. Overview and periods for measured physico-chemical parameters and ecological indices 

for the investigated catchment, and corresponding acronyms used in this paper. 

Parameters accr. 
2018 2019 

Oct Nov Dec Jan Feb Mar Apr May Jun Jul Aug Sep Oct 

Water Quality                     

  Temperature Temp X  X   X X  X X  X X X 

  Dissolved Oxygen DO X  X   X X  X X  X X X 

  Electrical Conductivity EC X  X   X X  X X  X X X 

  pH pH X  X   X X  X X  X X X 

  Ammonium/ammonia NH4-N X  X   X X  X X  X X X 

  Nitrite NO2-N X  X   X X  X X  X X X 

  Nitrate NO3-N X  X   X X  X X  X X X 

  Total nitrogen TN X  X   X X  X X  X X X 

  ortho-phosphate PO4-P X  X   X X  X X  X X X 

  non-volatile organic carbon NVOC X  X   X X  X X  X X X 

  Total suspended solids TSS X  X   X X  X X  X X X 

  Turbidity Turb X  X   X X  X X  X X X 

  Chlorophyll-a Chla X  X   X X  X X  X X X 

  Flow Q X  X   X X  X X  X X X 

                       

Ecological status                    

  Benthic macroinvertebrate NemaSPEAR              X    

  Benthic meioinvertebrate* DSFI          X*     X    

  Fish DFISa/t                         X* 
*External party assessment by (Gørtz & Schultz, 2020).  
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SI Table S3. Cross section characteristics at the different sampling stations. Width and depth are mean 

values over the sampling period. Streambed description from Danish Habitat Index (DHI) survey.  

Station Stream width Stream depth Streambed description 

1 / / Pebble, sand, stone 

2 3.0 0.32 Mud, sand, pebble 

3 10.1 0.23 Mud 

4 3.1 0.14 Stone, pebble 

5 3.4 0.33 Pebble, sand, stone 

6 2.0 0.24 Sand, mud, pebble 

7 3.6 0.46 Pebble, sand, vegetation 

8 5.2 0.42 Sand, mud, vegetation 

9 5.7 0.48 Sand, mud, vegetation 

10 5.5 0.42 Sand, mud, vegetation (light) 

11 / / Sand, mud, vegetation (light) 
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SI Table S4. Pearson correlation analysis, used to check linearity of water quality data for use in the ecological analysis, based on average values of water 

quality factors at each station for the entire sampling period (October 2018 to October 2019). The absolute values higher than 0.8 are marked in red. 

 temp DO pH EC Turb TSS NVOC PO4 Nitrite Nox NH4 Total N BOD5 Chl-a 

temp 1.00 0.34 -0.40 0.72 -0.56 -0.62 -0.25 0.60 -0.07 0.58 0.03 0.07 0.07 0.10 

DO  1.00 0.00 0.39 -0.40 -0.26 0.07 -0.35 -0.24 0.16 -0.65 -0.67 -0.29 -0.56 

pH   1.00 -0.78 0.69 0.41 0.29 -0.62 -0.58 -0.88 -0.11 -0.28 0.49 -0.18 

EC    1.00 -0.86 -0.64 -0.07 0.45 0.19 0.91 0.06 0.21 -0.54 0.19 

Turb     1.00 0.76 -0.12 -0.30 -0.41 -0.85 0.03 -0.18 0.51 -0.07 

TSS      1.00 -0.45 -0.20 0.03 -0.72 0.14 -0.13 0.36 0.08 

NVOC       1.00 -0.57 -0.43 0.07 -0.11 0.09 -0.47 -0.07 

PO4        1.00 0.40 0.48 0.46 0.39 0.22 0.44 

Nitrite         1.00 0.33 0.30 0.26 0.02 0.27 

Nox          1.00 0.13 0.36 -0.60 0.23 

NH4           1.00 0.74 0.22 0.98 

Total N            1.00 -0.11 0.79 

BOD5             1.00 0.08 

Chla              1.00 
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SI Table S5. Component score coefficient matrix for all parameters included from the Pearson 

correlation analysis in the principle component analysis (PCA). 

 Param. PCA1 PCA2 

temp 0.19 -0.11 

DO -0.02 -0.28 

pH -0.24 0.05 

EC 0.23 -0.16 

TSS -0.14 0.20 

NVOC -0.08 -0.15 

Phosphate 0.22 0.12 

Nitrite 0.14 0.13 

NH4 0.11 0.24 

Total N 0.14 0.17 

BOD5 -0.07 0.20 
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SI Table S6. Mean monthly WWTP effluent contributions (in percentage) to Usserød streamflow. 

Calculated from daily flow rate measured at a continuous monitoring station (St.9 Nivemølle, 

Rudersdal et al., 2020) and WWTP effluent data (NOVAFOS, 2020) 

 

2018 2019 

Oct Nov Dec Jan Feb Mar Apr May Jun Jul Aug Sep Oct 

65 47 55 34 28 20 47 58 57 53 54 43 46 
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SI Table S7: List of macroinvertebrate taxa with abundance data (individuals per kick sample) for 

each station. 

Taxon St 1 St 2 St 3 St 4 St 5 St 6 St 7 St 8 St 9 St 10 St 11 

Acroloxus lacustris 6 0 0 0 0 0 0 0 0 0 0 

Asellus aquaticus 17 320 4 640 4352 8 320 448 96 128 320 

Athripsodes cinerea 0 0 0 0 0 0 0 0 1 1 0 

Baetis rhodani 0 0 1 2 4 24 5 0 0 0 0 

Bithynia leachi 1 0 0 0 0 0 0 4 0 1 2 

Calopteryx splendens 0 0 0 0 1 0 0 1 0 0 1 

Chironomini indet. 41 0 8 0 0 0 0 0 0 0 0 

Chironomus sp. 0 0 1 0 0 0 0 0 0 0 0 

Conchapelopia sp. 5 0 0 0 0 0 0 0 0 0 0 

Diamesinae indet. 0 0 0 0 0 1 8 1 4 0 32 

Dicranota sp. 0 0 0 60 20 0 0 0 0 2 0 

Elmis aenea 0 0 0 208 72 24 1 2 96 0 2 

Erpobdella octaculata 4 40 2 64 8 0 6 8 1 1 16 

Erpobdella testacea 5 15 0 32 8 1 6 4 8 0 12 

Gammarus pulex 0 28 5 160 448 0 576 448 288 120 48 

Glossiphonia complanata 0 192 1 0 0 1 1 1 1 8 8 

Helobdella stagnalis 15 384 1 80 12 1 2 20 0 1 0 

Hydropsyche angustipennis 0 0 0 320 832 56 4 0 0 0 0 

Hydropsyche siltalai 0 0 0 320 0 24 1 0 1 0 0 

Hydroptila sp. 0 0 0 0 0 1 0 0 0 0 0 

Hydroptila sparsa 0 0 0 0 0 0 1 3 0 0 0 

Lumbriculus variegatus 0 0 0 6 5 2 0 0 0 0 0 

Lype reducta 0 0 0 0 0 0 0 0 0 1 0 

Orthocladinae indet. 0 0 10 256 224 12 0 0 0 0 15 

Oulimnius sp. 0 0 0 0 0 0 0 0 0 2 0 

Physa fontinalis 0 0 0 1 0 0 0 8 0 0 0 

Pissidium sp. 0 64 1 2 32 64 1 4 0 2 0 

Planorbis carinatus 0 2 0 0 0 0 0 0 0 0 0 

Plycelis nigra 0 0 1 0 0 0 0 0 0 0 0 

Polycelis nigra 0 64 0 0 8 2 28 8 1 1 1 

Radix balthica 0 0 0 0 0 0 0 4 0 0 1 

Sialis sp. 0 0 1 1 0 0 0 0 0 0 0 

Simulium sp. 3 4 0 2 20 184 320 0 128 4 32 

Sphaerium corneum 0 384 1 0 0 20 5 48 0 2 0 

Tanypodinae indet. 0 4 0 2 128 4 0 0 0 0 0 

Tanytarsini indet. 24 16 0 1220 224 12 2 0 3 3 0 

Tubificidae indet. 59 400 4 0 640 7 40 28 36 0 460 
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SI Table S8. Correlation analysis between the PCAs and all water quality parameters. The absolute 

values higher than 0.8 are marked in red. 

 temp DO pH EC TSS NVOC PO4 Nitrite NH4 Total N BOD5 

PCA1 0.72  -0.07  -0.85  0.83  -0.54  -0.31  0.82  0.46  0.39  0.49  -0.21  

PCA2 -0.35  -0.83  0.14  -0.49  0.61  -0.44  0.35  0.37  0.70  0.48  0.59  
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SI Table S9: List of nematode taxa with abundance data (individuals per 100 g sediment) for each 

station.  

Taxon St 1 St 2 St 3 St 4 St 5 St 6 St 7 St 8 St 9 St 10 St 11 

Achromadora micoletzkyi 0.0 0.0 0.0 0.0 0.0 0.0 8.5 1.5 0.0 1.1 0.0 

Achromadora cf longicauda 0.0 0.0 0.0 0.7 0.0 0.9 0.0 0.0 1.7 0.0 2.3 

Achromadora ruricola 0.0 2.8 0.0 0.7 5.8 0.0 0.0 0.0 44.3 0.0 0.0 

Achromadora terricola 0.0 2.8 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Alaimus parvus 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Anaplectus cf granulosus 0.0 0.0 0.7 0.0 0.0 0.9 0.0 0.0 0.0 0.0 2.3 

Aphelenchoides sp. 0.0 0.0 0.4 0.0 0.0 3.7 0.0 0.0 1.7 0.0 0.0 

Aphelenchus sp. 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Aporcelaimellus obtusicaudatus 0.0 0.0 0.0 0.0 0.0 1.8 0.7 0.0 0.0 0.0 0.0 

Bastiania gracilis 0.0 0.0 0.0 0.0 0.0 0.9 0.7 0.0 0.0 0.0 0.0 

Bitylenchus dubius 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Bursilla monhystera 0.3 5.5 0.0 0.0 5.8 0.0 0.0 0.0 0.0 0.0 7.0 

Cephalobus persegnis 0.0 2.8 0.0 0.0 5.8 3.7 1.4 0.0 0.0 1.1 7.0 

Cephalobidae gen sp 0.0 2.8 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Chromadorina bioculata 2.3 52.3 0.0 13.0 122.8 0.9 0.0 0.3 0.0 0.0 2.3 

Chromadorita leuckarti 0.0 27.5 0.0 0.7 46.8 0.0 0.0 0.0 3.4 0.0 4.7 

Chronogaster typica 0.0 0.0 0.0 0.0 0.0 0.0 1.4 4.0 1.7 0.0 9.3 

Coslenchus costatus 0.0 0.0 0.0 0.0 0.0 0.9 0.0 0.0 0.0 0.0 0.0 

Criconema sp. 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 1.1 2.3 

Cryptonchus tristis 3.7 0.0 0.0 0.0 0.0 0.0 0.0 0.0 1.7 0.0 0.0 

Cylindrolaimus communis 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 1.7 0.0 0.0 

Cuticularia oxycerca 0.0 2.8 0.4 0.7 5.8 0.9 0.0 0.6 0.0 0.0 0.0 

Diphtherophora sp. 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Diplogaster rivalis 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Diplogasteritus cf nudicapitatus 0.0 8.3 0.4 0.0 5.8 0.0 0.7 0.0 0.0 0.0 2.3 

Diploscapter coronatus 0.0 16.5 1.1 0.0 0.0 0.0 1.4 0.0 0.0 0.0 2.3 

Dorylaimus stagnalis 0.0 0.0 1.8 0.7 5.8 0.9 5.0 5.5 0.0 3.4 9.3 

Ecphyadophora sp. 0.0 0.0 0.4 0.0 0.0 0.0 0.0 0.0 0.0 0.0 2.3 

Epitobrilus stefanskii 0.6 2.8 0.4 0.0 0.0 0.0 0.0 0.0 1.7 0.0 0.0 

Epitobrilus steineri 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Ethmolaimus pratensis 0.0 0.0 0.4 0.0 23.4 2.8 0.0 0.0 0.0 5.7 0.0 

Eucephalobus oxyuroides 0.0 0.0 0.0 0.0 0.0 0.9 0.0 0.0 0.0 0.0 2.3 
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Epidorylaimus agilis  0.0 5.5 0.0 0.7 5.8 0.0 2.1 0.0 1.7 0.0 0.0 

Eudorylaimus carteri 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Eumonhystera dispar 2.0 27.5 0.7 2.9 146.2 2.8 3.6 0.3 0.0 0.0 2.3 

Eumonhystera filiformis 12.9 24.8 20.8 3.6 0.0 2.8 1.4 0.0 0.0 28.6 9.3 

Eumonhystera longicaudatula 0.0 2.8 0.0 0.0 5.8 0.0 6.4 0.0 0.0 9.1 7.0 

Eumonhystera pseudobulbosa 0.6 0.0 0.0 2.2 105.2 3.7 2.8 0.0 0.0 0.0 0.0 

Eumonhystera simplex 0.0 0.0 0.0 0.0 11.7 0.0 0.0 0.0 1.7 0.0 0.0 

Eumonhystera vulgaris 0.3 11.0 0.0 0.0 11.7 6.5 2.1 0.6 5.1 18.3 67.7 

Filenchus vulgaris 0.0 0.0 0.4 0.7 0.0 2.8 0.0 0.3 5.1 2.3 7.0 

Geocenamus sp. 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 2.3 

Hirschmaniella gracilis 0.0 0.0 0.0 0.0 0.0 0.0 1.4 4.3 3.4 1.1 0.0 

Helicotylenchus pseudorobustus 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 2.3 

Helicotylenchus sp. 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.3 0.0 1.1 0.0 

Heterocephalobus elongatus 0.3 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Laimaphelenchus penardi 0.6 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Laimydorus sp. 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 1.1 0.0 

Macroposthonia rustica 0.0 0.0 1.1 0.7 0.0 0.0 0.0 0.0 0.0 1.1 0.0 

Malenchus bryophilus 0.3 0.0 0.4 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Mesodorylaimus sp. 1  0.0 8.3 0.7 1.4 0.0 0.9 0.7 0.3 0.0 0.0 0.0 

Mesodorylaimus sp. 2 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Mesodorylaimus bastiani 0.0 0.0 0.4 1.4 0.0 0.0 0.0 0.6 0.0 3.4 0.0 

Monhystrella paramacrura 0.0 2.8 0.7 0.0 5.8 2.8 0.0 0.0 17.0 3.4 28.0 

Monhystera paludicola 0.3 8.3 0.0 0.0 0.0 0.9 0.0 0.0 0.0 5.7 0.0 

Monhystera stagnalis 0.9 0.0 0.0 0.7 0.0 0.0 0.0 0.6 0.0 2.3 0.0 

Mononchus aquaticus 0.0 0.0 0.7 0.0 0.0 0.9 2.8 0.3 10.2 1.1 2.3 

Mononchus truncatus 0.0 0.0 0.0 0.0 0.0 1.8 0.0 0.0 1.7 0.0 2.3 

Mononchus tunbridgensis 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Neodolichorhynchus cf lamelliferus 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Oxydirus sp. 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Panagrolaimus cf detritophagus 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 2.3 

Panagrolaimus cf rigidus 0.0 24.8 1.4 0.0 0.0 1.8 0.0 0.3 0.0 0.0 0.0 

Panagrolaimus sp. 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 2.3 

Paramphidelus dolichurus 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Paractinolaimus macrolaimus 0.0 0.0 0.0 1.4 11.7 0.0 0.0 0.0 0.0 0.0 0.0 

Plectus aquatilis 0.0 5.5 0.4 0.0 5.8 0.0 1.4 1.2 6.8 0.0 9.3 
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Plectus opisthocirculus 0.0 2.8 0.0 0.0 0.0 2.8 0.7 0.0 8.5 0.0 4.7 

Plectus parvus 0.0 0.0 0.0 0.7 17.5 1.8 0.0 0.0 0.0 0.0 0.0 

Prismatolaimus intermedius 0.0 0.0 0.0 2.2 0.0 1.8 0.0 0.0 6.8 1.1 4.7 

Prodesmodora circulata 0.0 0.0 0.0 4.3 17.5 2.8 5.7 9.5 6.8 0.0 2.3 

Prodesmodora sp.  0.0 0.0 0.0 2.2 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Psilenchus sp. 0.0 0.0 0.7 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Rhabditidae gen sp. 1  0.0 0.0 0.0 0.0 0.0 1.8 0.0 0.3 0.0 0.0 0.0 

Rhabditidae gen sp. 2  0.0 0.0 0.0 0.0 0.0 14.8 0.0 0.0 1.7 2.3 0.0 

Rhabditidae gen sp. 3 0.3 0.0 0.4 0.0 0.0 0.9 0.0 0.0 0.0 0.0 0.0 

Rhabditis gracilicauda 0.0 5.5 0.4 0.0 0.0 0.0 0.7 0.0 0.0 0.0 0.0 

Rhabditis sp. 0.0 5.5 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Rhabdolaimus aquaticus 0.0 0.0 0.0 0.0 5.8 0.0 0.0 0.0 1.7 0.0 0.0 

Rhabdolaimus terrestris 0.0 8.3 0.0 0.7 5.8 0.0 0.0 0.0 1.7 0.0 2.3 

Semitobrilus pellucidus 0.0 0.0 0.0 0.0 0.0 9.2 1.4 1.8 3.4 19.4 2.3 

Species 1 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.3 0.0 0.0 0.0 

Teratocephalus sp. 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 1.1 0.0 

Theristus agilis 0.0 2.8 0.4 4.3 5.8 6.5 9.2 1.5 23.9 1.1 11.7 

Tobrilus gracilis 4.0 8.3 0.4 0.7 0.0 4.6 2.1 0.0 8.5 0.0 2.3 

Tobrilus sp. 1 1.1 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Tobrilus sp. 2 0.0 2.8 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 

Tripyla glomerans 0.3 0.0 0.0 8.0 0.0 0.0 2.1 0.0 0.0 0.0 0.0 

Trischistoma monohystera 0.0 0.0 0.0 0.0 0.0 0.9 2.1 0.0 1.7 0.0 0.0 

Tylenchus davainei 0.0 0.0 0.0 0.0 0.0 0.0 0.7 0.0 1.7 3.4 4.7 

Tylenchus sp. 0.0 0.0 0.4 0.0 0.0 0.0 0.7 0.3 0.0 0.0 0.0 

Wilsonema otophorum 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 2.3 
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Abstract 18 

Holistic water quality models to support decision-making in catchments with competing 19 

stakeholder perspectives are still limited. To address this gap, this study aims to develop an 20 

integrated, variable-scale system dynamics model for water quantity and quality (including stream 21 

temperature; dissolved oxygen; macronutrients) and apply it in a data-rich catchment to uncover 22 

key insights into the dynamics governing water quality in a lowland peri-urban stream. Adaptable 23 

plug-n-play modules handle the complexity (sources; pathways) related to both urban and 24 

agricultural/natural land-use features. Simulation and sensitivity results could highlight the 25 

influence of stream temperature variations and enhanced heterotrophic respiration in summer, 26 

causing low dissolved oxygen levels. Uncertainty results combined with a rich dataset show high 27 

potential for ammonium uptake in the macrophyte-dominated reach and a possible remobilization 28 

of phosphorus from the sediment. These findings are especially important for the design of green 29 

transition solutions, where single-objective management strategies may negatively impact aquatic 30 

ecosystems. 31 

  32 
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1 Introduction 33 

Surface water ecosystems worldwide are deteriorating at an alarming rate under ever-increasing human 34 

pressures and climate change (Dudgeon et al., 2006; Reid et al., 2018; Vörösmarty et al., 2010), 35 

threatening biodiversity and ecosystem services that link to human water security and public health 36 

(Green et al., 2015; Heal et al., 2020; Tickner et al., 2020; von Schiller et al., 2017). Notably, increases 37 

in agricultural productivity, urbanization and their associated impacts have multiplied the number and 38 

severity of stressors to surface waters since the middle of the 20th century, with e.g. enhanced loads of 39 

nutrients, pollutants and flow alteration (Meyer et al., 2005; Pinto and Maheshwari, 2011; Van Meter 40 

et al., 2016). Bioeconomy-related pressures resulting from the drive towards green transition solutions 41 

in response to climate change threats may pose additional threats to stream water quality (e.g. Marttila 42 

et al., 2020). 43 

Peri-urban streams are a prime example of this, with great potential to be impacted by the heterogeneous 44 

sprawl of urban, industrial and agricultural activities coexisting with natural areas that may be found 45 

sporadically throughout a given catchment (Allen, 2003; Piorr and Ravetz, 2011; Lemaire et al., 2020). 46 

The combination of various hydrological pathways and related response times, with fast drainage from 47 

impervious urban areas compared to more natural ones, results in high spatial and temporal variability 48 

at different scales that may confound the identification of impairment sources (Aurélio et al., 2019; Guo 49 

et al., 2020; Lintern et al., 2018, Lemaire et al.,subm.). Moreover, measurements taken in these types 50 

of catchments are still generally insufficient to capture - spatially or temporally – the driving processes 51 

leading to these variations which are needed to ensure effective mitigation strategies and sustainable 52 

decision-making (Braud et al., 2013; Kirchner, 2006; Yang et al., 2018). Management decisions 53 

regarding stream flow and quality within the peri-urban landscape are thus extremely challenging. 54 

Integrated water quality models, i.e. considering the mutual interaction of flow and quality with 55 

potential for integration with the broader socio-economical-ecological system, are therefore essential 56 

tools to support water resources management and facilitate decision-making (Birk et al., 2020; Fu et al., 57 

2019; Pinto and Maheshwari, 2014). 58 

Many hydrological and water quality models have been developed over the years. These models can be 59 

classified by increasing degree of complexity from statistical (e.g. regression-based) to more 60 

mechanistic models (physical description of processes), and spatially from lumped to physically 61 

distributed, chosen depending on the application purpose (Hesse et al., 2008). Widely applied water 62 

quality models (based on number of published studies over the last 20 years, e.g. Burigato Costa et al. 63 

(2019)), include the Soil and Water Assessment Tool (SWAT) (Neitsch et al., 2011), WASP (Di Toro 64 

et al., 1983), QUAL2E/K (Chapra et al., 2012), AQUATOX (Park et al., 2008), and the MIKE series 65 

(DHI, 2017). However, their use to simultaneously address the hydrology and water quality of streams 66 

within peri-urban contexts is relatively limited. Reasons for this may lie in the reliance on a 67 

hydrodynamic model not yet fully adapted to the peri-urban context (Braud et al., 2013), the large data 68 
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requirement and parametrization level necessary when using spatially distributed models also resulting 69 

in long calculation times (Thuy et al., 2018; Wittmer et al., 2016), and/or the difficulty to account for 70 

the inherent uncertainty and high variability of input data (Fu et al., 2020).  71 

Consequently, specific research-based models have been developed for investigating peri-urban 72 

streams. However, these models tend to be fragmented in sub-disciplines, e.g. hydrology (Jankowfsky 73 

et al., 2014), physico-chemical properties (Hutchins et al., 2010); or target a specific water quality 74 

aspect, e.g. pesticide pollution (Wittmer et al., 2016). While they certainly have the capability to 75 

perform integrated simulations, or to be further developed by being coupled together, their interfacing 76 

(data format, calculation time step) may not be straightforward. Machine learning techniques have 77 

become extremely popular for water quality (e.g. Najah Ahmed et al.; 2019), possibly coupled to other 78 

models (e.g. Noori et al.; 2020) and could therefore be applied in peri-urban settings. Nevertheless, 79 

these models also rely heavily on data and may be limited in terms of direct (cause-effect) links to 80 

process understanding and thus decision-support capabilities (Rudin, 2019; Schmidt et al., 2020). 81 

Finally and to this day, very few models offer the possibility and flexibility for stakeholder engagement, 82 

inclusion of local knowledge, and integration capabilities at a higher level for socio-economical-83 

ecological consideration, which is deemed necessary for better and more acceptable stream water 84 

management (Badham et al., 2019; Fu et al., 2020; Weigelhofer et al., 2021).  85 

A promising solution that can fill the gap in terms of watershed modelling approaches capable of 86 

offering users a holistic and reliable understanding of the systems involved, including uncertainties 87 

related to both linear and nonlinear dependencies within and across sub-systems, is system dynamics 88 

(SD) simulation. The approach is based on the implementation of an interconnected system of flows 89 

and stocks, whose structure gives rise to the dynamic behaviour (Khan et al., 2009; Simonovic, 2012). 90 

SD introduces a flexibility lacking in many other methods, including speed of model development and 91 

simulation time, ability to simulate interactions and thus interdependencies between model sub-systems, 92 

and improved transparency for conceptural understanding of the system and thus communication of 93 

model results (Liu et al., 2015; McKnight and Finkel, 2013) . Moreover, the benefits of SD for water 94 

resources modeling are numerous, e.g. multidisciplinary aspects, causality analysis, stakeholder 95 

participation, as documented in Winz et al. (2008) and Zomorodian et al. (2018), and it has been broadly 96 

applied to numerous environmental and water resource management issues (Beall et al., 2011; Carnohan 97 

et al., 2020; Simonovic, 2002; Tian et al., 2020).  98 

Although SD simulation continues to gain traction as a useful tool, there is still a gap with respect to 99 

studies utilizing this approach to provide holistic, integrated model insights within the field of water 100 

resources modelling and planning (Zomorodian et al., 2018), and more specifically within water quality 101 

modeling (see also section 2.1). This study aims to fill this gap, presenting an integrated SD model for 102 

(1) water quantity and (2) water quality (i.e. physico-chemical conditions), which is used to (3) enhance 103 
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our understanding of the highly dynamic processes governing water quality in a peri-urban catchment 104 

context. Modules have been developed, which can be implemented in a plug-and-play fashion, to handle 105 

the complexity related to both urban and agricultural/natural land-use features that may be present 106 

within a given stream reach, in terms of sources and pathways which may impact water quality. The 107 

model has been applied in a data-rich catchment to demonstrate its applicability. In this catchment, 108 

degraded water and ecological quality have been routinely observed. More specifically, important 109 

temporal variations, in terms of dissolved oxygen, temperature, flow and nutrient discharge from both 110 

urban and agricultural areas, are possible drivers of the ecological degradation, although other stressors 111 

co-exist (Lemaire et al., subm.). Comparison of simulation results with both available sensor and grab 112 

sampled data provide valuable insights into the processes affecting peri-urban stream quality and the 113 

importance of  integrating water quantity and quality modelling to improve system understanding.  114 

2 Methodology 115 

2.1 System dynamics approach 116 

The SD model has been developed using the visual object-oriented software Stella Architect (ISEE, 117 

2020). SD models have been developed to address both water quantity and quality challenges, though 118 

typically separately. This includes models that simulate local hydrological processes (Khan et al., 2009) 119 

or capture the general water balance at catchment or regional scales (e.g. Ghashghaei et al. (2013); 120 

Sehlke and Jacobson (2005)). Specific applications for water quality include nutrient release from 121 

agriculture and urban areas with stakeholder participation (Brown Gaddis et al., 2007; Gallagher et al., 122 

2020; Rivers et al., 2013; Teegavarapu et al., 2005), pollutant point discharge from raw sewage or 123 

bypass effluents (Elshorbagy, 2002), salinity issues (Venkatesan et al., 2011), contaminant spills (Zhang 124 

et al., 2011) and contaminated groundwater transport (McKnight and Finkel, 2013) including with 125 

discharge to a receiving stream (McKnight et al., 2010). To the authors’ knowledge, the SD model 126 

presented here is the first to integrate water quantity and quality with the objective of simulating the 127 

major features present within a mixed land-use catchment context.  128 

2.2 Model description 129 

The SD model is comprised of a scalable, combined hydrologic and in-stream water quality model. 130 

Overall, the model aims to simulate the water flow and associated stream depth, incorporating key 131 

natural and urban-related hydrological processes as described further below. Fundamentally, it is based 132 

on a representation of fully mixed connected reaches, through which different estimated hydrological 133 

flow components (groundwater; urban-related flows; tributaries) are aggregated and routed along (Fig. 134 

1). The geometry of the stream reach is simplified to an ideal rectangular cross-section, which is deemed 135 

sufficient considering the bathymetric data available. The natural and anthropogenic features of the 136 

hydrological cycle will combine to influence the various in-stream physico-chemical parameters. 137 

Currently, dissolved oxygen (DO), stream temperature (temp), nitrate (NO3), ammonium/ammonia 138 
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(NH4), soluble reactive phosphorus (PO4), as well as chlorophyll-a (chl-a) – used as a proxy for 139 

suspended algae and benthic plant biomass (macrophytes and benthic algae), are simulated in terms of 140 

water quality parameters. 141 

All processes and associated sub-processes were developed as separate modules within the provided 142 

software interface, enabling the plug-n-play environment. A catchment model can thus be quickly 143 

assembled by first creating the required number of reaches and connecting all relevant input and output 144 

variables between modules of interest within a reach, and then between the reaches, providing a flexible 145 

environment for a fast and transparent model development (Supplementary Information (SI), Fig. S1). 146 

A condensed description of the model and simulated processes is provided in more detail below and in 147 

Appendix A.  148 
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  149 

Figure 1. Model conceptual structure for a single reach encompassing the key hydrological (upper) and in-stream 150 
water quality (lower) processes. Key interconnecting processes for water quality given as numbers, include: (1) 151 
carbonaceous biochemical oxygen demand, (2) reaeration, (3) nitrification, (4) sediment oxygen demand, (5) 152 
photosynthesis/autotrophic respiration, (6) nutrient assimilation, (7) denitrification, (8) settling, (9) 153 
ammonium/ammonia partitioning (pH-dependent), and (10) water-atmosphere heat exchange. All processes are 154 
temperature-dependent. Abbreviations are defined in the related sections 2.2.1 and 2.2.2. 155 

2.2.1 Hydrological model 156 

The hydrological cycle found in peri-urban streams is comprised of both a natural component, as well 157 

as regulated (e.g. wastewater effluent outlets) and unregulated (e.g. separate system outlets) components 158 

representing the anthropogenic modification of the water cycle. The hydrological model is driven by 159 

precipitation, air temperature and extraterrestrial radiation, equivalent to a lumped rainfall-runoff (RR) 160 

formulation. When applied as several modules in series as presented here, however, it can be seen as a 161 

semi-distributed model (or series of lumped models), capable of representing key features specific to 162 
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smaller sub-catchments which may have different governing parameters. To account for the urban 163 

component, precipitation can then be partitioned between the natural/agricultural (or pervious) and 164 

urban (or impervious) components estimated within the catchment, which is allocated using an 165 

aggregated coefficient of imperviousness (fimp) (eq. A.2; A.17) varying between 0 (natural sub-166 

catchment) and 1 (fully impervious/urban catchment). The general water balance for a given reach is: 167 

𝑄𝑜𝑢𝑡 =  𝑄𝑖𝑛,𝑟𝑜𝑢𝑡𝑒𝑑 + 𝑅𝑅𝑠𝑡𝑟𝑒𝑎𝑚𝑓𝑙𝑜𝑤  − ∑ 𝑜𝑢𝑡𝑓𝑙𝑜𝑤𝑠

𝑗

 
(Eq. 1) 

where Qout is the flow at the outlet of a reach; Qin,routed is the routed outflow from the previous reach and 168 

routed flow components (tributaries discharging within the reach, urban water flows); 𝑅𝑅𝑠𝑡𝑟𝑒𝑎𝑚𝑓𝑙𝑜𝑤 169 

represents the flow component generated by the precipitation falling over pervious areas and handled 170 

by the RR model; and finally outflows, j, represents the sum of any water withdrawals (e.g. direct water 171 

abstraction; losing reach section).  172 

More specifically, the RR model is inspired by the HBV model (Bergström, 1992) and work by Brauer 173 

et al. (2014), accounting for both soil moisture, groundwater storage and an extra runoff stock (Fig.1; 174 

eq. A.1, A.4, A.13). The contribution resulting from the impervious surfaces, corresponding to the 175 

urban-related outflows (i.e. separate systems and combined sewer overflows) are estimated using an 176 

equivalent drainage area estimated from spatially aggregated data of imperviousness, network extent in 177 

the sub-catchment, and dedicated reservoirs (eq. A.17-19). Combined sewer overflows are specifically 178 

modelled as a simple reservoir but with a nonlinear outflow that becomes active above a certain volume 179 

threshold; this is incorporated in the reach as a point inflow (other, Fig. 1; A.23). Wastewater treatment 180 

plants (WWTP) effluents, constituting point discharges to the stream, are currently introduced as a time 181 

series. All the urban inflows are aggregated at the inlet of the reach, and routed using a 3rd-order delay 182 

function (equivalent to a 3rd-order Nash-cascade model) before being merged with the RR model output. 183 

This enables hydrograph shape prediction, when the inflows and channel characteristics are known. 184 

Finally, a leaking term is introduced for each reach, to account for a possible losing stream section (flow 185 

transfer from the stream to the groundwater; eq. A.24).  186 

Water depth is inferred from the calculated water flow using Manning’s equation with a shallow depth 187 

approximation and a variable Manning’s coefficient, n, estimate (Chow et al., 1988; eq. A.25). The 188 

latter is dynamically updated on a daily basis in the model using a power regression law, with the 189 

estimated streamflow as the independent variable (eq. A.27). This approach is deemed reasonable in 190 

small streams for which Manning’s coefficient (and consequently depth) are strongly affected by the 191 

influential seasonal macrophyte coverage occurring at low flow in the summer, but less at high 192 

discharge (de Doncker et al., 2011; SI Fig. S5). 193 
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2.2.2 Physico-chemical conditions and water quality 194 

All dissolved substance concentrations, 𝐶, in the stream model are simulated using fully-mixed mass 195 

balance equations with relevant source and sink terms, 𝑆, that are often temperature-dependent (all 196 

terms expressed in [𝑚𝑎𝑠𝑠/𝑡𝑖𝑚𝑒]):  197 

𝑑(𝑉. 𝐶)

𝑑𝑡
= 𝑄𝑖𝑛𝐶𝑖𝑛 − 𝑄𝑜𝑢𝑡𝐶 + 𝑆(𝐶, 𝑝) 

(Eq. 2) 

where 𝑉 represents the volume of water in a given reach, 𝑄𝑖𝑛𝐶𝑖𝑛 are the substance loading terms, 𝐶 is 198 

the fully-mixed concentration of the substance in the reach, and 𝑄𝑖𝑛 and 𝑄𝑜𝑢𝑡 represent respectively the 199 

inflow and outflow in the reach. The substance loadings are calculated from estimated/input flow 200 

components combined with measured or representative concentration levels at the stream interface, i.e. 201 

the source-pathway and possible attenuation is not explicitly modelled. 202 

The stream water temperature model is based on an instantaneous mixing model using temperature 203 

loading in the investigated reach, the temperature loading estimated from the previous reach, and the 204 

equilibrium temperature concept for the heat exchange at the stream/air interface following Caissie et 205 

al. (2005): 206 

𝜌𝐶𝑝

𝜕(𝑉. 𝑇𝑤)

𝜕𝑡
= 𝐴𝐻 + 𝜌𝐶𝑝(∑ 𝑇𝑖𝑄𝑖 − 𝑇𝑤𝑄𝑜𝑢𝑡) 

(Eq. 3) 

where 𝜌 is the water density, 𝐶𝑝 is the water specific heat capacity [𝑀𝐽. 𝑘𝑔−1. °𝐶−1], 𝐴 is the area of 207 

river/atmosphere interface [𝑚2], 𝐻 is the net atmospheric flux [𝑀𝐽. 𝑚2. 𝑑𝑎𝑦−1], 𝑇𝑖, 𝑄𝑖 are the water 208 

temperature and inflows to the reach respectively, and  𝑄𝑜𝑢𝑡 is the outflow of the reach. Temperature 209 

loadings, 𝑇𝑖𝑄𝑖, are assessed from the different calculated or input flow component combined to 210 

temperature estimate provided as time series or assessed using a regression model based on air-211 

temperature (Toffolon and Piccolroaz, 2015; SI Fig. S6). 212 

DO  in the stream is depleted by carbonaceous biological oxygen demand (cBOD; eq. A.37), 213 

nitrification (NBOD; eq. A.43), a constant “background” sediment oxygen demand (SOD; eq. A.54) 214 

and an additional dynamic heterotrophic respiration term( eq. A.72) to possibly account for the 215 

enhanced settling of fine organic sediment or plant exudation and resulting heterotrophic activity 216 

(Alnoee et al., 2021; Blaszczak et al., 2019). DO is also affected by photosynthesis/autotrophic plant 217 

respiration (eq. A68-72) and balanced by a reaeration process. To prevent negative DO concentrations 218 

from occurring, we implemented a simple feedback control mechanism by linking the DO to the 219 

oxidation rate for organic matter (modelled as cBOD) following Gotovtsev (2010) (eq. A.40). The 220 

potential DO diurnal variation stemming from plant biomass photosynthesis and autotropic respiration 221 

is simulated on an hourly basis and determined by the photoperiod, estimated max. photosynthesis rate 222 

on a daily basis and idealized diurnal cycles (Simonsen and Harremoës, 1978; eq. A.70). Finally, DO 223 
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saturation is computed from temperature, salinity and altitude (APHA, 1992; eq. A.36-38) and 224 

reaeration is driven by the Owens-Gibbs formulation (Owens et al., 1964; eq. A.35).  225 

The model simulates dissolved orthophosphate and inorganic nitrogen (in nitrate and ammonium forms) 226 

as nutrients received in the stream water. The nitrification process is simplified to a one step process in 227 

which the first oxidation to nitrite is omitted due to its fast reaction rate (Chapra, 1997; eq. A.46), while 228 

on the other hand nitrate is potentially removed by denitrification (eq. A.51). Ammonium/ammonia 229 

partitioning is evaluated using equilibrium reaction based on pH data (Nazaroff and Alvarez-Cohen, 230 

2001; eq. A.48). pH is currently incorporated directly, as input data to the model, and is not calculated. 231 

The nutrient N,P pool is potentially depleted via assimilation by the plant biomass based on mass 232 

stoichiometric ratios (Bott, 2007; Redfield, 1934) or simply transported further downstream. Nutrient 233 

fluxes from the sediment are currently not accounted for in this model version. 234 

The plant biomass in the stream water contributing to photosynthesis and respiration is split into two 235 

different stocks, corresponding to two separate autotroph groups according to their mobility: 236 

phytoplankton, which is transported in the water column, and fixed aquatic plant communities (e.g. 237 

macrophytes; benthic algae), which are pooled together. For both stocks, the plant biomass is reduced 238 

by a combined respiration/excretion and non-predatory mortality term (eq. A.55-56). Phytoplankton, 239 

additionally, can settle (eq. 57). The respiration/excretion and mortality terms are only temperature-240 

dependent (Bowie et al., 1985; eq. A.58), whereas gross growth is controlled and limited by 241 

environmental conditions including temperature (Bowie et al., 1985; eq. A.59), nutrient availability 242 

(minimum of N,P pool following a Michaelis-Menten formulation; eq. A.61), and light (beer-lambert 243 

light attenuation integrated over time and depth (Chapra, 1997; Steele, 1965); eq. A.62). The light 244 

attenuation coefficient is dynamically estimated and linearly dependent on both suspended particles 245 

(non-algal suspended solids as background attenuation) and the phytoplankton concentration, and non-246 

linearly related to macrophyte biomass (Chapra, 1997; Krause-Jensen and Sand-Jensen, 1998; eq. 247 

A.65). 248 

The daily photosynthetic rate is a linear function of the gross growth rate for the different aquatic plant 249 

stocks, identical for all stocks (Chapra, 1997; eq. A.68), and the corresponding autotrophic respiration 250 

is estimated as a fraction of this daily photosynthetic rate (Hall and Beaulieu, 2013; eq. A.69). 251 

It is worth noting that the decaying of plant materials after death is so far not included. Hence, the 252 

resulting nutrient flux from this decomposition, and the nutrient fluxes from the streambed in general, 253 

are not accounted for. However, the oxygen required for the decomposition of the plant matter is 254 

essentially accounted for in the SOD calculations in the current version of this model.  255 
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2.3 Model uncertainty 256 

Stream water quality is characterized by a very high spatio-temporal variability, and associated models 257 

are often functioning in data-scarce environments (Fu et al., 2020). These variations stem, for example, 258 

from variations in landscape characteristics and catchment topography in the spatial dimension (Litern 259 

et al., 2018), whereas changes in environmental conditions coupled to variations in the source, active 260 

pathways and related process will influence the temporal variability at hourly, daily and seasonal scales 261 

(Guo et al., 2020). Notably, considering these variations and related uncertainty in any model output 262 

may ultimately become crucial, especially if the model results are used in any kind of decision-making 263 

process (Uusitalo et al., 2015). 264 

Due to the limited availability of associated data, the uncertainty and potential spatio-temporal 265 

variations of the physico-chemical conditions is addressed using the Monte-Carlo (MC) simulation 266 

capabilities offered in the STELLA software. Specifically, Latin Hypercube Sampling technique 267 

(McKay et al., 2000) was used to ensure a proper spread of possible parameter values, including the 268 

extremes, are sampled within the defined parameter space. For each of the tracked physico-chemical 269 

conditions, we carried out 200 realizations , i.e. > 10 times the number of uncertain parameters (SI, 270 

Table S4-5) following the recommendations by Heebner and Toran (2000) for this sampling technique. 271 

The uncertainty arising from the model structure itself is not evaluated here, considering the structure 272 

presented in this study was developed based on well-accepted processes. However, possible omitted 273 

processes will be discussed in section 5. 274 

3 Model application  275 

3.1  The Usserød peri-urban catchment 276 

The model was applied to a small low-land catchment (ca. 120 km2, mean elevation 30.8 m.a.s.l 277 

(DVR.90) located on Sjaelland, 25 km north of Copenhagen, Denmark (Fig 2). This catchment is 278 

drained by Usserød Stream, flowing from its origin at Sjael Lake (via automatic sluice control) before 279 

merging with the Nivå Tributary and discharging in the Baltic sea ca. 8000 m to the north. The stream 280 

is considered as a small-to-medium stream at the national level, with width ranging from ca. 2 to 13 m, 281 

and depth from 0.2 to 1.0 m. The median flow is ca. 348 L/s-1 for the period 2017-2019 (St.50.05; 282 

Danmark Miljøportal, 2020). The geology in the catchment consists of clay tills with embedded sand 283 

lenses/layers, which is typical for this part of Denmark. Groundwater is abstracted from the underlying 284 

Danien limestone aquifer (SI Fig. S2). A detailed description of the catchment can be found in a related 285 

paper (Lemaire et al., subm.). 286 

This catchment is a typical peri-urban area, with a complex mixture of land-use activities spreading 287 

along the stream corridor. Urban (dwelling and industrial), agricultural and natural-like areas (mostly 288 

secondary forest and surface water) cover 22, 57 and 21% of the catchment, respectively. The Usserød 289 
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Stream receives additional flow from the Donse Tributary, draining mostly natural areas and agriculture 290 

lands, before running through more agricultural lands in the north direction further downstream. Urban 291 

areas are predominant in the upstream part of the catchment, where 2 sluices with overflow and one 292 

low head dam with a side derivation ensure a possible flow regulation. These urban areas are drained 293 

by both combined sewer overflow systems (CSO) and separate storm (rainwater) overflow systems 294 

(SSO), the latter discharging stormwater directly into the stream (SI Fig. S2). Approximately 11 CSO 295 

structures are found along the Usserød stream for a direct discharge of excess sewage water in case of 296 

overload of the combined system network (SI Fig. S3). Wastewater in the catchment is treated by 3 297 

wastewater treatment plants releasing effluent into the stream.  298 

Former monitoring activities in the catchment revealed that some physico-chemical and water quality 299 

parameters (e.g. dissolved oxygen, temperature) were below the local guideline values, with potential 300 

impairment of the ecological status of the stream (Gørtz and Schultz, 2020; Krüger, 2011). 301 

 302 

Figure 2. Overview of the Usserød catchment with stream and tributary (a) general land use (DSFE, 2020) and 303 
abstraction well location along the stream, (b) key urban features (WWTP) and available monitoring network. 304 
The reach boundaries are also displayed and set by the monitoring stations for verification purposes (Rudersdal 305 
et al., 2020). Each reach is named after the corresponding downstream monitoring station in this study.  306 
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3.2 Available input and monitoring data 307 

A network of continuous monitoring stations deployed in the catchment provided hourly to daily time 308 

series for several of the stream hydrological and physical-chemical properties used for calibration and 309 

verification (Table 1; Fig. 2). Furthermore, the dual measurement flow and water level/depth by 310 

individual sensors enabled the estimation of an equivalent Manning’s coefficient and the regression 311 

parameters employed to characterize its dynamic variations in our model (SI Fig. S5).  312 

  313 
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Table 1. Summary of available input and monitoring data for the simulated peri-urban catchment. Detailed 314 
description and quantitative values can be found in SI (Fig. S2.4, and Table S3). By default, the 6 locations in this 315 
table refer to the 6 flow/depth monitoring stations (Sjaelsø, Grønnegade, Ådalsvej, Parallelvej, Nivemølle, 316 
Fredtoften, Brønsholmdalsvej ; Fig. 2). (*): Grønnegade, Ådalsvej, Nivemølle station only. The location for pH, 317 
temperature and dissolved oxygen monitoring are shown in Fig. 2.  318 

Parameter Sampling 

frequency 

Location 

description  

(Fig 2, S2) 

Source/References 

Catchment spatial properties 

Land use, elevation / Catchment DSFE (2020) 

Sewer network type 

(extent, imperviousness) 

/ 
Catchment NOVAFOS (2020) 

Environmental conditions 

Air Temperature Daily Catchment DMI (2020a) 

Precipitation Hourly Catchment DMI (2020b) 

Cloud cover Daily Outside catchment DMI (2020a) 

Extraterrestrial Radiation Daily Catchment Bojanowski (2013) 

Stream hydrology 

Flow Hourly 6 locations  

Rudersdal et al. (2020) 

 

Water depth Hourly 6 locations 

Water abstraction Daily 3 main areas 

Stream physico-chemical conditions 

Water temperature Hourly / 1 location Rudersdal et al. (2020) 

 Bi-monthly 3 locations * Lemaire et al. (subm.) 

pH Hourly / 1 location Rudersdal et al. (2020) 

 Bi-monthly 3 locations * Lemaire et al. (subm.) 

Oxygen Hourly 2 locations Rudersdal et al. (2020) 

 Bi-monthly 3 locations * Lemaire et al. (subm.) 

Nutrient  

(NH4+,NO3-,PO¤3-) 

Bi-monthly 3 locations * Lemaire et al. (subm.) 

Chl-a Bi-monthly 3 locations * Lemaire et al. (subm.) 

Urban discharge 

CSO flow Event Ådalsevej  

(multiple in reach) 
Hørsholm Kommune (2020) 

Effluent flow Daily 3 WWTPs (NOVAFOS, 2020) 

Effluent physico-chemical properties 

(temperature, DO sat, Nutrient) 

Variable 

(daily-monthly) 

3 WWTPs (NOVAFOS, 2020) 

 319 
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The different sub-catchments and associated reach characteristics (i.e. elevation, land cover, reach 320 

length) were retrieved from DSFE (2020) for delineation and zonal statistics operations were performed 321 

in QGIS (v2.18.28, TauDEM package). Meteorological data (air temperature and precipitation time 322 

series) were collected from a weather station located in the catchment (St.5622; DMI, 2020a,b), while 323 

cloud cover was collected from the closest station with available data (Station 06188, ca. 12 km from 324 

the catchment; DMI, 2020a). 325 

Details and technical information about the drainage of urban areas were gathered from the local 326 

drinking water and wastewater company with GIS shape files displaying the average degree of 327 

imperviousness and sewer network type at a spatial resolution close to cadastral units (SI Fig. S2, S3, 328 

S4). Groundwater extraction data were received as time series on a daily basis and aggregated per reach. 329 

The different WWTP influent and effluent flows, as well as some associated physico-chemical 330 

conditions (e.g. temperature, oxygen saturation, nutrient concentrations) were provided as daily time 331 

series for the largest WWTP and at lower and variable frequency for the two smallest ones (SI, Table 332 

S1). Almost all CSOs in this catchment are located in the reach Grønnegade-Ådalsvej (except one in 333 

the upstream reach Sjaelsø-Grønnegade) and their overflow volume is closely monitored by the local 334 

municipality (Hørsholm Kommune, 2020). Other data specifically focusing on water quality (nutrients, 335 

chl-a) were available from temporal monitoring (point measurements)  at 11 different sampling stations 336 

by Lemaire et al. (subm.) during 2018 and 2019. Remaining data were extracted from literature sources: 337 

nutrient concentrations in some specific compartment, BOD, and DO saturation for urban drainage 338 

compartment (SSOs and CSOs), as well as most data related to stream aquatic plant biomass. All input 339 

data and model parameters are provided in SI Tables S1 and S2.  340 

  341 
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3.3 Model set up and calibration 342 

3.3.1 General set up of modelled system 343 

The Userød Stream was discretized into three reaches in this catchment, so that the reach outlets 344 

coincided with the available monitoring stations and judiciously include the various different features 345 

and input discharges. The reach lengths range from 1500 to 3500 m and are designated (named) 346 

according to their outlet points through the rest of this paper (i.e. Grønnegade, Ådalsvej, Parallelvej, 347 

Nivemølle, Fig. 2b). The length range theoretically ensures fully mixed conditions of any substances 348 

discharging at the up-gradient boundary and are short enough to consider the reach geometry as 349 

uniform. It is worth noting that an additional reach was calculated, i.e. the sub-reach Parallelvej (Fig. 350 

2b), to facilitate verification of the DO model result with the only available DO concentration 351 

measurement (sensor) in the catchment. The Donse Tributary contribution to the streamflow at 352 

Brønsholmsdalsvej was estimated using the developed RR module. Reach characteristics can be found 353 

in SI Table S3. 354 

We used three consecutive years of monitoring station data (2017-2019, Table 1) for calibration and 355 

verification: year 2017 and 2018 for the hydrological calibration (these years were respectively wet and 356 

dry, with annual precipitation of 777 and 512 mm, average cumulated = 712 mm) and year 2019 for the 357 

verification (cumulated precipitation = 791 mm). The results from a field investigation by Lemaire et 358 

al. (subm.) provided a dataset to assess the model’s ability to simulate the dynamic variations of the 359 

physico-chemical conditions. The pH monitored at the most upstream part of the catchment was used 360 

as input and assumed uniform throughout all reaches. Such an assumption allows a simulation of 361 

extreme cases as we can suspect the highest variations of pH stemming from the eutrophic conditions 362 

at the source of the catchment, and more subtle variation downstream due to the more controlled 363 

variation imposed by the WWTP operations. The model is run using a daily time-step. 364 

3.3.2 Model calibration procedure and application 365 

The RR model and the CSO sub-module model were automatically calibrated using the dedicated 366 

STELLA module based on a differential evolution algorithm and least squares method for error 367 

minimization (ISEE, 2020; Price et al., 2005). The calibration was first run on the tributary and its 368 

associated sub-catchment (Fredtoften, Fig. 2b), i.e. the most pervious part of the catchment and 369 

relatively free from any urban disturbance and for which the least data were available. In a second step, 370 

this simulation was run for the entire tributary sub-catchment (Brønsholmsdalsvej, Fig. 2b) with 371 

inclusion of the urban areas to verify its satisfactory performance in peri-urban settings. The calibrated 372 

parameter values were used as default parameter values in the RR model for the Usserød stream reaches, 373 

assuming relatively uniform geohydrological conditions over such a small catchment size. The 374 

groundwater storage time constant required an extra calibration operation (carried out on the most 375 

upstream reach and assumed equal in the other reaches) due to its strong influence on the hydrological 376 
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response (SI, Fig. 14). The corresponding initial stock value was here manually adjusted to fit the start 377 

of the simulation period. All other stock initial values were simply initialized to non-null values, as their 378 

influences were negligible beyond the first few days of simulation. Finally, a non-null leaking term was 379 

introduced and calibrated in the most downstream reach to account for a losing section (flow from the 380 

stream towards groundwater) in periods of low flow. The CSO module calibration was carried out using 381 

the aggregated time series of all CSOs events (arithmetic summation) in this reach, considering the 382 

lump character of our model. The single CSO structure present in the Grønnegade reach was neglected 383 

at this stage. Calibrated values can be found in SI Table S3. 384 

The automatic calibration for all physico-chemical parameters of interest (i.e. DO, temp, NH3, NO3, 385 

PO4, chl-a) is hindered by the absence of a multi-objective calibration procedure, complex feedback 386 

mechanisms and limited measurement data. Instead, we used a multiple steps calibration to get a 387 

deterministic solution for the DO concentration, based on the identified most sensitive parameters (SI, 388 

Fig.S18): DO saturation of the different flow components, heterotrophic respiration, followed by BOD 389 

degradation rate and nitrification. The oxygen yield parameter for the plant biomass was set to realistic 390 

values based on the literature in order to get a DO estimate at a sub-daily time step (Krause-Jensen and 391 

Sand-Jensen, 1998). Uncertainty and time variation of parameters and inputs were then addressed by 392 

Monte Carlo Simulation. No specific calibration was used for the temperature simulation that is mostly 393 

relying on the input regression model (SI Fig. S6). Finally, the ability of the model to handle nutrient 394 

and chl-a concentrations were carried out via a forcing input function at Grønnegade station, based on 395 

simulated flow, concentration data from Lemaire et al. (subm), and MC simulation to address the 396 

parameter uncertainty and the current capabilities of the model. 397 

3.3.3 Statistic indicators used for comparison between model results and data 398 

The model’s ability to capture stream water quantity and quality trends was evaluated using the 399 

comparison of plotted time series combined with standard statistical indicators: 𝑅𝑀𝑆𝐸 values and 400 

coefficient of determination 𝑅2 were computed for all quantities and specifically only when discrete 401 

measurement data were available. Nash-Sutcliffe Efficiency (𝑁𝑆𝐸), Percent BIAS (𝑃𝐵𝐼𝐴𝑆) and RMSE-402 

observations standard deviation ratio (𝑅𝑆𝑅) for hydrological quantities monitored continuously 403 

(Moriasi et al., 2007; Nash and Sutcliffe, 1970):  404 

𝑁𝑆𝐸 = 1 −
∑ (𝑌𝑠𝑖𝑚,𝑡 − 𝑌𝑚𝑒𝑎𝑠,𝑡)2𝑛

𝑡=1

∑ (𝑌𝑠𝑖𝑚,𝑡 − 𝑌𝑚𝑒𝑎𝑠)
2𝑛

𝑡=1

 405 

𝑃𝐵𝐼𝐴𝑆 = 100 ×
∑ (𝑌𝑚𝑒𝑎𝑠,𝑡 − 𝑌𝑠𝑖𝑚,𝑡)𝑛

𝑡=1

∑ 𝑌𝑚𝑒𝑎𝑠,𝑡
𝑛
𝑡=1

 406 

𝑅𝑀𝑆𝐸 = √
∑ (𝑌𝑚𝑒𝑎𝑠,𝑡 − 𝑌𝑠𝑖𝑚,𝑡)2𝑛

𝑡=1

𝑛
 407 
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𝑅𝑆𝑅 =
𝑅𝑀𝑆𝐸

𝑆𝑇𝐷𝐸𝑉𝑜𝑏𝑠
= √

∑ (𝑌𝑚𝑒𝑎𝑠,𝑡 − 𝑌𝑠𝑖𝑚,𝑡)2𝑛
𝑡=1

∑ (𝑌𝑚𝑒𝑎𝑠,𝑡 − 𝑌𝑚𝑒𝑎𝑠,𝑡)
2𝑛

𝑡=1

 408 

𝑅2 = 1 −
∑ (𝑌𝑚𝑒𝑎𝑠,𝑡 − �̂�,𝑡)2𝑛

𝑡=1

∑ (𝑌𝑚𝑒𝑎𝑠,𝑡 − 𝑌𝑚𝑒𝑎𝑠)2𝑛
𝑡=1

 409 

where 𝑌𝑚𝑒𝑎𝑠/𝑠𝑖𝑚 represents a measured/simulated target variable (e.g flow or depth). Consensus 410 

performance ratings for some of these indicators were used to evaluate our results according to Barbosa 411 

et al. (2019) and can be found in SI, Table S2. 412 

Finally, we used a flashiness index to characterize the impact of the urban compartment on the peri-413 

urban stream flow, 𝑄, and alteration of the flow regime (Baker et al., 2004). 414 

𝑅𝐵 =
∑ |𝑄𝑖 − 𝑄𝑖−1|𝑛

𝑡=1

∑ 𝑄𝑖
𝑛
𝑡=1

 415 

  416 
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4 Results 417 

To demonstrate the model applicability, results for both the calibration and verification period are 418 

shown for various water quantity and quality indicators in the following sections. Taking advantage of 419 

the numerous stream gauging stations in the catchment, results could be shown for four locations along 420 

the Usserød stream (Grønnegade; Ådalsvej; Parallelvej; Nivemølle) and two locations along the Donse 421 

Tributary (Fredtoften; Brøholmsdalsvej), listed here in order from up- to downstream flow locations 422 

along each water course (Fig. 2). Results have been selected to show the versatility and transferability 423 

within the catchment, as well as the model performance. In terms of water quality, Parallelvej (Usserød 424 

Stream) is shown for DO, the location of the sensor; else results are shown according to the outlets for 425 

the three reaches comprising the Usserød catchment (Grønnegade; Ådalsvej; Nivemølle). 426 

4.1 Streamflow and water depth 427 

The model performs quite well in terms of flow simulation for Usserød Stream (Fig. 3a, b; SI Fig. S7), 428 

with the performance indicators categorized as good or very good for all reaches in terms of flow (NSE, 429 

RSR, PBIAS) for both the calibration and verification periods (Table 2). In terms of the stream water 430 

level (depth), the model was also found to simulate the dynamics well, both on a daily and seasonal 431 

basis, with most indicators in the satisfactory to good range (except at Grønnegade), and with RMSE 432 

values below 0.08 m for both calibration and verification periods (Table 2; Fig. 3a; SI Fig. S8), 433 

indicative for the suitability of the model in capturing seasonal variations of stream roughness. 434 

Notably, during the entire simulation period, 2017-2019, 49 CSOs events were recorded in the 435 

Ådalsgade reach (15 below 10m3/day), of which 11 were dynamically captured by our model without 436 

prior specific knowledge of the network structure (actual number of outlets) nor actual active control 437 

measures (related to CSO release requirements). Deviation of estimated and measured overflows were, 438 

however, relatively high (59% relative deviation for the events simulated) (SI Fig S9). Importantly, the 439 

simulation underlines the variable contribution and dynamics of the different flow components. In 440 

winter, an important part of the flow originates from the lake outflow (input) and the pervious areas. In 441 

summer, the tributary at Brønsholmdalsvej becomes negligible, while the WWTP effluents contribute 442 

significantly to the overall stream flow. Stormwater becomes an important contributor during rain 443 

events via the numerous separate system outlets to the stream. CSOs are sporadically active, but their 444 

respective short and intense discharges contribute relatively little to the flow, when aggregated on a 445 

daily basis (Fig. 8d). 446 

 447 
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 448 

Figure 3. Selected results of flow and depth simulations for Usserød stream (a,b) and the Donse tributary (c) 449 
compared to available measured data. Other simulation results can be found in SI Fig. S7 (Usserød flow), S8 450 
(Usserød water depth), S9 (Donse tributary flow).  451 

The RR model application comprising the full sub-catchment area (all feature types) of the Donse 452 

Tributary (Brøholmdalsvej) is shown in Fig. 3c for both the calibration and verification period. 453 

Satisfactory agreement between simulated and measured data could be documented for the calibration 454 

period, based on the NSE and RSR criteria, while PBIAS is 30% (Table 2). These all improved to very 455 

good for the verification period, where the effect of the urban drainage system on the flow is particularly 456 

visible: even on a daily time-step, sharp peaks and an increase in the flashiness index (RB) at 457 

Brøholmdalsvej are representative for the fast drainage of impervious areas via separate systems in this 458 

part of the sub-catchment (RB=0.13 and 0.15 at Fredtoften and Brøholmdalsvej, respectively). In 459 

comparison, for the upstream most pervious (agricultural/natural) part of this sub-catchment 460 
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(Fredtoften), the flow dynamics could be classified as good or very good (RSR; NSE) for the calibration 461 

period, and good (NSE; RSR) for the verification period (Table 2; SI Fig. S10).  462 

Table 2. Performance indicators for flow and depth simulations, including the Nash-Sutcliffe Efficiency (𝑁𝑆𝐸), 463 
Percent BIAS (𝑃𝐵𝐼𝐴𝑆), RMSE-observations standard deviation ratio (𝑅𝑆𝑅), and Flashiness index (RB, flow only) 464 
for all reaches, for both the calibration and verification period. Performance rating values for all indicators, except 465 
RB are indicated as follows (Barbosa et al., 2019): very good; good; satisfactory; unsatisfactory (x). Additional 466 
simulation results can be found in SI Fig. S7, S8, S9. 467 

Output 

Indicator 

 

Calibration Verification 

[2017 – nov 2018] [nov 2018- 10 oct 2019*/31 Dec 2019] 
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Usserød stream Donse trib Usserød stream Donse trib 

Flow           

 NSE 0.76 0.73 0.76 0.80 0.57 0.90 0.76 0.87 0.66 0.87 

 RSR 0.48 0.51 0.49 0.45 0.65 0.32 0.48 0.35 0.58 0.35 

 PBIAS 3.3 -9.3 0.01 3.3 30x 10.9 16.4 8.3 -42.7x -1.3 

 RB 0.19 0.17 0.20 0.14 0.15 0.18 0.18 0.20 0.13 0.15 

Water depth           

 NSE 0.45 x 0.59 0.67   0.61 0.70 0.60   

 RSR 0.74 x 0.64 0.57   0.62 0.55 0.63   

 PBIAS 7.5 -6.1 -7.8   4.4 -4.8 -8.3   

 RMSE 0.07 0.05 0.07   0.08 0.05 0.08   

*: indicator given for the period [nov 2018- 10 oct 2019], see section 5. 468 

The PBIAS indicator, however, highlights specific periods of flow overestimation and underestimation. 469 

For example, the flow at Fredtoften station is overestimated at the end of the summer-fall season in 470 

2018 and 2019 of the verification period (SI Fig. S10). Such a discrepancy is likely stemming from the 471 

source of the tributary, consisting of an overflow from a water impoundment not accounted for in the 472 

model, which becomes insignificant in the late summer time. Conversely, PBIAS indicates a flow 473 

underestimation during the calibration period at Brømsholmdalsvej. This deviation could potentially be 474 

caused by an extension of the separate systems network, not aligned with the natural delineation of the 475 

sub-catchment, and therefore collecting and adding stormwater from an adjacent sub-catchment. 476 

Nevertheless, we believe these results confirm the implemented approach is suitable for capturing the 477 

flow dynamics from urban and agricultural/natural catchment features. 478 
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4.2 Physico chemical and water quality parameters 479 

4.2.1 Stream Temperature 480 

The simulation of daily stream water temperature compares very well with the measurements for both 481 

the calibration and verification period at Parallelvej (Fig. 4; 𝑅2=0.90, 𝑅𝑀𝑆𝐸=1.6 °C). Moreover, the 482 

narrow percentile spread for the MC simulation results suggests that the uncertainty related to the 483 

relevant model parameters for simulating stream temperature is not critical (i.e. low sensitivity 484 

parameters), and that the daily stream temperature variations are mostly driven by the daily variation in 485 

air temperature (see results at Nivemølle station; Fig. 7a). Similar observations were made in a study 486 

by Toffolon and Piccolroaz (2015), where the small stream size and relatively shallow depth resulted 487 

in a low water thermal inertia and fast equilibrium of water temperature, leading in turn to important 488 

seasonal water temperature variations in the investigated stream.  489 

 490 

Figure 4. Simulation results for the stream temperature compared to grab sample measurements at Parallelvej (red 491 
marked circle in map). The grey ribbon indicates the calibration period for the RR model, rest of the time serie 492 
being the verification.  493 

4.3 Dissolved oxygen concentration 494 

Dissolved oxygen concentrations in the stream are relatively well captured by the model with a 495 

coefficient of determination for the daily average concentration ranging from 0.58 to 0.65 for the 496 

calibration and verification period, respectively, compared to the sensor data at Parallelvej (Fig. 5a and 497 

b). The computation at a sub-daily time-step also compares relatively well with observations in terms 498 

of the overall dynamic trend (Fig 5c), albeit with some short-term deviations. The observed 499 

discrepancies in amplitude at such a time discretization is likely related to the daily input data (not 500 

available at higher frequency), shadow effects not properly captured (either riparian or in-stream) and 501 

the uncertainty arising from the aggregation of aquatic plant biomass into two groups, as corroborated 502 

by the MC simulation results (most of the variations and the grab samples at Parallelvej and Nivemølle 503 

lie within the estimated percentiles; Fig. 6 and 7b). In terms of time variation, the diel oscillation and 504 

max. DO concentration resulting from photosynthetic activity occur relatively late compared to the 505 

simulation for point C (Fig. 5c) and may possibly stem from an unknown sensor timestamp shift, local 506 
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variability in environmental conditions, or high macrophyte density in the most upstream part of the 507 

catchment combined with a much lower reaeration rate than estimated (results not shown). This point 508 

will be further discussed in the next section. 509 

 510 

Figure 5. DO concentration simulation (blue line) compared to an online sensor measurement (red line) at 511 
Parallelvej, with (a) simulated and measured daily average DO concentration for the calibration and verification 512 
period. The grey ribbon indicates the calibration period. The pale blue and red shadings correspond to the 513 
amplitude of simulated and measured daily extremes respectively. (b) 1:1 scatter plot of simulated and measured 514 
daily average DO concentration (black cross-marker corresponds to the verification period, grey dot marker to the 515 
calibration period); and (c) simulated and measured hourly DO for a selected summer period showing the diurnal 516 
variation induced by plant photosynthesis/respiration. 517 

Overall, the model satisfactorily captures the seasonal trend for dissolved oxygen and highlights a 518 

potential critical state in summer (NSE=0.52 and 0. 59 for calibration and verification period 519 

respectively). Low average DO concentrations corresponding to low saturation levels are indeed 520 

observed and simulated in the period July-September, and possibly driven by sustained heterotrophic 521 

respiration (Fig. 5a and SI Fig. S11). Interestingly, the model underestimated the daily concentrations 522 

observed for the verification period from March to May 2019, and inversely overestimated the low daily 523 

concentrations between May and July 2019. Such a dynamic trend does not seem to be related to data 524 

uncertainty, as the MC simulation did not capture these events either (Fig. 5a and 6). The 525 

aforementioned underestimation is possibly connected to a benthic or epiphytic community bloom 526 

stimulated by favorable spring light conditions that particular year, and would require an additional 527 

dedicated biomass stock in the model. Such ecological events have been commonly observed in small 528 

streams with high nutrient levels (Kaenel et al., 2000; Sand-Jensen et al., 1989b), and were also 529 

observed at the stream’s source Sjæl Lake in August 2019 (visual inspection). The overestimation of 530 

DO concentration from May to July could be related to an important heterotrophic respiration event, 531 
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stemming from 1) scouring, settling and decomposition of the possible algae bloom in the previous 532 

months, or 2) a high dissolved organic matter load during high flow prior to a sustained low flow period 533 

in spring (Fig. 3), as also recently reported  by Hutchins et al. (2020) for instance.534 

 535 

Figure 6. MC simulation results at Parallelvej for the DO concentration (gray and black shading/lines) compared 536 
to the online sensor (red line; located under a bridge in the shade) and grab sample measurements (red circles, 537 
measured in the afternoon) j. Note that results are shown for the verification period only. The dashed grey lines 538 
show the [10-90] percentiles of maximum daily amplitude resulting from photosynthesis/respiration. Input 539 
parameter distributions can be found in SI Table S4. 540 

4.3.1 Nutrient species and chlorophyll-a 541 

In terms of inorganic nitrogen, the estimated nitrate concentrations are relatively well captured, with 542 

most of the grab sample concentrations falling within the 10-90 percentile of the MC simulation results 543 

(Fig. 7c, SI Fig. S12). The ammonium concentrations seem to be well estimated in winter, but 544 

overestimated in summer (Fig. 7d). This overestimation seems to affect only the last simulated reach of 545 

the stream (SI Fig. S13), where an important coverage of macrophytes and emergent plants is observed 546 

(data not shown). The relatively good simulation results for the NO3-N concentrations rule out a 547 

possible underestimation of the nitrification process, suggesting instead an assimilation preference for 548 

NH4-N (rather than NO3-N) by the aquatic plant biomass, as already documented by Cohen and Fong 549 

(2004) and Riis et al. (2020). 550 

Orthophosphate concentrations exhibit the opposite trend with a significant underestimation of 551 

concentrations during an important part of the summer at the beginning of autumn, specifically in the 552 

last simulated reach (June-October, Fig. 7e and SI Fig. S14). This result highlights a possible omission 553 

of an important source-pathway (e.g. wash-off from agricultural lands, septic tank drainage). 554 

Alternatively, and considering the continuous overestimation in the summer period for all associated 555 

sampling periods, a diffuse release from phosphorous stored in the streambed sediments in the 556 
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summertime cannot be excluded. Such processes have been observed and described in lentic 557 

environments (Søndergaard et al., 2003), but also in streams where phosphorous becomes available by 558 

desorption and fueled by enhanced decomposition of organic matter and lower oxygen levels at higher 559 

temperatures (Alnoee et al., 2021; Jarvie et al., 2005; Lannergård et al., 2020; Svendsen et al., 1995). 560 

P-release from the sediment in the urban stream environment has also been documented when coupled 561 

with low DO concentrations, although often also combined with low NO3 concentrations (Blaszczak et 562 

al., 2019). 563 

Finally, the model simulation for suspended chl-a compares relatively well with the few available 564 

observations, and despite the lack of data and characterization of the suspended algae species 565 

assemblage in the stream (Fig. 7f). The simulations in the different reaches show that an important part 566 

of the suspended chl-a actually originates from the most upstream reach, likely as an output from the 567 

eutrophic lake (SI Fig. S15). At the most downstream station, Nivemølle, the percentile range for the 568 

simulations clearly shows an underestimation of the suspended chl-a in spring (Mar-May), coinciding 569 

with the aforementioned underestimation of DO concentrations by our model (Fig. 5a and 6). These 570 

remarks combined with the high density of emergent aquatic plants observed in this reach support the 571 

assumption of an epiphyte or benthic algae community development at that time, possibly washed away 572 

by the stream water flow (Sand-Jensen, 1998; Sand-Jensen et al., 1989a).  573 

 574 
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   575 

Figure 7. MC simulation results at Nivemølle. (a) temp; (b) DO; (c) NO3-N; (d) NH4-N; (e) PO4-P and (f) susp. 576 
chla compared to available grab sampled measurements (red circles). The dashed grey lines for the DO 577 
concentration (b) highlight the 10-90 percentile for the sub-daily DO variations. Results are displayed for the 578 
verification period only, with grab samples for nutrients and chla combined with simulated flow used as forcing 579 
input at the most upstream station Grønnegade and at Donse tributary (SI Fig.S16). Parameter distributions for 580 
the MC simulation are given in SI Table S5. 581 

5 Discussion  582 

This SD model and lumped module formulation, implemented as a semi-distributed model structure to 583 

capture key spatial variability, enabled the computationally quick and effective simulation of hydrology 584 

and water quality variations in a small peri-urban stream. Notably, one of the great advantages of the 585 

lumped formulation is a fast simulation time, providing a good opportunity to account for data 586 

uncertainty and their inherent variability (i.e. through MC simulation).  587 
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In terms of the hydrological module, the model and the implemented structure captured well the very 588 

dynamic contribution of flows stemming from urban and more pervious areas that will influence water 589 

quality (with performance indicators ranging from satisfactory to very good). The good results in terms 590 

of water depth (RMSE< 0.1 m) highlight the importance of a dynamic and variable Manning’s 591 

coefficient, especially for small stream systems like the one modelled here, where shallow water depths 592 

combined with underwater vegetation have a strong influence. On the water quality side, the 593 

representation of in-stream processes and simulation results for stream temperature, oxygen and 594 

macronutrients (NH4-N, NO3-N, PO4-P) were deemed acceptable compared to the available measured 595 

data (based on RMSE and coefficient of determination).  596 

Importantly, the observed discrepancies allowed us to identify key processes affecting the hydrology or 597 

water quality in a mixed land-use environment, due in part to the transparency of the model structure 598 

allowing the direct inspection of cause-effect system feedbacks (built using an SD approach), as well 599 

as potential model improvements and limitations (both discussed further below). This could facilitate a 600 

more in-depth analysis of the investigated stream system, which can sometimes be challenging with 601 

more complex model structures (Clark et al., 2017).  602 

5.1 Process understanding and model application 603 

The combined simulation supported by a rich dataset for our application gives some insightful 604 

information on the dynamics processes at stake in peri-urban catchments with strong implication on the 605 

general stream water quality.  606 

Measurement of nutrient fluxes on a seasonal basis by Lemaire et al (subm.) in this catchment showed 607 

very dynamic contributions (e.g. nutrients discharge) in the different reaches, confounding the 608 

identification of detrimental impacts from sources and land-use. The simulations highlight this 609 

important dynamic contribution of the different flow components (Fig. 8), and consequently the 610 

challenges with respect to maintaining good water quality in peri-urban stream systems. There is not 611 

one single dominant component and the effects from the different contributions and associated loadings 612 

are naturally very dependent on the local catchment attributes (e.g, degree of urbanization; land-use; 613 

type and extent of drainage system). These local differences need to be accounted for when designing 614 

restoration strategies which target also stream water quality in peri-urban systems (Booth et al., 2016). 615 

In our case, the stream reaches could be further divided, to check that the current model setup 616 

appropriately captures the key attributes governing the conditions in the stream system. 617 
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 618 

Figure 8. Simulations of contribution of the different flow components at Nivemølle. a) Measured precipitation 619 
in model area; (b) Simulated flow in Usserød Stream, and (c) Simulated flow contribution for the key features 620 
captured by the model). The contribution is based on the sum of all inflows (lake (blue); flow from pervious areas 621 
(dark green); tributaries (light green); various urban features (WWTP: dark grey; SS: light gray)) and does not 622 
account for possible loss along the reaches. (d) Selected time period showing the contribution of a CSO event 623 
(purple shading). 624 

In terms of CSO contribution, it is worth mentioning that the simulation on a daily basis shows that a 625 

single CSO event has a quite limited effect in terms of flow due to its relatively short and transient 626 

properties (Fig. 8b). Nevertheless, the impairment related to particle load (and related degradation), and 627 

pollutant (dissolved and particle-bounded) is non-negligible for these structures and underlined as a 628 

possible reason for ecological degradation in this catchment (Becouze-Lareure et al., 2016; Lemaire et 629 

al., subm.), but out of the scope of the model at this time. 630 

The results from the stream water quality simulation highlight important seasonal variations of stream 631 

water temperature that may be amplified in peri-urban settings. Notably here, temperature above 21 632 

degrees (local threshold value) are estimated during the summer season, with potential adverse effect 633 

in terms of DO concentration (due to decrease in DO saturation) and on the stream biota (Coutant, 1977; 634 

Eaton and Scheller, 1996). The model indicates a limited stream thermal inertia (driven by shallow 635 

depth and fast equilibrium rate with the atmosphere; not shown) resulting in the stream water 636 

temperature to be strongly correlated to the air temperature as a main explanation. Furthermore the 637 

extent of urban and impervious areas and relative contributions to peri-urban stream system can 638 

exacerbate this problem. Generally, air temperature in the urban areas are higher (known as the heat 639 

island effect; Briciu et al.,2020), and runoff on heated impervious areas drained via separated system 640 

can contribute as well (Wenger et al., 2009).  641 
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The simulation of DO concentrations shows high heterotrophic respiration events during the summer 642 

and beginning of autumn (May-October) that appear as the cause of sustained periods at relatively low 643 

daily DO levels witnessed in this catchment. This observation is in agreement with freshwater 644 

ecosystem metabolism being generally heterotrophic (Hall and Beaulieu, 2013; Marcarelli et al., 2011). 645 

However, this heterotrophic state seems highly dynamic in time and space and do not always result in 646 

significant DO depletion (see e.g. the difference in measured DO saturation levels between two 647 

consecutive years 2018 and 2019 in SI, Fig. S11). Hutchins et al. (2020) highlighted a similar 648 

phenomenon, with enhanced heterotrophic respiration following a flood event and a loading of 649 

dissolved organic carbon in the much bigger river system Thames (UK). Urbanisation also leads to 650 

increased loads of more labile dissolved organic matter fraction and enhanced heterotrophic respiration 651 

(Hosen et al., 2014; Khamis et al., 2020; Xenopoulos et al., 2021)  which will constitute a challenge in 652 

peri-urban settings considering the myriad of delivery pathways. Another possible driving mechanism 653 

could be algae blooms phenomena followed by settling and decomposition (as discussed in section 654 

4.2.2) or aquatic plant biomass, with macrophytes affecting strongly the local flow conditions, resulting 655 

in  flow velocity reduction, fine sediment accumulation and ultimately enhanced metabolism in lowland 656 

streams, also shown in other studies for shallow streams (Alnoee et al., 2016; Preiner et al., 2020; Riis 657 

et al., 2020). To this day, the modelling of this type of interaction and understanding of heterotrophic 658 

respiration is still limited (but see Segatto et al., 2020) and constitute an important source of uncertainty 659 

for any DO simulation in water quality models (Hutchins et al., 2020). 660 

Finally, the sustained period of low dissolved oxygen previously described may also create favorable 661 

conditions for the enhanced release of nutrients. The simulations revealed, for example, an 662 

underestimation of phosphorus concentrations compared to the observed data. While unknown sources 663 

such as agricultural drainage or septic tank cannot be excluded in peri-urban catchments and should be 664 

investigated further, several studies pointed out an enhanced release of reactive and legacy phosphorus 665 

in summer periods under low DO conditions for both mixed and single land-use streams (Alnoee et al., 666 

2021; Blaszczak et al., 2019; Jarvie et al., 2020). Such a process can become an important feedback 667 

mechanism: the released nutrients sustain aquatic plant biomass and favor increased organic matter 668 

settling and decomposition and thus oxygen depletion as previously mentioned, especially if P is a 669 

limiting factor or other sources of reactive phosphorus (e.g. urban effluents) are removed or controlled 670 

(Jarvie et al., 2005). Notably in the investigated catchment, the push towards green transition solutions 671 

for more resource and energy-efficient water treatment systems may result in centralized systems, with 672 

the rerouting of urban effluent outlets further downstream or directly to the Baltic Sea (Danish Water 673 

Forum, 2016). While the benefit of such a solution cannot be denied in terms of overall environmental 674 

impact (e.g. carbon reduction and energy savings), it may come with trade-offs for the receiving waters 675 

(impacting biodiversity) that should be considered holistically, e.g. enhanced residence time due to flow 676 
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reduction, lower depth, reduced thermal inertia, and more particle settling triggering some of the 677 

impairment mechanisms previously described. 678 

5.2 Future model development and data needs 679 

The results from the hydrological model were generally simulated well; however, some of the 680 

deviations observed in the period of extreme flows could not be entirely captured. The verification 681 

period for the three reaches comprising Usserød Stream finished October 10th, 2019 (vertical dashed 682 

line in Fig. 4) when the simulation starts significantly deviating from the observations. Floodplain 683 

inundation (flooding likely associated with a reduced channel capacity and high flows) strongly altered 684 

the flow regime and could not be handled with the current model structure (1-D system). Secondly, the 685 

introduction of a leaking term in the most downstream reach (see 3.3), based on local water abstraction 686 

data, was deemed necessary to improve the results during the period of low flows in summer. Although 687 

a local change in geology has not been considered (we assume the calibrated parameters were similar 688 

between all reaches), this correction highlights the dynamic interaction between both groundwater and 689 

surface water especially important in small stream systems (Lemaire et al., 2020; Sophocleous, 2002). 690 

This interaction is challenging to handle in hydrological modelling, though critical in lowland 691 

catchments and should be addressed to better understand the flow dynamics in low flow periods (see 692 

e.g. the work by Brauer et al.; 2014). Finally, the period of overestimation for the flow at the beginning 693 

of the autumn period in the Donse Tributary (in connection with a possible water impoundment), the 694 

deviation between simulated and measured CSOs or the use of some time series (e.g. WWTP effluent; 695 

lake sluice data at most upstream point) underline the importance of anthropogenic features affecting 696 

the hydrology and the required knowledge of their active control and stakeholder engagement for 697 

improved modelling, as also underlined by Fu et al. (2020).  698 

The simulations for water quality in the stream are currently limited to the in-stream process. Therefore, 699 

a recommended next step would be to address the land source dynamics (e.g. fertilizer and nutrient 700 

applications, dissolved organic matter source) and the multiple flow contributions. The simulation of 701 

DO concentrations at the sub-daily time step highlights the need for improved characterization of the 702 

influence of the aquatic plant biomass, both in terms of spatial coverage but also in terms of autotroph 703 

group dynamics, to fully capture the overall dynamics of DO in small peri-urban streams. This task, 704 

however may need to rely on more spatially detailed and high frequency data very often not available 705 

(Bowes et al., 2016).  706 

Furthermore, the observed time shift for the diel oscillation cycle points towards potential uncertainty 707 

in the reaeration formulation. This uncertainty is especially high for shallow streams (Aristegi et al., 708 

2009), but is inherent to any water quality model (Fu et al., 2020; Palumbo and Brown, 2014). 709 

Reaeration could also be affected by the presence of macrophytes, which will challenge the assumption 710 

of fully mixed conditions in general, and have indirect effects in terms of temperature and water level 711 
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(Wilcock et al., 1999). The aquatic plant biomass will also influence the hydrological model and should 712 

ideally have a feedback effect on the hydraulic roughness relationship currently implemented, in 713 

addition to their potential to force the settling of suspended sediments. Finally, the deviation in terms 714 

of orthophosphate concentration in summer time highlights the potential need for more detailed process 715 

description of the streambed compartment in terms of nutrient cycling and role as a pollutant-bound 716 

stock, but also as the scene for complex heterotrophic respiration processes.  717 

6 Conclusion 718 

In this study, we developed an integrated (water quantity and quality) model using a system dynamics 719 

approach to investigate the variations and interactions between the flow and physico-chemical 720 

parameters (stream temperature, dissolved oxygen, nutrients and chlorophyll-a) in a peri-urban stream 721 

on a daily basis.  722 

 We successfully captured the flow and depth variation (with performance indicators, e.g. 723 

NSE/RSR, ranging from very good to satisfactory for all reaches in the verification period), as 724 

well as satisfactory results in terms of physico-chemical conditions (stream temperature and 725 

dissolved oxygen, NSE/RMSE performance indicators). Notably, the model combined with a 726 

rich dataset highlighted the very dynamic contribution of flows stemming from urban and more 727 

pervious areas that will greatly influence water quality.  728 

 Simulation results could additionally highlight the important influence of stream temperature 729 

variations combined with episodes of enhanced heterotrophic respiration causing low dissolved 730 

oxygen levels in the stream, especially during the summer months. Inflow of labile dissolved 731 

organic matter from the numerous flow pathways triggered in periods of high flow, followed 732 

and/or combined with settling and decomposition of algae in periods of low flow may fuel this 733 

important heterotrophic activity.  734 

 The simulated nutrient concentration deviations (in the downstream reaches, where simulations 735 

can be compared to measured data with consideration of uncertainty) show high potential for 736 

ammonium uptake in the reach dominated by macrophytes (i.e. Nivemølle). These simulation 737 

results, when combined with the rich dataset further indicate a potential for remobilization of 738 

phosphorus from the sediment, which may constitute a critical source for nutrients should other 739 

sources (e.g. WWTP effluent) be removed or reduced.  740 

 In this particular catchment, these impairments could be further exacerbated by the 741 

implementation of a green transition solution aiming at rerouting the urban effluents out of the 742 

stream system (and directly into the Baltic Sea). The sustainability of this solution should be 743 

holistically evaluated to ensure stream water quality and aquatic (both freshwater and marine) 744 

ecosystems do not become a negative trade-off as a result of such a solution. 745 
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Overall, the model was valuable in uncovering key insights into the dynamics of a peri-urban stream 746 

and, in combination with measured data, revealed that these types of lowland stream catchments 747 

may have a high potential to be impacted by green transition solutions. We expect the model’s 748 

flexibility and simple structure will constitute a powerful tool for additional stakeholder 749 

engagement activities in this catchment, and facilitate its ease of transferability and application in 750 

others. 751 
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APPENDIX A 758 

A.1. List of variables describing the system considered in Fig. 2 759 

Catchment and reach  760 

Parameters Unit Description Data type Value 

𝐴 𝑚2 Subcatchment area Input  
𝐿 𝑚 Reach length Input All inputs are  
𝑏 𝑚 Average stream reach width Input reach 

dependent  
𝑑 𝑚 Average stream reach depth Calculated See SI Table S3 
𝑠 - Average stream reach slope Input  
𝑉 𝑚3 Water volume in reach Calculated  
𝑈 𝑚/𝑠 Stream flow velocity Calculated  

 761 

Hydrology – natural flow component 762 

Parameters Unit Description Data type Value 

𝑃 𝑚𝑚. 𝑑𝑎𝑦−1 Precipitation Input (DMI, 2020b) 
𝑇𝑎 °𝐶 Air temperature Input (DMI, 2020a) 
𝑅𝑒 𝐽/(𝑚2. 𝑑) Extraterrestrial radiation Input (Bojanowski, 

2013) 
𝑛 𝑠/𝑚1/3 Manning’s coefficient Calculated  

𝑆𝑀 𝑚𝑚 Soil moisture reservoir Calculated  
𝑅𝑂𝐹𝐹 𝑚𝑚 Overland flow reservoir Calculated  

𝐺𝑊 𝑚𝑚 Grounwater reservoir Calculated  
𝑆𝑇𝑅𝐸𝐴𝑀 𝑚𝑚 Stream reservoir Calculated  

𝐼 𝑚𝑚. 𝑑𝑎𝑦−1 Infiltration Calculated  
𝐴𝐸𝑇 𝑚𝑚. 𝑑𝑎𝑦−1 Actual Evapotranspiration Calculated  
𝑃𝐸𝑇 𝑚𝑚. 𝑑𝑎𝑦−1 Potential Evapotranspiration Calculated  
𝑃𝑒𝑟𝑐 𝑚𝑚. 𝑑𝑎𝑦−1 Percolation  Calculated  

𝑄𝑟𝑢𝑛𝑜𝑓𝑓 𝑚𝑚. 𝑑𝑎𝑦−1 overland flow Calculated  

𝑄𝑢𝑖 𝑚𝑚. 𝑑𝑎𝑦−1 Upper interflow Calculated  
𝑄𝑙𝑖 𝑚𝑚. 𝑑𝑎𝑦−1 Lower interflow Calculated  

𝐵𝑎𝑠𝑒𝑓𝑙𝑜𝑤 𝑚𝑚. 𝑑𝑎𝑦−1 Baseflow Calculated  
Streamflow  𝑚3. 𝑑𝑎𝑦−1 Stream flow Calculated  

𝐹𝐶 𝑚𝑚 Field capacity equivalent Parameter  
𝐿𝑃𝐸𝑇 𝑚𝑚 Soil moisture threshold for Potential Evapotranspiration  Parameter  

β - Evapotranspiration reduction factor Parameter  

𝑊 - Wetness index Calculated  
𝑆𝑀𝑇 𝑚𝑚 Soil moisture threshold – upper interflow Parameter  
𝑅𝑇𝐶 𝑑𝑎𝑦 Runoff time constant Parameter  
𝑈𝐼𝑇𝐶 𝑑𝑎𝑦 Upper interflow time constant Parameter  
𝐿𝐼𝑇𝐶 𝑑𝑎𝑦 Lower interflow time constant Parameter  
𝑃𝑅𝑇𝐶 𝑑𝑎𝑦 Percolation time constant Parameter  
𝐵𝑇𝐶 𝑑𝑎𝑦 Baseflow time constant Parameter  
𝑆𝐷𝑅 𝑑𝑎𝑦 Stream discharge rate Parameter  

𝐺𝑊𝐴𝑅 𝑚3. 𝑑𝑎𝑦−1 Groundwater abstraction rate input (NOVAFOS, 2020) 
𝑐𝑜𝑛𝑡𝑟𝑖𝑏𝐺𝑊𝐴𝑅 - Scaling factor for GWAR Parameter Reach dep.  

SI, Table S3 
𝐺𝑆𝐼 - Factor for loosing stream section Parameter Reach dep.  

SI, Table S3 
 763 

Hydrology - urban component 764 

Parameters Unit Description Data type Value 

𝑄𝑤𝑤𝑡𝑝 𝑚3. 𝑑𝑎𝑦−1 WWTP effluent flow Input (NOVAFOS, 2020) 

𝑓𝑖𝑚𝑝  - Fraction of impervious area Input (NOVAFOS, 2020),  
Fig. S4 

𝑓𝑐𝑠 - Combined system fraction impervious areas Input (NOVAFOS, 2020),  
Fig. S4 

𝑆𝑆 𝑚𝑚 Separated system reservoir Calculated  
𝑄𝑢𝑟𝑏𝑎𝑛_𝑐𝑠+𝑄𝑑𝑟𝑦 𝑚3. 𝑑𝑎𝑦−1 WWTP effluent flow in combined system Input (NOVAFOS, 2020) 

𝑄𝑢𝑟𝑏𝑎𝑛_𝑠𝑠 𝑚3. 𝑑𝑎𝑦−1 Separated system flow Input (NOVAFOS, 2020) 
𝑆𝑆𝑇𝐶 𝑑𝑎𝑦 Separated system time constant Parameter 0.05 (calibrated) 
𝐶𝑆𝑇𝐶 𝑑𝑎𝑦 Drainage outflow time constant  Parameter 0.5 (calibrated) 

𝐶𝑆𝑂𝑇𝐶 𝑑𝑎𝑦 Overflow combined system time constant Parameter 0.95 (calibrated) 
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𝑄𝑑𝑟𝑦
̅̅ ̅̅ ̅̅  𝑚3. 𝑑𝑎𝑦−1 Average dry discharge WWTP (black grey water) Parameter (NOVAFOS, 2020) 

𝑄𝑀𝐴𝑋 𝑚3. 𝑑𝑎𝑦−1 Max flow capacity towards WWTP (combined system) Parameter 50000 (Calibrated) 
𝑉𝑡ℎ𝑟𝑒𝑠ℎ𝑜𝑙𝑑 𝑚3 Max volume capacity – retention basin (combined system) Parameter 10000 (Calibrated) 

 765 

Temperature 766 

Parameters Unit Description Data type Value 

𝑇𝑤 °𝐶 Stream water  temperature Calculated  
𝑇𝑒 °𝐶 Equilibrium temperature Calculated  
ρ 𝑘𝑔/ 𝑚3 Mass density Parameter 1000 

𝐶𝑝 𝐽/(°𝐶. 𝑘𝑔) Specific heat capacity water Parameter 4182  
𝐾 𝐽/(𝑚2. °𝐶. 𝑘𝑔. 𝑑𝑎𝑦) Heat transfert coefficient Parameter 1.9e6  

(Bogan et al., 2003) 
 767 

Oxygen and nutrients 768 

Parameters Unit* Description Data type Value 

𝐴𝑙𝑡 𝑚 Average altitude Input 8 (DSFE, 2020) 
𝑆𝑎𝑙 ppt (𝑔. 𝑙−1) Salinity Input 0  
𝐷𝑂 𝑚𝑔. 𝑙−1 DO concentration Calculated  

𝐷𝑂𝑠𝑎𝑡 𝑚𝑔. 𝑙−1 DO saturation concentration Calculated  
𝑝𝐻 -  Input  
𝑘𝑎 𝑑𝑎𝑦−1 Reaeration rate  Calculated  
𝜃𝑎 - Temperature correction factor reaeration Parameter 1.024 (Chapra, 1997) 

     
𝐵𝑂𝐷 𝑚𝑔. 𝑙−1 carboneous Biochemical Oxygen Demand Calculated  

𝑘𝑑
𝑠  𝑑𝑎𝑦−1 Degradation rate organic organic matter Calculated  

𝑘𝑑
20 𝑑𝑎𝑦−1 Reference degradation rate organic matter (20 °C) Parameter 0.5 (Chapra, 1997) 

𝜃𝐵𝑂𝐷 - Temperature correction factor BOD Parameter 1.047  
(Bowie et al., 1985) 

𝑘𝑠 𝑑𝑎𝑦−1 Settling rate, organic matter Calculated  
𝑉𝑠,𝐵𝑂𝐷 𝑚. 𝑑𝑎𝑦−1 Settling velocity, organic matter Parameter 0.1 (Chapra, 1997) 

     
𝑁𝐵𝑂𝐷 𝑚𝑔. 𝑙−1 Nitrogenous Biochemical Oxygen Demand 

(nitrification) 
Calculated  

𝑟𝑜𝑛 𝑔. 𝑔𝑁−1 stoichiometric ratio DO consumed during 
nitrification 

Parameter 4.57 (Chapra, 1997) 

𝑘𝑛𝑖𝑡 𝑑𝑎𝑦−1 Nitrification rate Calculated  
𝑘𝑛𝑖𝑡

20  𝑑𝑎𝑦−1 Reference nitrification rate (20 °C) Parameter 0.3 (Bowie et al., 1985) 
𝜃𝑛𝑖𝑡 - Temperature correction factor nitrification Parameter 1.085  

(Bowie et al., 1985) 
𝑝𝐻𝑛𝑖𝑡_𝑐𝑜𝑟𝑟  - Correction factor. pH effect on nitrification  Calculated  
𝑓𝐷𝑂_𝑛𝑖𝑡_𝑐𝑜𝑟𝑟  - Correction factor. DO concentration on nitrification  Calculated  

𝑁𝐻4 𝑚𝑔𝑁. 𝑙−1 Ammonium concentration Calculated  
𝑁𝑂3 𝑚𝑔𝑁. 𝑙−1 Nitrate concentration Calculated  
𝑃𝑂4 𝑚𝑔𝑃. 𝑙−1 Orthophosphate concentration Calculated  

𝐹𝑁𝐻4,𝑝𝑟𝑒𝑓 - preference ratio for nitrogen assimilation Calculated  

𝑘𝑁𝐻4,𝑝𝑟𝑒𝑓 𝑚𝑔𝑁. 𝑙−1 half saturation constant for ammonium preference Calculated  

𝑘𝑑𝑒𝑛𝑖𝑡 𝑑𝑎𝑦−1 Denitrification rate Calculated  
𝑘𝑑𝑒𝑛𝑖𝑡

20  𝑑𝑎𝑦−1 Reference denitrification rate (20 °C) Parameter 0.1 (Bowie et al., 1985) 
𝜃𝑑𝑒𝑛𝑖𝑡 - Temperature correction factor denitrification Parameter 1.045  

(Bowie et al., 1985) 
𝑘𝑠,𝑑𝑒𝑛𝑖𝑡_𝑙𝑖𝑚 𝑚𝑔. 𝑙−1 half saturation constant oxygen limitation Parameter 0.1 (Bowie et al., 1985) 

     
𝑆𝑂𝐷 𝑚𝑔. 𝑙−1. 𝑑𝑎𝑦−1 Sediment Oxygen Demand Calculated  

𝑆𝑂𝐷𝐵𝐺  𝑔. 𝑚−2. 𝑑𝑎𝑦−1 Background value Sediment Oxygen Demand Calculated  
𝑆𝑂𝐷𝑒𝑛ℎ𝑎𝑛𝑐𝑒𝑑,𝑚𝑎𝑐 𝑚𝑔. 𝑙−1. 𝑑𝑎𝑦−1 Enhanced heterotrophic respiration, macrophyte 

effect 
Calculated  

𝑆𝑂𝐷𝑜
20 𝑔. 𝑚−2. 𝑑𝑎𝑦−1 reference Sediment Oxygen Demand (20 °C) Parameter 1 (Bowie et al., 1985) 

𝜃𝑆𝑂𝐷 - Temperature correction factor Sediment Oxygen 
Demand 

Parameter 1.065  
(Bowie et al., 1985) 

𝑘𝑠,𝑜_𝑙𝑖𝑚 𝑚𝑔. 𝑙−1 Half saturation constant for SOD oxygen limitation Parameter 1.4 (Bowie et al., 1985) 

 769 

  770 
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 771 

Freshwater plant and algae biomass 772 

Parameters Unit* Description Data type Value 

     

𝐶ℎ𝑙𝑎𝑠𝑢𝑠 𝜇𝑔𝐶ℎ𝑙𝑎. 𝑙−1 Suspended algae concentration Calculated  
𝐶ℎ𝑙𝑎𝑚𝑎𝑐 𝜇𝑔𝐶ℎ𝑙𝑎. 𝑙−1 plant biomass concentration (macrophyte – 

epiphyton) 
Calculated  

𝑘𝑔𝑟𝑜𝑤𝑡ℎ,𝑠𝑢𝑠/𝑚𝑎𝑐 𝑑𝑎𝑦−1 Algae/plant biomass growth rate Calculated  

𝑘𝑟𝑒𝑠𝑝,𝑠𝑢𝑠/𝑚𝑎𝑐 𝑑𝑎𝑦−1 mortality/respiration/excretion rate Calculated  

𝑘𝑠𝑒𝑡,𝑠𝑢𝑠 𝑑𝑎𝑦−1 Settling rate suspended algae Calculated  
𝑉𝑠𝑒𝑡,𝑠𝑢𝑠  𝑚. 𝑑𝑎𝑦−1 Settling velocity suspended algae Parameter 0.1 (Bowie et al., 1985) 

𝐺𝑚𝑎𝑥,𝑠𝑢𝑠 𝑑𝑎𝑦−1 Optimum growth rate under no limitation, 
suspended algae  

Parameter 2 (Bowie et al., 1985) 

𝐺𝑚𝑎𝑥,𝑚𝑎𝑐 𝑑𝑎𝑦−1 Optimum growth rate under no limitation  Parameter 0.1 (Nielsen and Sand-
Jensen, 1991) 

𝑓𝜃 - temperature effect function on biomass growth 
rate 

Calculated  

𝑓𝑙 - light effect function on biomass growth rate Calculated  
𝑓𝑛,𝑝 - nutrient effect function on biomass growth rate Calculated  

𝑘𝑠,𝑃_𝑙𝑖𝑚 
𝑚𝑔𝑃. 𝑙−1 

Half saturation constant  
phosphorus limitation of biomass growth 

Parameter 0.025 (Bowie et al., 1985) 

𝑘𝑠,𝑁_𝑙𝑖𝑚 
𝑚𝑔𝑁. 𝑙−1 

Half saturation constant  
nitrogen limitation of biomass growth 

Parameter 0.0005 (Bowie et al., 1985) 

𝐿𝑝ℎ𝑜𝑡𝑜 - Photoperiod of the day Input (Bojanowski, 2013) 

𝛾𝑙,𝑏𝑎𝑐𝑘𝑔𝑟𝑜𝑢𝑛𝑑 𝑚−1 Light attenuation coefficient - non biomass 
materials  

Parameter 0.5 (Julian et al., 2008) 

𝛾𝑙,𝑏𝑖𝑜_𝑠𝑢𝑠 𝑚−1. 𝑙. 𝑚𝑔𝑐ℎ𝑙𝑎−1 Light attenuation coefficient factor  
suspended algae 

Parameter 0.035 (Chapra, 1997) 

𝐼𝐴 𝑙𝑦. 𝑑𝑎𝑦−1 average light radiation over day light hours Calculated  
𝐼𝑜𝑝𝑡 𝑙𝑦. 𝑑𝑎𝑦−1 optimal light radiation for plant growth Parameter 200 (Bowie et al., 1985) 

𝑅𝑒
̅̅ ̅ 𝑙𝑦. 𝑑𝑎𝑦−1 mean extraterrestrial radiation over the daylight 

hours 
Input  

∅𝑎𝑡𝑚 - Atmospheric absorption (cloud free) Parameter 0.38 (Wild et al., 2019) 
∅𝑃𝐴𝑅 - Ratio PAR/global horizontal radiation Parameter 0.47 (Carr et al., 1997) 

∅𝑠ℎ𝑎𝑑𝑜𝑤 
- 

Radiation attenuation - shadow effect at ground 
level 

Input 0.1 (estimate) 

∅𝑟𝑒𝑓𝑙𝑒𝑐 
- 

Radiation attenuation due to reflection on the 
stream surface 

Parameter 0.1 (Julian et al., 2008) 

∅𝑐𝑙𝑜𝑢𝑑 - Radiation attenuation due to could cover Calculated  
𝑁 𝑜𝑘𝑡𝑎 Cloudiness data Input (DMI, 2020a) 

𝑟𝑜𝑎 𝑚𝑔. 𝜇𝑔𝐶ℎ𝑙𝑎−1 Oxygen production rate per plant biomass Parameter 1.5 (Chapra, 1997; Krause-
Jensen and Sand-Jensen, 
1998) 

�̅� 𝑚𝑔. 𝑙−1. 𝑑𝑎𝑦−1 Mean daily photosynthesis rate Calculated  
𝐴𝑅 𝑚𝑔. 𝑙−1. 𝑑𝑎𝑦−1 autotrophic respiration rate Calculated  

𝐴𝑅𝑟𝑎𝑡𝑖𝑜 - autotrophic respiration ratio Parameter 0.45  
(Hall and Beaulieu, 2013) 

𝑃𝑀𝐴𝑋 𝑚𝑔. 𝑙−1. 𝑑𝑎𝑦−1 Max photosynthesis rate Calculated  
𝐸𝑀𝑟𝑎𝑡𝑖𝑜 - ecosystem metabolism ratio Parameter 0.26 (Calibrated) 

* All units of concentration, e.g. 𝑚𝑔. 𝑙−1 corresponds to 𝑚𝑔𝑂2 by default 773 

Additional details regarding the input data (catchment and reaches, as well as physico-chemical conditions of the different 774 

flow components) can be found in SI Table S3.  775 

A.2. Hydrological model  776 

A.2.1. Pervious area flow component 777 

The natural RR component of the streamflow is calculated using a lump model structure inspired by (Bergström, 1992), with 778 
an additional fast runoff component included. It consists of 3 main stocks (or reservoirs): soil moisture, surface runoff (overland 779 
flow) and groundwater, which contribute to the hydrological response of the investigated catchment (see also Fig. 2).  780 

The first stock represents the soil moisture and is controlled by the following water balance equation with all parameters 781 
expressed in [𝑚𝑚/𝑑𝑎𝑦]: 782 



IV 

36 

 

𝑑𝑆𝑀

𝑑𝑡
= 𝐼 − 𝐴𝐸𝑇 +  𝑃𝑒𝑟𝑐 + 𝑄𝑢𝑖 +  𝑄𝑙𝑖 + 𝑄𝑟𝑢𝑛𝑜𝑓𝑓 

 

(A.1) 

where 𝐼 is the infiltration, 𝐴𝐸𝑇 is the actual evapotranspiration , 𝑃𝑒𝑟𝑐 is the flow towards the groundwater reservoir, 𝑄𝑢𝑖  , 𝑄𝑙𝑖 783 
represent an upper and lower interflow, and 𝑄𝑟𝑢𝑛𝑜𝑓𝑓 is an overland flow (Fig. 2). 784 

The infiltration 𝐼 is dependent on the saturation degree of the soil, defined by: 785 

𝐼 =  𝑃(1 − 𝑊)(1 − 𝑓𝑖𝑚𝑝) 

 

(A.2) 

where 𝑃 [𝑚𝑚/𝑑𝑎𝑦] is the precipitation, 𝑓𝑖𝑚𝑝  [-] is the aggregated imperviousness of the sub-catchment, and 𝑊 [-] an index 786 

representing the “wetness” based on the estimated soil moisture, 𝑆𝑀, following the non-linear relationship: 787 

𝑊 = (
𝑆𝑀

𝐹𝐶
)

𝛽
   

 

(A.3) 

where 𝐹𝐶 [𝑚𝑚] represent a field capacity, and 𝛽 a calibrated index.  788 

The aggregated imperviousness 𝑓𝑖𝑚𝑝 factor is estimated as a weighted mean value per sub-catchment based on spatial analysis 789 

of imperviousness per cadastral units (0: natural catchment, to 1: fully impervious catchment). 790 

The part of precipitation not infiltrating corresponding to a saturated soil moisture stock, 𝑃. 𝑊(1 − 𝑓𝑖𝑚𝑝), is routed to the 791 

stream as an overland flow 𝑄𝑟𝑢𝑛𝑜𝑓𝑓 via a runoff stock 𝑅𝑂𝐹𝐹 with a relatively short time constant: 792 

𝑑𝑅𝑂𝐹𝐹

𝑑𝑡
= 𝑃. 𝑊(1 − 𝑓𝑖𝑚𝑝) − 𝑄𝑟𝑢𝑛𝑜𝑓𝑓 

 

(A.4) 

𝑄𝑟𝑢𝑛𝑜𝑓𝑓 =
1

𝑅𝑇𝐶
. 𝑅𝑂𝐹𝐹 

 

(A.5) 

where 𝑅𝑇𝐶 [𝑑𝑎𝑦𝑠] is a time constant associated to the 𝑅𝑂𝐹𝐹 stock. 793 

The evapotranspiration term 𝐴𝐸𝑇 is dependent on the degree of saturation of the soil and is controlled by a moisture ratio 794 

defined by
𝑆𝑀

𝐿𝑃𝐸𝑇
; then, evapotranspiration is varying following a piecewise linear function: 795 

𝐴𝐸𝑇 =  
𝑆𝑀

𝐿𝑃𝐸𝑇
𝑃𝐸𝑇 if  

𝑆𝑀

𝐿𝑃𝐸𝑇
< 1 

 

(A.6) 

𝐴𝐸𝑇 =  𝑃𝐸𝑇  if  
𝑆𝑀

𝐿𝑃𝐸𝑇
> 1 

 

(A.7) 

where 𝐿𝑃𝐸𝑇 is a calibrated moisture threshold [𝑚𝑚], and 𝑃𝐸𝑇 is potential evapotranspiration [𝑚𝑚/𝑑].  796 

𝑃𝐸𝑇 is estimated in our model using the formulation by Oudin et al. (2005): 797 

𝑃𝐸𝑇 =  
𝑅𝑒

𝛾𝜌
.
𝑇𝑎 + 5

100
 

 

(A.8) 

where 𝑅𝑒 is the daily extraterrestrial radiation [𝑀𝐽. 𝑚−2. 𝑑𝑎𝑦−1], 𝑇𝑎 is the air temperature [°C], 𝜌 is the mass density of water, 798 
and 𝛾 the latent heat of vaporization [𝑀𝐽. 𝑘𝑔−1]. 799 

𝑄𝑢𝑖  , 𝑄𝑙𝑖 are two flows out of the soil moisture stock corresponding to shallow groundwater flow, typically interflows. 𝑄𝑢𝑖 is 800 
only active when the soil moisture is above a certain threshold, according to: 801 

𝑄𝑙𝑖 = 𝑆𝑀.
1

𝐿𝐼𝑇𝐶
 

 

(A.9) 

𝑄𝑢𝑖 = 𝑀𝐼𝑁(0, (𝑆𝑀 − 𝑆𝑀𝑇).
1

𝑈𝐼𝑇𝐶
) 

 

(A.10) 

where 𝑈𝐼𝑇𝐶, 𝐿𝐼𝑇𝐶 are the stock time constants used for calibration [𝑑𝑎𝑦𝑠], and 𝑆𝑀𝑇 [𝑚𝑚] a moisture threshold for activation 802 
of the upper interflow.  803 
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Finally, percolation 𝑃𝑒𝑟𝑐 is a downwards water movement from the soil moisture stock towards the groundwater reservoir 804 
𝐺𝑊, which can be reduced by potential deep groundwater abstractions 𝐺𝑊𝐴𝑅, and contributes to the stream Baseflow: 805 

𝑑𝐺𝑊

𝑑𝑡
= 𝑃𝑒𝑟𝑐 − 𝐵𝑎𝑠𝑒𝑓𝑙𝑜𝑤 − 𝐴𝑏𝑠𝑡𝑟𝑎𝑐𝑡𝑖𝑜𝑛 

 

(A.11) 

𝑃𝑒𝑟𝑐 = 𝑆𝑀.
1

𝑃𝑅𝑇𝐶
 

 

(A.12) 

𝐵𝑎𝑠𝑒𝑓𝑙𝑜𝑤 = 𝐺𝑊.
1

𝐵𝑇𝐶
 

 

(A.13) 

𝐴𝑏𝑠𝑡𝑟𝑎𝑐𝑡𝑖𝑜𝑛 = 𝑐𝑜𝑛𝑡𝑟𝑖𝑏𝐺𝑊𝐴𝑅 . 𝐺𝑊𝐴𝑅 

 

(A.14) 

where 𝑃𝑅𝑇𝐶, 𝐵𝑇𝐶 are the reservoir time constants used for calibration [𝑑𝑎𝑦𝑠]. The coefficient 𝑐𝑜𝑛𝑡𝑟𝑖𝑏𝐺𝑊𝐴𝑅 accounts for the 806 
fact that abstraction may occur directly from this stock (𝑐𝑜𝑛𝑡𝑟𝑖𝑏𝐺𝑊𝐴𝑅=1), but could also be impacted only by an abstraction 807 
from a deeper aquifer, one that may not be bounded by the sub-catchment delineation (𝑐𝑜𝑛𝑡𝑟𝑖𝑏𝐺𝑊𝐴𝑅<1). 808 

All these flows components (eq. A.5; A.9; A.10; A.13) are scaled by the sub-catchment area and summed within a stream 809 
water reservoir 𝑆𝑇𝑅𝐸𝐴𝑀 to obtain the streamflow [𝑚3/𝑑𝑎𝑦]. 810 

𝑑𝑆𝑇𝑅𝐸𝐴𝑀

𝑑𝑡
= 𝑠𝑡𝑟𝑒𝑎𝑚𝑓𝑙𝑜𝑤 

 

(A.15) 

𝑠𝑡𝑟𝑒𝑎𝑚𝑓𝑙𝑜𝑤 = 𝑆𝑇𝑅𝐸𝐴𝑀.
1

𝑆𝐷𝑅
 

 

(A.16) 

Where SDR is a reservoir time constant [𝑑𝑎𝑦𝑠]. 811 

A.2.2. Impervious areas flow component (urban) 812 

The part of precipitation 𝑃. 𝑓𝑖𝑚𝑝 not naturally drained by the sub-catchment, as described in section A.1.1, is routed to the 813 

stream through the urban compartment, either by separate or combined systems. We assume that the drainage network follows 814 
the sub-catchment delineation, which is deemed reasonable if the network is drained by gravity. Thus, any precipitation 815 
collected by the urban compartment within the sub-catchment will be discharged into its associated reach. The general water 816 
balance equation for the urban compartment, expressed in [ 𝑚3/𝑑𝑎𝑦] is: 817 

𝐴. 𝑃. 𝑓𝑖𝑚𝑝 = 𝑄𝑢𝑟𝑏𝑎𝑛_𝑐𝑠 + 𝑄𝑑𝑟𝑦 + 𝑄𝑢𝑟𝑏𝑎𝑛_𝑠𝑠 + [𝐶𝑆𝑂𝑠] 

 

(A.17) 

where 𝐴 is the sub-catchment area [𝑚2], 𝑃 [𝑚𝑚/𝑑𝑎𝑦] is the precipitation, 𝑓𝑖𝑚𝑝  [-] is the aggregated imperviousness of the 818 

sub-catchment, 𝑄𝑢𝑟𝑏𝑎𝑛_𝑐𝑠 + 𝑄𝑑𝑟𝑦 .[ 𝑚3/𝑑𝑎𝑦] correspond to a WWTP effluent (wet and dry discharge), if relevant for the 819 

investigated reach, 𝑄𝑢𝑟𝑏𝑎𝑛_𝑠𝑠 is the flow component generated by precipitation and routed to the stream through the separate 820 

system. Finally, [𝐶𝑆𝑂𝑠] are possible overflow discharges from a combined sewer overflow system. 𝑄𝑢𝑟𝑏𝑎𝑛_𝑐𝑠 + 𝑄𝑑𝑟𝑦 is 821 

currently input as a time series of WWTP effluent in this version of the model.  822 

Separate systems flow 𝑄𝑢𝑟𝑏𝑎𝑛_𝑠𝑠 is estimated by a linear reservoir approach: 823 

𝑑𝑆𝑆

𝑑𝑡
= 𝐴. 𝑃. 𝑓𝑖𝑚𝑝(1 − 𝑓𝑐𝑠) − 𝑄𝑢𝑟𝑏𝑎𝑛_𝑠𝑠 . 

 

(A.18) 

𝑄𝑢𝑟𝑏𝑎𝑛_𝑠𝑠 = 𝑆𝑆.
1

𝑆𝑆𝑇𝐶
 

 

(A.19) 

where 𝑓𝑐𝑠 is the fraction of combined sewer network (=1 if only combined sewer network is implemented, 0 if fully separated) 824 
and 𝑆𝑆𝑇𝐶 [𝑑𝑎𝑦𝑠] is a reservoir time constant. 825 

CSOs are simulated using a simple reservoir equivalent to a basin with two non-linear outflows, collecting water prior to the 826 
transfer, treatment and discharge from the WWTP, inspired by Wittmer et al. (2016), and was used in this paper. These flows 827 
consist of an overflow 𝐶𝑆𝑂 activated when the water volume 𝑉 reaches a maximum volume threshold 𝑉𝑡ℎ𝑟𝑒𝑠ℎ𝑜𝑙𝑑  and varies 828 
linearly with the excess volume of water 𝑉 − 𝑉𝑡ℎ𝑟𝑒𝑠ℎ𝑜𝑙𝑑. Simultaneously, the basin is emptied by a flow 𝑄𝑜𝑢𝑡,𝑏𝑎𝑠𝑖𝑛 proportional 829 

to the volume of water 𝑉 in this basin, up to a maximum flow capacity 𝑄𝑚𝑎𝑥. Only the overflow component 𝐶𝑆𝑂 is considered 830 
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here, the other one 𝑄𝑜𝑢𝑡,𝑏𝑎𝑠𝑖𝑛 having already been accounted for by the WWTP effluent time series. The water balance for the 831 
basin is: 832 

 833 

𝑑𝑉

𝑑𝑡
= 𝑄𝑖𝑛,𝑏𝑎𝑠𝑖𝑛 + 𝑄𝑜𝑢𝑡,𝑏𝑎𝑠𝑖𝑛 + 𝐶𝑆𝑂𝑠 

 

(A.20) 

and 834 

𝑄𝑖𝑛,𝑏𝑎𝑠𝑖𝑛 = 𝐴. 𝑃. 𝑓𝑖𝑚𝑝 . 𝑓𝑐𝑠 + 𝑄𝑑𝑟𝑦
̅̅ ̅̅ ̅̅  

 

(A.21) 

𝑄𝑜𝑢𝑡,𝑏𝑎𝑠𝑖𝑛 = 𝑀𝐼𝑁 (𝑄𝑚𝑎𝑥, 𝑉.
1

𝐶𝑆𝑇𝐶
) 

 

(A.22) 

𝐶𝑆𝑂 = 𝑀𝐴𝑋(0, (𝑉 − 𝑉𝑡ℎ𝑟𝑒𝑠ℎ𝑜𝑙𝑑).
1

𝐶𝑆𝑂𝑇𝐶
) 

 

(A.23) 

where 𝑄𝑑𝑟𝑦
̅̅ ̅̅ ̅̅   [𝑚3/𝑑𝑎𝑦] is the daily average dry flow of the WWTP in this combined system network, 𝑄𝑚𝑎𝑥 [𝑚3/𝑑𝑎𝑦] is the 835 

maximum flow capacity of the combined system,  𝐶𝑆𝑇𝐶 is a time constant for the drainage outflow,  𝑉𝑡ℎ𝑟𝑒𝑠ℎ𝑜𝑙𝑑 [𝑚3] is the 836 
maximum volume capacity for the basin, and 𝐶𝑆𝑂𝑇𝐶 is a time constant for the overflow [𝑑𝑎𝑦]. 837 

Flow components (eq. A.19; A. 23) and WWTP effluent time series are routed through the reach using a 3rd-order delay 838 
function (equivalent to a 3rd-order Nash-cascade model) and added to the pervious component (eq. A.16). A final possible flow 839 
transfer from the stream to the groundwater (loosing stream section) is accounted for by use of a leaking term 𝐿𝑜𝑠𝑠 assumed 840 
linearly driven by the water abstraction via a coefficient 𝐺𝑆𝐼 and possibly reducing the overall streamflow: 841 

𝑙𝑜𝑠𝑠 = 𝐺𝑆𝐼. 𝐺𝑊𝐴𝑅 

 

(A.24) 

A.2.3. Equations for stream water depth and velocity 842 

The water depth d and average stream water velocity 𝑈 for a given reach is estimated using Manning’s equation and the 843 
computed stream flow. We assume a rectangular cross-section and a relatively low depth compared to the width 𝑊 of the 844 
channel (𝑑 ≪ 𝑏), resulting in the following depth and flow velocity 𝑈 estimates (Chow et al., 1988): 845 

𝑑 = (
𝑛. 𝑄𝑜𝑢𝑡

𝑠1/2. 𝑏
)

3/5

 

 

(A.25) 

𝑈 =
1

𝑛
. 𝑠1/2. 𝑑2/3  

 

(A.26) 

where 𝑛 is the Manning’s coefficient, 𝑄𝑜𝑢𝑡 the stream flow [𝑚3/𝑠], 𝑠 the average channel slope [-], and 𝑏 the average channel 846 
width [𝑚]. The Manning’s coefficient 𝑛 represents the resistance or roughness of the channel to the flow, and is a critical 847 
parameter for the depth estimation with a significant impact also on water quality (especially dissolved oxygen). We use a 848 
dynamic flow-dependent Manning’s coefficient in the model formulation, following observations in lowland streams with high 849 
macrophyte densities, where Manning’s coefficient decreases at higher discharges when submerged plants are flexible and 850 
bend with the flow (de Doncker et al., 2011; Sand-Jensen and Pedersen, 1997): 851 

𝑛 = 𝛼𝑛𝑄−𝛽𝑛  

 

(A.27) 

where 𝛼𝑛, 𝛽𝑛 are regression parameters. 852 

A.3. Water quality model  853 

A.3.1. Stream temperature 854 

The stream temperature 𝑇𝑤 is predominantly influenced by the temperature of the different flow components discharging to 855 
the reach, and by the heat exchange at the interface stream/air (Caissie, 2006). We use a lump heat balance over the water 856 
volume 𝑉 in a reach according to the following equation (Toffolon and Piccolroaz, 2015): 857 
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𝜌𝐶𝑝

𝜕(𝑉. 𝑇𝑤)

𝜕𝑡
= 𝐴𝐻 + 𝜌𝐶𝑝(∑ 𝑇𝑖𝑄𝑖 − 𝑇𝑤𝑄𝑜𝑢𝑡) 

 

(A.28) 

where 𝜌 is the water density, 𝐶𝑝 is the water specific heat capacity [𝑀𝐽. 𝑘𝑔−1. °𝐶−1], 𝐴 is the area of river/atmosphere interface 858 

[𝑚2], 𝐻 is the net atmospheric flux [𝑀𝐽. 𝑚2. 𝑑𝑎𝑦−1], 𝑇𝑖 , 𝑄𝑖 are the water temperature and inflows to the reach, respectively, 859 
and 𝑄𝑜𝑢𝑡 is the outflow of the reach. At a daily time step, the thermal exchange with the streambed is considered as having a 860 
minor influence (Sinokrot and Stefan, 1993), and the net atmospheric flux 𝐻 can be estimated using the concept of equilibrium 861 
temperature 𝑇𝑒. Notably, 𝐻 is proportional to the temperature difference between equilibrium and water temperature (Caissie 862 
et al., 2005; Edinger and Geyer, 1968): 863 

𝐻 = 𝐾(𝑇𝑒 − 𝑇𝑤) 

 

(A.29) 

where 𝐾 is a coefficient of heat transfert [𝑀𝐽. 𝑚−2. °𝐶−1. 𝑑𝑎𝑦−1]. We assume a linear correlation between equilibrium 864 
temperature and air temperature, deemed appropriate for temperate regions, leading to the piecewise function for the 865 
equilibrium temperature estimation (Caissie et al., 2005): 866 

𝑇𝑒 = 1     If 𝑇𝑎 < 6 

 

(A.30) 

𝑇𝑒 = 0.83. 𝑇𝑎 − 5 6 < 𝑇𝑎 < 30 

 

(A.31) 

𝑇𝑒 = 25    if 𝑇𝑎 > 30 

 

(A.32) 

where 𝑇𝑎[°𝐶] is the air temperature.  867 

A.3.2. Dissolved oxygen 868 

Dissolved oxygen in the stream is affected by carbonaceous biochemical oxygen demand (BOD), nitrification, background 869 
sediment oxygen demand processes and daily oscillations stemming from photosynthesis/autotrophic respiration activities, 870 
while being simultaneously replenished by reaeration driven by the DO deficit to saturation level: 871 

𝜕(𝑉. 𝐷𝑂)

𝜕𝑡
= ∑ 𝑄𝑖𝐷𝑂𝑖

𝑖

− 𝑄𝑜𝑢𝑡𝐷𝑂 + 𝑟𝑒𝑎 + 𝑐𝑎𝑟𝑏𝑜𝑛𝑒𝑜𝑢𝑠 𝐵𝑖𝑜𝑙𝑜𝑔𝑖𝑐𝑎𝑙 𝑂𝑥𝑦𝑔𝑒𝑛 𝐷𝑒𝑚𝑎𝑛𝑑 

−𝑛𝑖𝑡𝑟𝑖𝑓𝑖𝑐𝑎𝑡𝑖𝑜𝑛 − 𝑆𝑒𝑑𝑖𝑚𝑒𝑛𝑡 𝐷𝑒𝑚𝑎𝑛𝑑 + 𝑝ℎ𝑜𝑡𝑜𝑠𝑦𝑛𝑡ℎ𝑒𝑠𝑖𝑠 

 

(A.33) 

The reaeration 𝑟𝑒𝑎 process is driven by the hydrological conditions, and the oxygen deficit with respect to oxygen saturation 872 
in the stream: 873 

𝑟𝑒𝑎 = 𝑘𝑎 . (𝐷𝑂 − 𝐷𝑂𝑠𝑎𝑡 ) 

 

(A.34) 

where 𝑘𝑎[𝑑𝑎𝑦−1]  is the reaeration rate constant and 𝐷𝑂𝑠𝑎𝑡 [𝑚𝑔/𝑙] the oxygen saturation concentration.  874 

The reaeration rate constant 𝑘𝑎is essentially driven by the hydrological conditions (output from the hydrological model) and 875 
the stream water temperature. We use the Owens-Gibbs formulation in our model, suitable for relatively low flow velocities 876 
(<0.5 𝑚. 𝑠−1)and shallow streams (<0.75 m; Owens et al., 1964): 877 

𝑘𝑎 = 5.3
𝑈0.67

𝑑1.85  𝜃𝑎
𝑇𝑤−20 

(A.35) 

where 𝑈 is the stream flow velocity [𝑚/𝑠], 𝑑 water depth, and 𝜃 a temperature correction factor 𝜃𝑎 ≅ 1.024 (Chapra, 1997) 878 

The oxygen saturation concentration 𝐷𝑂𝑠𝑎𝑡 is dependent on the stream water temperature, altitude 𝐴𝑙𝑡, and salinity 𝑆𝑎𝑙, as 879 
described in APHA (1992): 880 

𝐷𝑂𝑠𝑎𝑡 = 𝐴𝑙𝑡𝑒𝑓𝑓. exp (−139.3 + + 
1.57 × 105

𝑇𝑤
+

6.64 × 107

𝑇𝑤
2 + 

1 × 24108

𝑇𝑤
3 +  

1 × 57. 105

𝑇𝑤
4 − 𝑆𝑎𝑙𝑒𝑓𝑓) 

And 

 

(A.36) 

𝐴𝑙𝑡𝑒𝑓𝑓 =
100 − (0.0035 × 3.28 × 𝐴𝑙𝑡)

100
 

(A.37) 

𝑆𝑎𝑙𝑒𝑓𝑓 = 𝑆𝑎𝑙 × (0,01767 − 
10.75

𝑇𝑤
+

2.14 × 103

𝑇𝑤
2 ) 

(A.38) 
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A.3.3. Carbonaceous biochemical (biological) oxygen demand 881 

The carbonaceous biochemical oxygen demand (BOD) induces an oxygen depletion caused by the aerobic degradation of 882 
organic matter. BOD is described in our model by a Streeter-Phelps-Shishkin equation system, according to Gotovtsev (2010). 883 
This latter component introduces a feedback between the degradation rate and the concentration of dissolved oxygen (DO), 884 
i.e. the rate of degradation is limited by how much dissolved oxygen is available, preventing the occurrence of negative DO 885 
values (a common problem when using the Streeter-Phelps formulation, alone): 886 

𝑐𝑎𝑟𝑏𝑜𝑛𝑒𝑜𝑢𝑠 𝐵𝑖𝑜𝑙𝑜𝑔𝑖𝑐𝑎𝑙 𝑂𝑥𝑦𝑔𝑒𝑛 𝐷𝑒𝑚𝑎𝑛𝑑 = − 𝑘𝑑
𝑠 . 𝐵𝑂𝐷 

 

(A.39) 

𝑘𝑑
𝑠 =𝑘𝑑

20 𝐷𝑂

𝐷𝑂𝑠𝑎𝑡
. 𝜃𝐵𝑂𝐷

𝑇𝑤−20 

 

(A.40) 

where 𝑘𝑑
20 [𝑑𝑎𝑦−1] is the BOD decomposition rate at 20 °C, 𝐵𝑂𝐷 [𝑚𝑔/𝑙] is the carbonaceous biochemical oxygen demand, 887 

and a temperature correction factor 𝜃𝐵𝑂𝐷 ≅1.047 (Bowie et al., 1985). 888 

Currently, 𝐵𝑂𝐷 is represented as a single stock based on the general equation 3, with a decrease in BOD from the aerobic 889 
degradation of organic matter, as well as a possible settling for large organic particles: 890 

𝜕(𝑉. 𝐵𝑂𝐷)

𝜕𝑡
= ∑ 𝑄𝑖𝐵𝑂𝐷𝑖

𝑖

− 𝑄𝑜𝑢𝑡𝐵𝑂𝐷 − (𝑘𝑑
𝑠 + 𝑘𝑠)𝐵𝑂𝐷 

 

(A.41) 

Where 𝑖 refers to the different flow component entering the reach (eq. A.16; A.19; A.23 + WWTP effluent), 𝑘𝑑
𝑠  is the BOD 891 

degradation rate as previously defined, and 𝑘𝑠 is the settling rate [𝑑𝑎𝑦−1] dependent on a particle settling velocity 𝑉𝑠,𝐵𝑂𝐷 892 

[𝑚. 𝑑𝑎𝑦−1] and water depth 𝑑 (Chapra, 1997): 893 

𝑘𝑠 =  
𝑉𝑠,𝐵𝑂𝐷

𝑑
 

 

(A.42) 

A.3.4. Nitrification 894 

The nitrification process corresponds to the double step oxidation of ammonium resulting in the combined formation of nitrate 895 
and oxygen consumption:  896 

𝑁𝐵𝑂𝐷 =  −𝑘𝑛𝑖𝑡 . 𝑁𝐻4. 𝑟𝑜𝑛 

 

(A.43) 

where 𝑘𝑛𝑖𝑡  is the nitrification rate [𝑑𝑎𝑦−1], 𝑁𝐻4 is the ammonium concentration [𝑚𝑔𝑁/𝑙] and 𝑟𝑜𝑛 is the stoichiometric ratio 897 
of mass oxygen consumed per mass nitrogen (=4.57 𝑔. 𝑔𝑁−1). 898 

The nitrification rate 𝑘𝑛𝑖𝑡  is highly dependent on environmental conditions co-limited primarily by temperature, pH and the 899 
oxygen concentration (Chapra, 1997): 900 

𝑘𝑛𝑖𝑡 = 𝑘𝑛𝑖𝑡
20 . 𝜃𝑛𝑖𝑡

𝑇𝑤−20. 𝑝𝐻𝑛𝑖𝑡_𝑐𝑜𝑟𝑟 . 𝑓𝐷𝑂_𝑛𝑖𝑡_𝑐𝑜𝑟𝑟 

and 

(A.44) 

𝑓𝐷𝑂_𝑛𝑖𝑡_𝑐𝑜𝑟𝑟 = 1 − 𝑒−0.6𝐷𝑂 (A.45) 

 901 

where 𝑘𝑛𝑖𝑡
20  is the nitrification rate at 20°C, 𝑝𝐻𝑛𝑖𝑡_𝑐𝑜𝑟𝑟 is a correction factor dependent on the pH (Fig. A.1, following Park and 902 

Clough (2018), 𝑓𝐷𝑂_𝑛𝑖𝑡_𝑐𝑜𝑟𝑟 accounts for the influence of the DO concentration, and 𝜃 is a temperature correction factor 𝜃𝑛𝑖𝑡 ≅ 903 
1.085 (Bowie et al., 1985; Chapra, 1997). Depth, and more generally geomorphology, especially in shallow streams may also 904 
have a strong influence on the nitrification rate (Bansal, 1977; Bowie et al., 1985), but these effects, in the absence of clear 905 
identified driving process, are not accounted for in this version of the model. 906 
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 907 

Figure A.1. Correction factor 𝑝𝐻𝑛𝑖𝑡_𝑐𝑜𝑟𝑟 for the effect of pH on the nitrification rate.  908 

A.3.5. Macronutrients 909 

The nutrient concentrations currently simulated in the model include inorganic nitrogen (in terms of nitrate and ammonium) 910 
and dissolved reactive phosphorous (orthophosphate). 911 

A.3.5.1. Ammonium 912 

The mass balance for ammonium in the stream water is: 913 

𝜕(𝑉. 𝑁𝐻4)

𝜕𝑡
= ∑ 𝑄𝑖 . 𝑁𝐻4𝑖

𝑖

− 𝑄𝑜𝑢𝑡.𝑁𝐻4 − 𝑘𝑛𝑖𝑡 . 𝑁𝐻4 − 𝑎𝑠𝑠𝑖𝑚𝑖𝑙𝑎𝑡𝑖𝑜𝑛 

 

(A.46) 

Overall, nutrient assimilation by the aquatic plant biomass is estimated by computing a net carbon assimilation from the 914 
estimated daily net photosynthesis rate (see Chap.28; Bott, 2007; eq. A.68-69) and from the mass stoichiometric ratios C:N 915 
and C:P using the Redfield ratio (Redfield, 1934). Nitrogen will be assimilated from both the ammonium and nitrate present 916 
in the stream water. We assume a preference ratio 𝐹𝑁𝐻4,𝑝𝑟𝑒𝑓 for ammonium compared to nitrogen for the assimilation, 917 

according to (Chapra, 1997): 918 

𝐹𝑁𝐻4,𝑝𝑟𝑒𝑓 =
𝑁𝐻4

𝑘𝑁𝐻4,𝑝𝑟𝑒𝑓 + 𝑁𝐻4
 

 

(A.47) 

where 𝑘𝑁𝐻4,𝑝𝑟𝑒𝑓  is a half-saturation constant for the ammonium preference [𝑚𝑔𝑁/𝑙]. 919 

Furthermore, 𝑁𝐻4 can also be found in the un-ionized form of ammonia 𝑁𝐻3 in stream water, which cannot be assimilated 920 
directly by plant biomass and is therefore considered not available for assimilation. Ammonia concentration 𝑁𝐻3 is estimated 921 
by the acid-based equation system (Bowie et al., 1985; Nazaroff and Alvarez-Cohen, 2001): 922 

𝑅 =
1

1 + 10𝑝𝐾𝑎−𝑝𝐻
 

 

and 

(A.48) 

𝑁𝐻3 =
𝑅

1 − 𝑅
. 𝑁𝐻4 

 

(A.49) 

where 𝑝𝐾𝑎 is the acid-dissociation constant for ammonia (and is temperature dependent). 923 

A.3.5.2. Nitrate 924 

The mass balance for nitrate in stream water is: 925 

𝜕(𝑉. 𝑁𝑂3)

𝜕𝑡
= ∑ 𝑄𝑖 . 𝑁𝑂3𝑖

𝑖

− 𝑄𝑜𝑢𝑡.𝑁𝑂3 + 𝑘𝑛𝑖𝑡 . 𝑁𝐻4 − 𝑎𝑠𝑠𝑖𝑚𝑖𝑙𝑎𝑡𝑖𝑜𝑛 − 𝑑𝑒𝑛𝑖𝑡𝑟𝑖𝑓𝑖𝑐𝑎𝑡𝑖𝑜𝑛 

 

(A.50) 
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where 𝑑𝑒𝑛𝑖𝑡𝑟𝑖𝑓𝑖𝑐𝑎𝑡𝑖𝑜𝑛 is modelled as a first-order removal dependent on temperature and DO concentration (Bowie et al., 926 
1985): 927 

𝑑𝑒𝑛𝑖𝑡𝑟𝑖𝑓𝑖𝑐𝑎𝑡𝑖𝑜𝑛 = 𝑘𝑑𝑒𝑛𝑖𝑡
20 . 𝜃𝑑𝑒𝑛𝑖𝑡

𝑇𝑤−20 𝑘𝑠,𝑑𝑒𝑛𝑖𝑡

𝑘𝑠,𝑑𝑒𝑛𝑖𝑡_𝑙𝑖𝑚+𝐷𝑂
. [𝑁𝑂3] 

 

(A.51) 

Where 𝑘𝑑𝑒𝑛𝑖𝑡
20  is the denitrification rate defined at 20 °C [𝑑𝑎𝑦−1], 𝜃𝑑𝑒𝑛𝑖𝑡 is a temperature correction factor 𝜃𝑑𝑒𝑛𝑖𝑡 ≅1.047, and 928 

𝑘𝑠,𝑑𝑒𝑛𝑖𝑡_𝑙𝑖𝑚 [𝑚𝑔/𝑙] is the half-saturation constant.  929 

A.3.5.3. ortho-Phosphate  930 

The mass balance for soluble reactive phosphorus in stream water is: 931 

𝜕(𝑉. 𝑃𝑂4)

𝜕𝑡
= ∑ 𝑄𝑖 . 𝑃𝑂4𝑖

𝑖

− 𝑄𝑜𝑢𝑡.𝑃𝑂4 − 𝑎𝑠𝑠𝑖𝑚𝑖𝑙𝑎𝑡𝑖𝑜𝑛 

 

(A.52) 

The assimilation process for orthophosphate is similar to nitrogen, described in section A.3.5.1 932 

A.3.6. Sediment oxygen demand 933 

In this model version, SOD is built around two main contributions. First, a background contribution 𝑆𝑂𝐷𝐵𝐺 with temperature 934 
and DO concentration as co-factors (Bowie et al., 1985; Lam et al., 1984; Schnoor, 1996). And second, an extra dynamic term 935 
accounts for the possible enhanced heterotrophic respiration 𝑆𝑂𝐷𝑒𝑛ℎ𝑎𝑛𝑐𝑒𝑑,𝑚𝑎𝑐 associated with the indirect effects of aquatic 936 
plant biomass occurring during the spring and summer seasons, and trapping fine sediments (Alnoee et al., 2021; Kaenel et 937 
al., 2000): 938 

𝑆𝑂𝐷 = 𝑆𝑂𝐷𝐵𝐺 + 𝑆𝑂𝐷𝑒𝑛ℎ𝑎𝑛𝑐𝑒𝑑,𝑚𝑎𝑐 

 

(A.53) 

𝑆𝑂𝐷𝐵𝐺 =
𝑆𝑂𝐷𝑜

20

𝑑
×

𝐷𝑂

𝐷𝑂 + 𝑘𝑠,𝑜_𝑙𝑖𝑚
𝜃𝑆𝑂𝐷

𝑇𝑤−20 

 

(A.54) 

where 𝑆𝑂𝐷𝑜
20 [𝑚𝑔/𝑙] is a constant average value for sediment oxygen demand at 20°C , 𝑑 [𝑚] is the stream depth, 𝐷𝑂 [mg/l] 939 

is the dissolved oxygen concentration, 𝑘𝑠,𝑜𝑙𝑖𝑚 [𝑚𝑔/𝑙] is the half-saturation value for the oxygen dependency, and 𝜃𝑆𝑂𝐷 is a 940 

temperature correction factor 𝜃𝑆𝑂𝐷 ≅ 1.065 (Bowie et al., 1985). The 𝑆𝑂𝐷𝑒𝑛ℎ𝑎𝑛𝑐𝑒𝑑,𝑚𝑎𝑐 term is detailed further in the following 941 
section (eq. A.72). 942 

A.3.7. Aquatic macrophytes, algal biomass and autotrophic metabolism 943 

A.3.7.1. Aquatic macrophytes and algal biomass 944 

The stream plant biomass is split into two main stocks (reservoirs) in this version of the model. One represents the aquatic 945 
plants attached or fixed in the stream (e.g. macrophytes and periphyton) and the second represents algae suspended in the 946 
water column and thus transported (e.g. phytoplankton). These stocks aggregate the plant biomass without specific species 947 
distinction. The biomass for both groups is expressed in terms of chlorophyll-a as a proxy and follow a similar mass balance, 948 
except for the transport and potential settling of suspended algae. Any loss by predation, grazing, sloughing or scouring (for 949 
benthic algae and macrophytes) is currently neglected for both stocks.  950 

For aquatic plants attached to the streambed (macrophytes), it is assumed that no transport of plant matter occurs and that the 951 
decay and decomposition of organic matter will be accounted for in the 𝑆𝑂𝐷 pool; then the mass balance for plant biomass 952 
can be calculated by: 953 

𝜕(𝑉. 𝑐ℎ𝑙𝑎𝑚𝑎𝑐)

𝜕𝑡
= (𝑘𝑔𝑟𝑜𝑤𝑡ℎ,𝑚𝑎𝑐 − 𝑘𝑟𝑒𝑠𝑝,𝑚𝑎𝑐). 𝑐ℎ𝑙𝑎𝑚𝑎𝑐 

 

(A.55) 

where 𝑐ℎ𝑙𝑎𝑚𝑎𝑐 is the fixed biomass chlorophyll-a concentration [𝑚𝑔/𝑙], 𝑘𝑔𝑟𝑜𝑤𝑡ℎ,𝑚𝑎𝑐 is the associated growth rate, and 954 

𝑘𝑟𝑒𝑠𝑝,𝑚𝑎𝑐 is the a mortality/respiration/excretion rate. 955 

The mass balance for phytoplankton in a given reach is: 956 
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𝜕(𝑉. 𝑐ℎ𝑙𝑎𝑠𝑢𝑠)

𝜕𝑡
= ∑ 𝑄𝑖 .

𝑖

𝑐ℎ𝑙𝑎𝑠𝑢𝑠,𝑖 − 𝑄𝑜𝑢𝑡.𝑐ℎ𝑙𝑎𝑠𝑢𝑠,𝑖 + (𝑘𝑔𝑟𝑜𝑤𝑡ℎ,𝑠𝑢𝑠 − 𝑘𝑟𝑒𝑠𝑝,𝑠𝑢𝑠 − 𝑘𝑠𝑒𝑡,𝑠𝑢𝑠). 𝑐ℎ𝑙𝑎𝑠𝑢𝑠,𝑖 

 

(A.56) 

where 𝑐ℎ𝑙𝑎𝑠𝑢𝑠 is the suspended chlorophyll-a concentration [𝑚𝑔/𝑙], 𝑄𝑖 ., 𝑄𝑜𝑢𝑡 are the inflow and outflow from the reach, 957 
respectively, 𝑐ℎ𝑙𝑎𝑠𝑢𝑠,𝑖 is the suspended chlorophyll-a concentration flowing into the reach, 𝑘𝑔𝑟𝑜𝑤𝑡ℎ,𝑠𝑢𝑠 [𝑑𝑎𝑦−1] is the growth 958 

rate, 𝑘𝑟𝑒𝑠𝑝,𝑠𝑢𝑠 [𝑑𝑎𝑦−1] is a combined mortality/ respiration/excretion rate, and 𝑘𝑠𝑒𝑡,𝑠𝑢𝑠[𝑑𝑎𝑦−1] is a settling rate. 959 

The settling term 𝑘𝑠𝑒𝑡  is strongly dependent on the shape, size and hydrological conditions, but will be simply defined in this 960 
model by: 961 

𝑘𝑠𝑒𝑡,𝑠𝑢𝑠 =
𝑉𝑠𝑒𝑡,𝑠𝑢𝑠

𝑑
 

 

(A.57) 

where 𝑉𝑠𝑒𝑡,𝑠𝑢𝑠 [𝑚/𝑑𝑎𝑦] is a constant settling velocity and 𝑑 [𝑚] is the water depth. 962 

As previously mentioned, the term 𝑘𝑟𝑒𝑠𝑝,𝑠𝑢𝑠/𝑏𝑒𝑛𝑡ℎ𝑖𝑐 (biomass stock-dependent) accounts for all losses affecting plant growth, 963 

i.e. plant maintenance respiration, excretion and decay. This process is temperature-dependent and defined by: 964 

𝑘𝑟𝑒𝑠𝑝 = 𝑘𝑟
20. 𝑓𝜃  

 

(A.58) 

where 𝑘𝑟
20 is a respiration/excretion rate at the reference temperature of 20 degrees, and𝑓𝜃  is a temperature dependency function 965 

(see below). 966 

The growth rate 𝑘𝑔𝑟𝑜𝑤𝑡ℎ,𝑠𝑢𝑠/𝑚𝑎𝑐  (biomass stock-dependent) is based on an optimal growth rate of the plant biomass, and 967 

limited by some environmental conditions in terms of light, nutrients and temperature: 968 

𝑘𝑔𝑟𝑜𝑤𝑡ℎ = 𝐺𝑚𝑎𝑥. 𝑓𝜃 . 𝑓𝑛,𝑝. 𝑓𝑙  

 

(A.59) 

where 𝐺𝑚𝑎𝑥 is an optimal growth rate (stock dependent), 𝑓𝑙 [-] is a function to account for the light dependency, 𝑓𝑛,𝑝 to account 969 

for the nutrient concentration dependency, and 𝑓𝜃  [-] is a temperature correction function. 970 

The temperature dependency function, 𝑓𝜃 , is defined as a skewed normal distribution to account for the optimal growth of 971 
plant biomass at a specific-temperature, and suboptimal conditions at higher or lower temperatures (Bowie et al., 1985): 972 

𝑓𝜃 = 𝑒
(−2.3.(

𝑇𝑤−𝑇𝑜𝑝𝑡

𝑇𝑥−𝑇𝑜𝑝𝑡
)

2

)
 

 

With 𝑇𝑥 = 𝑇𝑚𝑖𝑛 if  𝑇𝑤 < 𝑇𝑜𝑝𝑡 and 𝑇𝑥 = 𝑇𝑚𝑎𝑥 if  𝑇𝑤 > 𝑇𝑜𝑝𝑡 

 

(A.60) 

where 𝑇𝑜𝑝𝑡 is the optimum temperature corresponding to the optimal growth rate, and 𝑇𝑚𝑖𝑛, 𝑇𝑚𝑎𝑥 are the minimum and 973 

maximum extreme temperatures at which growth ceases. 974 

 975 

The nutrient concentration dependency 𝑓𝑛,𝑝 follows a Michaelis-Menten formulation. It is assumed that only inorganic nitrogen 976 

(in the form of ammonium or nitrate) and orthophosphate are limiting factors: 977 

𝑓𝑛,𝑝 = 𝑚𝑖𝑛 (
𝑃𝑂4

𝑘𝑠,𝑃_𝑙𝑖𝑚 + 𝑃𝑂4
,

𝑁

𝑘𝑠,𝑁_𝑙𝑖𝑚 + 𝑁
) 

 

(A.61) 

where 𝑘𝑠,𝑃_𝑙𝑖𝑚and 𝑘𝑠,𝑁_𝑙𝑖𝑚 are half-saturation constants [𝑚𝑔𝑃 − 𝑁/𝑙]. 978 

The light correction 𝑓𝑙  accounts for the photoinhibition of growth at high light levels, as well as the light attenuation over depth 979 
due to particles and resulting turbidity. This correction factor is integrated over time and depth to get a mean daily correction 980 
for a well-mixed stream reach (Chapra, 1997; Steele, 1965): 981 

𝑓𝑙 =
2.718 × 𝐿𝑝ℎ𝑜𝑡𝑜

𝛾𝑙 . 𝑑
(𝑒−𝛼1 − 𝑒−𝛼0) 

 

(A.62) 

where 𝐿𝑝ℎ𝑜𝑡𝑜 [-] is the photoperiod, 𝑑 [𝑚] is the stream water depth, 𝛾 [𝑚−1] is the light attenuation coefficient, and 𝛼0and 982 

𝛼1 are functions of the light radiation and defined by: 983 
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𝛼0 =
𝐼𝐴

𝐼𝑜𝑝𝑡
 

 

(A.63) 

𝛼1 =
𝐼𝐴

𝐼𝑜𝑝𝑡
𝑒−𝛾𝑙.𝑑 

 

(A.64) 

where 𝐼𝑜𝑝𝑡 [𝑙𝑦. 𝑑𝑎𝑦−1] is the optimal light radiation for plant growth (dependent on plant species but assumed here simply 984 

dependent on the autotroph group) and 𝐼𝐴 is the average light radiation over day light hours. 985 

The light attenuation coefficient 𝛾𝑙 is function of the turbidity of the stream water, caused by all non-biomass matter that may 986 
be present in the water 𝛾𝑙,𝑏𝑎𝑐𝑘𝑔𝑟𝑜𝑢𝑛𝑑 (referred here as background), as well as any suspended algae, and/or self-shadowing 987 

effects from any fixed macrophytes. This coefficient is defined in our model by (Chapra, 1997; Krause-Jensen and Sand-988 
Jensen, 1998): 989 

𝛾𝑙=𝛾𝑙,𝑏𝑎𝑐𝑘𝑔𝑟𝑜𝑢𝑛𝑑 + 𝛾𝑙,𝑏𝑖𝑜_𝑠𝑢𝑠 × 𝐶ℎ𝑙𝑎𝑠𝑢𝑠 + 100.57𝑙𝑜𝑔10(𝐶ℎ𝑙𝑎𝑚𝑎𝑐−0.95) 

 

(A.65) 

where 𝛾𝑙,𝑏𝑎𝑐𝑘𝑔𝑟𝑜𝑢𝑛𝑑 [𝑚−1] is the light attenuation coefficient due to non-biomass materials, and 𝛾𝑙,𝑏𝑖𝑜_𝑠𝑢𝑠 [𝑚−1. (
𝑚𝑔

𝑙
)−1] is 990 

the attenuation coefficient factor for the suspended algae. 991 

𝐼𝐴 , in the absence of data, is estimated from the mean extraterrestrial radiation and successive attenuation terms: 992 

𝐼𝐴 = 𝑅𝑒
̅̅ ̅. (1 − ∅𝑎𝑡𝑚). ∅𝑐𝑙𝑜𝑢𝑑 . ∅𝑃𝐴𝑅. (1 − ∅𝑠ℎ𝑎𝑑𝑜𝑤). (1 − ∅𝑟𝑒𝑓𝑙𝑒𝑐𝑡𝑖𝑜𝑛) 

 

(A.66) 

where 𝑅𝑒
̅̅ ̅ is the mean extraterrestrial radiation over the daylight hours [converted in 𝑙𝑦. 𝑑𝑎𝑦−1], ∅𝑎𝑡𝑚 is a mean atmospheric 993 

absorption under cloud-free conditions [-], ∅𝑐𝑙𝑜𝑢𝑑 represents the cloud absorption, ∅𝑃𝐴𝑅 is the ratio between global horizontal 994 
radiation and photosynthetically active radiation, ∅𝑠ℎ𝑎𝑑𝑜𝑤 [-] is a reduction factor to account for any shadow effects at ground 995 
level and reach dependent, e.g. riparian vegetation, and ∅𝑟𝑒𝑓𝑙𝑒𝑐𝑡𝑖𝑜𝑛 is a reduction factor to account for the light reflection at 996 

the stream surface.  997 

∅𝑐𝑙𝑜𝑢𝑑 is assessed using mean cloudiness data on a daily basis (Kasten and Czeplak, 1980): 998 

∅𝑐𝑙𝑜𝑢𝑑  = (1 − 0.75(N/8)3.4)  

 

(A.67) 

where N is the cloudiness data [𝑜𝑘𝑡𝑎]. 999 

A.3.7.2. Photosynthesis and autotrophic respiration 1000 

The daily mean gross photosynthesis rate �̅� [in 𝑚𝑔𝑂2. 𝑑𝑎𝑦−1] is estimated by the following formula (Chapra, 1997): 1001 

�̅� = 𝑟𝑜𝑎. ∑ 𝐺𝑚𝑎𝑥,𝑠𝑢𝑠/𝑚𝑎𝑐 . 𝑓𝑙 . 𝑓𝜃 . 𝑐ℎ𝑙𝑎𝑠𝑢𝑠/𝑚𝑎𝑐

sus + 𝑚𝑎𝑐 

 
(A.68) 

where 𝑟𝑜𝑎[𝑚𝑔𝑂2. 𝜇𝑔 𝑐ℎ𝑙𝑎−1] is the oxygen yield per unit biomass and correction terms defined in eq.A.60; A.62. 1002 

The associated autotrophic respiration rate 𝐴𝑅 [𝑚𝑔𝑂2. 𝑑𝑎𝑦−1] is estimated as a fraction of the daily mean gross photosynthesis 1003 
rate (Hall and Beaulieu, 2013): 1004 

𝐴𝑅 = 𝐴𝑅𝑟𝑎𝑡𝑖𝑜 × �̅� 

 

(A.69) 

where 𝐴𝑅𝑟𝑎𝑡𝑖𝑜=0.44. 1005 

We emulate the diel variation of dissolved oxygen resulting from photosynthesis 𝑃(𝑡) from the daily mean gross 1006 
photosynthesis rate using the photoperiod length and the idealized half sinus profile for available light during the day 1007 
(Simonsen and Harremoës, 1978): 1008 

𝑃(𝑡) = 𝑃𝑀𝐴𝑋 (cos(−2𝜋𝑡) + 2𝐿𝑝ℎ𝑜𝑡𝑜 − 1) 

 

and 

(A.70) 

𝑃𝑀𝐴𝑋 = �̅�.
𝜋

2𝐿𝑝ℎ𝑜𝑡𝑜
 

(A.71) 

 1009 
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Many streams are heterotrophic ecosystems (Hall and Hotchkiss, 2017), i.e. the gross primary production, 𝐺𝑃𝑃, from the 1010 
autotrophic biomass is less than the overall ecosystem respiration, 𝐸𝑅, (sum of autotrophic respiration and heterotrophic 1011 
respiration, 𝐻𝑅, from organic matter decomposition). Notably, such conditions have been documented in streams with 1012 
important macrophyte coverage, enhancing the settling of fine particles fueling heterotrophic respiration and resulting in 1013 
oxygen consumption (Alnoee et al., 2021; Marcarelli et al., 2011; Riis et al., 2020). We defined the 𝑆𝑂𝐷𝑒𝑛ℎ𝑎𝑛𝑐𝑒𝑑,𝑚𝑎𝑐 1014 
corresponding to this enhanced heterotrophic respiration to account for this effect, with temperature and oxygen limitations, 1015 
as follows:  1016 

𝑆𝑂𝐷𝑒𝑛ℎ𝑎𝑛𝑐𝑒𝑑,𝑚𝑎𝑐 = (�̅�/𝐸𝑀𝑟𝑎𝑡𝑖𝑜 − 𝐴𝑅) 
𝐷𝑂

𝐷𝑂+𝑘𝑠,𝑜_𝑙𝑖𝑚
𝜃𝑆𝑂𝐷

𝑇𝑤−20 

 

(A.72) 

where 𝐸𝑀𝑟𝑎𝑡𝑖𝑜 [-] is the ecosystem metabolism ratio, �̅� is the daily mean gross photosynthesis rate (eq. A.68), and AR is the 1017 
autotrophic respiration term (eq. A.69); the other terms representing the temperature and oxygen limitation functions have 1018 
already been defined (eq. A.54). 1019 

 1020 

 1021 

  1022 
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Supplementary figures 

Figure S1 shows an example of developed System Dynamic module within the STELLA software 

environment. 

Figure S2 to S4 shows the type and extent of sewer network t (S2), location of separated sewer 

outlets, CSOs outlets and water abstraction wells (S3), and the impervious data (S4) in the 

investigated catchment. 

Figure S5 shows the Manning´s number vs. stream water flow scatterplot in the investigated 

catchment. 

Figure S6 displays the regression model air-water temperature used for the natural flow and separated 

sewer system temperature component. 

Figure S7 displays the water flow simulation results, all reaches. 

Figure S8 displays the stream depth simulation results, all reaches. 

Figure S9 shows the Combined Sewer Overflow (CSOs) results. 

Figure S10: displays the water flow simulation results, Donse tributary. 

Figure S11 displays the Simulation results for DO daily average concentration expressed in % DO sat 

(Parallelvej station, see Fig.1) 

Figure S12 displays the nitrate concentration results (deterministic solution for reaches Ådalsvej and 

Nivemølle, see Fig. 1)  

Figure S13 displays the ammonium concentration results (deterministic solution for reaches Ådalsvej 

and Nivemølle, see Fig. 1)  

Figure S14 displays the orthophosphate concentration results (deterministic solution for reaches 

Ådalsvej and Nivemølle, see Fig. 1)  
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Figure S15 displays the suspended Chlorophyll A concentration results, (deterministic solution for 

reaches Ådalsvej and Nivemølle, see Fig. 1). 

Figure S16 displays the forcing data (nutrients and Chla) used as input for the simulation shown in 

S12-S15 and Fig. 7. 

Figure S17 shows the results of the Rainfall-Runoff model sensitivity testing (Nivemølle). 

Figure S18 shows the results of sensitivity test for the DO concentration simulation (Parallelvej). 

Supplementary tables: 

Table S1 provides an overview of all input data, type, frequency range and data source 

Table S2 gives the quantitative values for the Model performance rating for for Nash-Sutcliffe 

Efficiency (𝑁𝑆𝐸), Percent BIAS (𝑃𝐵𝐼𝐴𝑆) and RMSE-observations standard deviation ratio (𝑅𝑆𝑅). 

Table S3 shows all model parameters and references. 

Table S4 and S5 shows the input data distribution for the MC simulations carried out for the dissolved 

oxygen concentration and physico-chemical parameters respectively.   
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SI Figure S1. Example for an SD module developed for simulating stream temperature. The module is 

comprised of a) the parameters used for linkage to other components and/or modules within of the overall 

system; and the actual module, showing b) the detailed structure. The black arrow (loop B) demonstrates a 

balancing feedback loop for the heat exchange at the interface stream/atmosphere regulating water temperature 

to an equilibrium with air temperature.  
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SI Figure S2. Sewer network extent and type for the Usserød catchment (NOVAFOS, 2020). 
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SI Figure S3. Locations for documented water abstraction, separate systems outlets and combined sewer 

overflows for the Usserød catchment (Danmark Miljøportal, n.d.; NOVAFOS, 2020) 
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SI Figure S4. Imperviousness distribution data for the Usserød catchment (NOVAFOS, 2020). 
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SI Figure S1. Scatterplot for the estimated Manning’s number vs. flow rate measured at the outlet of the three 

modelled reaches in the catchment (Grønnegade: orange; Ådalsvej: blue; Nivemølle: green). Results shown only 

for calibration year 2017. The Manning’s number is estimated using the water depth measurement and assuming 

a simplified rectangular cross-section profile and low depth. See Appendix A for details. 
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SI Figure S6. Linear regression model for the water temperature estimation of the natural water and urban 

system components. Data from (Lemaire et al., subm.) measured in Donse and Nivå tributaries dominated by 

non-urban inflows (i.e. no WWTP effluents). The grey shaded area corresponds to the 95% CI for the regression 

model.   
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Figure S7. Flow simulation results (blue line) compared to continuous monitoring station measurements (red 

line) for all three Usserød stream reach outlets: Grønnegade (a), Ådalsvej (b) and Nivemølle (c) (compare Fig. 

2). The grey ribbon shows the calibration period; the grey dashed line marks an event of flooding of the stream 

channel banks in Grønnegade reach. 
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Figure S8. Water depth simulation results (blue line) compared to continuous monitoring station measurements 

(red line) for all three Usserød stream reach outlets: Grønnegade (a), Ådalsvej (b) and Nivemølle (c). The grey 

ribbon shows the calibration period; the grey dashed line marks a flooding of the stream channel banks in 

Grønnegade reach. 
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Figure S9. Combined Sewer Overflow events in reach B. Simulated events (green) are compared to measured 

events (red). Round markers pinpoint an event well captured, while cross markers indicate an event not captured 

on a daily basis. Total number of events captured by the model based on a simple assumption (basin with non 

linear flow): 11/49. 
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Figure S10. Flow simulation results (blue line) compared to continuous monitoring station measurements (red 

line) at two points, Fredtoften and Brøholmdalsvej, in the Donse Tributary. 
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Figure S11. Simulation result for DO daily average concentration (blue line) compared to the online sensor data 

(red line) at Parrallelvej monitoring station (Fig. 2), expressed in %DO saturation. The grey ribbon indicates the 

calibration period. The pale blue and red shadings correspond to the amplitude of simulated and measured daily 

extremes respectively. 

  



IV 

68 

 

 

Figure S12. Simulation results (blue line) for NO3-N concentration in Ådalsvej and Nivemølle reach, compared 

to grab sample measurements (red circles). The corresponding daily simulation result is marked by a blue circle 

to facilitate the comparison. Grab sample concentrations at Grønnegade (a) and at the outlet of the tributary are 

combined with the estimated flow data as a forcing input (see SI Fig. S16). 
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Figure S13. Simulation results (blue line) for NH4-N concentration in Ådalsvej and Nivemølle reach, compared 

to grab sample measurements (red circles). The corresponding daily simulation result is marked by a blue circle 

to facilitate the comparison. Grab sample concentrations at Grønnegade (a) and at the outlet of the tributary are 

combined with the estimated flow data as a forcing input  (see SI Fig. S16). 

  



IV 

70 

 

 

Figure S14. Simulation results (blue line) for PO4-P concentration in Ådalsvej and Nivemølle reach, compared 

to grab sample measurements (red circles). The corresponding daily simulation result is marked by a blue circle 

to facilitate the comparison. Grab sample concentrations at Grønnegade (a) and at the outlet of the tributary are 

combined with the estimated flow data as a forcing input (see SI Fig. S16). 
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Figure S15. Simulation results (blue line) for suspended chl-a concentration in Ådalsvej and Nivemølle reach, 

compared to grab sample measurements (red circles). Grab sample concentrations at Grønnegade (a) and at the 

outlet of the tributary are combined with the estimated flow data as a forcing input (see SI Fig. S16). 
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Figure S16. Forcing input concentrations at Grønnegade (red circle) and at the outlet of the tributary (purple 

diamond) for NO3-N; NH4-N; PO4-P and susp. Chl-a used for the simulations presented in Fig. S12-15 and Fig. 

7. 
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Figure S17. Rainfall-Runoff model sensitivity testing (Nivemølle station). Results are presented at a daily 

average time-step. Parameters range and references are given in the Table X1 below. 
 

 

Table X1. Parameter ranges for the sensitivity test of the Rainfall-Runoff model 

Parameter Unit Description Range Reference for range 

𝐹𝐶 𝑚𝑚 Field capacity equivalent [50-700] (Beck et al., 2016) 
𝐿𝑃 𝑚𝑚 Soil moisture threshold for Potential Evapotranspiration  [50-150]* (Beck et al., 2016) 

β - Evapotranspiration reduction factor [1-6] (Beck et al., 2016) 

𝑆𝑀𝑇 𝑚𝑚 Soil moisture threshold – upper interflow [10-150]* (Beck et al., 2016) 
1/𝑅𝑇𝐶 𝑑𝑎𝑦−1 Runoff time constant [2-24] Estimate 

1/𝑈𝐼𝑇𝐶 𝑑𝑎𝑦−1 Upper interflow rate [0.05-1] (Beck et al., 2016) 
1/𝐿𝐼𝑇𝐶 𝑑𝑎𝑦−1 Lower interflow time rate [0.01-0.8] (Beck et al., 2016) 
1/𝑃𝑅𝑇𝐶 𝑑𝑎𝑦−1 Percolation rate [0,01-0,1] (Beck et al., 2016)** 
1/𝐵𝑇𝐶 𝑑𝑎𝑦−1 Baseflow rate [0.001-0.01] (Beck et al., 2016) 
𝐺𝑊𝑖𝑛𝑖𝑡 𝑚𝑚 Deep soil moisture initial value [100-2000] Estimate 

*: upper limit bounded by the calibrated model parameters 

**: to ensure percolation rate variation within range reported by (Beck et al., 2016) 
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Figure S18. Sensitivity testing for the DO concentration simulation (Parallelvej Station). Results are presented at 

a daily average time-step. Parameters range and references are given in the Table X2 below. 

 



IV 

75 

 

Table X2. Parameter ranges for the sensitivity test related to DO concentration simulations 

Parameter Unit Description Range Reference for range 

𝐴𝑙𝑡 𝑚 Field capacity equivalent [0-100] GIS data 

𝑑𝑒𝑝𝑡ℎ 𝑚 Stream water depth  [80-120%]* Perturbation of calculation results 

𝐸𝑀𝑟𝑎𝑡𝑖𝑜 - Ecosystem metabolism ratio [0.01-1] (Marcarelli et al., 2011) 
 [10-90] percentile 

𝑘𝑑
20 𝑑𝑎𝑦−1 Reference degradation rate constant 

for organic matter (20 °C) 
[0.1-3] (Chapra, 1997) 

𝑘𝑛𝑖𝑡
20  𝑑𝑎𝑦−1 Reference nitrification rate constant (20 °C) [0.1-2] (Chapra, 1997) 

𝑘𝑎 𝑑𝑎𝑦−1 Reaeration rate constant [60-140%] Perturbation of calculation results 
(Palumbo & Brown, 2014) 

𝑝𝐻 -  [90-110%]* Perturbation of input data 

𝐴𝑅𝑟𝑎𝑡𝑖𝑜 - autotrophic respiration ratio [0.2-0.8] (Hall & Beaulieu, 2013) 

𝑉𝑠,𝐵𝑂𝐷 𝑚. 𝑑𝑎𝑦−1 Settling velocity, organic matter [0.1-1] (Chapra, 1997) 

𝑆𝑂𝐷𝑜
20 𝑔. 𝑚−2. 𝑑𝑎𝑦−1 reference Sediment Oxygen Demand (20 °C) [0.05-2] (Chapra, 1997) 

𝐵𝑂𝐷 (Lake) 𝑚𝑔. 𝑙−1 cBOD from lake inflow [1-8] Lemaire et al. (subm) 

𝐵𝑂𝐷 
(perv.inflow) 

𝑚𝑔. 𝑙−1 cBOD from pervious flow component [1-5] Lemaire et al. (subm) 

𝐷𝑂𝑠𝑎𝑡 (Lake) % Sat. level DO from lake [50-100] Lemaire et al. (subm) 

𝐷𝑂𝑠𝑎𝑡 
(perv.inflow) 

% Sat. level DO from pervious component [50-100] estimation 

𝑁𝐻4 (Lake) 𝑚𝑔. 𝑙−1 Ammonium concentration from lake inflow [0.1-0.5] Lemaire et al. (subm) 

𝑁𝐻4 (perv. 
inflow) 

𝑚𝑔. 𝑙−1 Ammonium concentration from pervious 
component 

[0.1-0.5] Lemaire et al. (subm) 
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Table S1. Overview of the model input data for the Usserød catchment, data type (time series or constant value), 

associated time range, and source for the baseline simulation. Input data under “Outlet reach 1/Forcing reach 2” 

are used for the nutrient concentration simulations only (see section ”calibration” in the associated manuscript). 

 
Parameter Unit Time variable 

(TV) / Constant 
(CSTE) 

Value or time 
range 

Reference 

General input     

 

Precipitation  Time series 2017-2019, daily (DMI, 2020b) 

Air temperature  Time series 2017-2019, daily (DMI, 2020a) 

Extraterrestrial radiation  Time series Calculated (Bojanowski, 2013) 

Lake     

 

Flow 
 

Time series 2017-2019, daily (Rudersdal et al., 2020) 

DO sat 
 

CSTE 0.7 Calibrated 

NH3-N 
 

CSTE 0.23 Lemaire et al. (subm) 

NO3-N 
 

CSTE 0.2 Lemaire et al. (subm) 

BOD 
 

CSTE 4.5 Lemaire et al. (subm) 

chl-a 
 

CSTE 0.03 Lemaire et al. (subm) 

PO4-P 
 

CSTE 0.12 Lemaire et al. (subm) 

Temperature 
 

not available 
  

Outlet reach 1/Forcing reach 2     

 

Flow 
 

Time series 2017-2019, daily (Rudersdal et al., 2020) 

DO sat 
 

Time series Nov 18-Oct 19* Lemaire et al. (subm) 

NH3-N 
 

Time series Nov 18-Oct 19* Lemaire et al. (subm) 

NO3-N 
 

Time series Nov 18-Oct 19* Lemaire et al. (subm) 

BOD 
 

Time series Nov 18-Oct 19* Lemaire et al. (subm) 

chl-a 
 

Time series Nov 18-Oct 19* Lemaire et al. (subm) 

PO4-P 
 

Time series Nov 18-Oct 19* Lemaire et al. (subm) 

Temperature 
 

Time series 2017-2019, daily (Rudersdal et al., 2020) 

pH  Time series 2017-2019, daily (Rudersdal et al., 2020) 

Flow component-pervious areas     

 

Flow  Time series Calculated  

DO sat 
 

CSTE 0.7 Calibrated 

NH3-N 
 

CSTE 0.12 Lemaire et al. (subm) 

NO3-N 
 

CSTE 1.7 Lemaire et al. (subm) 

BOD 
 

CSTE 2.7 Lemaire et al. (subm) 

chl-a 
 

CSTE 0.004 Lemaire et al. (subm) 

PO4-P 
 

CSTE 0.07 Lemaire et al. (subm) 

Temperature 
 

Time series Calculated regression model, SI Fig S6 

Tributary     

 

Flow  Time series Calculated  

DO sat 
 

CSTE 0.7 Calibrated 

NH3-N 
 

CSTE 0.07 Lemaire et al. (subm) 

NO3-N 
 

CSTE 1.5 Lemaire et al. (subm) 

BOD 
 

CSTE 2.7 Lemaire et al. (subm) 

chl-a 
 

CSTE 0.004 Lemaire et al. (subm) 

PO4-P 
 

CSTE 0.04 Lemaire et al. (subm) 

Temperature 
 

Time series Calculated regression model, SI Fig S6 

Separated systems     

 

Flow 
 

Time series Calculated 
 

DO sat 
 

CSTE 0.7 Calibrated 

NH3-N 
 

CSTE 0.5 25% total-N concentration 
(Miljøstyrelsen (Danish EPA), 
2006) 

NO3-N 
 

CSTE 0.5 25% total-N concentration 
(Miljøstyrelsen (Danish EPA), 
2006) 

BOD 
 

CSTE 10 assumption 

chl-a 
 

CSTE 0 assumption 
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PO4-P 
 

CSTE 0.25 50% total-P concentration 
(Miljøstyrelsen (Danish EPA), 
2006) 

Temperature 
 

Time series Calculated regression model, SI Fig S6 

Combined Sewer Overflow     

 

Flow 
 

Time series Calculated 
 

DO sat 
 

CSTE 0.7 Calibrated 

NH3-N 
 

CSTE 30 mean from daily time serie 
- inlet WWTP reach 2 (2019)  
(NOVAFOS, 2020) 

NO3-N 
 

CSTE 1 mean from daily time serie - inlet 
WWTP reach 2 (2019)  
(NOVAFOS, 2020) 

BOD 
 

CSTE 230 mean from bi-monthly sampling - 
inlet WWTP reach 2 (2019)  
(NOVAFOS, 2020) 

chla 
 

CSTE 0 assumption 

PO4-P 
 

CSTE 4 mean from daily time serie  
- inlet WWTP reach 2 (2019) 
(NOVAFOS, 2020) 

Temperature 
 

Time series Calculated regression model, Fig S6 

WWTP (reach Grønnegade)     

 

Flow 
 

Time series Calculated 
 

DO sat 
 

Time series 2017-2019** (NOVAFOS, 2020) 

NH3-N 
 

Time series 2017-2019** (NOVAFOS, 2020) 

NO3-N 
 

Time series 2017-2019** (NOVAFOS, 2020) 

BOD 
 

Time series 3.1 mean monthly sampling (2019) 
(NOVAFOS, 2020) 

chl-a 
 

CSTE 0 Assumption 

PO4-P 
 

Time series Time serie 50% total-P concentration 
(NOVAFOS, 2020) 

WWTP (reach Ådalsvej)     

 

Flow 
 

Time series 2017-2019, daily (NOVAFOS, 2020) 

DO sat 
 

Time series 2017-2019, daily (NOVAFOS, 2020) 

NH3-N 
 

Time series 2017-2019, daily (NOVAFOS, 2020) 

NO3-N 
 

Time series 2017-2019, daily (NOVAFOS, 2020) 

BOD 
 

CSTE / mean bi-monthly sampling (2019) 
(NOVAFOS, 2020) 

chl-a 
 

0 / Assumption 

PO4-P 
 

Time series 2017-2019, daily (NOVAFOS, 2020) 

Temperature 
 

Time series 2017-2019, daily (NOVAFOS, 2020) 

*: Measurement frequency ca. every 6 weeks (n= 10) 

**: Uneven measurement frequency ca. every 3 to 5 days 
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Table S2. Model performance rating for Nash-Sutcliffe Efficiency (𝑁𝑆𝐸), Percent BIAS (𝑃𝐵𝐼𝐴𝑆) and RMSE-

observations standard deviation ratio (𝑅𝑆𝑅) according to (Barbosa et al., 2019). 

 

Performance NSE RSR PBIAS 

Very good [0.75-1] [0-0.5] <+/- 10 
Good [0.65-0.75] [0.5-0.6] [+/- 10 - +/-15] 
Satisfactory [0.5-0.65] [0.6-0.7] [+/- 15 - +/-25] 
Unsatisfactory <0.5 >0.70 >+/- 25 

 

  



IV 

79 

 

 

Table S3. Model parameters, all reaches (A: Grønnegade, B: Ådalsvej, C: Parallelvej, D: Nivemølle, E: 

Fredtoften, F: Brønsholmdalsvej (compare Fig. 2). If not explicitly given, the parameter value is uniform across 

all reaches and “/” indicates this parameter is not relevant in a given reach. Parameter descriptions are given in 

Appendix A. 

Parameter A B C D E F Reference / Source 

Catchment and reach characteristics     

Alt [𝑚]       8 (DSFE, 2020) 

A [𝑘𝑚2] 2.08 11.65 1.30 3.90 15.5 18.5 (DSFE, 2020) 

𝐿  [𝑚] 1600 3000 1900 3550 4200 6100 (DSFE, 2020) 

𝑏  [𝑚] 3 2.75 3.25 3.25 1.25 1.25 (DSFE, 2020) 

𝑠 [‰] 1.1 3.0 1.5 1.5 1.5 1.5 (Rudersdal, 2018) 

𝑓𝑖𝑚𝑝 [-] 0.03 0.2 0.25 0.28 0 0.05 (NOVAFOS, 2020) 

𝑓𝑐𝑠 [-] 0.5 0.65 0.5 0.1 - 0 (NOVAFOS, 2020 

𝑓𝑠𝑠 [-] 0.5 0.35 0.5 0.9 - 1 (NOVAFOS, 2020 

Hydrological model parameters     

𝐹𝐶 [𝑚𝑚]       140 (Calibrated) 

𝐿𝑃 [𝑚𝑚]       50 (Calibrated) 

β [-]       4 (Calibrated) 

𝑆𝑀𝑇 [𝑚𝑚]       55 (Calibrated) 

𝑅𝑇𝐶 [𝑑𝑎𝑦]       0.125 (Calibrated) 

𝑈𝐼𝑇𝐶 [𝑑𝑎𝑦]       0.035 (Calibrated) 

𝐿𝐼𝑇𝐶 [𝑑𝑎𝑦]       0.005 (Calibrated) 

𝑃𝑅𝑇𝐶 [𝑑𝑎𝑦]       0.009 (Calibrated) 

𝐷𝑆𝑀𝑇 [𝑑𝑎𝑦]       0.002 (Calibrated) 

𝑆𝐷𝑅 [𝑑𝑎𝑦]       0.5 (Calibrated) 

𝐺𝑊  [𝑚𝑚] 
(t=0) 

2000 100 1000 1000 0 2000 (Calibrated) 

𝐶𝑜𝑛𝑡𝑟𝑖𝑏𝐺𝑊𝐴𝑅 [−]       0.01 (assumption) 

𝐺𝑆𝐼 [-] 0 0 -3e-4 -3e-4 0 0 Calibrated 

𝑆𝑆𝑇𝐶 [𝑑𝑎𝑦] / 0.05 / / / / Calibrated 

𝐶𝑆𝑇𝐶 [𝑑𝑎𝑦] / 0.5 / / / / Calibrated 

𝐶𝑆𝑂𝑇𝐶 [𝑑𝑎𝑦] / 0.95 / / / / Calibrated 

𝑄𝑑𝑟𝑦
̅̅ ̅̅ ̅̅  [𝑚3. 𝑑𝑎𝑦−1] / 5700 / / / / Calibrated 

𝑄𝑀𝐴𝑋 [𝑚3. 𝑑𝑎𝑦−1] / 50000 / / / / Calibrated 

𝑉𝑡ℎ𝑟𝑒𝑠ℎ𝑜𝑙𝑑 [𝑚3] / 10000 / / / / Calibrated 

Temperature        

Ρ [𝑘𝑔/ 𝑚3]       1000 

𝐶𝑝 [𝑘𝑔/ 𝑚3]       4182  

𝐾 [𝐽/(𝑚2. °𝐶. 𝑘𝑔. 𝑑𝑎𝑦)]       1.9e6 (Bogan et al., 2003) 

Oxygen and nutrients        

𝜃𝑎 [−]       1.024 (Chapra, 1997) 

𝑘𝑑
20 [𝑑𝑎𝑦−1]       0.5 (Chapra, 1997) 

𝜃𝐵𝑂𝐷 [−]       1.047 (Bowie et al., 1985) 

𝑉𝑠,𝐵𝑂𝐷  [𝑚. 𝑑𝑎𝑦−1]       0.1 (Chapra, 1997) 

𝑟𝑜𝑛 [𝑔. 𝑔𝑁−1]       4.57 (Chapra, 1997) 

𝑘𝑛𝑖𝑡
20  [𝑑𝑎𝑦−1]       0.3 (Bowie et al., 1985) 

𝜃𝑛𝑖𝑡  [−]       1.085 (Bowie et al., 1985) 

𝑘𝑑𝑒𝑛𝑖𝑡
20  [𝑑𝑎𝑦−1]       0.1 (Bowie et al., 1985) 

𝜃𝑑𝑒𝑛𝑖𝑡[−]       1.045 (Bowie et al., 1985) 

𝑘𝑠,𝑑𝑒𝑛𝑖𝑡_𝑙𝑖𝑚  [𝑚𝑔. 𝑙−1]       0.1 (Bowie et al., 1985) 

𝑆𝑂𝐷𝑜
20 [𝑔. 𝑚−2. 𝑑𝑎𝑦−1]       1 (Bowie et al., 1985) 

𝜃𝑆𝑂𝐷[−]       1.065 (Bowie et al., 1985) 

𝑘𝑠,𝑜_𝑙𝑖𝑚[𝑚𝑔. 𝑙−1]       1.4 (Bowie et al., 1985) 

Freshwater plant and algae biomass      

𝑉𝑠𝑒𝑡,𝑠𝑢𝑠[𝑚. 𝑑𝑎𝑦−1]       0.1 (Bowie et al., 1985) 

𝐺𝑚𝑎𝑥,𝑠𝑢𝑠[𝑑𝑎𝑦−1]       2 (Bowie et al., 1985) 
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𝐺𝑚𝑎𝑥,𝑚𝑎𝑐[𝑑𝑎𝑦−1]       0.1 (Nielsen & Sand-Jensen, 1991) 

𝑘𝑠,𝑃_𝑙𝑖𝑚[𝑚𝑔𝑃. 𝑙−1]       0.025 (Bowie et al., 1985) 

𝑘𝑠,𝑁_𝑙𝑖𝑚 [𝑚𝑔𝑁. 𝑙−1]       0.0005 (Bowie et al., 1985) 

𝛾𝑙,𝑏𝑎𝑐𝑘𝑔𝑟𝑜𝑢𝑛𝑑  [𝑚−1]       0.5 (Julian et al., 2008) 

𝛾𝑙,𝑏𝑖𝑜_𝑠𝑢𝑠 

[𝑚−1. 𝑙. 𝑚𝑔𝑐ℎ𝑙𝑎−1] 

      0.035 (Chapra, 1997) 

𝐼𝑜𝑝𝑡  [𝑙𝑦. 𝑑𝑎𝑦−1]       200 (Bowie et al., 1985) 

∅𝑎𝑡𝑚 [−]       0.38 (Wild et al., 2019)  

∅𝑃𝐴𝑅[−]       0.47 (Carr et al., 1997) 

∅𝑟𝑒𝑓𝑙𝑒𝑐  [−]       0.1 (Julian et al., 2008) 

𝑟𝑜𝑎  [𝑚𝑔. 𝜇𝑔𝐶ℎ𝑙𝑎−1]       1.5 (calibrated) 

𝐴𝑅𝑟𝑎𝑡𝑖𝑜 [−]       0.45 (Hall & Beaulieu, 2013) 

𝐸𝑀𝑟𝑎𝑡𝑖𝑜  [−]       0.26 (Calibrated) 
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Table S4. Parameter probability distributions used for the MC simulation for dissolved oxygen concentration 

shown in Fig. 6. 

State 
variable 

Parameter Value or time range Source 

DO    

 

Saturation DO init. lake inflow [DOsat]~𝑈[50,100] % Lemaire et al. (subm) 

Saturation DO init. – nat. flow component [DOsat]~𝑈[60,100] % Estimate 

Saturation DO init. - separated systems [DOsat]~𝑈[60,100] % Estimate 

Saturation DO init. - CSOs [DOsat]~𝑈[30,100] % Estimate 

Reach DOsat estimate Perturbation calculated value 
𝑈[-10,+10]% 

Estimate 

Reaeration rate Perturbation calculated value 

𝑘𝑎. 𝑈[-40,+40]% 

(Palumbo & Brown, 2014) 

Ecosystem metabolism ratio 𝐸𝑀𝑟𝑎𝑡𝑖𝑜 ~ 𝑈[0.01-1] (Marcarelli et al., 2011) 
 

Autotrophic respiration ratio  𝐴𝑅𝑟𝑎𝑡𝑖𝑜~𝑈[0.3,0.7] Estimate 

BOD concentration (WWTP reach C) 𝐵𝑂𝐷 ~ 𝑙𝑜𝑔𝑁[2.5,5] 𝑚𝑔. 𝑙−1 (NOVAFOS, 2020) 

BOD degradation rate 𝑘𝑑 ~𝑈[0.1,0.3] 𝑑𝑎𝑦−1 (Chapra, 1997) 

SOD background  𝑆𝑂𝐷𝐵𝐺  ~𝑈[0.1,2] 𝑔. 𝑚2. 𝑑𝑎𝑦−1 (Chapra, 1997) 

Optimal growth macrophyte  𝐺𝑚𝑎𝑥 ~𝑈[0.01,0.2] 𝑑𝑎𝑦−1 (Nielsen & Sand-Jensen, 
1991) 

Optimal light level  𝐼𝑜𝑝𝑡~𝑈[100,300] 𝑙𝑦. 𝑑𝑎𝑦−1 (Bowie et al., 1985) 

   

Nitrification rate  𝑘𝑛𝑖𝑡
20 ~𝑈[0.2, 6] 𝑑𝑎𝑦−1 (Bowie et al., 1985) 

 
Attenuation cloud cover Perturbation calculated value 

∅𝑐𝑙𝑜𝑢𝑑 . 𝑈[-40,+40]% 
Estimate 

 
Oxygen yield per unit biomass 𝑟𝑜𝑎  ~ 𝑈[0.5,2.5] 𝑚𝑔. 𝜇𝑔𝐶ℎ𝑙𝑎−1 (Krause-Jensen &  

Sand-Jensen, 1998) 
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Table S5. Parameter probability distributions used for setting up the MC simulation regarding physico-chemical 

conditions and shown in Fig. 7. 

State 
variable 

Parameter Distribution Reference 

Stream temperature   

 

Natural flow component temperature Perturbation regression baseline 
parameters: 𝑈[-10,+10]% 

Estimate, Fig S6. 

Equilibrium temperature Perturbation regression baseline 
parameters: 𝑈[-10,+10]% 

Estimate, Appendix A 

Coefficient heat transfer   𝐾~𝑈[1.9e6, 2.4e6] (Bogan et al., 2003) 

Inorganic nitrogen (NH4-N, NO3-N)   

 

NH4 concentration nat. flow component [NH4-N]~𝑁[0.12,0.13] mg-N/l (Thodsen et al., 2016) 

NO3 concentration nat. flow component [NO3-N]~𝑁[3.16,2.07] mg-N/l  (Thodsen et al., 2016) 

NH4 concentration - Separated systems Perturbation baseline value 
𝑈[-50,+50]% 

Estimate, Table S1 

NO3 concentration - Separated systems Perturbation baseline value 
𝑈[-50,+50]% 

Estimate, Table S1 

NH4 concentration - CSOs Perturbation baseline value 
𝑈[-50,+50]% 

Estimate, Table S1 

NO3 concentration -CSOs Perturbation baseline value 
𝑈[-50,+50]% 

Estimate, Table S1 

Nitrification rate  𝑘𝑛𝑖𝑡
20 ~𝑈[0.2, 6] 𝑑𝑎𝑦−1 (Bowie et al., 1985) 

Denitrification rate 𝑘𝑑𝑒𝑛𝑖𝑡 𝑘𝑑𝑒𝑛𝑖𝑡
20 ~𝑈[0.1, 1] 𝑑𝑎𝑦−1 (Bowie et al., 1985) 

Dissolved reactive Phosphorus (PO4-P)   

 

PO4 concentration nat. flow component [PO4-P]~𝑁[0.06,0.07] mg-P/l (Thodsen et al., 2016) 

PO4 concentration -Tributary Perturbation baseline value 
𝑈[-50,+50]% 

Estimate, Table S1 

PO4 concentration -Separated systems Perturbation baseline value 
𝑈[-50,+50]% 

Estimate, Table S1 

PO4 concentration - CSOs Perturbation baseline value 
𝑈[-50,+50]% 

Estimate, Table S1 

 
PO4 concentration - WWTP Perturbation baseline value 

𝑈[-50,+50]% 
Estimate, Table S1 

Suspended chl-a   

 Optimum growth rate  𝐺𝑚𝑎𝑥,𝑠𝑢𝑠~𝑈[0.2-3] 𝑑𝑎𝑦−1 (Bowie et al., 1985) 

 Maintenance/respiration/loss rate  𝑘𝑟
20~𝑈[-50,+50]%. 𝐺𝑚𝑎𝑥,𝑠𝑢𝑠 (Bowie et al., 1985) 

 Temperature optimal growth 𝑇𝑜𝑝𝑡~𝑈[15 − 30]°𝐶 (Bowie et al., 1985) 

 
Light Attenuation coefficient biomass Perturbation default value 

 𝛾𝑙,𝑏𝑖𝑜_𝑠𝑢𝑠. 𝑈[-30,+30]% 
 

Estimate, Appendix A 

 Settling velocity 𝑉𝑠𝑒𝑡,𝑠𝑢𝑠~𝑈[0.01 − 1]𝑚. 𝑑𝑎𝑦−1 (Chapra, 1997) 
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