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Abstract 9 

Attenuation processes of chlorinated ethenes in complex near-stream systems result in site-specific 10 

outcomes of great importance for risk assessment of contaminated sites. Additional interdisciplinary 11 

and comprehensive in situ research are required to enhance process understanding in these systems. In 12 

this study, several methods were combined in a multi-scale interdisciplinary in-situ approach to assess 13 

and quantify the near-stream attenuation of a chlorinated ethene plume, mainly consisting of cis-14 

dichloroethene (cis-DCE) and vinyl chloride (VC), discharging to a lowland stream (Grindsted 15 

stream, Denmark) over a monitoring period of seven years. The approach included: hydrogeological 16 

characterisation, reach scale contaminant mass balance analysis, quantification of contaminant mass 17 

discharge, streambed fluxes of chlorinated ethenes quantified using Sediment Bed Passive Flux 18 

Meters (SBPFMs), assessment of redox conditions, temporal assessment of contaminant 19 

concentrations, microbial analysis, and compound-specific isotope analysis (CSIA). This study site 20 

exhibits a special attenuation behaviour not commonly encountered in field studies: the conversion 21 

from an initially limited degradation case (2012-16), despite seemingly optimal conditions, to one 22 

presenting notable levels of degradation (2019). Hence, this study site provides a new piece to the 23 

puzzle, as sites with different attenuation behaviours are required in order to acquire the full picture of 24 

the role groundwater‐surface water interfaces have in risk mitigation. In spite of the increased 25 

degradation in the near-stream plume core, the contaminant attenuation was still incomplete in the 26 

discharging plume. A conceptualization of flow, transport and processes clarified that hydrogeology 27 

was the main control on the natural attenuation, as short residence times of 0.5-37 days restricted the 28 

time in which dechlorination could occur. This study reveals the importance of: taking an integrated 29 

approach to understand the influence of all attenuation processes in groundwater – surface water 30 

interactions; considering the scale and domain of interest when determining the main processes; and 31 

monitoring sufficiently both spatially and temporally to cover the transient conditions.  32 

 33 

Keywords: Groundwater-surface water interface; Passive flux samplers; Reductive dechlorination; 34 

Compound specific stable isotopes; Contaminant mass discharge; Multiple lines of evidence   35 
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1. Introduction 36 

Chlorinated solvents and their degradation products are common groundwater contaminants from 37 

point sources. They pose a high risk not only to groundwater but also stream water since these two 38 

hydrological resources are connected through groundwater-surface water interfaces (Conant et al., 39 

2019; Rønde et al., 2017). Groundwater and stream water are typically very different chemically, and 40 

mixing of these distinct components leads to steep chemical gradients and conditions for microbial 41 

growth. Due to the connection between the stream and the surrounding bank, attenuation processes 42 

can thus be very different in the near-stream system compared to the aquifer domain (Boano et al., 43 

2014). On a smaller scale, the hyporheic zone is an element of high importance. The hyporheic zone 44 

is commonly defined as the saturated zone beneath and adjacent to surface water bodies where 45 

groundwater and surface water are actively mixed and exchanged (Anibas et al., 2016; Tonina and 46 

Buffington, 2007). The different domains are all interconnected and it is important to consider the 47 

system at several scales (i.e. from the small-scale hyporheic zone to reach-scale) (Krause et al., 2011). 48 

After release to the environment from contaminated sites, plumes with chlorinated solvents undergo 49 

natural attenuation, which include both biological and physical processes (e.g. biodegradation, 50 

sorption and volatilization), of which biodegradation generally is considered to be the key attenuation 51 

process (Freitas et al., 2015). Reductive dechlorination is an important biotransformation process 52 

under anaerobic conditions and is strongly influenced by the local redox conditions (Dolinová et al., 53 

2017). Weatherill et al. (2018) reviewed the biotransformation potential in the near-stream system for 54 

sites with chlorinated ethene contamination and found a large variability in degradation behaviour: 55 

some studies support that enhanced degradation potential exists beneath streams (e.g. Conant et al., 56 

2004; Şimşir et al., 2017), while others document the virtual absence of biotransformation at the time 57 

the study was conducted (e.g. McKnight et al., 2010; Weatherill et al., 2014). Another parameter of 58 

great importance in the near-stream system is the residence time, mainly controlled by the 59 

hydrogeological properties and the presence and origin of the organic matter, which also affect the 60 

bioavailability of contaminants (Rivett et al., 2019; Weatherill et al., 2018). 61 
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Several methods for assessing the hydrogeological properties at near stream systems exist. 62 

Temperature profiling, hydraulic testing, and grain size analysis combined with potentiometric 63 

measurements, can be conducted for estimation of water fluxes and residence times (Freitas et al., 64 

2015; Cremeans et al., 2020). Specific tools such as streambed point velocity probes (SBPVPs) and 65 

seepage meters can be used to determine discharge rates (Cremeans et al., 2020; Rosenberry et al., 66 

2020). Geochemical, chemical and isotopic tracers can be used to determine the groundwater-surface 67 

water mixing (Freitas et al., 2015; Kalbus et al., 2006).  68 

To assess in situ biodegradation processes, various methods must be applied in an integrated 69 

approach, as no method can provide strong documentation alone (Bombach et al., 2010). 70 

Characterisation of redox conditions and distribution of chlorinated parent and metabolite compounds 71 

can be done through sampling of groundwater, hyporheic zone water and surface water (e.g. Freitas et 72 

al., 2015; Lorah and Olsen, 1999). The presence of key microorganisms and functional genes 73 

associated with degradation of chlorinated ethenes can be determined by Polymerase Chain Reaction 74 

(PCR) methods (Şimşir et al., 2017; Yargicoglu and Reddy, 2015). Reductive dechlorination can be 75 

assessed and documented by the use of compound-specific isotope analysis (CSIA) (e.g. Abe et al., 76 

2009; Hamonts et al., 2009).  77 

Less commonly, studies have used reach-scale mass balances including quantification of contaminant 78 

mass discharge to assess the combined attenuation processes of chlorinated ethene plumes (e.g. 79 

Courbet et al., 2011 and Rønde et al., 2017). Such mass balance calculations require estimates of 80 

contaminant fluxes at multiple control planes along the plume pathway, e.g. at the bank, through the 81 

streambed and in the stream channel.  82 

The monitoring tools individually provide useful descriptions of the near-stream system, but only a 83 

combined assessment can achieve the full value of the outcomes. In addition, near-stream systems are 84 

dynamic systems and the temporal variations are essential to consider (Lemaire et al., 2020) along 85 

with the spatial variation at different scales (Krause et al., 2011). In general, there is a need to enhance 86 

understanding of the combined attenuation of chlorinated ethenes at multiple scales, which calls for 87 

comprehensive interdisciplinary efforts that couple hydrogeological, chemical and microbial 88 
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interactions (Krause et al., 2011; Weatherill et al., 2018). In this study, we offer an integrated 89 

assessment applying state of the art techniques within these disciplines to assess the attenuation 90 

processes at multiple scales and times at the Grindsted stream site, thereby contributing to a small but 91 

growing number of field site investigations exploring contaminant fate in plumes at the groundwater-92 

stream water interface. 93 

The objectives of this study were to: 1) quantitatively assess the flow, transport and natural 94 

attenuation of a chlorinated ethene plume discharging to a stream by use of reach scale mass balances; 95 

2) evaluate temporal changes in degradation behaviour at the groundwater-stream water interface 96 

through a multiple lines of evidence approach and 3) develop a conceptual model for the near-stream 97 

system, i.e. from the bank, through the streambed to mixing in the stream, to identify key factors for 98 

attenuation in a contaminant plume.  99 

Study site 100 

The Grindsted stream, located in the Region of Southern Denmark (Figure 1), is a gaining stream; it 101 

drains a sandy aquifer and has an average annual discharge of 2000 L/s. The aquifer consists of a ~10 102 

m thick Quaternary meltwater sand layer underlain by a ~70 m thick Miocene sand layer interbedded 103 

with clay and lignite. Near the stream, postglacial freshwater sand and peat deposits are present 104 

closest to the surface, and a clay and lignite layer separates the two sand layers into a shallow 105 

unconfined and a deep semi-confined aquifer (Maurya et al., 2018; Balbarini et al., 2020). On a local 106 

scale, the flow field goes from nearly horizontal at transect CP1 to nearly vertical at the streambed at 107 

transect 2 (Figure 1, Rønde et al., 2017). 108 

A plume containing chlorinated ethenes, BTEX (benzene, toluene, ethylbenzene and o,m,p-xylenes) 109 

and pharmaceuticals discharges to Grindsted stream from an old factory site located 1.5 km north of 110 

the stream (Balbarini et al., 2020). A plume core approximately 50 m in width and 4 m in thickness, 111 

which consists mainly of cis-DCE and VC, was delineated along the north bank at transect CP1 112 

(Rønde et al., 2017). Considerable contaminant mass discharge of chlorinated ethenes have been 113 

documented at the north stream bank, through the streambed and in the stream (Cremeans et al., 2018; 114 
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Rønde et al., 2017). Chlorinated ethenes, BTEX compounds and pharmaceuticals have also been 115 

observed in the stream water (e.g. Sonne et al., 2017). Sonne et al. (2018, 2017) found that VC 116 

exceeded the Danish environmental quality criteria of 0.05 µg/L more than 7 km downstream of the 117 

primary plume discharge zone, and that the combined presence of organic and inorganic contaminants 118 

showed significant potential ecotoxicity on a local scale.  119 

 120 

Figure 1: A) Map of Denmark with the location of Grindsted. B) Map with the old factory site (brown 121 

area), Grindsted stream (light blue curvature) flowing through Grindsted town (grey area), and the 122 

location of the study site (red square). Dark blue contours show the groundwater equipotential lines 123 

in the Danish Vertical Reference system (DVR90), i.e. meter above sea level (m asl). The 124 

equipotential lines are based on data from wells inside (black dots) and outside the area shown on the 125 

map. C) Map of the study site showing a discharging plume and the location of the fully mixed point. 126 

The plume outline is the 100 µg/L contour for VC at 31 m asl ±0.5 m. D) Enlargement of the study site 127 

showing the location of the two investigated transects: Transect 2 (red line) and CP1 (dotted 128 
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curvature), wells (black dots) and two culverts. The black rectangle shows the location of station 4US, 129 

where the content of sediment bound organic carbon was determined by Sonne et al. (2017). Adapted 130 

by the authors from Rønde et al. (2017). 131 

2. Materials and methods 132 

2.1 Overview of data, methods and approaches 133 

This study provides novel data and interpretations of flow and biogeochemical processes at the field 134 

site including: reach scale contaminant mass balance analysis; quantification of streambed 135 

contaminant fluxes by sediment bed passive flux meters (SBPFMs); determination of contaminant and 136 

Darcy fluxes by passive flux meters (PFMs); determination of redox conditions; temporal assessment 137 

of contaminant concentrations; quantification of specific bacteria and related functional genes; 138 

compound specific isotope analysis; as well as estimation of required degradation rates based on 139 

residence times. SBPFMs, which can measure contaminant fluxes through the streambed without the 140 

need for water sampling (Layton et al., 2017), have not been used previously to assess attenuation of 141 

chlorinated ethenes at a groundwater-stream water interface.  142 

The data are divided into two groups when addressed in the results and discussion; data collected in 143 

2012-16 and data collected in 2019. The 2019 field campaigns were incorporated to include specific 144 

measurements of microbial communities and compound stable isotopes in the vicinity and below the 145 

stream in the dataset, and to provide corresponding chemical data for the main contaminants. 146 

However, the distinction between the 2012-16 and the 2019 data is made based on the results and not 147 

on the techniques applied. The definition ‘plume core’ is used to define a 50 m wide and 4 m thick 148 

plume core at transect CP1, where the >100 µg/L contour is outlined at Figure 1D. The definition 149 

‘plume center’ is used to define the approximate location of a flow line from well 114.2508 at the 150 

bank to the streambed stretch 1.5-4.5 m from the north bank with the highest contaminant flux (see 151 

Section 3.2). The ‘bank to stream’ term is used to encompass the link between and processes 152 

occurring along the domains.   153 
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2.2 Sediment Bed Passive Flux Meter (SBPFM) and Passive Flux Meter (PFM) 154 

measurements 155 

Twelve SBPFMs were constructed using a 3.2 cm outer diameter PVC tube of 70 cm length with a 156 

drive-point bottom (Figure 2) (Layton et al., 2017). Measured from the top, solid pipe sections were 157 

present from 0-5 cm, 16-51 cm and 62-70 cm, while two 11 cm long screened sections were present 158 

from 5-16 cm (to allow for water outflow) and 51-62 cm (to allow for water inflow). The 35 cm long 159 

blinded middle section was filled with granulated activated carbon (GAC) mixed with five residence 160 

tracers (alcohols with different retardation factors – Annable et al., 2005), while the remaining 161 

sections were filled with coarse sand. After filling, threaded caps attached to retrieval ropes were used 162 

to seal the tubes. In November 2015, the SBPFMs were deployed in the streambed by inserting them 163 

into a 2 meter long guide tube (inner diameter 5 cm) placed and held at the streambed interface at the 164 

desired deployment location. A metal rod was then used to drive the SBPFM into the streambed.  165 

Nine SBPFMs were deployed across Transect 2 (Figure 1D) such that the top of the cap aligned with 166 

the top of the streambed (i.e. GAC sections were located from 16-51 cm depth below the top of the 167 

streambed). One was driven deeper with the cap at 1.3 m depth below the top of the streambed (i.e. 168 

GAC located from 146-181 cm depth below the top of the streambed). A single SBPFM was deployed 169 

upstream of the plume discharge zone, serving as a reference. Chlorinated ethenes sorbed to this 170 

reference SBPFM were below the detection limit (20 µg/g). After 7.2 days, the SBPFMs were 171 

retrieved and two samples of GAC for each SBPFM were taken from the bottom 5 cm and the top 30 172 

cm. This was done to observe contaminants primarily retained at the bottom of the SBPFM. The 173 

length-weighted cumulative contaminant mass accumulation or tracer loss were used as representative 174 

flux values for the entire SBPFM. All samples were subsequently analysed for chlorinated ethenes 175 

and residence tracers to determine the contaminant mass flux and Darcy flux, respectively. For details 176 

on the theory behind the SBPFM, including flux calculations, see Layton et al. (2017). The SBPFM-177 

based flux averaged concentrations (mass/volume) were calculated as the SBPFM-based contaminant 178 

flux (mass/area/time) divided by the SBPFM-based Darcy flux (volume/area/time). 179 
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 180 

Figure 2: Photo of a SBPFM before deployment in the streambed. The design and functioning of the 181 

device is presented by Layton et al. (2017). 182 

In addition, to obtain contaminant fluxes and Darcy fluxes at the stream bank, two standard PFMs 183 

were deployed for 8 days in boreholes 114.2507 (16-17 mbgs) and 114.2508 (5.5-6.5 mbgs), see 184 

locations in Figure 1D. Construction, installation and analysis of these PFMs were conducted as 185 

described in Annable et al. (2005).  186 

2.3 Hydraulic conductivity measurements 187 

When the SBPFM is driven into the sediment, an artificial flow path is generated that may enhance or 188 

inhibit groundwater flow. To account for this, an estimate of the convergence/divergence factor is 189 

needed for the analysis of the data. Slug tests were conducted in boreholes 114.2507 and 114.2508, 190 

where the PFMs were deployed. The procedure is described by Maurya et al. (2018). To estimate the 191 

convergence/divergence factor needed for the analysis of SBPFM data and to support Darcy 192 

calculations, 20 falling head mini-slug tests were conducted at 0.5, 1, 2 and 3 m depths below the top 193 

of the streambed along Transect 2 (Figure 1D). Only the slug tests conducted at 0.5 m depth were 194 

used to calculate the convergence/divergence factor, since this depth approximately corresponds to the 195 

SBPFM deployment depth. See Rønde et al. (2017) for further details on the field methods and 196 

interpretation of slug tests. Using the hydraulic conductivity of the sediments and the GAC in the 197 

SBFPM, and knowing the geometry of the device, a convergence factor can be calculated for this flow 198 

configuration. The details on the convergence calculation can be found in Layton et al., 2017. 199 
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2.4 Water sampling, chemical and microbial analyses 200 

2.4.1 Water samples, redox parameters and contaminant concentrations 201 

Water samples for determination of field parameters, contaminant concentrations and redox 202 

conditions in the aquifer, streambed and stream (Figure 1C-D) were mainly collected from 2012 to 203 

2016 according to methods described by Rønde et al. (2017). Rønde et al. (2017) found groundwater 204 

concentrations of chlorinated ethenes in the plume core to vary within a narrow range (±2-35%) 205 

during this period, and so we assumed steady state conditions in the plume for this data collection 206 

period. In the current study, additional samples for contaminant concentrations (including chlorinated 207 

ethenes, BTEX and pharmaceuticals) and redox conditions were collected in the aquifer, streambed 208 

and stream. Stream water samples were obtained under fully mixed conditions in the stream (mixing 209 

point, see Figure 1C). This is defined as the distance where the concentrations along a transverse 210 

section remains within 5% of the mean value (Rønde et al., 2017). 211 

For the 2012-16 dataset, the contaminants were sampled and analysed by Rønde et al. (2017). Water 212 

samples to be analysed for ethene, ethane and methane were collected by a needle syringe and 213 

transferred to a 6 mL vacuumized glass exetainer® vial containing concentrated sulphuric acid. The 214 

exetainer® vials were stored bottom up at 10°C until headspace analysis was conducted using a 215 

Thermo Scientific TRACE 1310 gas chromatograph equipped with a flame ionization detector (FID). 216 

Redox sensitive parameters (excluding methane) were sampled and analysed as described by Maurya 217 

et al. (2017). DOC was sampled and analysed as described by Sonne et al. (2017). For the 2019 218 

dataset, the samples were analysed by the accredited (DANAK, ISO/IEC 17025) laboratory Eurofins 219 

(Eurofins Miljø A/S, Denmark) and collected in accordance with Eurofins protocols. 220 

2.4.2 Microbial characterization 221 

Water samples for quantification of specific bacteria and functional genes were collected from well 222 

114.2508 (5.5-6.5 mbgs), mlp-10 (6 mbgs) and from piezometers driven into the streambed, SB1-SB8 223 

(see locations in Figure 1D and Figure 3). Additionally, borehole 114.1454 (4-5 mbgs) was sampled 224 

as a background reference. This borehole is located 2 km south of the stream, and is thus outside of 225 



 
 

11 
 

the map in Figure 1B. Samples were collected in sterile 1 L high-density polyethylene (HDPE) bottles 226 

with screw caps and separate seals. The bottles were filled completely with no head-space. The 227 

samples were stored in a cooling box for maximum a day before they were sent for analysis, and the 228 

temperature upon receipt of 10.5-15°C was around the groundwater temperature. The samples were 229 

extracted and analysed at Microbial Insights Europe (Microbial Insights Europe, Wondelgem, 230 

Belgium) by QuantArray-Chlor analysis. This method includes quantitative PCR (qPCR) for specific 231 

bacteria and functional genes related to anaerobic and aerobic degradation of chlorinated ethenes, as 232 

well as selected bacteria related to redox processes. 233 

2.4.3 Compound-specific isotopes  234 

Compound-specific isotope samples for chlorinated ethenes, ethene and BTEX were collected from 235 

groundwater and pore water beneath the stream at locations subject to microbial sampling (see section 236 

2.4.2). Samples were collected in both 40 ml and 1 L glass vials/flasks, preserved with 37% 237 

hydrochloric acid, capped with Teflon septa, sealed without air bubbles in the vial and stored at 4°C 238 

until they were analysed at the Centre for Hydrogeology and Geothermics at University of Neuchâtel. 239 

The carbon isotope results are reported as 13C/12C isotope fractions, R, relative to the international 240 

standard (VPDB) in delta notation, δ13C(‰) = (R/Rstd–1)*1000 (Hunkeler et al., 2008). 241 

In addition, a carbon isotope balance of the dominant chlorinated ethenes (where the compound 242 

specific concentrations were sufficiently high for isotope analysis) was determined (Badin et al., 243 

2016) by Equation 1: 244 

δ13Csum = [cisDCE]∙δ13CcisDCE+[VC]∙δ13CVC
[cisDCE]+[VC]

    (1) 245 

where [i] refers to molar concentrations and δ13Ci refers to the carbon isotopic composition of the 246 

individual chlorinated compounds, i. The results were compared to literature reported pure product 247 

signatures to assess if complete reductive dechlorination occurred, i.e. if the results were less negative 248 

than the literature values (Aeppli et al., 2010). 249 

3. Results and discussion 250 
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3.1 Hydrogeology, seepage velocity and residence time 251 

A seepage velocity of 0.3 m/d was obtained in the aquifer at the stream bank by the two PFMs 252 

installed in 114.2507+2508 (Table 1, standard deviations are also given in the table) located ~20 m 253 

up-gradient CP1. This result is on the low end of the range previously measured at the stream bank 254 

transect (CP1) by Rønde et al. (2017) from PVPs (0.78 m/d) and determined by Darcy calculations 255 

(1.4 m/d). However, this is expected as boreholes 114.2507+2508 are placed further away from the 256 

stream and the flow velocities will increase along a stream-line in the aquifer to discharge in the 257 

stream (see Balbarini et al., 2017). 258 

The sediment in Transect 2 beneath the stream is sandy with a relatively high hydraulic conductivity, 259 

K, of 1x10-4 m/s (geometric mean). A mild heterogeneity (variance of lnK < 1, Bohling et al., 2012) 260 

was suggested by the  variance of lnK, which was found to be 0.4 when omitting a single low value 261 

close to the south bank (Figure S1). Cremeans et al. (2018) performed slug tests in the stream bed that 262 

yielded K values in the same range (4.7·10-5 to 2.6·10-4 m/s).  263 

The vertical seepage velocity beneath the stream was estimated from both Darcy’s law and SBPFMs 264 

assuming isotropic conditions (Table 1). The vertical seepage velocity determined by the Darcy 265 

calculation from data in Transect 2 was 2.1 m/d. This result overlaps, on the low end the results 266 

obtained by Cremeans et al. (2018) from SBPVPs of 5.91 m/d in average at a location nearby (Table 267 

1). These velocities are of comparable magnitude accounting for spatial and/or temporal variations in 268 

stream bed properties.  269 

An average vertical seepage velocity of 0.3 m/d was calculated from the nine shallow SBPFMs (the 270 

convergence factor used was 19). The lower seepage velocity results from the SBPFMs compared to 271 

those obtained from SBPVPs and Darcy calculations can be caused by spatial and temporal variation 272 

in hydrogeological conditions as the methods were not applied at the exact same location at the same 273 

time (e.g. see the stream stage in Figure S2). Factors related to the estimations for the different 274 

methods could also play a role, e.g. estimation of the convergence factor for the SBPFM geometry, 275 

the assumption of isotropy for the Darcy’s law-based method, and the use of a time integrated method 276 
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(SBPFM) compared to snapshots (Darcy, SBPVP). However, differences between the results from the 277 

different methods can be rationalized, and the variations in velocities commonly observed close to 278 

streams (Wroblicky et al., 1998) have been very well characterized at the site.  279 

In summary, the estimated seepage velocities from the stream bank to the streambed at the study site 280 

are high (0.3-5.9 m/day, Table 1), resulting in short residence times of 0.17-3.7 d/m in the near-stream 281 

system. The residence times are 0.5-37 days from the bank (CP1) to the stream assuming a travel 282 

distance of 3-10 m. The smaller scale flow regime in the hyporheic zone is evaluated in section 3.5. 283 

Table 1: Seepage velocities estimated at the bank and beneath the stream using various methods. 284 

 Location Seepage 
velocity* 

Standard 
deviation Reference 

  m/d m/d  
Stream bank  
PFM  114.2507+2508  

(~20 m up-gradient CP1) 
0.30 (2) 0.03 This study 

PVP CP1 0.78 (9) 0.55 Rønde et al., 2017 
Darcy CP1 1.40 (-) - Rønde et al., 2017 

 
Streambed 
SBPFM Transect 2 0.27 (9) 0.20 This study 
Darcy** Transect 2 2.10 (-) - This study 
SBPVP close to Transect 2*** 5.91 (5) 5.02 Cremeans et al., 2018 

* The numbers in parentheses indicate the number of measuring points. **In the Darcy calculation, a mean 285 

gradient of 0.087 was calculated using hydraulic head measurements (Figure S1). The overall direction was 6 286 

degrees counter clockwise from vertical upward, which corresponds to nearly vertical upward flow. The 287 

geometric mean of the hydraulic conductivity and the mean gradient were combined using Darcy’s law, 288 

corrected for the porosity to obtain the vertical seepage velocity.***Average of five measurements located 1.5 289 

m upstream from Transect 2. 290 

 291 

3.2 Plume composition and contaminant discharges to the stream 292 

The plume discharging to Grindsted stream is a co-mingled plume, which contains chlorinated 293 

aliphatic hydrocarbons, BTEX and pharmaceuticals (Table S1, S2 and S3). The plume core, with the 294 

highest concentration of chlorinated ethenes in CP1, enters the stream at Transect 2 (Rønde et al., 295 

2017). Here, the chlorinated ethene plume consists primarily of cis-DCE, VC and ethene (Figure 3). 296 

The fraction of organic carbon (foc) was measured by Sonne et al. (2017) in streambed sediments 297 
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(Figure 1D) and at the bank to be <0.001. The low values imply limited sorption of cis-DCE and VC, 298 

which are also characterised by low logKow further weakening their susceptibility to sorption. Kd was 299 

estimated using the formula from Piwoni and Banerjee (1989) to 0.03 L/kg for cis-DCE and 0.01 L/kg 300 

for VC, which correspond to very low retardation factors (~ 1.1 and 1.05 respectively). Therefore, 301 

transport of these chlorinated ethenes is expected to be only slightly retarded in the system. 302 

The comparison of the flux averaged concentrations and concentrations from water samples from 303 

2012-16 (Figure 3) show that the SBPFMs capture the concentration distribution of chlorinated 304 

ethenes well, indicating that SBPFMs were internally consistent. However, the flux averaged 305 

concentrations are generally higher than those measured in water samples. In addition to temporal 306 

variations, the explanation for this could be the relatively lower flow velocities observed for the 307 

SBPFM as discussed in section 3.1 and differences between sampling techniques. Water sampling is 308 

an active sampling method, where samples represent snapshots in time of a given volume around the 309 

sampled screen. In contrast, the SBPFM approach is a time-integrated passive sampling method, 310 

where only water flowing through the lower SBPFM screen is sampled. Therefore, small zones 311 

characterised by very high concentrations may be diluted by surrounding water or stream water 312 

through active water sampling, while they may be captured through the passive nature of the SBPFM. 313 

The highest SBPFM-derived contaminant fluxes were observed at the stretch from 1.5-4.5 m from the 314 

north bank (Figure S3). Along this stretch, the highest values for SBPFM-derived seepage velocity, 315 

chlorinated ethene concentration and cis-DCE-to-VC molar ratio were observed. These observations 316 

reveal spatial variability beneath the stream across Transect 2. In addition, where the core of the 317 

plume discharges, stream concentrations of chlorinated ethenes also vary greatly in space, with the 318 

highest concentrations close to the north stream bank and lowest concentration at the stream surface 319 

(Figure S4).  320 

Chlorinated ethene concentrations measured in 2019 reveal that the composition in the plume center, 321 

from 114.2805 at the bank to SB5-SB8 in the streambed, has changed from that observed in 2012-16 322 

(Table S4 and Figure 4). A significant decrease in cis-DCE concentrations at the bank and in the 323 

streambed was observed, while VC and ethene concentrations were in the same order of magnitude as 324 
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previous data. The change in chlorinated ethene concentrations raises the possibility of increased 325 

degradation from 2012-16 to 2019 within the plume core. However, to make a quantitative assessment 326 

of the effect of degradation and other attenuation processes on mass reduction/gain of individual 327 

contaminants, compound mass balances along the plume pathway are necessary (see section 3.6).       328 

 329 

Figure 3: Chlorinated ethene concentrations in Transect 2 derived from traditional water samples 330 

(coloured contour, circles indicate sampling points) and from SBPFMs (coloured rectangles) from the 331 

2012-16 dataset. Note the different scales. The 2019 data are not included in the plume contours, but 332 

the location of the 2019 sampling points are indicated in the upper figure to the right; black crosses 333 

were placed in Transect 2 and grey crosses were located 1.5 m downstream of Transect 2. The blue 334 

arrow indicates the general flow direction below the stream: from nearly horizontal to almost 335 

vertical. 336 
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 337 

Figure 4: Comparison of concentrations of dominant chlorinated ethenes in the plume center 338 

measured in 2012-16 and 2019. The locations of boreholes 114.2508, K2 and SB are shown in Figure 339 

1 and 3. 340 

3.3 Redox conditions  341 

The predominant redox conditions were determined by evaluating the concentrations of selected 342 

redox-sensitive species at the stream bank in CP1 and beneath the stream (Figure 5 and Table S5). In 343 

the 2012-16 data at CP1, the plume core was mostly characterised by negligible oxygen (averaged to 344 

0.03 mg/L) and depletion of nitrate. Concentrations of dissolved manganese (1.3 mg/L) and dissolved 345 

iron (38 mg/L) were substantially increased compared to the unpolluted aquifer, which was 346 

characterized by oxic to nitrate reducing conditions. This indicates reductive dissolution of sediment-347 

bound manganese and iron oxide-hydroxides. A mean sulphate concentration of 5.6 mg SO4-S/L was 348 

observed, demonstrating that not all sulphate had been reduced. However, this concentration is low, 349 

relative to concentrations of 26 mg SO4-S/L in unpolluted portions of the aquifer (Table S5). The 350 

simultaneous occurrence of reduced iron and sulfate reduction indicates that the system is not in 351 

equilibrium, or that the water samples represent water from separate micro niches. Additionally, very 352 

high methane concentrations were observed at the stream bank (up to 47 mg/L, Table S6). Overall, the 353 

redox conditions in the plume core at CP1 seem to be mostly iron reducing to methanogenic. In 354 
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accordance with this, sulfate reducing bacteria and methanogens were detected in boreholes 114.2508 355 

and mlp-10, though the methanogens were present in lower abundance than the sulfate reducing 356 

bacteria (Table S9). In the western part of the plume core in CP1, the predominant redox conditions 357 

were iron reducing. Above the iron reducing zone, a nitrate reducing and an oxic zone were present, 358 

where the contaminant concentrations were relatively low (Figure 5).  359 

Beneath the stream, iron reducing to methanogenic conditions predominated (Figure 5). Sulfate 360 

reducing bacteria and methanogens were correspondingly detected in the streambed at transect 2 361 

(Table S9). However, more oxidized zones may have existed locally within or just above the shallow 362 

plume core (see SB1, SB2 and SB3 in Table S10), as was the case in CP1. Downstream of the plume 363 

core discharge zone, iron reducing conditions dominated, and further downstream conditions were 364 

nitrate reducing. The unpolluted aquifer was oxic to nitrate reducing, while the stream water was oxic 365 

(Table S5). While transient effects on short time scales are to be expected in a near-stream system, 366 

overall the 2019 data were in accordance with the 2012-16 data, and comparable redox conditions are 367 

expected during the period from 2012 to 2019. 368 

 369 

Figure 5: Predominant redox conditions beneath the stream (left) and at the bank, CP1 (right) based 370 

on 2012-16 data. Concentrations of redox sensitive species used to make these redox zones are listed 371 

in Tables S6, S7 and S8. In the sampling points the following compounds were measured: dissolved 372 
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oxygen, nitrate, dissolved manganese, dissolved iron, sulphate and methane (closed triangles); not 373 

all, but sufficient redox-sensitive species to assess redox conditions (closed squares); sulphate and 374 

nitrate (open triangles); dissolved oxygen and methane (open squares), and dissolved oxygen (open 375 

circles). Red sampling points indicate methane concentrations above 1 mg/L. The contour lines show 376 

the total concentration of chlorinated ethenes in mg/L, PCEeq, for 2012-16 (Rønde et al., 2017). In 377 

the profile view to the right, the brown curvature indicates the terrain, while the arrows indicate the 378 

approximate elevation of the groundwater table (white), stream level (blue) and streambed surface 379 

(black).  380 

3.4 Presence of natural and anthropogenic DOC 381 

In order for reductive dechlorination to occur, electron donors are required, and typically, the electron 382 

donor is molecular hydrogen produced by the fermentation of natural or anthropogenic DOC 383 

(Chambon et al., 2013). Approximately 10-30% of the DOC content in hyporheic pore water is 384 

generally labile and bioavailable, while only 0.5-5% is bioavailable in aquifers (Weatherill et al., 385 

2018). The DOC level ranged between 0.95-36 mg/L at the stream bank (Table S6 and S10) and 2.6-386 

14 mg/L in the streambed (Table S7 and S10). Co-contaminants in co-mingled plumes may serve as 387 

an anthropogenic source of DOC. Whether such co-contaminants can actually provide electrons to 388 

drive reductive dechlorination and other redox processes depends largely on their degradability.  389 

Benzene was the dominant component of the BTEXs in 2019 (Table S2, between 0.27-0.43 mg/L in 390 

the plume center) as was the case in the 2012-16 dataset. However, benzene is one of the most 391 

persistent BTEX compounds and degrades slowly if at all under anaerobic conditions (Cozzarelli et 392 

al., 2010). Little to no change in δ13C values for benzene was observed (maximum +0.6‰) in the 393 

plume center from the bank (114.2508) to the streambed (SB5-SB8) (Table S11). However, due to the 394 

small enrichment factors for benzene, a significant fractionation of >2‰ is only visible when a large 395 

proportion of the original mass (>50%) has been degraded (Hunkeler et al., 2008). Therefore, there is 396 

a possibility that degradation of benzene occurs to some degree, which could influence the processes 397 

in the plume. 398 
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The pharmaceutical compounds were found to contribute to less than 1/3 of the DOC (Balbarini et al., 399 

2020) (Table S3 and S10). Balbarini et al. (2020) suggested that some degradation of the 400 

pharmaceuticals may occur in the plume core from the Grindsted factory site, despite that persistence 401 

of these compounds has been reported in the literature. The argument for this is the shortage of 402 

competing sources of nitrogen, sulphur and carbon, due to the prevalent redox conditions and low 403 

DOC content. However, these are only speculations and whether the pharmaceuticals actually provide 404 

electron donors for reductive dechlorination remains uncertain.  405 

In conclusion, the majority of the DOC at the Grindsted stream site appear to have a natural origin. 406 

The origin of the natural carbon has not been identified, but is most likely a geogenic source in 407 

combination with remainings from the vegetation in the riparian zone (Rivett et al., 2019). The 408 

stoichiometry suggests that very little DOC is needed to degrade chlorinated ethenes (Weatherill et 409 

al., 2018), and hence, electron donors are not expected to be a limiting factor in the reduced zones, 410 

given the measured DOC concentrations (Table S5, Table S10). 411 

3.5 Hyporheic flow 412 

Qualitative field observations made at the Grindsted stream site may provide information on flow in 413 

the hyporheic zone. Concentrations of various contaminants were measured in water samples from 414 

beneath the stream at Transect 2 (see concentration profiles in Figure S5). At one location, k4 in 415 

Figure S5, the concentrations for the individual compounds decreased between 1 and 0.5 m below the 416 

streambed by approximately the same factor (1.2-1.8) for all contaminants, indicating dilution by 417 

infiltrating surface water. At this location, the streambed is elevated. The elevation might explain the 418 

surface water infiltration, which tends to occur at the upstream side of streambed obstructions, such as 419 

dunes and ripples (Trauth et al., 2013; Boano et al., 2014). At the remaining locations in Transect 2, 420 

no indications of dilution were observed between 1 and 0.5 m (Figure S5), suggesting that the 421 

hyporheic zone extent is less than 0.5 m deep.  422 

Furthermore, Cremeans et al. (2018) determined the seepage velocity in Grindsted from streambed 423 

temperatures measured at 0.2 m below the streambed and obtained much lower seepage velocities 424 
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than results obtained from Darcy’s law and SBPVPs. The lower temperature-based results could be 425 

due to hyporheic flow at 0-0.2 m depth. The SBPVP was also deployed at a shallow depth, ca. 0.1 m 426 

below the streambed, where a shield protected the probe from horizontal hyporheic flow (Cremeans et 427 

al., 2018). When the SBPVP was used without the shield, no detector response was obtained, 428 

suggesting that the tracer was flushed off the probe horizontally before it travelled vertically to the 429 

detector. These observations are indicative of shallow horizontal hyporheic flow (approximately 0.1 430 

m thick). The SBPVP survey showed a considerable spatial variation in upward seepage velocities, 431 

the same variation might be expected over the entire thickness of the hyporheic zone.    432 

General modelling results may help gain a conceptual understanding of the hyporheic flow beneath 433 

Grindsted stream. Trauth et al. (2014, 2013) found that the ambient groundwater flow exerts the main 434 

control on hyporheic zone volume. Hence these findings suggest that the hyporheic zone in Grindsted 435 

is shallow due to the high seepage velocity measured in this study (Table 1). Although, high 436 

groundwater discharge reduces the volume of the hyporheic zone, corresponding reduction of the 437 

hyporheic exchange flow has been shown to be insignificant, and therefore, the residence times of 438 

hyporheic flow is expected to be short at high groundwater discharge conditions (Cardenas and 439 

Wilson, 2006). The shorter residence time may reduce the potential for reactions to occur at the 440 

interface (mixing zone) between the hyporheic zone and groundwater (Weatherill et al., 2018).    441 

3.6 Compound mass balances along plume pathway 442 

A comparison of compound molar ratios (not including non-chlorinated end-products) of contaminant 443 

mass discharge estimates was conducted along the plume pathway by different methods during 2012-444 

2016 (Figure 6). These fractions are determined based on mass discharge, hence variations in 445 

discharge at different control planes are accounted for. At all locations, the chlorinated ethene mass 446 

discharge was entirely composed of cis-DCE (35-44%) and VC (56-65%), with a few exceptions 447 

where PCE and TCE comprised a maximum of 1% it the total contaminant mass. The compound 448 

molar ratios were nearly constant along the plume pathway from the bank to the fully mixed point in 449 

the stream, suggesting that little or no reductive dechlorination or volatilisation was taking place. The 450 

results from PFM, SBPFM and Darcy fluxes are consistent with findings obtained by Cremeans et al. 451 
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(2018) and Rønde et al. (2017). From the fully mixed point and 7 km downstream, Sonne et al. (2017) 452 

found that volatilisation caused a total mass loss of 35-64% for cis-DCE and 60-85% for VC, causing 453 

a measurable shift in the molar fractions. 454 

 455 

Figure 6: Molar fractions of chlorinated ethenes in the contaminant mass discharge determined at 456 

different locations by various methods. Results are based on data from 2012-16: *this study; **Rønde 457 

et al. (2017); ***Cremeans et al. (2018); and ****Sonne et al. (2017). PVPmean and PVPvary refer 458 

to a constant and varying Darcy flux in the control plane, respectively, see (Rønde et al., 2017) for 459 

details. Non-chlorinated end-products ethene and ethane are not included to be consistent, as several 460 

of the presented methods does not include this component. However, these compounds were present, 461 

see e.g. Figure 3 and Figure 8. 462 

The molar fractions of chlorinated ethenes (not including non-chlorinated end-products) in water 463 

samples changed in the plume center from the period 2012-16 to 2019 (Figure 4, Table S4 and Figure 464 

S6). In 2019, the VC molar fraction accounted for ≥ 95% of the chlorinated ethenes and cis-DCE for 465 

the remaining part at the stream bank and in the streambed. This change in molar fractions indicates 466 

attenuation through degradation in the plume center. In the fully mixed point in the stream water, the 467 

composition was comparable to 2012-16 results, but at the upper end of the range (28% cis-DCE; 468 
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72% VC). In addition, the in-stream contaminant mass discharge at the fully mixed point in the stream 469 

was nearly unchanged for VC from 2012-2016 to spring 2019, while the in-stream contaminant mass 470 

discharge for cis-DCE decreased (see Rønde et al. (2017) and supporting information for further 471 

details). This supports the notion that the flow conditions have remained quite constant over these 472 

years, and that increased degradation occurred in the plume core in 2019 compared to 2012-16. 473 

3.7 Key microorganisms and functional genes 474 

Dehalococcoides with functional genes related to metabolic cis-DCE and VC dechlorination, vcrA 475 

and bvcA, were detected in the bank and streambed water in 2019 (Figure 7). In the plume center, the 476 

abundance was comparable to literature reported levels for observed effective dechlorination of 477 

chlorinated ethenes. In the streambed outside the plume core, Dehalococcoides were present but in 478 

lower abundance (Table S9). Dehalogenimonas were observed in the bank and streambed water in the 479 

plume center (see mlp-10 and SB6 in Table S9). However, the cerA gene, capable of degrading VC to 480 

ethene (Yang et al., 2017), was below the detection limit. In contrast to findings within the plume, the 481 

abundance of these halorespiring bacteria in the pristine borehole was very low (Figure 7 and Table 482 

S9). The presence of specific bacteria and functional genes provide information about the degradation 483 

potential, but do not necessarily describe whether the bacteria actively degrade the contaminants at the 484 

time of sampling (Badin et al., 2016). 485 

Other studies have also detected Dehalococcoides with the bvcA and vcrA genes in streambed 486 

sediment. Şimşir et al. (2017) found that the presence and activity of organohalide-respiring bacteria 487 

resulted in dechlorination that prevented the chlorinated ethenes from reaching the surface water; in 488 

contrast Hamonts et al. (2014) could not find a correlation between the occurrence of reductive 489 

dechlorination and the presence of Dehalococcoides species with bvcA and vcrA genes, and 490 

hypothesised that variations in the groundwater discharge rate was the reason.  491 

There is no indication of a strong potential for aerobic co-metabolic degradation of the chlorinated 492 

ethenes at the site, but some functional genes potentially related to this process have been detected 493 

(Table S9). The total bacterial abundance (Table S9) was comparable to other sites where natural 494 
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attenuation has been observed (e.g. Badin et al., 2016), which suggests that the presence of co-495 

contaminants, e.g. pharmaceutical compounds, does not impact the overall abundance of bacteria to 496 

any large degree. Whether the microbial activity of the individual groups is impacted by co-497 

contaminants remains unresolved. 498 

In summary, the findings from the Grindsted site demonstrate that there is potential for anaerobic 499 

reductive dechlorination in the stream bank and bed with a strong potential in the plume core. No 500 

microbial data were collected in 2012-16 to permit a similar evaluation of the degradation potential in 501 

those years. However, given the change in composition of the chlorinated ethenes observed from the 502 

period 2012-16 to 2019, the potential for complete dechlorination appears to have increased. 503 

However, to make a full assessment of the degradation potential, a conceptual understanding of the 504 

system is required (see section 4). 505 

 506 

Figure 7: Abundance of Dehalococcoides ( ), bvcA ( ) and vcrA ( ) on a logarithmic scale in the 507 

pristine borehole and in the plume center at the bank (114.2508 and mlp-10) and streambed (SB5-508 

SB8) in 2019. There is no bar if the target was below the detection limit (see Table S9). The horizontal 509 

lines represent the lower threshold for Dehalococcoides (orange line) and for bvcA and/or vcrA (blue 510 

line) for effective reductive dechlorination as reported by the literature. The literature reported levels 511 

for effective dechlorination are >103-104 cells/mL for Dehalococcoides and >102-103 cells/mL for VC 512 
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reductive dehalogenase genes vcrA and/or bvcA (Clark et al., 2018; Lu et al., 2006; Ritalahti et al., 513 

2010; van der Zaan et al., 2010). 514 

3.8 Compound-specific isotope analysis (CSIA) 515 

In 2019, CSIA was used to assess the occurrence of reductive dechlorination from stream bank to 516 

streambed in the plume center. For cis-DCE a significant enrichment of 13C occurred, Δδ13Ccis-517 

DCE=+24.9 ‰, between 114.2508 and mlp-10 at the stream bank (Figure 8). Furthermore, an 518 

additional isotopic enrichment was observed from mlp-10 to most points in the streambed, with the 519 

largest observed change of Δδ13Ccis-DCE=+12.8 ‰. Given the negative δ13C value commonly observed 520 

for the pure chlorinated solvent products, -23.2 to -37.2 ‰ for PCE and -27.8 to -31.9 ‰ for TCE 521 

(van Warmerdam et al., 1995), the positive values observed for cis-DCE at the Grindsted site (Figure 522 

8) is strong evidence of degradation. Carbon isotope values this positive (up to +44‰) have also been 523 

observed elsewhere in a streambed environment. Abe et al. (2009) reported a δ13C value for cis-DCE 524 

in the same order of magnitude (up to 40.1‰) in a highly reduced area of the Pine River streambed.  525 

In the plume center, an increase in δ13C values was observed for VC, Δδ13CVC,max = +3.8 ‰, and 526 

ethene, Δδ13CEthene,max = +2.8 ‰, from the bank to the streambed (Figure 8). For intermediates where 527 

the precursor is present in the system the assessment of the isotope trend becomes more complicated 528 

because an increase in the δ13C value for the intermediate is obtained both when it is produced and 529 

degraded (Hunkeler et al., 1999). Hence, the degradation of a precursor can mask the degradation of a 530 

metabolite. Hamonts et al. (2012) observed indications of this in a riverbed with cis-DCE and VC 531 

contamination. While the presence of ethene at the Grindsted site verifies that some VC degradation 532 

occurred, it does not specify where it occurred. For these reasons, to assess the combined effect of the 533 

near-stream chlorinated ethene degradation at the Grindsted site a carbon isotope balance was used.  534 

The carbon isotope balance for chlorinated ethenes provided δ13Csum values (between -15.2 ‰ and -535 

18.7 ‰) that are more positive than δ13C values for pure TCE and PCE products reported by van 536 

Warmerdam et al. (1995). Hence, these data suggest that in the plume core a portion of the chlorinated 537 

ethenes were degraded to non-chlorinated end-products such as ethene and ethane. This is supported 538 
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by the enrichment in δ13Cethene. There is an observable difference in the δ13Csum values between the 539 

stream bank and streambed (Figure 8), which indicates that degradation of VC is active in this interval 540 

beneath the stream. In contrast, the dechlorination of cis-DCE to VC seems to occur predominantly 541 

up-gradient CP1 (from 114.2508 to mlp-10 at the bank) where the enrichment of δ13Ccis-DCE is largest.  542 

In the streambed outside the plume core, less enriched δ13C values for especially cis-DCE were 543 

observed (see SB3 in Table S11), which suggests less reductive dechlorination outside the plume 544 

core. This is in accordance with the molar fraction trend observed for the corresponding dataset 545 

(2019). Other studies that have used δ13C isotope values to identify zones with degradation in 546 

streambeds also identified local variations (Abe et al., 2009; Hamonts et al., 2012). CSIA was not 547 

included for groundwater or streambed samples in the campaigns conducted in 2012-16. However, 548 

given the almost constant contaminant composition though the system (Figure 6), the δ13C values 549 

likely stayed relatively constant in the near-stream system during that time period. Sonne et al. (2017) 550 

also found relatively stable carbon isotope values for cis-DCE and VC in the stream water, indicating 551 

that these compounds were not further degraded after entering the stream. 552 
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 553 

Figure 8: A) molar fractions of cis-DCE ( ), VC ( ), ethene ( ) and ethane ( ) from stream bank to 554 

streambed in the center of the plume in 2019 (see placement of sampling locations in Figure 1). The 555 

other chlorinated ethenes accounted for <1%. B) Carbon isotope values at the same monitoring 556 

points for cis-DCE, VC and ethene, as well as the carbon isotope balance sum ( ) for the chlorinated 557 

ethenes. Note the different scale for cis-DCE. The points are in the order of decreasing distance to the 558 

streambed, but does not necessarily represent the actual flow line.  559 

3.9 Degradation rates 560 

To evaluate the required degradation rates for observable contaminant changes from the bank to the 561 

stream, first order degradation rates were estimated by C/C0 = e-k·t, where C/C0 is the change in 562 

contaminant concentration with the given degradation rate, k, over the residence time, t, in the system. 563 

With the longest predicted residence time of 37 days from the bank (CP1) to the stream (see section 564 

3.1), a degradation rate of 0.006 d-1 is required to cause a decrease in the contaminant concentration of 565 
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20%, which is the minimal change needed to sufficiently exceed the uncertainty of the chemical 566 

analyses. In the case of the shortest residence time (0.5 days, see section 3.1), a degradation rate of 567 

0.45 d-1 would be required. Compared to degradation rate values reported by the literature of 0.0007-568 

0.009 d-1 for cis-DCE and 0.0004-0.007 d-1 for VC (Ottosen et al., 2019), the required rates for 569 

observable degradation at the study site would seem to be very high. As reductive dechlorination is a 570 

sequential process, the rate for VC would need to be even higher to obtain an observable reduction, as 571 

it is produced and degraded at the same time, while cis-DCE mainly undergoes degradation only, in 572 

this part of the system. In the plume center, where a strong degradation of cis-DCE was observed in 573 

2019, the maximum decrease in the cis-DCE concentration was ~60% (from mlp-10 at the bank to 574 

SB8 in the streambed). On a molar basis complete mass conservation was not obtained when 575 

including the chlorinated ethenes, ethene and ethane. Between these two points 23 % was not 576 

accounted for, this may be due to physical processes and formation of other degradation products, 577 

likely further degradation of ethene and ethane by anaerobic oxidation. Nevertheless, the decrease in 578 

cis-DCE is well above the maximal effect of physical processes and degradation through other 579 

pathways in the anaerobic plume center. Hence, these results point towards the presence of a highly 580 

active biozone with anaerobic reductive dechlorination in the plume core. In contrast, the decrease in 581 

cis-DCE concentrations observed in the 2012-16 period in the plume center at similar sampling 582 

positions, could not be distinguished from the uncertainty of the chemical analysis.  583 

4. Conceptual model for Grindsted stream  584 

A conceptual model is essential to comprehend groundwater-surface water interaction and the 585 

potential impacts on plume attenuation in groundwater from the bank to the stream (Bjerg et al., 2011; 586 

Conant et al., 2019). Many parameters influence attenuation and hence multiple parameters must be 587 

evaluated together in the assessment. Therefore, the information gained through the integrated 588 

approach was combined to develop a conceptual model for the Grindsted site illustrating near-stream 589 

chlorinated ethene attenuation (Figure 9).  590 

The hydrogeological information established that the system has high seepage velocities, with limited 591 

sorption and short residence times in an assumed thin hyporheic zone. The residence times of 0.17-3.7 592 
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d/m at the Grindsted site are particularly short compared to times that field experience suggest are 593 

necessary for chlorinated ethene degradation (Weatherill et al., 2018). It is a system with both natural 594 

and potentially anthropogenic electron donors. In the plume core, the redox conditions are iron 595 

reducing to methanogenic and thus favourable for anaerobic reductive dechlorination. Other study 596 

sites have found high dependencies on these parameters in near-stream environments; either directly 597 

between the redox conditions and the dechlorination (Lorah and Olsen, 1999) or where the residence 598 

time controlled the development in redox conditions which in turn influenced the degradation (Abe et 599 

al., 2009).  600 
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 601 

Figure 9: Conceptual model of the near-stream chlorinated ethene attenuation at the Grindsted 602 

stream in 2012-16 and 2019. State of the art techniques were used to obtain hydrogeological, 603 

chemical (mass balances, geochemistry, contamination and isotopic trends) and microbial data 604 

collected over a period of 7 years. The black line in the stream indicate where fully mixed conditions 605 

are obtained. Please note that the figure is not to scale. 606 
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The main components in the chlorinated ethene plume at the Grindsted site are cis-DCE, VC and 607 

ethene. Between 2012-16 and 2019 an observable change in the composition of chlorinated ethenes in 608 

the plume center occurred, indicating a local increase in dechlorination. In this zone, increasingly 609 

positive δ13C values for cis-DCE at the stream bank and in the streambed document the occurrence of 610 

significant cis-DCE dechlorination. Additionally, δ13Csum values indicate degradation of VC to non-611 

chlorinated end-products between the streambank and streambed. The enhanced transformation 612 

occurred where Dehalococcoides with bvcA and vcrA genes were detected in high abundance. 613 

However, dechlorination is not only dependent on microbial abundances but also residence times 614 

(Haest et al., 2011). Hence, the contact time between specific bacteria and contaminants controls the 615 

mass destruction through bioattenuation if the conditions are otherwise suitable. In-stream 616 

contaminant mass discharges for molar fractions of cis-DCE and VC at the fully mixed point imply 617 

increased dechlorination in 2019 compared to previous observations in 2012-16.  618 

As a result of the combined investigation, it is concluded that the estimated residence times of 0.5-37 619 

days, caused by the large seepage velocities, likely contributed to the slow onset of degradation and 620 

remain too short for efficient attenuation of the chlorinated ethene plume even in the relatively active 621 

plume center. In line with this, other studies with near-stream assessments have also found that 622 

hydrogeology can significantly influence the chlorinated ethene attenuation (e.g. Abe et al., 2009; 623 

Şimşir et al., 2017).  624 

Once the plume enters the Grindsted stream, a fast stream flow velocity combined with a low stream 625 

width-to-depth ratio cause slow volatilization, and transportation of chlorinated ethenes far 626 

downstream from the plume discharge zone (Figure 9). This in combination with limited inflow 627 

downstream, i.e. dilution, allows for detection of VC concentrations above the environmental quality 628 

criterion along a stream corridor of several kilometres (Sonne et al., 2017).  As a result, due to 629 

incomplete attenuation in 2012-16 and 2019, the chlorinated ethenes pose a risk for the near-stream 630 

system during the entire monitored period. Nevertheless, the in-stream contaminant mass discharge 631 

indicates that overall the risk has decreased, and the change in the system reveals increased potential 632 

for a degradation-based remediation strategy. The origin for the shift in the near-stream attenuation 633 
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has not been identified. For instance, it could be linked to microbial adaptation and activity or changes 634 

in flow or biogeochemical conditions in the up-gradient aquifer that are only reflected on long-term 635 

scales. Therefore, continued monitoring and investigations at the study site and up-gradient plume are 636 

recommended to follow the development in the near-stream system and strengthen the understanding 637 

of the up-gradient aquifer system.   638 

5. Perspectives on monitoring of attenuation 639 

The observations at the Grindsted stream site highlight three general lessons for the monitoring of 640 

near-stream attenuation with implications for risk assessment:  641 

1) Detailed hydrogeological characterisation is vital to conduct an accurate risk assessment. 642 

Information about the seepage velocities and residence times are as least as crucial to risk assessment 643 

as determining the degradation rates. In addition, the spatial variability of the system needs to be 644 

considered as groundwater discharges to surface water do not occur in a spatially uniform manner. 645 

The hydrogeological information needed requires site-specific measurements with appropriate 646 

methods. The different tools applied in this study yielded similar insights concerning seepage 647 

velocities, but sites with different geologies and larger heterogeneity needs to be assessed in the future 648 

in order to decide the best methods and tools for hydrogeological characterisation (Cremeans et al., 649 

2020). The settings of a system greatly influence the residence times. As an example, submerged 650 

vegetation can alter streambed permeability by reducing stream velocities and increasing fine 651 

sediment deposition (Weatherill et al., 2019). In addition, beds with a high content of organic 652 

materials can significantly increase residence times for chlorinated ethenes and change the 653 

bioavailability (Rivett et al., 2019).  654 

2) Temporal variations in contaminant discharge and attenuation processes is important to consider. 655 

The multiple lines of evidence approach including state of the art techniques can be used to document 656 

and quantify the occurrence and importance of degradation and other attenuation processes at the time 657 

of monitoring, and if applied over time, the evolution of the system can be documented. In this study, 658 

we focused on long term changes (annual), however the near-stream system can be dynamic and thus 659 



 
 

32 
 

the frequency and extent of monitoring is of high importance for assessment of short-term changes 660 

(Lemaire et al. 2020). Furthermore, the short-term variability, caused by e.g. seasonal changes, should 661 

be considered for accurate assessments of long-term developments.  662 

3) For a complete assessment of the fate of contaminants, the combined effect of flow, transport, 663 

degradation and other attenuation processes should be evaluated. Compound mass balances along the 664 

plume pathway can be a strong tool to make a quantitative assessment of the combined attenuation 665 

processes. 666 

Finally, the results presented here have strong implications for risk assessment at near-stream systems. 667 

Briefly, it is crucial to apply an interdisciplinary approach, with focus on quantifying chlorinated 668 

ethene degradation, as well as assessing the controlling factors such as the residence time in the 669 

system. In addition, a full understanding and conceptualisation of the controls on attenuation 670 

processes can support the selection of potential remediation methods, their design and subsequent 671 

performance assessments. Attenuation processes are site-specific and conceptualisation is important to 672 

assess the different systems, only then can proper monitoring techniques be selected to continually 673 

assess the processes of importance. In transient and complex near-stream systems multiple lines of 674 

evidence are required to strengthen the assessment, get a consistent conceptual model and overcome 675 

the limitations of the individual tools. The spatial and temporal frequency and which techniques are 676 

appropriate will depend on the domain and scale at which the processes of importance occur. The 677 

monitoring of attenuation in a near-stream system is comprehensive, but adequate monitoring 678 

techniques have been developed over the last decades. Now there is a need to apply an 679 

interdisciplinary approach at multiple scales on numerous sites with different settings to fully 680 

comprehend the strengths of the tools and identify places where new developments are required. 681 

Conclusion 682 

• Measurements of the seepage velocity revealed a fast flow system with short residence times 683 

estimated to be 0.5-37 days from the bank to the stream. 684 
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• The SBPFMs captured the concentration distribution of chlorinated ethenes well. The flux 685 

averaged concentrations were in general higher than those measured in water samples, 686 

reflecting that SBPFMs represent more local conditions or small differences in the methods. 687 

• Electron donor availability, redox conditions and presence and abundance of specific bacteria 688 

revealed favourable conditions for anaerobic reductive dechlorination in the discharging 689 

plume core. At the plume fringe the conditions were less optimal.  690 

• Limited attenuation from the bank to the stream was documented through a reach scale mass 691 

balance, based on contaminant mass discharge estimates, over a monitoring period from 2012 692 

to 2016.  693 

• A temporal change in the system was described through a multiple lines of evidence 694 

approach, which revealed that a zone of high bioattenuation had developed by the time of the 695 

final investigations in 2019. As an example, δ13C values documented significant degradation 696 

and a high abundance of Dehalococcoides with bvcA and vcrA was observed. A quantifiable 697 

trend in in-stream contaminant mass discharge supported the increased dechlorination in the 698 

plume core, but it was not sufficient to change the resulting impact on the stream water 699 

quality. However, the in-stream contaminant mass discharge indicates that overall the risk has 700 

decreased, and the change in the system shows promise for the use of biological remediation 701 

technologies at the site. Continued monitoring at different time scales is recommended to 702 

underpin the 2019 results, and follow the new development of the system in order to 703 

understand the reasons behind the enhanced degradation. Future efforts should focus on 704 

seasonal changes and effects of river stage to make sure that the long term changes observed 705 

in this study are permanent. 706 

• A conceptual model combining flow, transport and attenuation processes showed that 707 

hydrogeology was the main control of the near-stream attenuation at the Grindsted stream 708 

site, as the short residence times restricted the time during which biodegradation could occur. 709 

Furthermore, on a reach-scale, the in-stream attenuation was restricted by a fast stream 710 
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velocity and a low stream width-to-depth ratio that, in combination with limited in-stream 711 

dilution, allowed detection of chlorinated ethenes far downstream from the entry point.  712 
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