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Abstract 20 

Drinking water supply is in many parts of the world based on groundwater. Groundwater often 21 

contains methane, which can be oxidized by methanotrophs upon aeration. Sand from rapid sand 22 

filters fed with methane-rich groundwater can remove some pesticides (Hedegaard and Albrechtsen, 23 

2014). We enriched methanotrophs from filter sand and investigated whether they could drive the 24 

degradation of various pesticides. To enrich for methanotrophs we designed and operated four 25 

laboratory-scale, continuously methane-fed column reactors, inoculated with filter sand and one 26 

control column fed with tap water. When enrichments were obtained, methane was continuously 27 

supplied to three reactors, while the fourth was starved for methane for one week, and the reactors 28 

were spiked with ten pesticides at groundwater-relevant concentrations (2.1-6.6 µg/L). Removal for 29 

most pesticides was not detected at the investigated contact time (1.37 minutes). However, the 30 

degradation of phenoxy acids was observed in the methanotrophic column reactor starved for 31 

methane, while it was not detected in the control column indicating the importance of methanotrophs. 32 

Phenoxy acid removal, using dichlorprop as model compound, was further investigated in batch 33 

experiments with methanotrophic biomass collected from the enrichment reactors. Phenoxy acid 34 

removal (expressed per gram of matrix sand) was substantially improved in the methanotrophic 35 

enrichment compared to parent filter sand. The presence of methane did not clearly impact 36 

dichlorprop removal but did impact mineralization. We suggest that other heterotrophs are 37 

responsible for the first step in dichlorprop degradation, while the subsequent steps including ring-38 

hydroxylation are driven by methanotrophs.  39 

Introduction 40 

In several countries, drinking water originates from groundwater. Groundwater can contain several 41 

unwanted inorganic and organic compounds, such as methane, hydrogen sulphide, ammonium, iron 42 

(Fe2+) and manganese (Mn2+). To remove these contaminants, the groundwater is often aerated to 43 

strip methane and hydrogen sulphide, and to add oxygen prior to subsequent rapid sand filtration, 44 

where physio-chemical and biological processes remove iron, manganese, ammonium, and residual 45 

methane. Groundwater sources may also contain pesticides. In Denmark, for example, pesticides and 46 

their transformation products were found in 28.5% of all active waterworks wells in the period 1992-47 

2015 (GEUS & Danish Ministry of Energy Utilities and Climate, 2016). EU regulations set the 48 

highest allowable concentration for a single pesticide in drinking water at 0.1 μg/L (European 49 

Commission, 2006, 2000).  In Denmark, the policy is to close contaminated extraction wells when 50 

pesticide concentrations exceed EU norms (GEUS & Danish Ministry of Energy Utilities and 51 

Climate, 2016). This is a unsustainable and costly approach, and novel solutions to remove pesticides 52 

from groundwater are attractive alternatives to obtain good drinking water quality (Benner et al., 53 

2013).  54 

Microorganisms can degrade many organic trace contaminants and utilize them as sources of carbon 55 

and possibly also nitrogen, phosphorus or sulfur, often leading to mineralization (Alexander, 1994). 56 

This is called primary metabolism and contrasts with co-metabolism where contaminants are 57 

transformed fortuitously by enzymes with broad substrate specificity along with the primary growth 58 

substrate, without being used as an energy, nutrient or carbon source (Ciavarelli et al., 2012; Dalton 59 

and Stirling, 1982; Rattier et al., 2014). Co-metabolism is particularly relevant when contaminants 60 

occur at very low concentrations (ng-μg/L) (Alexander, 1994; Benner et al., 2015; Nzila, 2013).  61 
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Methanotrophs are typically present at aerobic/anaerobic interfaces where they thrive from methane 62 

oxidation (Semrau et al., 2010). Due to the non-specificity of the methane monooxygenase enzyme 63 

(MMO), methanotrophs can co-metabolically oxidize a suite of organic compounds (Hedegaard et 64 

al., 2018; Semrau et al., 2010). The methane monooxygenase (MMO) exists in two forms: a soluble 65 

cytoplasmic form (sMMO) and a particulate membrane-associated (pMMO) form (Hanson and 66 

Hanson, 1996; Jiang et al., 2010; Semrau et al., 2013). While almost all methanotrophs have a gene 67 

encoding pMMO, only some have genes encoding sMMO (Pandey et al., 2014). Expression of sMMO 68 

occurs at low copper (Cu) to biomass ratios, whereas pMMO expression increases when this ratio 69 

increases (Semrau et al., 2013; Sirajuddin and Rosenzweig, 2015). sMMO has a broader substrate 70 

range than pMMO, and the cometabolic activity of methanotrophs has therefore typically been 71 

ascribed to sMMO (Jiang et al., 2010; Semrau et al., 2010).  72 

Upon aeration, methane in the groundwater can be utilized to grow methanotrophs in bioreactors. By 73 

taking advantage of the co-metabolic properties of methanotrophs, this approach could create an 74 

opportunity for simultaneous degradation of pesticides. However, cometabolic degradation may be 75 

slow because of enzymatic preference for the primary substrate. One way to evaluate the co-metabolic 76 

transformation of a trace contaminant (TC) is by measuring its transformation yield (Ty, in moles TC 77 

removed per mole methane oxidized), which expresses the relative stoichiometry between 78 

consumption of the primary and secondary substrate (Anderson and Mccarty, 1997). The 79 

transformation yield depends on several factors, and especially the concentrations of the primary and 80 

secondary substrates. At environmentally relevant conditions, the concentration of pesticides (below 81 

µg/L) relative to the concentration of methane (mg/L) is typically very low, and thus the competition 82 

from methane oxidation is likely to limit co-metabolic pesticide removal ( Jiang et al., 2010; Semprini 83 

and McCarty, 1992; Suttinun et al., 2013).  84 

Inspired by the observed removal and mineralization of pesticides (bentazone, dichlorprop, mecoprop 85 

(MCPP), glyphosate and p-nitrophenol) in microcosms with sand material sampled from biological 86 

rapid sand filters from a waterworks with methane-rich groundwater (Hedegaard and Albrechtsen, 87 

2014), we assessed the potential for methanotroph driven co-metabolic removal for a range of 88 

pesticides at environmentally relevant concentrations. To this end, we developed a methanotrophic 89 

enrichment culture in lab-scale continuous-flow column reactors using rapid sand filter material as 90 

inoculum and methane as the sole intentional carbon source. With this methanotrophic enrichment 91 

culture, we established whether a suite of pesticides at environmentally relevant concentrations could 92 

be removed, with focus on phenoxy acids.  93 

Material and methods 94 

Reactor experiments 95 

Reactor set-up and operational conditions 96 

Five replicate cylindrical up-flow column reactors made of Plexiglass (r=2 cm and h= 8 cm) were 97 

packed with 37.8 g porous expanded clay carrier material (Filtralite NC 0.8-1.6, Saint-Gobain Weber, 98 

Norway) with a bulk density of 530 kg/m3 (dry and compressed Filtralite, according to the 99 

manufacturer) chosen for its high specific surface area (1.89 m2/g). Four of the column reactors were 100 

inoculated (2% v/v) with material originating from rapid sand filters (prefilters) of a waterworks 101 

(Sjælsø, Zealand, Denmark, operated by Novafos) treating groundwater with high methane 102 
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concentration (1.1-9.2 mg/L) (Hedegaard and Albrechtsen, 2014). The fifth reactor served as control 103 

and was filled with autoclaved carrier material and fed with tap water only (no methane).  104 

The column reactors were fed with non-chlorinated tap water through a pressure-reducing valve at a 105 

flow rate of 21 mL/min, resulting in a hydraulic retention time of max 1.37 min. Methane (from gas-106 

tight bags) was mixed in the tap water through individual 80 cm high plastic bubble columns, with 107 

counter-current flow of water and methane driven by two peristaltic pumps (Figure S1). The 108 

water/methane mixture was continuously fed to the column reactors at a target influent concentration 109 

of 1.5 mg methane/L. Low gas-permeability polyurethane tubing (i.d. 4 mm, o.d. 6 mm, Alfapur (PU), 110 

Alfaflex, Mechelen, BE) was used to deliver the water/methane mixture. Tubing was replaced every 111 

third week to avoid excess biofilm growth. Tap water contained traces of NO3
--N/L (0.57 to 0.96 112 

mg/L), and PO4-P/L (<0.01 (method detection limit) to 0.04 mg/L) as analysed with test kits 113 

(Spectroquant, Merck, GE).  114 

Monitoring of dissolved methane and dissolved oxygen in reactors 115 

To monitor methane removal, 3 mL water samples were collected weekly from the influent and 116 

effluent ports. Influent ports were placed approximately 7 cm before the water/methane mixture entry 117 

to the reactors while effluent samples were collected by inserting the tip of a gas-tight syringe directly 118 

into the effluent tubing. To avoid loss of dissolved methane during sample collection from the influent 119 

port, samples were collected with a 5 cm long needle with a gas tight syringe inserted into the tube 120 

from the sampling port. Dissolved oxygen (DO) in the effluents from the reactors was measured in a 121 

flow-through set-up with a DO probe (HQ40d portable multi meter with a LDO101 probe, HACH, 122 

Loveland, Colorado, USA). 123 

Assessment of pesticide removal of column reactors  124 

Removal of ten pesticides was investigated in the column reactors: 2,6-dichlorobenzamide  (BAM, 125 

degradation product of dichlobenil), bromoxynil, chlorotoluron, diuron, ioxynil, isoproturon, linuron, 126 

4-chloro-2-methylphenoxy acetic acid (MCPA) and mecoprop (MCPP) (Table 1 for IUPAC names). 127 

The pesticides (all from Dr. Ehrenstorfer GmbH, Augsburg, GE) were dissolved separately (6.3 mg/L 128 

for each compound) in ultrapure water at 30ºC and stirred overnight. After 270 days of reactor 129 

operation, the pesticide mixture was continuously supplied to the influent of each reactor to reach a 130 

concentration of 5 μg/L for each compound (flow rate of 1 mL/hour). Three of the column reactors 131 

remained continuously fed with methane, one reactor was starved for methane for a week prior to 132 

addition, and the fifth reactor remained as abiotic control. The pesticide supply lasted 72 hours during 133 

which effluent samples were collected every 24 hours, while the influent was only sampled on the 134 

last day. All compounds were analyzed by Eurofins Miljø (Galten, DK). 135 
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 136 

Potential pesticide removal in column reactors 137 

To evaluate whether the co-metabolic methanotrophic activity in the column reactors would have 138 

been sufficient to observe pesticide removal, we calculated expected pesticide removal rates. We 139 

based our analysis on observed normalized substrate preferences, SPCH4/TC, based on input data 140 

reported in literature (Anderson and Mccarty, 1997; Hedegaard et al., 2018). The normalized substrate 141 

preference measures the preference for oxidation of the primary substrate (methane) over the 142 
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oxidation of the secondary substrate (pesticide, Pes) and is given by (modified from Hedegaard et al., 143 

2018):  144 

𝑆𝑃𝐶𝐻4
𝑃𝑒𝑠

=

𝐶𝑃𝑒𝑠
𝐶𝐶𝐻4

𝑇
𝑦,
𝑃𝑒𝑠
𝐶𝐻4

=

𝐶𝑃𝑒𝑠
𝐶𝐶𝐻4
𝑟𝑃𝑒𝑠
𝑟𝐶𝐻4

    Eqn. 1 145 

Hence, the rate of pesticide removal can be expressed as: 146 

𝑟𝑃𝑒𝑠 =
𝑟𝐶𝐻4×

𝐶𝑃𝑒𝑠
𝐶𝐶𝐻4

𝑆𝑃𝐶𝐻4/𝑃𝑒𝑠
     Eqn. 2 147 

Where SP,CH4/Pes is the observed normalized substrate preference, Ty,Pes/CH4 is the transformation yield, 148 

which measures the removal rate of the trace contaminant, rPes, relative to the removal rate of methane, 149 

rCH4, (Anderson and Mccarty, 1997) and CPes/CCH4 is the ratio of the pesticide to methane 150 

concentration. In these calculations, the average inlet concentration of methane (0.9 mg/L) and the 151 

average methane removal rate (25 µM/min) in the column reactors were applied (Table 2). From the 152 

expected pesticide removal rate, the expected pesticide removal, ΔCexpect,pes, was calculated using the 153 

maximal hydraulic retention time of 1.37 minutes. 154 

 155 

 156 
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Microcosm experiments  157 

Removal and mineralization of dichlorprop (2-(2,4-dichlorophenoxy)propanoic acid) by the 158 

methanotrophic enrichment were investigated in batch experiments. The column reactors were 159 

operated for more than 400 days before they were sacrificed to initiate batch experiments. Within a 160 

period of two hours, approx. 20 g aliquot of wet carrier material and biomass (gB&C) was collected 161 

from each of all methane-fed column reactors. The different aliquots were combined and manually 162 

mixed with a autoclaved spoon, and 10 g aliquots transferred to six 300 mL serum bottles 163 

(microcosms). Prior to the experiment all serum bottles had been acid-washed and heated to 555°C 164 

for 12 hours. Abiotic controls were set up with virgin Filtralite carrier material and were autoclaved 165 

(20 min, 1 bar and 121oC). Tap water was added to a total volume of 100 mL. The microcosms were 166 

closed with Teflon stoppers and aluminum lids. The microcosms were incubated at room temperature 167 

(approx. 22°C) on an orbital shaker set at 120 rev/min. The pH, measured with pH strips at the 168 

beginning of each experiment, was 7-8. Dichlorprop removal was investigated by spiking 14C-169 

dichlorprop, in general at 0.9 µg/L, to microcosms three times (Figure S2). The first spike of 14C-170 

dichlorprop occurred a few hours after assembling the microcosms; the second spike after eight days, 171 

and the last spike after 57 days. In all three spikes, microcosms with and without methane addition 172 

were included. The first spike included triplicate microcosms of each treatment, while the second 173 

spike included only single microcosms of each treatment (because the two other microcosms were 174 

used in other experiments). Before the last spike, the microcosm content (liquid with suspended 175 

biomass) was collected from each of the microcosms (with and without methane) and used in new 176 

microcosms each containing 1/5 of the content. In this experiment four microcosms with methane 177 

and three microcosms without methane were included, while the remaining biomass was used for 178 

qPCR analysis. The effect of pesticide concentrations on the removal was studied during the last 179 

spike: three different concentrations (0.4 µg/L; 0.9 µg/L and 3.5 µg/L) of 14C-dichlorprop were 180 

examined in single microcosms (except for a concentration of 0.9 µg/L 14C-dichlorprop with methane, 181 

which was in duplicates) (Figure S2). 182 

Between two spikes, the microcosms were briefly aerated with atmospheric air to strip the previously 183 

produced 14CO2, before re-spiking with radiolabeled compounds and methane. Water was replenished 184 

to reach a total volume of 100 mL and a water sample was collected before a new 14C-dichlorprop 185 

spike to measure residual radioactivity from the previous spikes.  186 

 187 

Methane was added to the microcosms before each 14C-dichlorprop spike (targeting a concentration 188 

of 1.5 mg methane/L, as in the column reactors) and oxygen and methane concentrations were 189 

monitored during the experiments to avoid depletion. During the first and second spike, a mixture of 190 

pure oxygen and methane (to match the required 1:2 methane to oxygen e stoichiometric volumratio 191 

for complete oxidation) was added every 2 to 5 days to microcosms with methane to maintain 192 

atmospheric pressure. During the third spike, methane was only added initially, targeting a 193 

concentration of 5 mg methane/L, and atmospheric air was added during the experiment to maintain 194 

atmospheric pressure. 195 

Chemicals  196 

In microcosm experiments, removal and mineralization were investigated with [ring-U-14C]-197 

dichlorprop (Izotop, Institute of Isotopes Co., Ltd., Hungary) with a nominal radiochemical purity of 198 
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97.96%. Stock solutions were prepared in methanol. Methanol was removed by volatilization, and 199 

the 14C-dichlorprop was subsequently dissolved in sterile MilliQ water and added to the microcosms.   200 

Sampling  201 

Two liquid samples of a total volume of 6-10 mL were collected in syringes by piercing the 202 

microcosm caps. 3 mL water samples were collected for methane analysis and 3-7 mL samples were 203 

collected for dichlorprop analysis. The extracted volume was replaced by atmospheric air. Samples 204 

were filtered (0.22 µm Nylon GF filter, diameter 25 mm, Frisenette Aps).  205 

Measurement of 14C-activity  206 

The produced 14CO2 in the water phase was quantified by a double vial system, where produced 14CO2 207 

in the water is stripped off and captured by a base trap (1 mL 2M NaOH) (Janniche et al. 2010). In 208 

microcosm experiments, pesticide concentration at a given sampling time was expressed as a fraction 209 

of the initial concentration and corrected for the removal caused by sampling (given as 14C/14C0 (%)). 210 

Mineralization was calculated as the cumulative 14CO2 produced normalized to the initial 14C-211 

dichlorprop and corrected for the 14C removed during sampling and the change in volume of liquid 212 

and gaseous phase (given as 14CO2/
14C0 (%)). Scintillation liquid (Optiphase HiSafe 3, Perkin Elmer) 213 

was added to the samples (4 mL to base traps and 10 mL to the water samples) and 14C-activity was 214 

quantified by liquid scintillation (Hidex 300 SL, 1414 Liquid Scintillation Counter, controlled by 215 

MikroWin 2000 software, Hidex, Turku, FIN). 216 

Methane and oxygen analysis  217 

Water samples (vol.) collected for methane analysis were transferred to 6 mL vacuum serum vials 218 

and 0.3 mL of phosphoric acid was added to halt further biological methane oxidation. The samples 219 

were kept upside down (to keep the gas trapped) at 5ºC until analysis. When returned to room 220 

temperature, a headspace gas sample of 2 μL was collected with a gas-tight syringe and inserted into 221 

the GC-FID. Dissolved methane concentrations were calculated based on measured gaseous 222 

concentrations and Henry’s Law.   223 

In microcosms, dissolved oxygen concentration was monitored with Oxygen-Sensitive Mini-sensors 224 

read with a fiber optic oxygen meter (Fibox 3 Loligo Systems ApS, Viborg, DK).   225 

Estimation of methanotroph abundance and diversity 226 

Filter material from rapid sand filters (parent material) and column reactors (enrichments, collected 227 

from two reactors after 450 days of operation) was separately blended and drained prior to storage at 228 

-20oC. The microcosms were sampled by collecting 20 mL of liquid suspension. The biomass was 229 

centrifuged at 4.000 rpm for 5 min., re-suspended in sterile-filtered distilled H2O, subjected to a final 230 

centrifugation prior to storage at -20°C. All bacteria (Eubacteria – targeting the 16S rRNA gene) and 231 

methanotrophs (targeting pmoA, the gene coding for subunit alpha of the methane monooxygenase) 232 

were quantified by real-time quantitative PCR (qPCR) (see SI). The diversity of pmoA was 233 

investigated by cloning and sequencing (see SI). Microbial abundances were calculated under the 234 

assumption of an average of two copies of 16S rRNA (Klappenbach et al., 2001; Lee et al., 2006) or 235 

pmoA (Semrau et al., 1995; Stolyar et al., 1999) gene per genome (cell). 236 

Sequences of pmoA have been deposited in DDBJ under accession numbers LC384897-LC384917 237 

(Table S1). 238 
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Data treatment 239 

We used the statistical software GraphPad Prism 5 for data treatment, this included calculation of 240 

first order rate constants based on removal in microcosm experiments. 241 

Results 242 

Reactor performance and enrichment of methanotrophs 243 

All column reactors removed methane (Table 2, Figure S3); most was removed in Reactor 2 (R2) where 244 

the consumption of oxygen and methane was closest to the expected stoichiometric ratio (2 mole 245 

O2/mole CH4) (Figure S4). However, in all column reactors, the consumption of oxygen was larger than 246 

required to oxidize the influent methane, which suggests the presence of additional biodegradable matter 247 

in the tap water, which might support a heterotrophic microbial population in the columns. 248 

The total bacterial density in the rapid sand filters (RSF) was approx. 1.29x108 16S rRNA gene 249 

copies/gsand and the pmoA density was 1.7 x 106 copies/gsand. Upon enrichment (450 days), the pmoA 250 

density increased more than one order of magnitude (to 5.1 x 107 pmoA copies/gB&C). Hence, the fraction 251 

of methanotrophs increased from 1.3 % in the RSF to 12 % in the column reactors (Figure 1).  252 

 253 

Fig. 1 Microbial density during the experimental phases. The change in microbial density is illustrated by the 254 
abundance of total bacteria (expressed by 16S rRNA gene copies), methanotrophs (expressed by pmoA gene copies) and 255 
the fraction of methanotrophs (normalized to the total number of bacteria) in the parent rapid sand filter, the column 256 
reactors (after 450 days) and microcosms with and without methane (after 57 days). 257 

Pesticide removal in the column reactors 258 

The removal behavior of the 10 investigated pesticides could be categorized in three groups. The first 259 

group contained BAM, bromoxynil, chlorotoluron and ioxynil: they were not removed in any of the 260 

column reactors. The second group comprised diuron, isoproturon and linuron: all were partly 261 

removed, both in reactors with methane and in reactors starved for methane (starved for one week). 262 

However, the removal of these pesticides was lower or at the same level as removal in the non-263 

inoculated control column (fed with tap water), and could thus not be ascribed to the methanotrophic 264 
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enrichment (Table 2). The third group comprised the two phenoxy acids, MCPA and MCPP. These 265 

compounds were not significantly removed in either the control or in presence of methane, but each 266 

was significantly removed in the methanotrophic enrichment reactor that had been starved for 267 

methane (MCPA: P=0.0213, unpaired t-test; MCPP: P=0.0208, unpaired t-test). In the methane 268 

enrichment, MCPA decreased by 0.44 µg/L (from 4.44 µg/L) and MCPP by 0.45 µg/L (from 3.98 269 

µg/L) within the short contact time of the column reactors (Table 2). Hence, methane starvation 270 

appears to stimulate removal of the investigated phenoxy acids in methanotrophic enrichment 271 

columns. 272 

We investigated whether the undetectable removal for most pesticides could be explained by the 273 

experimental conditions. Therefore we calculated the minimum detectable pesticide removal, 274 

ΔCdetect,pes, and compared it to expected removal, ΔCexpect,pes, in the system (see SI for more 275 

information, Table S2). Based on these calculations we conclude that the typical degree of co-276 

metabolic activity by methanotrophs would not have been sufficient to observe pesticide removal in 277 

the reactors (except for BAM and isoproturon) in view of the contact time and analytical precision. 278 

Dichlorprop removal and mineralization  279 

In the column reactors, a clear biodegradation potential was only noted for phenoxy acids (MCPA 280 

and MCPP). Among phenoxy acids, dichlorprop is the most frequently detected in Danish 281 

groundwater (GEUS & Danish Ministry of Energy Utilities and Climate, 2016). Therefore, the 282 

methanotrophic dichlorprop degradation was further investigated in microcosm experiments, where 283 

it contact time could be increased and both pesticide removal and mineralization could be measured. 284 

Dichlorprop was rapidly removed in all microcosms with the methanotrophic enrichment culture. In 285 

biologically active microcosms more than 86% of the dichlorprop was removed during the first four 286 

hours, while in abiotic controls only 13% removal was measured. Dichlorprop removal reached 98% 287 

within 48 hours in both microcosms with or without methane addition (Figure 2). After 100 hours, 288 

46% of the initially added 14C-dichlorprop was recovered as 14CO2 in the microcosms without 289 

methane while only 29% was recovered in microcosms with methane addition. The absence of 290 

methane enhanced the mineralization of dichlorprop (Figure 2).  291 
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 292 

Fig. 2 Dichlorprop removal and mineralization by the methanotrophic enrichment culture in batch microcosms. 293 
Dichlorprop removal and mineralization in microcosms with 10 g methanotrophic enrichment culture and carrier material, 294 
100 mL tap water and 14C-dichlorprop (initial concentration 0.9 µg/L) with (w/ CH4) (1.5 mg/L) and without methane 295 
(w/o CH4). Mean values and standard deviation of the dichlorprop concentration in the water (14C/14C0) and the 14CO2 296 
production (14CO2/14C0) from mineralization of dichlorprop (all in triplicates). 297 

To investigate whether dichlorprop removal potential was further affected by extended methane 298 

deprivation, methane was periodically resupplied in microcosms with methane, while microcosms 299 

without methane were continuously starved, before dichlorprop was spiked again (second spike) and 300 

removal evaluated. Now, initial dichloroprop removal was delayed in microcosms with antecedent 301 

methane addition, compared to the microcosm with antecedent methane starving. However, within 302 

48 hours, 96% of the dichlorprop was removed in both types of microcosms (Figure S5). Again, 303 

mineralization was substantially higher in the absence (40%) compared to the presence (8.4%) of 304 

methane (Table 3 and Figure S5). Methane spiking versus starvation continued and, before a third 305 

spike, microcosm contents were divided into several replicates (Figure S2) to investigate how 306 

different concentrations of dichlorprop (0.4-3.5 µg/L) affected removal. During this third spike, in 307 

microcosms with dichlorprop concentrations of 0.4 and 0.9 µg/L, removal was similar in presence 308 

and absence of methane,  but at 3.5 µg/L initial dichlorprop removal was slower in the presence than 309 

in the absence of methane (Figure S6A). Again at all tested concentrations, dichlorprop was 310 

mineralized to a larger extent in absence versus presence of methane, but with increasing dichlorprop 311 

concentrations less 14CO2 was produced (Table 3 and Figure S6B).  Across all three experiments, 312 

methane was present in eight microcosms (Figure S2) and in six out of these eight microcosms 313 

methane did not impact the dichlorprop removal.  314 

In two out of the eight microcosms we observed an inhibition of methane on the initial dichlorprop 315 

removal (consistent with observations in the column reactors) (Figure S5 and S6). However, no 316 
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obvious conditions could explain why these two microcosms behaved different from the other 317 

microcosms with methane (Table 3).  318 

 319 

Development of the bacterial community over the experimental phases 320 

As mentioned previously, the total bacterial density as well as the pmoA density increased during the 321 

enrichment, compared to the RSF inoculum, resulting in an increase in the methanotroph fraction 322 

(versus eubacteria) from 1.3 % in the RSF to 12 % in the column reactors (Figure 1). Periodic methane 323 

spiking of the microcosms further increased the abundance of both methanotrophs (2.8×109 pmoA 324 

copies/gB&C) and eubacteria (5.5×109 gene copies/gB&C) (measured before the third spike, after 57 325 

days in the microcosms). In the methane-starved microcosms, methanotroph and eubacterial 326 

abundances were in the same range as in the column reactors, and the pmoA (7.6×107 pmoA 327 

copies/gB&C) density was thus more than 10-fold lower than in microcosms fed with methane (Figure 328 

1). In microcosms with methane, the increased abundance of methanotrophs was also reflected in the 329 

methane consumption rates, which increased 3-fold from day 0 (0.4 μg CH4/min/gcarrier material) to day 330 

57 (1.25 μg CH4/min/gcarrier material) (Table S3).  331 

Besides density, the methanotrophic diversity also changed substantially between the experimental 332 

phases. In the RSF, all sequences belonged to 3 OTUs related to Methylomicrobium sp., known to 333 

only produce pMMO (Figure 3 and Table S4). Sequences from the column enrichment grouped in 9 334 

OTUs with 70% related to Methylomonas sp (only pMMO producer), and 30% related to 335 

Methylocystis sp (both sMMO and pMMO producer) (Figure 3 and Table S4). Methane spiking to 336 

the microcosms retained a community similar to the one observed the column reactors, but with 337 

reduced diversity with 6 OTUs of which most (94%) related to Methylomonas sp (pMMO) and the 338 

rest (6%) to Methylocystis sp (sMMO and pMMO). With methane starvation, the methanotrophic 339 

diversity to 2 OTUs, both related to Methylocystis sp (sMMO and pMMO) (Figure 3 and Table S4). 340 

This suggests that methane addition favored selection of pMMO producing methanotrophs, while the 341 

methane starvation favored selection (or survival) of both sMMO and pMMO producing 342 

methanotrophs. 343 

Discussion 344 

Methanotrophic contribution to phenoxy acid degradation  345 

Phenoxy acid biodegradation in the environment has been studied thoroughly, with a primary focus 346 

on primary metabolism, especially the degradation pathway encoded by tfd-like genes (Batioǧlu-347 

Pazarbaşi et al., 2012; De Lipthay et al., 2003; Müller and Kohler, 2004; Paulin et al., 2010). The 348 
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main catabolic steps in the degradation of phenoxy acids are similar, so for dichlorprop, degradation 349 

is likely initiated by a removal of the side chain, releasing 2,4-dichlorophenol, which is further 350 

hydroxylated and metabolized through opening of the aromatic nucleus (De Lipthay et al., 2003; 351 

Müller and Kohler, 2004; Paulin et al., 2011; Smejkal et al., 2001). To our knowledge, methanotrophs 352 

have not previously been linked to phenoxy acid removal or mineralization. We observed that 353 

starvation of the methanotrophic biomass stimulated biodegradation of MCPP and MCPA in the 354 

column reactors, while the lack of removal in both the control column and in methane-fed columns 355 

indicated that neither sorption nor general heterotrophic activity were essential for the removal. We 356 

investigated this mechanism further in microcosm experiments with dichlorprop. 357 

Methane feeding and starvation of the methanotrophic enrichment culture affected dichlorprop 358 

degradation in different ways. In methane-fed microcosms, we expected that the presence of methane 359 

would competitively inhibit dichlorprop degradation. However, we also expected that long-term 360 

(more than 57 days) addition versus deprivation of methane to the methanotrophic enrichment, would 361 

result in increased dichlorprop degradation in methane-fed compared to the methane-deprived 362 

microcosms.  363 

In general dichlorprop removal rates were similar in presence and absence of methane. Yet, the degree 364 

of dichlorprop mineralization (14CO2-production) was in all cases reduced by the presence of methane 365 

(Figure 2 and Table 3). Since sMMO and pMMO are oxygenases, we expected the methanotrophic 366 

activity to be responsible for the first step in the biodegradation of dichlorprop, converting 367 

dichlorprop to 2,4-dichlorophenol, but because presence of methane did not seem to affect 368 

dichlorprop removal in most cases, other heterotrophs were likely responsible for the first step of 369 

dichlorprop degradation. Yet, methane had an inhibitory effect on the degree of dichlorprop 370 

mineralization, which suggests that the subsequent ring-hydroxylation (of 2,4-dichlorophenol, the 371 

presumed dichlorprop metabolite) was associated with methanotrophs (and likely due to MMO 372 

activity, which would show less activity against 2,4-dichlorophenol due to competitive inhibition in 373 

the presence of methane). A previous study proposed a similar degradation pathway for (R)-(+)-374 

MCPP, where dioxygenases would be responsible for the initial cleavage of the compound, while 375 

monooxygenases were responsible for subsequent ring-hydroxylation (Tett et al., 1997). 376 

The density of methanotrophs was higher in methane-fed compared to methane-starved microcosms. 377 

However, in microcosms starved for methane, the community became dominated by Methylocystis 378 

sp types, which can express sMMO - capable of oxidizing aromatic compounds (Burrows et al., 1984; 379 

Semrau et al., 2010). Meanwhile, in methane-fed microcosms the community was dominated (94%) 380 

by methanotrophs related to Methylomonas sp, which only carry genes encoding pMMO (Figure 3). 381 

Thus, while continuous feeding increased the number of methanotrophs compared to methane-382 

starvation, this increase was mainly reflected in pMMO-producing methanotrophs. The similar co-383 

metabolic capacity of methane-starved and methane-fed microcosms thus indicated, that sMMO, 384 

rather than pMMO, was responsible for dichlorophenol degradation. A direct quantification of 385 

pMMO versus sMMO encoding genes would provide more definitive insight in the dynamics and 386 

role of the different methanotrophic metabolisms.  387 
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 388 

Fig. 3 Development of methanotrophs in the experiments. Neighbor-joining phylogenetic tree inferred from pmoA 389 
gene sequences cloned from rapid sand filter (   ), enrichment reactors (    ), microcosms with methane (   ) and microcosms 390 
without methane (   ). The phylogenetic tree was created using MEGA 5.1 software, using the maximum likelihood 391 
function, based on the Tamura-Nei model (Tamura and Nei, 1993). Bootstrap analyses consisted of 500 replicates. 392 
Numbers of identical sequences (cutoff value 0.03) in each OTU are specified. Reference strains (o) are presented by 393 
name. The scale bar represents 0.1 expected substitutions per site. 394 

 395 
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Challenges for the application of methanotrophic column reactors in drinking water 396 

production 397 

The removal rate of MCPA and MCPP in the column reactors, and the mineralization of dichlorprop 398 

in microcosm experiments were larger in absence compared to presence of methane, indicating that 399 

presence of methane inhibited pesticide removal and mineralization. Using reported trace 400 

contaminant removal rates by methanotrophs, the methane oxidation in the column reactors was 401 

estimated to be insufficient for detectable degradation of most of the pesticides, within the contact 402 

time of the system. Hence, we observed a conflict between providing sufficient methane to support 403 

methanotrophic growth and securing sufficient quantities of MMO to degrade the pesticides, and the 404 

inhibitory effects of the presence of methane. Similar challenges are reported for methanotrophic 405 

bioremediation of contaminants in other systems (Jiang et al., 2010; Sullivan et al., 1998), and have 406 

been partially overcome by the use of sequential systems where growth and co-metabolic 407 

biodegradation takes place in different reactors (Jiang et al., 2010; Smith and McCarty, 1997). 408 

The retention time in full-scale water filtration systems is typically short, varying from 7.5 to 20 409 

minutes in rapid sand filters (Winter et al., 2010), compared to the time needed for pesticide 410 

degradation. The methanotrophic enrichment culture exhibited phenoxy acid removal rate constants 411 

(per gram filter material) that were two orders of magnitude higher than observed for material from 412 

waterworks with little or no methane in the raw water (Kerteminde, Islevbro and Sjælsø waterworks 413 

Plant I, Table 4 and Table S5), and 5 to 30 times higher than observed for material from a waterworks 414 

receiving methane-rich groundwater (Sjælsø waterworks Plant II, Table 4 and Table S5) (Hedegaard 415 

and Albrechtsen, 2014). Normalizing the removal rate constants to the pmoA gene densities, resulted 416 

in values within one order of magnitude for filter material and the enrichment culture (Table 4), 417 

supporting the  involvement of methanotrophs in phenoxy acid removal in the full-scale rapid sand 418 

filters. Thus, the methanotrophic enrichment culture substantially improved phenoxy acid removal 419 

efficiency compared to parent filter sand, and applying methanotrophs in water treatment systems 420 

might therefore be a strategy for obtaining a rapid degradation. 421 

The methanotrophic enrichment reactors had removal potential for some of the ten investigated 422 

pesticides. Two phenoxy acids, MCPA and MCPP, were degraded significantly in the methanotrophic 423 

enrichment reactors, when starved for methane, but when fed methane during the pesticide addition 424 

no substantial removal occurred. Thus, methanotrophs were essential for degradation and secondary 425 

heterotrophs (e.g. growing on decay products of methanotrophs) were not sufficient. For most 426 

pesticides the expected removal was lower than the detectable removal under the applied conditions. 427 
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To increase the contact time, we investigated degradation of the phenoxy acid dichlorprop in 429 

microcosm experiments. Up to 86% of dichlorprop was removed within 4 hours, and the removal 430 

rates were similar in presence and absence of methane across all experiments. However, in all cases 431 

dichlorprop was mineralized to larger extent in absence versus presence of methane. We suggest that 432 

microbes other than methanotrophs are responsible for the first degradation step of dichlorprop. 433 

However, the inhibitory effects of methane on the dichlorprop mineralization, suggests that 434 

subsequent reactions (ring-hydroxylation and beyond) are facilitated by methanotrophs. 435 

Applying methanotrophs in water treatment systems may hold promise for removal of phenoxy-acid 436 

pesticides, if suitable contact times are provided. 437 
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