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Preface 
This thesis is based on a PhD project carried out at the Department of 
Environmental Engineering of the Technical University of Denmark from 
December 2011 to May 2015. The project was conducted under the 
supervision of Barth F. Smets (DTU Environment), co-supervised by Arnaud 
Dechesne (DTU Environment) and Rasmus Jakobsen (GEUS).  
 
The thesis is organized in two parts: the first part puts into context the 
findings of the PhD in an introductive review; the second part consists of the 
papers listed below. These will be referred to in the text by their paper 
number written with the Roman numerals I-V. 
 
 

I Pedersen, L. L., Dechesne, A., Jensen, M. M., Smets, B. F. (2015) 
Dissimilatory Nitrate Reduction to Ammonium in Fagus sylvatica forest 
soil. Manuscript in preparation. 

II Pedersen, L. L., Dechesne, A., Jensen, M. M., Smets, B. F. (2015) 
Reducing diffusion limitation shifts nitrate reduction metabolism from 
incomplete denitrification to reduction to ammonium. Manuscript in 
preparation. 

III Pedersen, L. L., Smets, B. F., Dechesne, A. (2015) Measuring 
biogeochemical heterogeneity at the micro scale in soil and sediments. 
Manuscript under review. 

IV Pedersen, L. L., Dechesne, A., Smets, B. F. (2015) A nitrate sensitive 
planar optode; performance & interferences. Manuscript under review. 

V Pedersen, L. L., Smets, B. F., Dechesne, A. (2015) Notification of 
Invention at DTU: Planar optode sensor sheet production kit. 
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In addition, the following presentations at international conferences were also 
concluded during this PhD study: 

 

Pedersen, L. L., Dechesne, A., Smets, B. F. (2014) Reducing diffusion 
limitation shifts the dominant nitrate reduction metabolism from incomplete 
denitrification to DNRA. Oral presentation. Biogeochemical Interfaces in 
Soil - Towards a Comprehensive and Mechanistic Understanding of Soil 
Functions, Leipzig, Germany. 

Pedersen, L. L., Dechesne, A., Smets, B. F. (2014) Reducing diffusion 
limitation shifts the dominant nitrate reduction pathway from incomplete 
denitrification to DNRA. Poster presentation. Danish Microbiological 
Society Congress 2014, Copenhagen, Denmark. 

 

These presentations are not explicitly considered in this thesis. 
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Summary 
Nitrogen is not only an abundant element on earth, making up roughly 80% 
of the earth's atmosphere, it is also essential for life, and a functional nitrogen 
cycle is of great importance to  human activities and our ecosystems. The 
nitrogen cycle ultimately returns reactive nitrogen, which was chemically or 
biochemically fixed from inert nitrogen, back into the atmosphere as inert 
nitrogen. Over the last century, the excess of anthropogenically fixed 
nitrogen has put increasing pressures on the nitrogen cycle. Nitrate is a 
central molecule in the nitrogen cycle. Its concentration is, on the one hand 
governed by formation by oxidation of ammonia-N, and on the other hand by 
removal a removal by two dissimilatory nitrate reduction processes: 
denitrification, in which nitrate is converted to the gaseous compounds 
dinitrogen and nitrous oxide, and dissimilatory nitrate reduction to 
ammonium, DNRA. While both processes bring about the reduction of 
nitrate, their impact on ecosystems is radically different – especially in soil 
environments. Nitrate itself is poorly retained in soils, and its conversion to 
gaseous dinitrogen and nitrous oxide through denitrification only serves to 
further the loss of reactive nitrogen from the system. On top of that nitrous 
oxide is an important air pollutant and greenhouse gas, with a global warming 
potential per unit mass 300 times higher than carbon dioxide. DNRA, on the 
other hand, converts nitrate to ammonium, which is more easily retained in 
soils than nitrate, and can be assimilated into organic matter, effectively 
bypassing both denitrification and dinitrogen fixation and conserving 
nitrogen in the ecosystem. 

It is well established that soil is an extremely heterogeneous environment, not 
merely on a macroscopic level, but also on a microscopic level. Spatial 
heterogeneity and diffusive limitations result in the formation of specialized 
niches. It is becoming increasingly clear that these factors are of great 
importance for biogeochemical processes such as the carbon cycle. Studying 
the heterogeneity of soil and its impact on ecological processes is not merely 
a fascinating scientific activity, it may very well be central to gaining insights 
to influence fundamental soil processes such as nitrogen metabolism, 
promising advancement of agricultural and pollution prevention and 
remediation techniques.  

A number of conceptual and quantitative frameworks have been developed to 
assess the impact of mass transfer kinetics on biotransformation rates in 
various environments. One such approach uses the dimensionless parameter 
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Da3: a Damköhler number which for a given system quantifies the relative 
impact of diffusive limitation on biotransformation. 

During this PhD project, we specifically examined the incidence of 
denitrification and DNRA in soil systems and studied the impact of diffusive 
limitation on their relative occurrence. An array of column-based soil 
microcosms was set up to look at the incidence and magnitude of DNRA vs. 
denitrification in Fagus sylvatica forest soil litter, and to investigate the 
effect of electron donor abundance and bacterial inoculum size on nitrate 

reduction. Increasing the electron donor abundance increased both DNRA 
and denitrification, allowing both processes to coexist in the system. At 
reduced biokinetic limitations, obtained by increasing the initial inoculum 
size, nitrate reduction was barely affected, but DNRA increased substantially 
by 71%. Additionally, nitrite-, ammonium-, and nitrous oxide were 
sequentially produced during nitrate reduction: an initial burst of nitrite 
production led to DNRA, and for the microcosms which became mass 
transfer limited also to nitrous oxide production.  

To allow application of the Damköhler number framework, a well-controlled 
experimental system was required where interfacial areas of diffusion are 
well defined. Hence, a protocol for encasing soil material in alginate 
aggregates with well-defined size and geometry was developed. The degree 
of diffusive limitation was then imposed using soil-alginate aggregates with 
different defined Da3 values. These were applied in an array of column 
microcosms to investigate the effect of diffusive limitation on nitrate 
reduction processes. Going from a high to a low degree of diffusive limitation 
shifted the system from denitrification, with significant release of nitrous 
oxide, to DNRA. Carefully imposed degrees of diffusive limitations are 
powerful tools to studying environmental processes. These results clearly 
reveal heterogeneity in the form of diffusive limitation can impact nitrate 
reduction processes. Our results also indicate that a simple management 
scenario that would allow retention of reactive nitrogen in soil (favouring 
DNRA over denitrification) would involve adequate soil mixing after 
addition of excess of electron donor substrate.   

In addition to a contribution to the primary literature,  an exhaustive review 
was conducted on tools applicable to collecting geochemical data at the 
microscale in soil and sediment. The review examined their ability to provide 
spatially resolved data with microscale resolution, focusing on their 
performance characteristics, the degree of physical disruption they inflict on 
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the system being studied, the potential for repeated measurements and the 
accessibility of the tools. In addition to providing an overview of existing 
tools, the review revealed that many parts of the microscale toolkit have 
become increasingly accessible and affordable. However work remains to be 
done to facilitate simultaneous measurements of multiple analytes, and to 
expand the array of potential analytes for the various techniques.  

In addition, during this PhD study, a nitrate sensitive planar optode was 
developed along with a tool for producing large, smooth planar optode sensor 
foil sheets. This is the first planar optode of its kind, and it exhibits a linear 
response to nitrate from 1 to 50 mM at pH 8.0, a fast response time of < 10s 
and good lifetime, allowing for fast two dimensional measurements of nitrate 
distributions over long periods of time. This new sensor technology allows 
dynamic two dimensional measurements of nitrate at microscale spatial 
resolution. Unfortunately, time did not permit to use the optode after its 
development.   
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Dansk sammenfatning 
Nitrogen er ikke alene et meget udbredt element på jorden, udgørende godt 
og vel 80% af atmosfæren, det er også essentielt for liv, og en funktionel 
nitrogencyklus er af stor betydning for menneskelige aktiviteter og vore 
økosystemer. Nitrogencyklussen returnerer reaktivt nitrogen, som tidligere 
var kemiskt eller biologiskt fikseret fra ureaktivt nitrogen, til atmosfæren i 
form af ureaktivt nitrogen. I løbet af det sidste århundrede har antropogeniskt 
fikseret nitrogen sat pres på nitrogencyklussen. Nitrat er et af de centrale 
molekyler i nitrogencyklussen. Dets koncentration er på den ene hånd styret 
af dets dannelse via oxidation af ammoniak-N, og på den anden hånd af dets 
omdannelse som følge af to dissimilatoriske nitratreduktionsprocesser: 
Denitrifikation, der omdanner nitrat til gasserne dinitrogen og dinitrogenoxid, 
og dissimilatorisk nitratreduktion til ammonium, DNRA. Mens begge 
processer medfører reduktion af nitrat, så er deres effekt på økosystemer 
meget forskellige - især i jordøkosystemer. Nitrat selv bliver kun svagt 
tilbageholdt i jord, og dets omdannelse til gasserne dinitrogen og 
dinitrogenoxid via denitrifikation fører til yderligere tab af reaktivt nitrogen 
fra systemet. Ydermere så bidrager  dinitrogenoxid til luftforurening, og er en 
drivhusgas med et globalt opvarmningspotentiale per masseenhed 300 gange 
højere en kuldioxid. DNRA, derimod, omdanner nitrat til ammonium, som 
bliver lettere tilbageholdt i jord end nitrat, og kan blive assimileret ind i 
organiske forbindelser, hvilket fører til en kortslutning af nitrogencyklussen 
ved at gå uden om både denitrifikation og fiksering af dinitrogen, hvilket 
fører til bevaring af nitrogen i økosystemet. 

Det er allerede veletableret at jord er et særdeles heterogent miljø, ikke alene 
makroskopiskt, men også på mikroskopiskt niveau. Rumlig heterogenitet og 
diffusive begrænsninger fører til dannelse af specialiserede nicher. På 
nuværende tidspunkt bliver det tiltagende åbenlyst at disse faktorer er af stor 
betydning for vigtige biogeokemiske processer såsom kulstofcyklussen. 
Studiet af jords heterogenitet og dets betydning for forskellige processer er 
ikke alene en fascinerende videnskabelig beskæftigelse, det kan meget vel 
være centralt for bibringelsen af viden der kan muliggøre at vi kan påvirke 
grundlæggende processer i jord såsom nitrogenmetabolismen, hvilket lover 
fremskridt inden for agrikultur og forebyggelse samt oprydning af forurening.  

Et antal konceptuelle og kvantitative systemer er blevet udviklet for at kunne 
bedømme betydningen af massebalance kinetik på 
biotransformationshastigheder i forskellige miljøer. Et af disse systemer 
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omfatter den dimensionsløse parameter Da3, et Damköhler tal som for et 
givent system kvantificerer den relative effekt af diffusiv begrænsning på 
biotransformation. 

I dette PhD projekt undersøgte vi specifikt forekomsten og omfanget af 
denitrifikation og DNRA i jordsystemer, og studerede effekten af diffusiv 
begrænsning på deres relative forekomster. En række søjlesystemer blev sat 
op for at se forekomsten og omfanget af DNRA vs. denitrifikation i Fagus 
sylvatica skovjord, samt effekten af mængden af tilgængelig elektrondonor 
og bakterielt inokulum på nitratreduktion. En forøgelse af mængden af 
elektrondonor øgede både DNRA og denitrifikation, og fik begge processer 
til forløbe på samme tid i systemet. At gøre systemet mindre biokinetiskt 
begrænset ved at øge inokulum medførte begrænset forøgelse af 
nitratreduktionen, samt en betydelig forøgelse af DNRA-aktivitet på 71%. 
Desuden sås nitrit-, ammonium- og dinitrogenoxidproduktion at følge et 
sekventielt mønster under nitratreduktion: En indledende svag 
nitritproduktion blev efterfulgt af DNRA, og for de søjlesystemer som nåede 
at blive begrænsede af nitrat også dinitrogenoxidproduktion. 

Et velkontrolleret eksperimentelt system med veldefinerede grænseflader er 
påkrævet for at kunne benytte Damköhler systemet. Følgelig blev en protokol 
for at indbygge jord i alginatpartikler med veldefinerede størrelser og 
geometrier udviklet. Graden af diffusiv begrænsning blev efterfølgende 
påført systemer ved hjælp af jord-alginatpartikler med forskellige, 
veldefinerede Da3-værdier. Disse blev brugt i en række søjlesystemer til at 
undersøge effekten af diffusiv begrænsning på nitratreduktionsprocesser. At 
gå fra en høj grad af diffusiv begrænsning til en lav sås at flytte systemet fra 
denitrifikation med betydelig frigivelse af dinitrogenoxid til DNRA. 
Forsigtigt påførte grader af diffusiv begrænsning er et kraftfuldt værktøj i 
studiet af miljøprocesser. Forsøgets resultater viser klart at heterogenitet i 
form af diffusiv begrænsning kan påvirke nitratreduktionsprocesser. Vores 
resultater peger også på at et simpelt management scenario der tillader 
tilbageholdelse af reaktivt nitrogen i jord (ved at fremme DNRA frem for 
denitrifikation) vil omfatte tilpas blanding af jord efter tilsættelse af overskud 
af elektrondonorsubstrat. 

Ud over bidraget til primærlitteraturen blev en omfattende gennemgang af 
værktøj der tillader indhentning af geokemiske data med 
mikrometeropløsning i jord og sediment udført. Gennemgangen undersøgte 
værktøjernes ydeevnekarakteristika, i hvilken grad de forstyrrer det 
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undersøgte system, muligheden for at foretage gentagne målinger samt 
værktøjernes tilgængelighed. Ud over at give et overblik over tilgængelige 
værktøj, der viste gennemgangen at mange af dem er blevet tiltagende mere 
tilgængelige. Dog skal der gøres mere for at gøre det nemmere at måle flere 
analytter på samme tid, samt for at øge antallet af analytter der kan måles 
med de enkelte teknikker. 

Desuden blev der under PhD studiet udviklet en nitratsensitiv plan optode 
sammen med et værktøj der muliggør produktionen af store, glatte, plane 
optode sensorark. Dette er den første planare optode af sin art, den udviser et 
lineært signal for nitrat fra 1 til 50 mM ved pH 8.0, en kort responstid på < 
10s og en god holdbarhed. Denne nye sensorteknologi muliggør dynamiske, 
todimensionelle målinger af nitratfordelinger med mikrometeropløsning over 
lange tidsrum. Desværre tillod den tilbageværende tid ikke brug af optoden 
efter dens udvikling. 

 

  



x 



xi 

Table of contents 
Preface ............................................................................................................ i 

Acknowledgements ...................................................................................... iii 

Summary ...................................................................................................... iv 

Dansk sammenfatning ................................................................................ vii 
Abbreviations and symbols .............................................................................. xii 

1  Introduction ............................................................................................. 1 
1.1 Heterogeneity of soil .................................................................................... 3 

1.1.1 Estimating the impact of mass transfer kinetics on microbial processes .........7 

1.2 The nitrogen cycle ........................................................................................ 8 
1.2.1 Nitrogen inputs to ecosystems ..................................................................... 10 
1.2.2 Nitrate removal processes ............................................................................ 12 
1.2.3 Denitrification ............................................................................................. 12 
1.2.4 Dissimilatory nitrate reduction to ammonium .............................................. 15 
1.2.5 Thermodynamics of nitrate reduction .......................................................... 17 
1.2.6 Other processes ........................................................................................... 18 

1.3 Global change and the nitrogen cycle ......................................................... 18 
1.4 Motivations and objectives of the PhD study .............................................. 19 

2  Denitrification versus dissimilatory nitrate reduction to ammonium 21 
2.1 Protocol for experimentally imposing several quantifiable degrees of 

diffusive limitation on the system ..................................................................... 27 
2.2 Impact of modulating diffusive carbon limitation on nitrate reduction ........ 30 
2.3 Nitrous oxide production during nitrate removal ........................................ 34 

3  Studying soil and sediment heterogeneiety at the micro scale ............ 37 
3.1 Microsensors .............................................................................................. 39 
3.2 Planar sensors ............................................................................................. 41 
3.3 Other tools .................................................................................................. 42 
3.4 Current state  and future direction of microscale environmental studies ..... 44 

4  A nitrate sensitive planar optode ......................................................... 45 

5  Conclusions ............................................................................................ 49 

6  References .............................................................................................. 51 

7  Papers .................................................................................................... 73 
 



xii 

Abbreviations and symbols 

Ag Silver 

Anammox ANaerobic AMMonium OXidation 

As Arsenic 

Br Bromine 

Ca Calcium 

CaCl2 Calcium chloride 

Cd Cadmium 

Cl Chlorine 

Co Cobalt 

CO2 Carbon dioxide 

Cr Chromium 

Cs+ Caesium ion 

CT Computer aided x-ray Tomography 

Cu Copper 

Da3 Third Damköhler number 

DAB Diffusion coefficient of A in B 

Deff Effective intra-grain diffusion coefficient 

DET diffusive equilibrium in thin-film 

DGT diffusive gradient in thin-film 

DNRA Dissimilatory Nitrate Reduction to Ammonium 

DPX Distyrene, Plasticizer and Xylene 

DW Diffusion coefficient in water 

ε Porosity 

Fe Iron 

Fe2+ Iron(II) ion 

H+ Hydrogen ion 

HPTS-TOA 1-hydroxypyrene-tris-3,6,8-octadecylsulfonamide 

H2S Hydrogen sulfide 

K+ Potassium ion 



xiii 

kbio Biotransformation rate constant 

LED Light Emitting Diode 

LIX Liquid Ion eXchanger 

MB Molar weight of the liquid medium 

Mg Magnesium 

Mo Molybdenum 

Mn Manganese 

N Nitrogen 

N2  Dinitrogen 

Na+ Sodium ion 

NaCl Sodium chloride 

Na2HPO4 Sodium hydrogen phosphate 

NaNO3 Sodium nitrate 

NanoSIMS Nano secondary ion mass spectrometry 

ηB Viscosity of the liquid medium, B 

Ni Nickel 

N2O  Nitrous oxide 

NH4
+ Ammonium ion 

NO Nitric oxide 

NO2
- Nitrite ion 

NO3
- Nitrate ion 

O2 Oxygen 

φB Solvent association parameter for the liquid medium, B 

Pb Lead 

R Grain radius 

R2 Coefficient of determination 

Re Rhenium 

S2- Sulfide ion 

SO2 Sulfurdioxide 

SO4
2- Sulfate ion 

T Absolute temperature 



xiv 

TDMA Tridodecylmethylammonium 

TOC Total Organic Carbon 

U Uranium 

UV Ultra Violet 

VA Solute specific molar volume at normal boiling point for 
the solute, A 

Zn Zinc 



1 

1 Introduction 
Nitrogen is not merely an abundant element on earth, making up roughly 80% 
of the earth's atmosphere, it is also essential for life, and the nitrogen cycle is 
of great importance to many organisms, human activities and ecosystems. 
Most of the nitrogen in the atmosphere is in the form of unreactive 
dinitrogen, N2, which cannot be utilized by most organisms. Other nitrogen 
containing compounds are more reactive and can be assimilated by organisms 
and utilized as building blocks for other compounds or used to generate 
energy. These reactive nitrogen containing compounds include oxidized and 
reduced forms of nitrogen such as nitrate, ammonium, amino acids, peptides 
and proteins - but many other such compounds exist. 

While reactive nitrogen containing compounds are essential for life, they are 
generally in short supply in many ecosystems and as such many organisms 
are limited by their availability. Their limited availability has also inhibited 
industrial and agricultural productivity. Up to and including the nineteenth 
century Europe was dependant on limited supplies of mined nitrogen 
compounds such as Chile saltpeter and guano for agricultural fertilizers, and 
industrial production of consumer goods and munitions for military uses. 
This was the case to such an extent that both food supplies and military 
security depended on these reserves (Erisman et al., 2008; Sutton et al., 
2009). 

This widespread dependence was not sustainable, reserves dwindled, and 
could not be expected  to sustain the needs of a rapidly growing population. 
At this point humans turned their eyes to the skies and the abundant 
atmospheric store of dinitrogen (Crookes, 1898). Early attempts at fixing 
nitrogen led to the development of the cyanamide and arc processes, and 
while they did provide reactive nitrogen forms, they were also unfeasibly 
expensive in terms of energy consumption (Sutton et al., 2011).  

The industrial introduction of the Haber-Bosch process at the beginning of 
the twentieth century for converting N2 into ammonia greatly reduced the 
cost of fixating nitrogen, and meant that the demand for reactive nitrogen 
compounds from agriculture, industry and military could finally be met 
(Haber, 1920). Being limited by available reactive nitrogen compounds fast 
became a thing of the past (Partington, 1925) and in the middle of the 
twentieth century fossil nitrogen reserves had been replaced by the Haber-
Bosch as the main source of reactive nitrogen compounds. 
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The impact of the Haber-Bosch process on human society and on our world 
as a whole can hardly be overestimated. Without the nitrogen fertilizers 
synthesized as a result of its use the human population would not have 
reached 6 billion people. It has also been estimated that roughly half of those 
6 billion people would not be alive without it, and sustaining the predicted 
growth of the human population without the nitrogen compounds it supplies 
us with is currently unfeasible (Erisman et al., 2008).  

Increased production of nitrogen fertilizers allowed us to modify ecosystems 
to optimize food production yields, however at first it was done without 
considering the impact of using agricultural processes with low nitrogen-use-
efficiency. Much of the reactive nitrogen has ended up as nitrate pollution in 
soil and water and emissions of nitrous oxide and ammonia to the 
atmosphere, resulting in eutrophication, reductions in biodiversity and 
climate change which threaten our world. Looking at an even grander 
perspective, the increased production and use of reactive nitrogen compounds 
has had even more widespread consequences: the polluting nitrogen 
compounds interact directly with other element cycles in the environment, 
and by fueling our population growth it also fuels our consumption of other 
resources such as metals, whose production bring about even more pollution 
(Sutton et al., 2011).  

The impact of fossil fuel combustion is becoming increasingly evident and 
acknowledged. Likewise, the awareness of the fact that we must take steps to 
curtail our use of fossil fuels, take steps to limit the environmental impact of 
the fossil fuels we do use, and deal with the pollution and changes that have 
already taken place, is growing. In recent times the realization that reactive 
nitrogen compounds have not just allowed us to feed the world but that their 
use also has brought with it widespread consequences for us and our 
surroundings, and that is leading us to take similar steps as for carbon-based 
pollution when it comes to reactive nitrogen compounds (Blackburn and 
Sorenson, 1988; Mosier et al., 2004; Söderlund and Svensson, 1976; Stewart 
and Rosswall, 1982).  

Often funding is provided to deal with specific issues relating to reactive 
nitrogen compounds, such as the need to reduce nitrogen pollution in water, 
without necessarily keeping the big picture in mind (Sutton et al., 2011). This 
introduces the risk of researchers focusing on isolated problems, giving less 
attention to what the consequences of their proposed solutions may be for 
other ecosystems than the one they are focusing on. Conceivably this can lead 
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to a situation such as nitrogen pollution in water being converted to nitrogen 
pollution in air. Thus it is important to focus on solutions which doesn't 
merely transfer pollution from one area to another, but instead reduce the 
overall pollution and reduce our need for nitrogen fertilizers.  

Nitrogen cycling in terrestrial soil ecosystems has a big potential for 
impacting other ecosystems. Soil serves many important functions in the 
nitrogen cycle, including protecting the quality of air and water by filtering, 
storing, buffering, and transforming reactive nitrogen compounds through 
biological and chemical processes. These functions come under threat when 
an excessive nitrogen input decreases biodiversity and changes soil dynamics, 
both on a macroscopic (Butterbach-Bahl et al., 2011) and a microscopic level 
(De Vries et al., 2002; Johansson et al., 2004; Streeter, 1988). Nitrogen 
cycling in soil has been shown to be impacted by the high spatial 
heterogeneity of soil at the small scale, the fluxes of reactive compounds that 
permeate it and the microbial communities which inhabit it (Groffman et al., 
2009).  

1.1 Heterogeneity of soil 
The first works on soil heterogeneity were by and large zoological studies 
investigating how macro organisms influence the environment (Aller, 2001, 
1982; Buckland, 1835; Cunningham and Ramage, 1888; Dapples, 1942; 
M’Intosh, 1894; Watson, 1890).  

Then, more than 60 years ago it was suggested that the presence of metal 
sulfides within oxidized marine sediments was due to the presence of niches 
where a high localized content of organic matter creates reducing conditions 
(Emery and Rittenberg, 1952). This was suggested again years later (Emery 
et al., 1963; Hallberg, 1968), and in 1977 Jørgensen expanded upon the 
concept of reduced niches within an oxic environment. He demonstrated that 
bacterial sulfate reduction took place in an overall oxidized environment, and 
furthermore that it took place within anoxic niches with a diameter of 50 to 
200µm, which explained the presence of sulfate reducing and sulfide 
oxidizing bacteria in the system. The study furthermore suggested that such 
niches could be of importance for a wide range of metabolic and diagenetic 
processes (Jørgensen, 1977).  

The concept of microscale niches  and our knowledge of soil heterogeneity 
has been expanded significantly since then. Soil is characterized by both 
physical and temporal heterogeneities across all scales, from nm to km 
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(Young and Ritz, 2000). Small scale features such as pore pathways influence 
processes ranging from water retention (Vogel, 2000) to plant productivity 
(Stirzaker et al., 1996) and further on to greenhouse gas emissions (Arah and 
Vinten, 1995).  

Looking at molecular scales soil constituents such as clay platelets are 
dominated by electrostatic and van der Wall forcers. At larger scales soil 
microorganisms exuding a matrix that, along with plant roots, bind particles 
together (Young and Crawford, 2004).  

 

 

Figure 1. Microbial hotspots in soil: Hotspots are small soil volumes with much higher 
process rates and intensive interactions compared to average soil conditions. The Table 
inset represents the relative volume and process rates in the hotspots and bulk soil. “Mean” 
represents the weighted average process rates by soil mixing. From (Kuzyakov and 
Blagodatskaya, 2015). 

 

Soil microorganisms tend to form colonies and biofilms (Ekschmitt et al., 
2005; Hodge et al., 1998), and even though there can be 107 to 1012 microbial 
cells in one gram soil (Watt et al., 2006), they are restricted to a fraction of 
the total volume, as little as 1% (Young et al., 2009). As a result of this 
ecologically relevant biogeochemical processes mainly take place in 
microbial hotspots. These have been defined as small soil volumes with much 
faster process rates and much more intensive interactions between element 
pools compared to average soil conditions, to such an extent that they are 
relevant on higher scales, as shown in figure 1 (Kuzyakov and 
Blagodatskaya, 2015). 

But the microorganisms are not only limited by their spatial distribution, they 
are also limited by the availability of resources such as carbon and physical 
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parameters such as temperature (Hodge et al., 2000). This limits their activity 
and often reduces it to a state of dormancy (Blagodatskaya and Kuzyakov, 
2013). However, when the limitations are temporarily removed the 
microorganisms become active during what has been named a hot moment. 
These are defined as short-term events or sequences of events that accelerate 
microbial processes as compared to the average rates (Kuzyakov and 
Blagodatskaya, 2015). 

These definitions are based on dynamic properties, the intensity of microbial 
processes, and underline that both hotspots and hot moments are dynamic in 
nature. It should be noted that while hot moments are events that take place in 
hotspots, hotspots are not limited to existing during hot moments. Once a hot 
moment ends a hotspot can return to a state of dormancy if the conditions 
allow it. 

It is difficult to accurately estimate the size of hotspots in a given system, but 
the impact of individual microbial cells is too low to be of note on higher 
scales (Kuzyakov and Blagodatskaya, 2015), so the term hotspot should be 
reserved for microcolonies, biofilms and larger microbial communities 
(Panikov, 2010). This means that the minimal size of a microbial hotspot is in 
the vicinity of a few µm (Dechesne et al., 2003; Eickhorst and Tippkötter, 
2008; Raynaud et al., 2014). At the other end of the scale visualizations of 
oxygen consumption, pH and redox changes give values up to 10mm 
(Blossfeld, 2013; Rudolph et al., 2013; Schmidt et al., 2010). Likewise it can 
be difficult to estimate the duration of hot moments, but looking at hot 
moments induced by an increase in available carbon they range from a day or 
less (Jones et al., 2005; Pausch and Kuzyakov, 2011) to more than a month 
(Bastian et al., 2009; Poll et al., 2010; Spohn and Kuzyakov, 2014), based on 
the form of carbon that is made available to the microorganisms. The 
described spatial extents and temporal durations in different soil fractions are 
shown in figure 2. 

Hotspots are not merely characterized by high activity, as per figure 1, they 
also have a higher microbial diversity compared to individually scattered 
microbial cells in soil (Lee et al., 2013). Additionally the microbial 
composition of a given hotspot may change when environmental conditions 
change (Remenant et al., 2009; Schmidt and Eickhorst, 2014). However, this 
high, plastic diversity does not necessarily result in a change in hotspot 
function, as functional redundancy lead to high similarity between hotspots 
differing in microbial community structure (Ruamps et al., 2013), at least 
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unless the plant diversity in the ecosystem drops significantly (Loranger-
Merciris et al., 2006; Sanaullah et al., 2011). 

The high involvement of hotspots and hot moments in environmental 
processes such as carbon, nitrogen, sulphur and metal cycling (Groffman et 
al., 2009; Hansel et al., 2008; Kuzyakov and Blagodatskaya, 2015; Widerlund 
and Davison, 2007) makes elucidating their inner workings of high 
importance if we are to fully understand these processes. But due to the 
limited spatial size of hotspots, the limited duration of hot moments and the 
extensive heterogeneity inside and surrounding them in the form of 
community spatial structure and gradients created by diffusive limitation, it is 
a difficult task to study these small scale phenomena. It cannot be 
accomplished by solely looking at large scale heterogeneity, and nor can it be 
done with techniques that mix the hotspots with bulk soil (Ruamps et al., 
2011). 

 

Figure 2. Spatial and temporal scales of microbial hotspots in soil. The allocation of areas 
corresponds to the size and duration of microbial hotspots and hot moments, but not to the 
size of the properties themselves: e.g. aggregate surfaces may exist years and decades, but 
the duration of hotspots on the aggregate surfaces is limited by days. Logarithmic Y scale 
corresponds to h: hours, d: days, w: weeks, m: months, y: years. The intensity of grey on 
shaded areas on X and Y axis represents schematically the spatial and temporal probability 
of microbial hotspots. From (Kuzyakov and Blagodatskaya, 2015). 

 

If we are to get a good picture of the impact of physicochemical soil 
heterogeneity on microbial processes then we need both tools for measuring 
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gradients and spatial structure, and ways of estimating the processes that 
work on the scale of hotspots, such as diffusive limitation, and their 
importance for ecosystem functioning. 

1.1.1 Estimating the impact of mass transfer kinetics on microbial 
processes 

Part of the heterogeneity of soil stems from the aggregative nature of soil, 
and the activity of microorganisms depends on physicochemical phenomena 
which control the availability of nutrients. Modeling efforts have yielded a 
number of dimensionless parameters for assessing the impact of mass transfer 
kinetics on biotransformation rates. Three such parameters, the Damköhler 
numbers, can be used to quantify the impact of advection, sorption, and 
diffusive limitation on microbial processes. 

The first Damköhler number, Da1, can be used to quantify if advection limits 
microbial processes, it is defined as: 

Da1 = biodegradation rate / advection rate 

If Da1 > 1, then advection takes place much slower than biotransformation, 
and increasing the flow rate can increase the overall biotransformation, but 
only as long as Da1 remains larger than 1 (Sims and Overcash, 1983). 

Soil-water systems are dominated by surfaces to which microorganisms 
attach, and the microorganisms are excluded from entering all parts of the 
soil aggregates due to their size. This means that soluble electron acceptors 
and donors in these areas must first diffuse through the pore water to the 
surface of the aggregates before they become available to the microorganisms  
(Ramaswami and Luthy, 2002). The second Damköhler number, Da2, shows 
if biotransformation is limited by desorption from soil aggregates, and is 
defined as: 

Da2 = biodegradation rate / external mass transfer rate 

If Da2 > 1, then the desorption rate limits biotransformation, and 
biotransformation may be increased by increased mixing (Ramaswami and 
Luthy, 1997; Ramaswami et al., 1997; Seagren et al., 1993). 
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The third Damköhler number, Da3, sometimes referred to as the Thiele 
modulus, is defined as 

Da3 = biodegradation rate / diffusion rate 

, and can be calculated using: 

Da3 = kbio 
. R2 / Deff 

, where kbio is the biotransformation rate constant, R is the aggregate radius, 
and Deff is the effective intra-aggregate diffusion coefficient that accounts for 
sorption-retarded diffusion within aggregates. If Da3 > 1, then intra-aggregate 
diffusion limits biotransformation (Chung et al., 1993; Ramaswami and 
Luthy, 1997; Ramaswami et al., 1997).  

The Damköhler numbers are most often used in the study of pollution and 
bioremediation, but since they are based on parameters such as advection 
rate, diffusion coefficients and aggregate sizes they can be applied to a wide 
range of 'chemical compound-soil system' scenarios.  

One such scenario is the impact of heterogeneity, in the form of redox 
gradients created by diffusive limitation, on microbial soil processes such as 
the nitrogen cycle, a group of processes that has been shown to be dominated 
by microbial hotspots (Groffman et al., 2009). 

1.2 The nitrogen cycle 
Nitrogen cycling in terrestrial settings such as forests and agriculture is 
driven by microbial and plant processes, and physico-chemical processes 
such as diffusion, leaching, volatilization and emission which displace 
nitrogen locally and on larger scales (Erisman et al., 2008; Galloway, 2003). 
If we are to understand the impact of increased nitrogen availability on 
ecosystems and be able to predict which changes will occur, then we must 
have detailed knowledge of the processes that make up the nitrogen cycle 
(figure 3). 

The nitrogen cycle is intimately connected to the carbon cycle: as one of the 
building blocks of amino acids and nucleic acids nitrogen is a part of all 
proteins and hereditary material, and a large part of nitrogen in primary 
producers is put to use in photosynthesis as a building block of chlorophyll, 
the pigment that is responsible for capturing light energy (Evans, 1989). It is 
primarily made up of microbial processes in soils, sediments and water 
(Seitzinger et al., 2006). Part of these processes take advantage of nitrogen's 



9 

wide range of oxidations stages, from -III in NH4
+ to +V in NO3

-, to either 
gain energy from oxidizing nitrogen or utilized oxidised nitrogen compounds 
as electron acceptors for anaerobic growth; these processes include 
denitrification, dissimilatory nitrate reduction to ammonium (DNRA), 
anaerobic ammonium oxidation and nitrification.  

 

 

 

Figure 3: Nitrogen can have a wide range of oxidation stages, exemplified by compounds 
involved in the nitrogen cycle: -3 in NH4

+, 0 in N2, +1 in N2O, +2 in NO, +3 in NO2
-, +5 in 

NO3
-. The reactions composing the nitrogen cycle make use of this to gain energy from 

oxidizing nitrogen or utilized oxidised nitrogen compounds as electron acceptors for 
anaerobic growth.  

 

Land use and ecosystem type both have a big impact on nitrogen cycling and 
storage. Agricultural settings are largely dominated by the use of nitrogen 
fertilizers and the removal of crop, while primarily natural system nitrogen 
cycling is to a large extent decided by landscape and climatic conditions, and 
nitrogen inputs in the form of biological nitrogen fixation and nitrogen 
deposition. Shrublands (ecosystems characterized by vegetation dominated 
by shrubs, grasses and other plants of limited height) and wetlands (terrestrial 
ecosystems characterised by permanent or seasonal saturation with water) are 
primarily nitrogen limited systems due to shortages in available nitrogen for 
the former and high losses as a result of denitrification for the latter. In this 
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context nitrogen limited means that plant production is hampered due to 
shortages in available nitrogen. Human use such as cattle grazing has 
depleted the nitrogen stores of shrublands over centuries, and they may also 
have properties such as high sand content and low organic matter content 
which gives the environment reduced ion exchange capacities and poor 
nitrogen retention, respectively. In recent times some of these areas are being 
exposed to high rates of nitrogen deposition and exhibit signs of being 
nitrogen saturated such as reduction in biodiversity and nitrate leaching 
(Schmidt et al., 2004). While tropical forests tend to be nitrogen rich systems, 
temperate forests are naturally nitrogen limited ecosystems - this has however 
changed somewhat in recent times as a result of nitrogen input via 
atmospheric deposition (Butterbach-Bahl et al., 2011) and leaching from 
nearby animal farms (Dragosits et al., 2002). This increased input has led to 
significant nitrate leaching and nitrous oxide emission (Dise et al., 2009; 
Pilegaard et al., 2006).  

Nitrate is a key compound in the nitrogen cycle, and its fate, and thus also the 
fate of the ecosystem nitrogen balance, is in many ecosystems decided by the 
balance between two dissimilatory nitrate reduction processes: 
denitrification, in which nitrate is converted to the gaseous compounds 
dinitrogen and nitrous oxide, and DNRA. While both processes bring about 
the reduction of nitrate, their impact on the ecosystem is radically different. 
In the following the nitrogen cycle will primarily be considered in terms of 
nitrogen inputs to terrestrial systems. 

1.2.1 Nitrogen inputs to ecosystems 
Biological nitrogen fixation used to be the major source of reactive nitrogen 
compound production in preindustrial times, and this is still the case for some 
unspoiled ecosystems (Cleveland et al., 1999). Despite being needed for all 
life and being the major constituent of our atmosphere dinitrogen cannot be 
used directly for biological functions by living organisms. First the strong 
triple bond between the two nitrogen atoms must be broken. In nature this is 
done through biological nitrogen fixation, and industrially through the Haber-
Bosch process - in both cases the overall stochiometry of the reaction is N2 + 
3 H2 → 2 NH3. 

In soil biological nitrogen fixation is performed by heterotrophic soil bacteria  
and as a result of a symbiotic relationship between a bacterium infecting the 
roots of a plant, often a legume, where the plant supplies nutrients to the 
bacterium and in return gets reactive nitrogen compounds (Eskew et al., 
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1981). The capacity of biological nitrogen fixation is high in many systems, 
and can be up to 200 kg N ha-1 yr-1 (Carlsson and Huss-Danell, 2003; 
Cleveland et al., 1999; Smil, 1999), being able to bring the supply of reactive 
nitrogen to such a level that the system instead becomes limited by other 
resources such as phosphorous (Vitousek et al., 2002). 

Nitrogen is also deposited to ecosystems from the atmosphere as 
precipitation, gasses and particles.  Precipitation can contain dissolved HNO3, 
NH3, HNO2, and organic nitrogen compounds; the gasses include NH3, HNO3 
and NO2, and the particles most often considered in dry deposition are 
composed of (NH4)2SO4 and NH4NO3 (Hertel et al., 2011). For shrublands 
and similar ecosystems with short vegetation precipitation is the primary 
source of nitrogen input from the atmosphere, and in Europe it normally falls 
in the range of 3-30 kg N ha-1 yr-1. Forests, on the other hand, are very 
efficient sinks for nitrogen containing water soluble gasses and for particles, 
and nitrogen deposition can here be twice as high as for shrubland, falling in 
the range of 5-60 kg N ha-1 yr-1 (Dise et al., 2009), making forests most 
exposed to nitrogen deposition from the atmosphere (Fowler et al., 2005). 

The nitrate fraction of the atmospheric nitrogen input originates from 
nitrogen oxides created as a result of the burning of fossil fuels, and its 
contribution to the nitrogen to terrestrial ecosystems can be up to 15 kg N ha-

1 yr-1 (Fagerli and Aas, 2008). However there can be high local variability, 
and consequently some areas can receive large amounts of nitrate (Dragosits 
et al., 2002). 

The use of synthetic fertilizers has increased considerably over the past half 
century; in 1950 the global consumption of nitrogen fertilizer per year was 
equal to 4 Mt nitrogen, this increased to 32 Mt in 1970 and in the 1990s it 
was greater than 80 Mt, and in recent years it has decreased slightly in some 
areas as a reaction to regulations imposed to limit leaching of nitrate and 
increases in the price of fertilizer (Roy and Hammond, 2004). The average 
fertilizer and input to European agricultural soil has been as high as 123 kg N 
ha-1 yr-1 (van Egmond et al., 2002). 

In comparison to the above values a growing temperate forest performs 
nitrogen cycling in the form of root and leaf production and turnover in the 
range of 60-100 kg N ha-1 yr-1 (Kreutzer et al., 2009), and has a net demand 
of nitrogen in the vicinity of 5-10 kg N ha-1 yr-1 (Scarascia-Mugnozza et al., 
2000). At the same time microbial nitrogen cycling in the form of 
mineralization, nitrification and immobilization has been estimated to being 
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as high as 1000 kg N ha-1 yr-1 in a Fagus sylvatica forest in Germany 
recieving high amounts of nitrogen through precipitation (Corré et al., 2003). 

1.2.2 Nitrate removal processes 
Several microbial processes act on soil nitrate. Denitrification converts it to 
dinitrogen with nitrite, nitric oxide and nitrous oxide as intermediary steps. 
DNRA converts it to ammonium. Another process, anaerobic ammonium 
oxidation (anammox), can utilize intermediary products from the two other 
processes, transforming nitrite and ammonium into dinitrogen.  

Microbial processes are only part of the story, however physical processes 
also play their part. Nitrate itself is highly mobile in soils and a combined 
nitrate input and production in excess of the requirements of plants and 
microorganisms will be transported though the soil and leached to other 
environments.  

Nitrogen deposition below 10 kg N ha-1 yr-1 rarely leads to increased nitrate 
leaching compared to the average for the ecosystem, but it always occur when 
it is above 25 kg N ha-1 yr-1. Between these values nitrate retention can range 
from 0 to 100%. Systems in which biological processes are limited by 
nitrogen generally have a high retention and systems that are not limited have 
a low retention (Butterbach-Bahl et al., 2011).  

When looking at agricultural soils increasing the rate of nitrogen fertilizer 
above the crop nitrogen demand leads to a rapid increase in leaching (Vinten 
et al., 1994), but it can also be impacted by rainfall and soil management. 
Ploughing down plants and reseeding them can be used to reduce nitrate 
leaching, increasingly so if the process is repeated year after year (Shepherd 
et al., 2001), and applying raw sludge instead of digested sludge likewise 
reduce leaching (Misselbrook et al., 1996) This is presumably caused by 
repeated treatment making the soil capable of utilizing more nitrogen, and the 
raw sludge containing more complex nitrogen compounds than the digested 
sludge, leading to a slower release of accessible nitrogen and less leaching. 

In the following only the microbial processes which directly involve nitrate in 
soil are covered. 

1.2.3 Denitrification 
Denitrification is the microbially catalyzed dissimilatory reduction of nitrate, 
nitrite, nitric oxide or nitrous oxide to nitrous oxide and dinitrogen. The 
pathway is found in both bacteria, fungi and archaea (Hayatsu et al., 2008; 
Zumft, 1997). It is primarily performed by facultatively anaerobic bacteria 
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that usually respire both oxygen, but turn to nitrogen oxides under anaerobic 
conditions. While the enzyme catalyzing the reaction is usually expressed 
under oxygen-limiting conditions, some bacteria have been shown to be able 
to perform aerobic denitrification (Bateman and Baggs, 2005). Denitrifiers 
have been identified in more than 60 bacterial genera from the phyla 
Aquificae, Deinococcus-Thermus, Firmicutes, Actinobacteria, Bacteroides, 
and Proteobacteria (Zumft, 1997), representing roughly 5% of the total soil 
microbial community (Philippot et al., 2007; Wallenstein et al., 2006). 
Aditionally, some fungi (Shoun et al., 1992; Tanimoto et al., 1992) and 
archaea (Philippot, 2002) can perform denitrification. 

Microbial denitrification is considered to be the main pathway of nitrogen 
loss in terrestrial ecosystems, having been estimated to account for 40% of 
the global nitrogen addition to terrestrial ecosystems (Seitzinger et al., 2006; 
Van Breemen et al., 2002). Denitrification rate estimates for different 
ecosystems vary with soil properties and management (Barton et al., 1999; 
Hofstra and Bouwman, 2005), and also with the method used to quantify 
nitrogen losses, with mass balance based estimates twice as high as soil-core 
based ones (Groffman et al., 2006; Hofstra and Bouwman, 2005). In general 
the denitrification rate is estimated to be around 2 kg N ha-1 yr-1 for forests 
and 13 kg N ha-1 yr-1 for agricultural soils (Barton et al., 1999), and there are 
large variations from one area to another (Seitzinger et al., 2006). 

The supply of nitrate is known to be a strong control on denitrification rates, 
however there has been found little correlation between nitrate concentration 
and denitrifier abundance based on DNA hybridization (Mergel et al., 2001). 
Instead soil denitrifying communities are moulded by the availability of 
carbon, pH and the range of moisture and carbon they experience, and also by 
predation  by fauna and viruses and ecosystem disturbances such as 
freeze/thaw, wetting/drying, fire and physical disruption (Wallenstein et al., 
2006). 

The process of reducing nitrate to dinitrogen involves four sequential 
enzymatically catalyzed reductions (Philippot et al., 2002), as shown in figure 
4. The first step is the reduction of nitrate to nitrite is catalyzed by two 
homologous enzymes, Nar and Nap. The former is membrane-bound and the 
latter periplasmatic bound. Both of these enzymes are also present in non-
denitrifying bacteria such as nitrate respirers and bacteria performing DNRA, 
and for this reason they are not used much for characterizing denitrifiers 
(Chèneby et al., 2004, 2003; Philippot et al., 2002).  
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The next step is reduction of nitrite to nitric oxide catalyzed by a nitrite 
reductase, of which there are two evolutionary unrelated forms, a nitrite 
reductase incorporating copper encoded by nirK, and one utilizing 
cytochrome cd1 encoded by nirS (Braker et al., 1998). These genes are the 
most commonly used markers for denitrifying bacteria. Then follows 
reduction of nitric oxide to nitrous oxide catalyzed by nitric oxide reductase 
encoded by norB, this enzyme creates the bond between the two nitrogen 
atoms. nosZ encodes the nitrous oxide reductase which catalyzes the final 
step in denitrification: the reduction of nitrous oxide to dinitrogen. Like nirK 
and nirS, nosZ has been used widely to characterize denitrifiers (Scala and 
Kerkhof, 1998). While many bacteria contain all genes necessary to perform 
denitrification, some only contain a partial suite. For these denitrification is 
restricted to being a community effort, since they have to work with other 
community members in order to achieve complete denitrification (Zumft, 
1997). 

 

Figure 4: Sequential reductive pathway of denitrification showing the location of enzymes 
relative to the cytoplasmic membrane: Nar, nitrate reductase; Nir, nitrite reductase; Nor, 
nitric oxide reductase; Nos, nitrous oxide reductase. From (Wallenstein et al., 2006). 

 

There have been studies who have found a correlation between the abundance 
of denitrification genes and soil denitrification potential (Rich et al., 2003) 
and the ratio between denitrification products (Chèneby et al., 1998). But the 
link between community structure and function is not always present. One 
study found that while nosZ profiles and the activity of nitrous oxide 
reductase varied among different soils, they did not follow the same pattern, 
suggesting that the two were not linked (Rich and Myrold, 2004). Another 
study found that changes in soil nitrous oxide reductase activity effected by 
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experimental manipulations didn't result in a changed nosZ profile (Boyle et 
al., 2006). Thus the relative activity of denitrification enzymes may 
sometimes be affected by denitrifier composition, but at other times activity 
is primarily decided by environmental factors. 

Microbial denitrification is not the sole possible denitrification pathway: the 
presence of Fe2++ under alkaline pH can induce chemo-denitrification 
(Samarkin et al., 2010; van Cleemput, 1998). 

1.2.4 Dissimilatory nitrate reduction to ammonium 
DNRA is the anaerobic conversion of nitrate to ammonium, and is also 
known as fermentative ammonification, fermentive nitrate reduction and 
nitrate ammonification. The process was studied extensively in anaerobic 
sludge and sediments where it can be very active (Ambus et al., 1992; Bonin, 
1996; Nijburg et al., 1997; Tiedje et al., 1982), but it has later been found to 
be environmentally relevant in both tropical forests (Silver et al., 2001) and 
temperate soils (Müller et al., 2007, 2004). 

What makes DNRA exceptionally interesting is that it bypasses 
denitrification, provides ammonium for immobilization in microorganisms 
and plants and reduces the pool of available nitrate that can leach out of the 
soil or be converted to gasses which may escape the system. This means that 
a better understanding of DNRA and the factors that control it can be a path 
towards increasing ecosystem nitrogen retention (Silver et al., 2001). Several 
groups of bacteria have been found to be capable of performing DNRA , 
ranging from members of the Bacteroides (Mohan et al., 2004) to Gamma-, 
Delta- and Epsilonproteobacteria (Smith et al., 2007). 

The environmental conditions that influences DNRA are soil oxidation state 
and the carbon/nitrate ratio. DNRA has been reported to occuring under more 
anoxic conditions than denitrification, but it has also been shown that DNRA 
can be less sensitive to variable redox conditions(Page et al., 2003; Takaya, 
2002; Yin et al., 2002) and oxygen than denitrification (Fazzolari et al., 
1998). An incubation of soil aggregates under various oxygen levels and 
carbon additions, but constant nitrate concentration, showed that the impact 
of oxygen level on DNRA depended on the carbon/nitrate ratio, and 
concluded that the balance between denitrification and DNRA was primarily 
decided by the abundance of carbon in the system (Fazzolari et al., 1998). 
This is supported by another study which found that DNRA only took place 
in significant amounts when the carbon/nitrate ratio was above 12 (Yin et al., 
1998). The effect of carbon/nitrate ratio has been argued to be due to 
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experimental modifications of the carbon/nitrate ratio resulting stimulating 
microbial activity, which leads to an increased consumption of oxygen, and 
thus an altered soil oxidation state which leads to increased DNRA 
(Matheson et al., 2002).  

Like for denitrification the first step in DNRA is the reduction of nitrate to 
nitrite by a nitrate reductase, but where denitrification is catalyzed by a series 
of four enzymes, the remaining steps of DNRA is catalyzed by the NrfA 
nitrite reductase in the periplasm, encoded by the nrfA gene, which converts 
nitrite to ammonium.  
 

 

Figure 5. Respiratory chain in dissimilatory nitrate reduction to ammonium. The nitrite 
reductase is part of a complex with one (a) or more (b) other subunits, depending on the 
species. From (Kraft et al., 2011). 

 

NrfA functions as part of a complex with one or more other subunits, 
depending on the species, but as shown in figure 5 the overall reaction 
remains the same, and it is assumed that it has enzyme-bound nitric oxide and 
hydroxylamine as intermediary steps (Cruz-García et al., 2007; Vermeiren et 
al., 2009). Using nrfA as a marker gene is difficult as few sequences are 
available, and DNRA is phylogenetically widespread in nature. nrfA primers 
have been designed  based on the alignment of six nrfA sequences including 
the ones from Escherichia coli K-12, Sulfurospirillum deleyianum and 
Wolinella succinogenes, and have been used to detect sequences from several 
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bacterial species, primarily Bacteroides. The primers did however also detect 
a gene encoding a c-type cytochrome, unrelated to nrfA (Mohan et al., 2004).  

Although most bacteria capable of performing DNRA contain both the core 
nitrite reductase and a nitrate reductase, some sulphate reducing bacteria lack 
the nitrate reductase and can only use nitrite (Dannenberg et al., 1992; 
Mitchell et al., 1986). There also exists a dissimilatory version of DNRA 
catalyzed by Nir, an enzyme composed of two subunits encoded by nirB and 
nirD, and located in the cytoplasm. Unlike the periplasmatic Nrf, NirBD is 
not involved in respiratory DNRA, instead it acts as an electron sink and 
detoxifies nitrite created during nitrate respiration (Cabello et al., 2012). 

1.2.5 Thermodynamics of nitrate reduction 
Oxidation of biomass yields the highest amount of energy when oxygen is 
used as an electron acceptor, however coupling the oxidation of biomass (in 
the following represented by glucose) with reduction of nitrate to dinitrogen 
or ammonium gives almost as much energy per mol electron donor: 

 

Aerobic respiration: 

C6H12O6 + 6 O2 → 6 CO2 + 6 H2O 

(ΔG⁰' = -2870 kJ per mol glucose) 

 

Denitrification: 

5 C6H12O6 + 24 NO3
- +24 H+ → 30 CO2 + 42 H2O + 12 N2 

(ΔG⁰' = -2670 kJ per mol glucose) 

DNRA: 

C6H12O6 + 3 NO3
- +6 H+ → 6 CO2 + 3 H2O + 3 NH4

+ 

(ΔG⁰' = -1870 kJ per mol glucose) 

 

However when the energy is calculated per mol electron acceptor, ΔG⁰' 
becomes -478, -556 and -623 kJ per mol oxygen/nitrate for aerobic 
respiration, denitrification and DNRA, respectively. These values mean that 
denitrification should be the preferred nitrate reduction mechanism when 
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microorganisms are limited by the available organic carbon, and that DNRA 
should be preferred when they are limited by nitrate, which has been 
confirmed experimentally (Otte et al., 1999; Schulz and Jørgensen, 2001; 
Schulz et al., 1999). 

1.2.6 Other processes 
Both ammonium and nitrate can be taken up by bacteria, fungi and plants to 
be immobilized in the ecosystem. Since both nitrogen and carbon are core 
building blocks of most cell constituents, their uptake by organisms is 
correlated to each other. While many sea organisms are seen to follow the 
Redfield ratio of 53C:8N (Redfield, 1934), things are not so simple for most 
terrestrial organisms such as plants (Sterner and Elser, 2002), however nitrate 
immobilization has been shown to be dependant on available carbon (Booth 
et al., 2005; Nishio et al., 2001; Trinsoutrot et al., 2000), and the same is the 
case for ammonium (Recous et al., 1990; Rice and Tiedje, 1989). 

Denitrification isn't the only process capable of producing dinitrogen, 
anammox can convert ammonium and nitrite into dinitrogen (Hayatsu et al., 
2008), but while bacteria capable of performing anammox have been found in 
soil, the process has not yet been shown to be significant here (Butterbach-
Bahl et al., 2011; Hayatsu et al., 2008). 

1.3 Global change and the nitrogen cycle 
The use of nitrogen fertilizers and nitrogen deposition from the atmosphere 
can directly alter nutrient ratios in soil and plants, damage vegetation, cause 
eutrophication, and increase soil acidity through a complex web of nitrogen 
transformations as shown in figure 6, and has been recognised as one of the 
key threats to global biodiversity (Butterbach-Bahl et al., 2011; Hertel et al., 
2011; Sutton et al., 2011). While many would agree that having diverse 
ecosystems has value in itself, many important functions can be described 
directly to biodiversity, such as increasing an ecosystems stability and 
resilience towards stress and serving as a library of genetic diversity from 
which we may discover future industrial, medical, and food products (Ehrlich 
and Ehrlich, 1992; Tilman and Downing, 1994; Tilman et al., 1996). As a 
result of nitrogen limiting productivity in many terrestrial ecosystems, some 
of the environments most sensitive to eutrophication induced by increased 
availability of reactive nitrogen compounds are those with low soil nitrogen 
levels and populated by stress tolerant species who wont be able to compete 
with species better able to benefit from increased nitrogen availability 
(Bobbink et al., 1998). Such ecosystems include forests with nutrient poor 
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soils where evidence has been found for both changes in biomass (Nellemann 
and Thomsen, 2001) and ground flora composition has been related to 
increased availability of nitrogen (Pitcairn et al., 1998). 

 

 

Figure 6: Losses, transformations and effects of reactive nitrogen (Nr) fertilizers in the 
environment. From (Sutton et al., 2011). 

 

1.4 Motivations and objectives of the PhD study 
The terrestrial nitrogen cycle is intrinsically linked with other element cycles 
and is of great importance to many ecosystems. The processes that constitute 
the nitrogen cycle are associated with small scale heterogeneity in the form of 
microbial hotspots and hot moments. Consequently it is imperative that the 
nitrogen cycle is studied at small scales and in relation to physical processes 
that are relevant here, such as electron donor/acceptor fluxes influenced by 
diffusive limitation, something which is currently underexplored in terms of 
nitrogen cycling (Groffman et al., 2009). 

In order to increase the knowledge of nitrogen cycling in terrestrial systems 
the PhD study has taken a three pronged approach: 

1. Develop a framework for imposing a quantifiable degree of diffusive 
limitation on a system and use it to investigate the impact of diffusive 
carbon limitation on nitrogen cycling in terrestrial systems, focusing 
on nitrate metabolism in soil. 
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2. Review the use of microscale techniques in  environmental studies, 
both relating to nitrogen cycling and to other processes, focusing on 
microsensors and planar sensors with microscale resolution 

3. Develop a tool for studying two-dimensional nitrate distributions at 
microscale resolution. 

 

For the first part the study, I needed to (Papers I & II): 

 identify a terrestrial system in which both DNRA and denitrification 
takes place.  

 use the system to study the impact of the amount of available electron 
donor on DNRA and denitrification. 

 develop and implement a protocol for experimentally imposing several 
quantifiable degrees of diffusive limitation on the system. 

 utilize the identified system and developed protocol to investigate if 
modulating diffusive carbon limitation impacts nitrogen cycling  

 

 

For the second part the study, I needed to (Paper III): 

 identify and compare microscale techniques available to environmental 
studies 

 create a comprehensive resource describing available microscale 
techniques, providing key performance characteristics and information 
on accessibility. 

 

For the third part the study, I needed to (Papers IV & V): 

 use the resource created in the second part to identify the need for a 
tool for studying two-dimensional nitrate distributions at microscale 
resolution. 

 develop the tool, a nitrate sensitive planar optode. 

 create and optimize protocols for using the tool. 
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2 Denitrification versus dissimilatory 
nitrate reduction to ammonium         
Until recent times  the study of anaerobic nitrate reduction in soils focused on 
denitrification (Cole, 1990), which in many ecosystems is the dominant 
nitrate removal pathway (Baker and Vervier, 2004; Forshay and Stanley, 
2005).  

It has been shown that the input of reactive nitrogen to the land in the form of 
fertilizer, atmospheric deposition and nitrogen fixation is a dominant flux in 
the global nitrogen cycle, and furthermore that most of this nitrogen 
disappears in the terrestrial part of the cycle (Seitzinger et al., 2006). While 
we do have some insight into the factors that influence denitrification, the 
availability of nitrate, organic carbon, and oxygen, we know little about the 
complex regulation of these factors that results in the formation of hotspots 
with limited temporal persistence, but big impact on overall nitrate reduction 
activity (McClain et al., 2003). The distribution of hotspots is dependant on 
soil type (Cambardella et al., 1994), plant biomass (Robertson et al., 1997) 
and microtopology (Bruland et al., 2006), which impacts the distribution of 
organic matter and water (Hafner and Groffman, 2005). But while knowledge 
of these factors make it possible to estimate nitrate reduction at a landscape 
scale, it remains challenging to study hotspots and the processes associated 
with them at the small scales where they exist and take place.  

While potentially important environmental controls for deciding the outcome 
of the competition between denitrification and DNRA are known to include 
carbon/nitrogen ratio (Schmidt et al., 2011; Strohm et al., 2007; Tiedje et al., 
1983; Tugtas and Pavlostathis, 2007), pH (Schmidt et al., 2011), nitrite 
versus nitrate concentration (Dong et al., 2011, 2009; Schmidt et al., 2011), 
available carbon (Akunna et al., 1993; Tugtas and Pavlostathis, 2007) and 
temperature (Dong et al., 2011; Ogilvie et al., 1997), the interplay between 
the factors is very complex as a result of the heterogeneity of the microbial 
communities and the environments they inhabit. 

Many studies trying to elucidate the primary controls have focused on the 
ratio between carbon and nitrogen in the system. Most found that a high 
electron donor/acceptor ratio led to increased DNRA (Fazzolari et al., 1998; 
Silver et al., 2005; Smith, 1982) however there is also a study that found no 
connection between the carbon/nitrogen ratio and denitrification versus 
DNRA (Sotta et al., 2008). A recent study utilizing multiple parallel long-



22 

term incubations of nitrate-respiring communities compared the impact of the 
potential environmental controls and found that the key factors was the 
carbon/nitrogen ratio, the supply of nitrite relative to nitrate, and the 
microbial generation time (Kraft et al., 2014). They also noted that the 
denitrifying and ammonifying populations were competing for the same 
electron donors, and that the selective forces seemed to work directly on the 
nitrite reductases in the two pathways. NrfA, the nitrite reductase in DNRA, 
requires six electrons per nitrite, and Nir, the nitrite reductase in 
denitrification, only require a single electron per nitrite, and consequently the 
latter has an advantage when there is a low supply of carbon, the electron 
donor. This is also in line with the thermodynamics of denitrification and 
DNRA presented earlier. NrfA also had a lower affinity for nitrite than Nir, 
giving denitrification the edge when nitrite was available as electron 
acceptor. When the generation time was low NrfA could keep up with Nir, 
and ammonification outcompeted denitrification. This is illustrated in figure 
7.  

 

 

Figure 7 - Parameters influencing the competition between denitrifying and ammonifying 
populations due to their impact on the nitrite reductases Nir (denitrification pathway) and 
NrfA (DNRA pathway). Arrows indicate which nitrite reductase is favoured by a given 
parameter. 

 

To identify a terrestrial system in which both DNRA and denitrification takes 
place I utilized an array of column microcosms with different amounts of 
organic matter from Fagus sylvatica soil from Dyrehaven in Northern 
Zealand, Denmark. The columns were packed with increasing amounts of soil 
(0, 0.3, 3, 30, 300g) as shown in figure 8, and fed a solution of nitrate which 
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has been sparged with dinitrogen to remove oxygen. The effluent was then 
analyzed to study the impact of the amount of available electron donor on 
DNRA and denitrification.  

As per figures 9 nitrate profiles for the five columns containing soil were 
similar to each other, and were seen to have four distinct phases. The 
columns which had been packed with relatively small amounts of organic 
matter had initially very slow (phase 1) nitrate consumption, then the 
consumption rate increased rapidly for a few days (phase 2), at which point it 
plateaus (phase 3), and eventually decreases and ceases (phase 4).  

 

 

Figure 8: Array of 225 ml columns. The columns contained an increasing amount of soil 
(0g, 0.3g, 3.0g, 3.0, 30g, and 300g, indicated by the first number in the brackets) with the 
rest of the volume being occupied by sand. All were inoculated with the same amount of 
bacteria, previously extracted from soil, with the exception of column 4, which was 
inoculated with ten times as many bacteria as the other columns. Relative inoculum  is 
indicated by the second number in the brackets, and by the abundance of dots in the 
column matrix. 1: stainless steel influent pipe, 2: Teflon plug with nitrile rubber gasket, 3: 
borosilicate glass cylinder, 4: central compartment for soil, 5: stainless steel effluent pipe, 
6: port for withdrawing samples, 7: stainless steel coil for storing effluent. 
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Figure 9: Column effluent concentrations of nitrate (a) and ammonium (b). Phase 1: Initial 
slow nitrate consumption. Phase 2: Rapid increase in nitrate consumption. Phase 3: Plateau 
in nitrate consumption. Phase 4: Decreasing nitrate consumption. Arrow "A" indicates the 
effect of increasing the inoculum tenfold, arrow "B" the effect of increasing the amount of 
available carbon. The first number in a bracket indicates the amount of soil in a given 
column, the second number indicates the size of its initial inoculum relative to the lowest 
overall initial inoculum. For most points the ±SE bars are smaller than the symbol size. 
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Figure 10: Column effluent concentrations of nitrite (a) and nitrous oxide (b). The first 
number in a bracket indicates the amount of soil in a given column, the second number 
indicates the size of its initial inoculum relative to the lowest overall initial inoculum. For 
all points the ±SE bars are smaller than the symbol size. 

 

It is assumed that phase 1 is caused by the limited population needing to 
multiply before nitrate-transformations could take off, and once that had 
happened a progressive increase in nitrate consumption was seen (phase 2). 
At this point the columns are no longer limited by microbial abundance and 
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start becoming limited by carbon in phase 3, and nitrate consumption at this 
point starts being affected by the store of organic matter starting to run out 
throughout phase 4. The columns packed with 30 and 300g soil never got to 
phase 4 due to their larger electron donor supplies. 

As per figures 9 and 10, production of nitrite, ammonium and nitrous oxide 
during nitrate-reduction in the F. sylvatica forest soil column microcosms 
was seen to follow a sequential pattern: an initial burst of nitrite production 
led to DNRA, and for the microcosms which became mass transfer limited 
with respect to nitrate also to nitrous oxide production.  

In figure 11 it is seen that increasing the initial store of electron donor 
increased both nitrate consumption and ammonium, nitrite and nitrous oxide 
production. The increase was not linear, and nitrite and nitrous oxide were 
only produced in significant amounts in the columns which became mass 
transfer limited with respect to nitrate. Reducing biokinetic limitation by 
increasing the initial inoculum led to a minor increase in nitrate-reduction, 
and a very substantial 71% increase in DNRA. 

 

Figure 11: Nitrate consumption in columns and nitrogen compounds collected in effluent. 
The dashed line in (a) indicates the total amount of Nitrate-N added to each column, 
294mg. The first number in a bracket indicates the amount of soil in a given column, the 
second number indicates the size of its initial inoculum relative to the lowest overall initial 
inoculum. Please note that the left and right vertical axes have different scales. For some 
values the ±SE bars are too small to be visible. 
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Additionally the mass transfer limited columns achieved complete nitrate-
removal, while simultaneously maintaining both DNRA and incomplete 
denitrification, with nitrite and ammonium-production rates of 1 and 5 mg-
N/l respectively, suggesting that DNRA is an integral part of the ecosystem.  

The sequential nature of the nitrite and ammonium peaks suggests that 
similar mechanisms are at work in the involved columns. A sudden activity 
increase could have caused the initial burst of nitrite, while the following 
ammonium production could have resulted from easily diffusible organic 
compounds creating a high carbon flux early on, which would be in line with 
the many published studies saying that high carbon/nitrogen ratios favor 
DNRA (Fazzolari et al., 1998; Kraft et al., 2014; Silver et al., 2005; Smith, 
1982). 

Roughly 4% DNRA and 1% incomplete denitrification was seen during 100% 
nitrate reduction in the columns with 30 and 300g soil, which is surprising as 
DNRA is thought to be favored by a high electron donor/acceptor ratio, and 
incomplete denitrification is expected to relate to the electron donor being 
limiting. Either the microbial community included both DNRA microbes and 
microbes with incomplete denitrification, or the system contained hotspots in 
which DNRA was favored, and others favoring incomplete denitrification. 

2.1 Protocol for experimentally imposing several 
quantifiable degrees of diffusive limitation on 
the system 

In order to investigate if modulating diffusive carbon limitation would impact 
nitrogen cycling in the system I had to develop and implement a protocol for 
experimentally imposing several quantifiable degrees of diffusive limitation 
on the system.  

Quantifying the degree of diffusive limitation could be done using the third 
Damköhler number presented in section 1.1.1. using: 

 

Da3 = biodegradation rate / diffusion rate = kbio 
. R2 / Deff (1) 

 

 

, where kbio is the biotransformation rate constant, R is the aggregate radius, 
and Deff is the effective intra-aggregate diffusion coefficient that accounts for 
sorption-retarded diffusion within aggregates. However this would 
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necessitate that soil aggregates with a clearly defined interface to their 
surroundings could be procured. 

I chose to work on achieving this goal by encasing sterile soil in an alginate 
matrix. Alginate has been used to encapsulate and thus immobilize bacteria in 
several studies looking at how the bacteria degrade pollutants (Fang et al., 
2014; Hermanowicz et al., 2003), and here the alginate aggregates would 
mobilize soil instead of bacteria. 

After testing different concentrations of soil and alginate, and different 
methods of casting the soil-alginate aggregates, the following protocol was 
developed: Sieved soil was mixed with an 1.0% solution of sodium alginate 
which had been sparged with nitrogen gas for 20 minutes to minimize the 
amount of dissolved oxygen. The mixture was transferred to syringes with 
different diameter nozzles, and subsequently firmed up by gently emptying 
the syringes into a 1.0% calcium chloride solution which had also been 
sparged with nitrogen gas for 20 minutes. Dripping the mixture into the 
solution formed round aggregates, and squeezing it out under the surface of 
the liquid formed cylindrical aggregates, as in figure 12. 

 

 

 

Figure 12 - Producing soil-alginate aggregates. A syringe has been filled with a mixture of 
soil and alginate in water, and is about to be converted into firm aggregates. In 'a' the 
mixture is being dripped into a calcium chloride bath to form round aggregates, and in 'b' it 
is being squeezed out while the syringe nozzle is under the liquid surface of the calcium 
chloride bath, forming a cylindrical aggregate. 
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Both cylinders and pellets were allowed to firm up in the calcium chloride 

bath for 12h hours, and were inspected visually before use; fused and 
otherwise non-spherical pellets were discarded. In order to have a wide range 
of diffusive limitation three aggregate sizes were manufactured: round 
aggregates with a diameter of 2mm, round aggregates with a diameter of 7 
mm, and cylindrical aggregates with a diameter of 15 mm.  

With the ability to produce clearly defined aggregates the organic matter 
composition of soil suspension from a F. sylvatica forest in Zealand, 
Denmark was taken from (Strobel et al., 2001), and the Wilke-Chang 
correlation was used to estimate the diffusion coefficient for the compounds 
in the soil suspension: 
 

DAB = (7,4 . 10-8 (φB 
. MB)(1/2)  . T) / (ηB . VA (0.6)) (2) 

 

 

, where DAB is the diffusion coefficient of a compound, designated A, in a 
solvent, designated B, in (cm2 / s), here DAB is equal to DW, the diffusion 
coefficient in water, since the solvent is water; T is the absolute temperature 
in K; ηB is the viscosity of the liquid medium in (kg/ (m s)) (1.308 for water); 
φB is an association parameter for the solvent (2.6 for water); MB is the 
molecular weight of the liquid medium (18.02 g/mol for water) and VA is the 
solute specific molar volume at its normal boiling point in (m3 / kg mol) 
(Wilke and Chang, 1955), which is estimated using: 
 

VA = 0.32 . L .  (L - 1) + ∑ (Aj 
. Gj) (3) 

 

 

, where L is the number of C, B, and Si atoms in the longest chain, corrected 
for side groups, Aj is the number of side groups j, and Gj is the group 
contribution for group j, given by (Schotte, 1992). 

To take into account that the organic substrate diffuses in a porous medium, 
Dw was converted to Deff using: 
 

Deff = Dw . ε(4/3) (4) 
 

 

, where ε, the porosity, is defined as cm3 pore volume per cm3 bed material 
(Millington and Quirk, 1961).  

Multiplying Deff for each organic compound with its concentration, summing 
the results and dividing it with the sum of the concentrations gave a weighted 



30 

mean Deff of 7.761 cm2/s. Together with kbio which had been estimated in a 
batch experiment, the mean Deff value was used to calculate Da3 for the three 
aggregate sizes using equation (1). 21.2 ml soil-alginate aggregate was 
designed to contain 3.0g soil, and for the cylinder, and the 7 mm and 2 mm 
round aggregates that aggregate volume has a soil-water interfacial area of 
60.0, 181 and 79.6 cm2, and Da3 values of 1.34, 0.292 and 0.0239 
respectively. This corresponds to a range of diffusive limitation going from 
intra-aggregate diffusion limiting biotransformation, to no diffusive 
limitation on biotransformation. 

2.2 Impact of modulating diffusive carbon limitation 
on nitrate reduction 

A second array of column microcosms was packed with soil-alginate 
aggregates of varying size, inoculated with soil bacteria and fed a nitrate 
solution in order to investigate the impact of modulating diffusive carbon 
limitation on nitrogen cycling in the system. The array of columns is seen in 
figure 13. 
 

 

Figure 13: Array of 225 ml columns for studying the impact of diffusive limitation on the 
fate of nitrogen in soil. The columns were packed with similar amounts of sand and soil 
encased in alginate, but differing in the diameters of the soil-alginate particles, and thus 
also in the degree of diffusive limitation, indicated by size of the third Damköhler number, 
Da3. All columns were inoculated with the same amount of bacteria previously isolated 
from soil. 1: stainless steel influent pipe, 2: Teflon plug with nitrile rubber gasket, 3: 
borosilicate glass cylinder, 4: central compartment for soil, 5: stainless steel effluent pipe, 
6: port for withdrawing samples, 7: stainless steel coil for storing effluent. 
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Figure 14: Effluent concentrations of nitrate (a) and ammonium (b) for different degrees 
of diffusive limitation quantified using the Damköhler number Da3. For many points the 
±SE bars are smaller than the symbol size. 
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Figure 15: Effluent concentrations of nitrite (a) and nitrous oxide (b) for different degrees 
of diffusive limitation quantified using the Damköhler number Da3. For many points the 
±SE bars are smaller than the symbol size. 
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Again nitrate consumption was seen to fall in four phases. As seen in figure 
14a initially it was very slow (phase 1), then increased rapidly for a few days 
(phase 2), after which it plateaued (phase 3), and eventually decreased and 
stopped (phase 4). Presumably phase 1 was caused by the limited starting 
population needing to multiply before nitrate transformations could increase 
steadily.  At this point the columns were no longer limited by microbial 
abundance but soon hereafter carbon limitation set in at the beginning of 
phase 3 due to the columns starting to become limited by carbon, which 
eventually became so depleted that consumption started to cease in phase 4. 

In the most diffusion-limited column and the one with the intermediary 
degree of diffusive limitation, both nitrite and nitrous oxide production began 
and peaked during the transition to beginning carbon limitation, and then 
decreased as carbon supplies dwindled further, as shown in figure 15. Under 
the lowest degree of diffusive limitation ammonium production began before 
carbon limitation had set in. It too started to cease as carbon limitation set in, 
and eventually died out, as shown in figure 14b.  

It stands to reason that going from a high to a low degree of diffusive carbon 
limitation resulted in a shift from conditions that favour nitrite and nitrous 
oxide production, to ones favouring DNRA. This is in line with the studies 
that have found that plentiful availability of carbon favours DNRA over 
denitrification (Fazzolari et al., 1998; Kraft et al., 2014; Silver et al., 2005; 
Smith, 1982). Furthermore this suggests that while the bulk availability of 
carbon and the electron donor/acceptor ratio investigated in earlier studies 
may at times be a useful indicator for what nitrogen transformation processes 
are likely to be dominant in a given system, it is the availability and ratio 
locally in soil, at small scales, which decide which processes are favoured. 

Looking at the literature describing the relationship between  the electron 
donor/acceptor ratio and DNRA, a study utilizing rapidly shaken batch 
cultures of the soil bacteria Citrobacter C48 in a liquid growth media found 
that a high ratio led to increased DNRA (Smith, 1982), and similar results 
were found by a study which did bulk measurements on compacted, 
homogenized soil from a cultivated field (Fazzolari et al., 1998). Conversely, 
a study doing measurements on tropical soil cores that had been retrieved 
with great care in terms of preserving their internal structure found no impact 
of electron donor/acceptor ratio on DNRA (Sotta et al., 2008).  

These studies did not look at how mass transfer limitations might have 
affected the electron donor and electron acceptor fluxes at the micro scale, 
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but it seems plausible that there were differences in the degree of diffusive 
limitation between the carefully preserved soil, the homogenized soil, and 
certainly the rapidly shaken liquid growth media . Based on the results 
presented here it is likely that diffusive limitation impacted the results in the 
aforementioned studies. Looking at the two extremes, the shaken batch 
cultures and the carefully preserved cores, a high electron donor/acceptor 
ratio would in the former be distributed evenly throughout the system, while 
the ratio would be impacted by extensive heterogeneity in the latter, resulting 
in some column areas favoring DNRA, and others favouring denitrification. 

2.3 Nitrous oxide production during nitrate removal 
Given that dinitrogen production is difficult to quantify, hotspots and periods 
of high denitrification have mostly been studied based on the denitrification 
intermediates nitric oxide and nitrous oxide that are of high environmental 
concern, the former being rapidly oxidized in air to nitrogen oxides, and the 
latter an important greenhouse gas, with a global warming potential per unit 
mass 300 times higher than carbon dioxide (USEPA, 2013). 

It has been estimated that the nitrogen demand of a growing forest is between 
5 and 10 kg reactive nitrogen  per hectare per year, if it receives more it will 
lead to the system becoming enriched in reactive nitrogen (Scarascia-
Mugnozza et al., 2000). This means higher availability of reactive nitrogen 
for plants and microorganisms, increased nitrate concentration in the soil 
solution (Kristensen et al., 2004; Manning et al., 2008) and increased 
emission of not just dinitrogen, but also nitrous oxide (Brumme and Beese, 
1992; Pilegaard et al., 2006; Skiba et al., 2006). Several studies have 
estimated to which extent the addition of reactive nitrogen to forest 
ecosystems lead to increased emissions of nitrous oxide. A regression type 
approach with continuous nitrous oxide emission measurements found that 
1.4% of the added reactive nitrogen got released as nitrous oxide in 
coniferous forests, and that this increased to 5.4% for deciduous forest 
(Butterbach-Bahl et al., 1998). This is in the same range as the 3% found for 
a mixed forest using a gradient approach (Skiba et al., 2006), and also in line 
with a recent review which found that the emission was 3.7% for coniferous 
forests and 5.7% for deciduous forest (Denier van der Gon and Bleeker, 
2005).  

There can be wide variations in yearly nitrous oxide emissions from one area 
to the next (DeVries et al., 2011), and there is also marked spatial and 
temporal heterogeneity on smaller scales. Some nitrous oxide emissions come 
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in the form of short pulses, lasting as little as a few days, but nevertheless 
contribute up to 80% of the emissions from a given ecosystems. Such 
emissions relate to freeze-thawing transitions (Christensen and Tiedje, 1990; 
Wolf et al., 2010), and also fertilization and irrigation/drainage events 
(Dobbie et al., 1999). Such brief but intense nitrogen cycling events underline 
that much nitrogen cycling is concentrated in small areas and timeframes 
(Groffman et al., 2009), which in return underlines the need for studying 
nitrogen cycling at these scales. 

In the first column experiment the columns with 30 and 300g soil both saw 
nitrous oxide production beginning at the same time as nitrite appeared in the 
effluent. While it died out around day 15 for the column with 30g soil, for the 
one with 300g it takes off in earnest after the column becomes mass transfer 
limited with respect to nitrate, peaks after nitrite production peaked and 
reaches the same maximum rate of 7 mg-N/l as nitrite production did as 
shown in figure 10.  

These sequential peaks suggests that part of the nitrogen that was initially 
turned into nitrite got directed towards nitrous oxide shortly thereafter. 
Nitrous oxide production from soil ecosystems is often considered in a 
denitrification context, even though some microorganisms which perform 
DNRA also produce nitrous oxide (Bleakley and Tiedje, 1982; Cole, 1988). 
Nitrous oxide production has been suggested to be an attempt at avoiding 
high concentrations of nitrite (Kaspar, 1982), this is in line with our 
observation of the nitrite peak being followed by nitrous oxide production. 

In the second column experiment where different degrees of diffusive carbon 
limitation was imposed on the system no nitrous oxide production was 
registered during DNRA, only during denitrification. With a high degree of 
diffusive carbon limitation nitrite and nitrous oxide production accounted for 
20% and 2.3% of the total nitrate reduction, respectively. This decreased to 
0.2% and 0% under conditions of low diffusive limitation, as shown in figure 
16. It has been suggested that nitrous oxide emission is related to 
environmental conditions, and not recognizably so to soil origin (van den 
Heuvel et al., 2009). This is in line with the column experiment showing that 
the system could be pushed from incomplete denitrification with production 
of nitrous oxide, to DNRA with no production of nitrous oxide, by decreasing 
the diffusive limitation on carbon. 

While both DNRA and nitrous oxide emission was impacted by reducing the 
degree of diffusive carbon limitation, it should be noted that a linear 
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relationship between diffusion limitation and nitrous oxide emission was not 
observed. As shown in figure 16 going from a high degree of diffusive 
limitation to an intermediary one increased the release of nitrous oxide 
slightly, and further reduction of diffusive limitation was needed to switch it 
off. This shows that while increasing diffusive carbon limitation can reduce 
nitrous oxide emission, further research is required to elucidate the finer 
details in the relationship between diffusive limitation and nitrous oxide 
emission. 

 

 

Figure 16: Nitrate consumption in columns (a) and nitrogen compounds collected in 
effluent (b) as a function of diffusive limitation quantified using the Damköhler number 
Da3. Please note that the left and right vertical axes have different scales. For some values 
the ±SE bars are too small to be visible. 
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3 Studying soil and sediment 
heterogeneiety at the micro scale           
The use of non-microscale tools for measuring microscale features risks 
overlooking them or leaving them represented by a single data point 
(Docekalová et al., 2002; Grundmanis and Murray, 1977; Leermakers et al., 
2005), and the use of microscale tools has been shown to be required for 
accurately describing microscale gradients, exemplified by microscale studies 
of the diffusive boundary layer in the western South Atlantic (Wenzhöfer et 
al., 2001) and steep nitrate gradients in sediment dominated by iron and 
sulphate reduction zones (Mortimer et al., 2002). Kuzyakov and 
Blagodatskaya have recently reviewed the size, occurence, spatial 
distribution, lifetime and associated intensity of microbial activity of 
environmental microbial hotspots. Their work linked the hotspots, their 
growth, competition and consumption of labile carbon, ultimately concluding 
that despite occupying less than 5% of the soil volume, the hotspots may be 
responsible for most processes measured in mixed soil samples (Kuzyakov 
and Blagodatskaya, 2015). The growing realization that nitrogen cycling and 
other important soil processes are concentrated in small areas and timeframes 
not merely mandate further studies into these processes, it also underlines the 
need for tools capable of studying them on such scales, and for these tools to 
become increasingly accessible to a wide selection of the scientific 
community. Some tools for studying soil and sediment heterogeneity at the 
micro scale such as microelectrodes and microoptodes are very well 
established in environmental research, while others are either relatively new 
developments and/or currently underutilized due to cost or the need for 
specialized training to manufacture and/or use them.  

There exists an extended body of work on microelectrodes and microoptodes 
part of which has already been reviewed. One review gives fairly high 
prominence to a number of commercially available ion selective electrodes 
targeted at analytes such as halide and heavy metal ions, without including 
microsensors for pH, O2, N2O, H2, H2S, CO2 and redox (Hanrahan et al., 
2004), all of them environmentally interesting analytes. Another includes 
microelectrodes for most of these analytes, but pays little attention to 
consistently showing key sensor performance characteristics such as 
resolution, response time and interferences (Taillefert et al., 2000). This 
weakness is shared by a third review (Viollier et al., 2003), which 
nevertheless complements the section on electrochemical sensors with 
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sections on optical microsensors and planar gel sensors, albeit with the same 
low attention to performance characteristics as for electrochemical sensors. 
Then there are a number of quite admirable reviews on individual 
microsensor categories, ranging from potentiometric microsensors (de Beer, 
2000), microoptodes (Kühl, 2005), oxygen microsensors (Glud et al., 2000), 
sulphide microsensors (Kühl and Steuckart, 2000) and microbiosensors 
(Revsbech et al., 2000). These reviews give excellent introductions to their 
respective microsensors, without in themselves supplying the broader 
perspective of microscale tools available to environmental studies. 

While planar sensors are a very interesting development for environmental 
microscale studies, they have enjoyed little attention from reviewers. A 
recent review briefly mentions planar oxygen optodes while reviewing tools 
for studying spatial and temporal oxygen dynamics in sediments (Satoh and 
Okabe, 2013) and another did this in greater detail five years earlier (Glud, 
2008), but the focus of the review limited it to planar O2 optodes. The 
hitherto most comprehensive review including  planar optodes focuses on pH 
and O2 measurements in sediment using microsensors and planar optodes, but 
also includes CO2 planar optodes and planar gel probes (Stockdale et al., 
2009). While this review gives a comprehensive introduction to tools for 
microscale studies in sediments, a fair amount of the sensors included in the 
review are not nearly the sensors with the highest possible resolution in their 
group at the time the review was published, and for some calling their 
resolution 'microscale' is being somewhat generous. The review does cover 
some key performance characteristics, but gives precious little information on 
important details such as potential interferences and sensor lifetimes. 

I reviewed a broad selection of both microsensors and planar sensors for use 
in environmental studies, providing the reader with a broad perspective with 
clear presentations of key performance characteristics for individual sensors, 
and complemented this with suggestions for techniques for providing spatial 
data on the location of microorganisms and the structures they inhabit. For 
the purpose of keeping the paper from becoming too wide in scope it reserves 
the term 'microscale' for structures, tools and processes measuring or 
occurring at scales from 1 to 100 µm, excluding 'macro-' and 'mesoscale' 
tools which it defines as being from 1 cm and above and in between 'micro-' 
and 'macroscale', respectively.  

The core outcome of the reviewing efforts follow below. 
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3.1 Microsensors 
Microsensors cover both microelectrodes, microoptodes and microbiosensors, 
and each of these groups include several individual sensor types. Most of 
them are amongst the most accessible tools for microscale measurements in 
environmental systems, and are basically pen-shaped probes with tips 
measuring as little as a micrometer, capable of converting a non-electrical 
physical or chemical input into an electrical or optical output. The 
measurements are performed at the scale of the tip, giving the microsensors 
high spatial resolution, and their minute internal dimensions give short 
diffusive distances and consequently fast response times (Glud et al., 2000; 
Kühl and Revsbech, 2001; Revsbech and Jørgensen, 1986). 

As microsensors have been an established technology in environmental 
research for several decades there exists an extended body of work. Broadly 
speaking, microsensors fall into two categories: microelectrodes based on 
electrochemical signal detection, and microoptodes based on optical signal 
detection. Both simple solid state, gas and ion exchange microelectrodes have 
been manufactured with tips, and thus resolutions, at, or below, 10 µm. The 
fastest have response times around 1 s, and most are at, or below, 10s. The 
published lifetimes generally favor the gas sensors, but many will function 
for about one month, see table 1 for an overview. 

While many of the first microelectrodes relied on electrochemical sensing 
principles, there are environmental variables that cannot be measured using 
this approach. In some cases this problem can be overcome by combining 
traditional electrochemical microsensors with biological catalysts. This is 
complicated by the fact that the biological catalysts generally need specific 
physicochemical conditions to be able to function, and there is a limit to how 
long these conditions can be maintained inside the microsensor due to 
consumption of nutrients and production of metabolites. Tip diameters are 
around 20 µm, two times or more than that of a microelectrode, response 
times are often close to 60 seconds, and the sensors have lifespans in the 
range of a few days, see table 2 for an overview.  

Microoptodes have been manufactured with low response times (~1 s), good 
long-term signal stability and, unlike most non-optical microsensors, they are 
not affected by high concentrations of H2S. Depending on the sensor 
chemistry they may be vulnerable to high concentrations of some compounds 
such as SO2, see table 1, and also to high pressure(Glud et al., 1999).  
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Table 1 - A selection of microsensors and their performance characteristics.  

Sensor type 

Minimum 

tip 

diameter 

(µm) 

Maximum 

response 

time to 90% 

signal (s) 

Major 

interferenc

es 

Minimum 

expected 

lifetime 

(months) 

References 

Gas sensors 

O2  1  0.5 H2S 12 (Glud et al., 2000) 

H2S  2  0.5  light  12 
(Kühl and Steuckart, 2000; 

Kühl et al., 1998) 

H2  1  10  H2S  12 
(Ebert and Brune, 1997; Witty, 

1991) 

N2O  1  50 H2S 12 (Andersen et al., 2001) 

CO2  10  300 H2S days (Cai and Reimers, 1993) 

Ion exchange sensors 

pH  10  10  none  12 
(Amman, 1986; Revsbech and 

Jørgensen, 1986; Thomas, 

1978) 

NO2
‐  10  15  H2S, Cl

‐  <1 
(de Beer, 2000; deBeer et al., 

1997b) 

NO3
‐  1  30 

H2S, Cl
‐, 

HCO3
‐  hours 

(de Beer and Sweerts, 1989; 

de Beer, 2000) 

CO3
‐  1  5  none days (Choi et al., 2002) 

NH4
+  1  60  Na+, K+  days 

(de Beer and van den Heuvel, 

1988; de Beer, 2000) 

Ca2+  1  5  none days (Amman, 1986; de Beer, 2000) 

pH  1  10  none  <1 
(de Beer, 2000; deBeer et al., 

1997a; Lee and de Beer, 1995) 

CO2  10  10  none  <1 
(de Beer, 2000; deBeer et al., 

1997a; Lee and de Beer, 1995) 

Optodes           

O2  20  1 

SO2, 

backgroun

d 

fluorescenc

e 

<1 
(Glud et al., 2000; Klimant et 

al., 1997b, 1995) 

Temperature  20 
not 

published 
O2  1  (Holst et al., 1997) 

pH  20  60 none 1 (Kohls et al., 1997) 

Solid state sensors 

pH  10  60 H2S <1 (Vanhoudt et al., 1992) 

Redox  10 
not 

published 
H2S  12  (Ebert and Brune, 1997) 

S2‐  10  900  pH  days 
(Kuhl and Jørgensen, 1992; 

Revsbech and Jørgensen, 

1986; Visscher et al., 1991) 
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3.2 Planar sensors 
Compared to microsensors, planar sensors capable of performing microscale 
measurements in environmental settings are a relatively new development. 
They include planar gel probes and planar optodes. 

The gel probes are divided in those that rely on diffusive equilibration 
between a thin-film of a gel (DET) and the pore water (Davison et al., 1991), 
and those that rely on the establishment of a diffusive gradient in a thin-film 
of gel (DGT) (Davison et al., 1994). DET has been used for Fe, Mn (Davison 
et al., 1994), alkalinity, Br, Cl, Ca, CO2, NH4

+ (Mortimer et al., 1998), NO3
-, 

SO4
2- (Krom et al., 1994), K, Mg (Zhang et al., 1999), Cd, Cr, Cu, Pb, Zn (Yu 

et al., 2000), Mo, Re, and U measurements (Morford et al., 2003); DGT has 
been used for As, Mn, Zn (Davison et al., 1997), Co, Fe, Ni, and S2- 
(Motelica-Heino et al., 2003), Cd, Cu (Buzier et al., 2006), and Pb 
measurements (van der Veeken et al., 2008).  

 

Table 2 - A selection of microbiosensors and their performance characteristics. 

Sensor type 

Minimum 

tip 

diameter 

(µm) 

Maximum 

response 

time to 90% 

signal (s) 

Major 

interferences 

Minimum 

expected 

lifetime 

(months) 

References 

NO2
‐  20  180  H2S  days 

(Larsen et al., 1997; 

Nielsen et al., 2004) 

NOx
‐  20  60  H2S  days 

(Larsen et al., 1997; 

Revsbech et al., 

2000) 

CH4  20  60  H2S  <1 

(Damgaard and 

Revsbech, 1997; 

Damgaard et al., 

1998; Revsbech et al., 

2000) 

Glucose  10  10  H2S  days 
(Cronenberg et al., 

1991) 

Volatile fatty 

acids 
20  90  H2S  days  (Meyer et al., 2002) 

Dissolved 

organic 

carbon 

50  10  O2  days 
(Neudörfer and 

Meyer‐Reil, 1997) 
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Planar optodes are a newer development than planar gel probes, and have a 
sensing principle similar to that of microoptodes, but here the sensing 
membrane in the tip of the microoptode has been scaled up significantly, and 
the signal is recorded using a camera and analyzed using a computer (Glud, 
1998; Glud et al., 1996).  

The gel probes can be used to measure a wide range of analytes, however 
they do not allow for repeated measurements. Planar optodes have been 
developed for O2 (König et al., 2005; Larsen et al., 2011; Oguri et al., 2006), 
NH4

+ (Delin and Strömberg, 2011; Strömberg and Hulth, 2001), CO2 (Zhu 
and Aller, 2010), temperature (Borisov and Klimant, 2008) and pH (Blossfeld 
and Gansert, 2007; Larsen et al., 2011), and multi-analyte planar optodes 
have also been presented (Borisov et al., 2011). Unlike the gel probes planar 
optodes not only allows for good spatial resolution, but also repeated 
measurements with high temporal resolution. The resolution of the images 
recorded with a planar optode depends largely on the camera and the 
geometry of the experimental setup. Setups with a maximum theoretical pixel 
resolution in the vicinity of 10 x 10 µm have been published (Larsen et al., 
2011), at or near the resolution that many microelectrodes can offer in one 
dimension. Other performance characteristics of planar optodes also rival 
those of most microelectrodes: response times in the range of 10-20s are 
common, see table 3 for details.  

3.3 Other tools 
Microsensors and planar sensors can describe chemical gradients but not give 
information about the spatial location of microorganisms or the structures 
they inhabit. For this reason I direct the reader towards techniques that have 
been used successfully to gain such information, such as computer aided X-
ray tomography, CT, and nano secondary ion mass spectrometry, NanoSIMS. 

CT can be used to provide spatial data from microenvironments with 
negligible effect on both soil and microorganisms (Schmidt et al., 2015), and 
NanoSims has been used to investigate soil microparticles (Blair et al., 2006; 
Mueller et al., 2012), microorganisms (Keiluweit et al., 2012; Musat et al., 
2008; Pumphrey et al., 2009) and interactions between organic matter and 
minerals (Keiluweit et al., 2012).  
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Table 3 – A selection of planar optodes and their performance characteristics, where 
available. A dash (-) indicates that information is not available.  * 20s with a silicone layer 
to reduce light scattering, 3s without. **Response time when pH was increased from pH 
6.5 to 8.9. 

Sensor type 

Maximum 

response time to 

90% signal (s) 

Major 

interferences 

Minimum 

expected 

lifetime 

References 

Single analyte planar optodes 

O2  ‐  ‐  > 1 month 
(König et al., 

2005) 

O2  10  ‐  > days 
(Oguri et al., 

2006) 

O2  3/20*  ‐  ‐ 
(Larsen et al., 

2011) 

NH4
+  120  K+, pH  8 months 

(Strömberg and 

Hulth, 2001) 

CO2  18  ‐  2 weeks 
(Zhu and Aller, 

2010) 

Temperature  ‐  O2 

<day if exposed to 

oxygen 

(Borisov and 

Klimant, 2008) 

pH  ‐  ‐  8 weeks 
(Blossfeld and 

Gansert, 2007) 

pH  60  ‐  ‐ 
(Larsen et al., 

2011) 

Dual analyte planar optode 

pH  ‐  ‐  > days  (Blossfeld et al., 

2013) CO2  ‐  ‐  > days 

Dual analyte planar optode 

O2  12 
Temperature 

changes 
‐ 

(Borisov et al., 

2011) 

CO2  122 
Temperature 

changes 
‐ 

Quadruple analyte planar optode 

O2  22 
Temperature 

changes 
‐ 

(Borisov et al., 

2011) 

CO2  274 
Temperature 

changes 
‐ 

pH  34 

Temperature 

changes, ionic 

strength 

‐ 

Temperature  ‐  O2, pH  ‐ 
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Both techniques have remarkable microscale resolutions, < 1µm for CT 
(Helliwell et al., 2013; Van den Bulcke et al., 2009) and as low as 50 nm for 
NanoSIMS (Keiluweit et al., 2012), making them potentially very valuable to 
future environmental microscale research. 

3.4 Current state  and future direction of 
microscale environmental studies 

Advances in microscale technology have put remarkable tools at our disposal, 
and putting these tools to use in explaining microscale heterogeneity has 
filled many gaps in our knowledge, such as explaining the absence of 
anaerobic bacteria in anoxic niches in planktonic aggregates was due to the 
niches being too transient for the bacteria to become established there (Ploug 
et al., 1997).  

Microelectrodes and gel probes exist for an impressive array of analytes, 
while planar optodes combines two-dimensional microscale resolution and 
the potential for repeated measurements over long periods of time with a less 
expansive array of potential analytes. Expanding this list to include 
compounds such as nitrate, iron and sulphide would be of great interest to 
ecological studies. Further efforts toward more potential analytes, higher 
robustness, higher accessibility, and, in the case of multi-analyte planar 
optodes, lower response times are needed for them to reach their full 
potential. 
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4 A nitrate sensitive planar optode                          
Small areas and brief periods of activity often account for a large fraction of 
the total nitrogen turnover, and consequently describing nitrogen cycling on 
the microscale is a big challenge. While some of the factors influencing 
nitrogen transformations are well known, the knowledge of how the factors 
interact at the micro scale remains low (Groffman et al., 2009), and it is not 
just more studies that is needed, we also need to increase our arsenal of tools 
for studying nitrogen cycling at small scales: 

Microsensors with good performance characteristics have been produced for 
important reactive nitrogen species such as NO2

-(de Beer, 2000; deBeer et al., 
1997; Larsen et al., 1997), NO3

- (de Beer and Sweerts, 1989; de Beer, 2000), 
N2O (Andersen et al., 2001) and NH4

+ (de Beer and van den Heuvel, 1988; de 
Beer, 2000), it also reveals a gap for planar optodes: NH4

+ is the only reactive 
nitrogen species for which a planar optode has been developed (Delin and 
Strömberg, 2011; Strömberg and Hulth, 2001). Here I introduce a NO3

--
sensitive planar optode. 

The NO3
--sensitive planar optode is based on a pH-sensitive planar optode 

utilizing 1-hydroxypyrene-tris-3,6,8-octadecylsulfonamide, HPTS-TOA, in a 
poly vinyl chloride, PVC, matrix (Larsen et al., 2011), and utilizes a mixture 
of HPTS-TOA and tridodecylmethylammonium, TDMA, chloride in a PVC 
matrix, which enables the measurement of NO3

- as a function of the 
fluorescence of the pH indicator HPTS-TOA due to coextraction mediated by 
TDMA (Mohr et al., 1995). Since both HPTS-TOA and TDMA have similar 
degrees of hydrophobicy both can be retained by the PVC matrix.  

The resulting NO3
--sensitive planar optode exhibits a linear response to 

nitrate from 1 to 50 mM at pH 8.0, a fast response time to 90% signal of < 
10s. Comparing its performance characteristics to the planar optodes 
reviewed in paper III it performs very well:  

 the < 10s response time is comparable with the best of them, and 
significantly better than the 120s reported for the NH4

+-planar optode. 

 its expected lifetime of more than two months likewise places it amongst 
the frontrunners, making it possible to prepare the planar optode sheets 
well in advance of the experiment, and still perform measurements over an 
extended period of time, something that is currently unfeasible for one of 
the published O2 planar optodes and the europium(III)-based temperature 
planar optode which can have a lifetime of less than a day (Borisov and 
Klimant, 2008). 
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 it does have interferences, notably pH and chloride, but comparing this to 
interferences for other planar optodes is difficult due to their potential 
interferences being underreported. The NH4

+-planar optode is also based 
on coextraction and also suffer from interference from pH, in addition to 
K+ (Delin and Strömberg, 2011; Strömberg and Hulth, 2001). 

The combination of the above planar optode performance characteristics and 
the possibility of generating data on spatial NO3

--distributions with good 
temporal resolution with a consumer camera such as the Canon EOS1100D 
used for testing the NO3

--planar optode makes it an interesting choice for 
studying nitrogen dynamics on the micro scale without the need for a large 
number of samples (figure 17). And as shown in paper IV its use can be 
combined with more conventional analytical procedures, as long as these are 
scaled down to smaller volumes to limit the impact of destructive extraction. 
 

 

Figure 17: Planar optode images of a nitrate plume over time. 5.0 ml 50mM sodium nitrate 
was injected over 20 seconds in injection port E5 at t = 0. a: t = 5s. b: t = 60s. c: t = 10 
min. d: t = 20 min. The injection port grid used for withdrawal of samples for classical 
analytical procedures is indicated by grey circles. Adapted from paper IV. 
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Early in the process of developing the large, high resolution nitrate sensitive 
planar optode the need for producing large (20x20cm) sheets of optode sensor 
foil arose. Literature review (paper III) and communications with other 
researchers revealed that people relied on spraying a mixture containing 
dissolved sensor chemical, matrix and a solvent onto the support foil using a 
paint spray gun, or utilizing knife coating, a process in which the mixture is 
spread onto the support foil much like one would spread butter on a slice of 
bread (Larsen et al., 2011). Spray coating worked well when the sensor 
matrix compound was silicone based, and also when no sensor matrix 
compound was added to the mixture being spray coated onto the support foil, 
but in the latter case the sensing layer exhibited poor coverage and adherence. 
Using polystyrene or poly vinyl chloride as matrix compound immediately 
resulted in formation of thin filaments which fast lead to the nozzle of the 
paint spray gun becoming clogged, making spray coating unfeasible for 
sensor layers containing these compounds. Knife coating worked acceptably 
for sensor sizes measuring a few cm in width and height, but when the 
technique was applied to the production of larger sensors results were 
unsatisfactory: a smooth sensing layer was not achieved for the entire sensor 
foil (figure 18), and when attempting to overcome this by increasing the 
amount of sensing mixture applied to the support foil a significant amount of 
the applied sensing mixture was wasted without resulting in a smooth layer. 

 

 

Figure 18: 3x3 cm section of 20x20cm planar optode sensor foil produced using knife 
coating. Inspection by the naked eye reveals that the thickness if the sensing layer is 
markedly uneven. 
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These difficulties led to the construction of the prototype of a tool for the 
production of planar optode sensor sheets described in paper V. The tool has 
been used to successfully produce 20x20cm large sheets of planar optode 
sensor foil for pH and oxygen measurements, and subsequently it was used to 
make the sensor sheets for the nitrate sensitive planar optode described in 
paper IV.  

Patent searches in the Derwent Innovations Index, FreePatentsOnline, 
Espacenet, Google Patents and the United States Patent and Trademark 
Office databases did not yield any patents describing similar tools for 
producing planar optode sensor foils, so this tool may fill a gap for 
researchers desiring to manufacture large planar optode sensor sheets for use 
in experiments. In combination with a recent work describing the 
construction and use of a relatively inexpensive but high resolution planar 
optode setup (Larsen et al., 2011), the nitrate sensitive planar optode and this 
tool makes it possible to successfully, and with minimal practice, start 
performing planar optode experiments for a range of analytes without having 
to make too hefty investments.  
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5 Conclusions  
The three parts of the PhD study have made the following  contributions to 
the study of spatial heterogeneity and nitrate metabolism in soil: 

 

First part (Papers I & II) 

 I established that both DNRA and denitrification can occur in F. 
sylvatica soil from Dyrehaven, Northern Zealand, Denmark. 

 DNRA was seen to increase with increasing availability of electron 
donor in the form of carbon. 

 At complete nitrate reduction there was overall 7% DNRA and 4% 
partial denitrification, suggesting that DNRA is an integral part of the 
ecosystem.  

 A framework for quantifying diffusive limitation using the third 
Damköhler number and imposing it on a system was created. 

 A protocol for encasing sterile soil in alginate was developed as part of 
the framework and used to impose several quantifiable degrees of 
diffusive limitation on a system. 

 Going from a quantified high degree of diffusive limitation to a low 
was seen to shift the system from incomplete denitrification with 
production of nitrite and nitrous oxide, to DNRA.  

 That the framework was used successfully to effect a switch in 
microbial metabolism when going from one quantified degree of 
diffusive limitation to another underlines the importance of looking at 
mass transfer processes quantitatively when studying processes 
associated with microbial hotspots. 
 

Second part (Paper III) 

A comprehensive resource describing available microscale techniques for 
environmental studies has been made which provides key performance 
characteristics and information on accessibility and system disruption for 

 a broad range of available microsensors  

 planar sensors, including DET and DGT probes and planar optodes, 
including multi-analyte planar optodes.  
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Furthermore the review reveals that further efforts toward higher 
accessibility, more potential analytes, and, in the case of multi-analyte planar 
optodes, lower response times are needed for the microscale tools to reach 
their full potential. 

 

Third part (Papers IV & V) 

 A nitrate sensitive planar optode was developed which enables the 
study of nitrogen dynamics on the micro scale with good temporal 
resolution without the need for a large number of samples. 

 A tool for producing large (20x20cm) sheets of optode sensor foil was 
developed and used successfully to make sensor foil targeted at 
oxygen, pH and nitrate. 

 Together the nitrate sensitive planar optode and the tool for making 
sensor foil makes it possible to successfully, and with minimal 
practice, start performing planar optode experiments for a range of 
analytes without having to make too hefty investments. 

 

While the developed framework was used successfully to effect a switch in 
microbial metabolism when going from one quantified degree of diffusive 
limitation to another, something that warrants its use in the study of other 
microbial processes, the observation that there wasn't a linear relationship 
between diffusive carbon limitation and microbial metabolism shows that 
further research is required to shed more light on the impact of diffusive 
limitation on microbial nitrate reduction.  

That the diffusive limitation on the carbon supply, and not the amount of 
carbon in the system, was shown to affect whether nitrate reduction included 
DNRA or incomplete denitrification, shows that the many studies published 
on this topic utilizing homogeneous samples and bulk measurements should 
be complemented with ones that take mass transfer processes into 
consideration. 

 

 



51 

6 References 

Akunna, J.C., Bizeau, C., Moletta, R., 1993. Nitrate and nitrite reductions with anaerobic 
sludge using various carbon sources: Glucose, glycerol, acetic acid, lactic acid and 
methanol. Water Research 27, 1303–1312. doi:10.1016/0043-1354(93)90217-6 

Aller, R.C., 1982. The Effects of Macrobenthos on Chemical Properties of Marine 
Sediment and Overlying Water, in: McCall, P.L., Tevesz, M.J.S. (Eds.), Animal-
Sediment Relations. Springer US, pp. 53–102. 

Aller, R.C., 2001. Effects of particle and solute transport on rates and extent of 
remineralization in bioturbated sediment, in: Aller, J.Y., Woodin, S.A., Aller, R.C. 
(Eds.), Organism-Sediment Interactions. University of South Carolina Press, pp. 315–
333. 

Ambus, P., Mosier, A., Christensen, S., 1992. Nitrogen turnover rates in a riparian fen 
determined by nitrogen-15 dilution. Biology and Fertility of Soils 14. 

Amman, D., 1986. Ion-selective microelectrodes: principles, design and applications. 
Springer Berlin Heidelberg. 

Andersen, K., Kjær, T., Revsbech, N.P., 2001. An oxygen insensitive microsensor for 
nitrous oxide. Sensors and Actuators B (Chemical) B81, 42 – 48. 

Arah, J., Vinten, A.J.A., 1995. Simplified models of anoxia and denitrification in 
aggregated and simple-structured soils. European journal of soil science 46, 507 – 
517. 

Baker, M.A., Vervier, P., 2004. Hydrological variability, organic matter supply and 
denitrification in the Garonne River ecosystem. Freshwater Biology 49, 181–190. 
doi:10.1046/j.1365-2426.2003.01175.x 

Barton, L., McLay, C.D.A., Schipper, L.A., Smith, C.T., 1999. Annual denitrification rates 
in agricultural and forest soils: a review. Australian journal of soil research 37, 1073 
– 1093. 

Bastian, F., Bouziri, L., Nicolardot, B., Ranjard, L., 2009. Impact of wheat straw 
decomposition on successional patterns of soil microbial community structure. Soil 
Biology and Biochemistry 41, 262–275. doi:10.1016/j.soilbio.2008.10.024 

Bateman, E.J., Baggs, E.M., 2005. Contributions of nitrification and denitrification to N2O 
emissions from soils at different water-filled pore space. Biology and Fertility of 
Soils 41, 379–388. doi:10.1007/s00374-005-0858-3 

Blackburn, T.H., Sorenson, J., 1988. Nitrogen Cycling in Coastal Marine Environments, 
in: SCOPE Report No. 33. Wiley and Son, Chichester. 

Blagodatskaya, E., Kuzyakov, Y., 2013. Active microorganisms in soil: Critical review of 
estimation criteria and approaches. Soil Biology and Biochemistry 67, 192–211. 
doi:10.1016/j.soilbio.2013.08.024 



52 

Blair, N., Prince, K.E., Faulkner, R.D., Till, A.R., 2006. Using the scanning electron 
microprobe and secondary ion mass spectrometry to locate C-14 and C-13 labelled 
plant residues within soil aggregates. Scanning 28, 164 – 171. 

Bleakley, B.H., Tiedje, J.M., 1982. Nitrous oxide production by organisms other than 
nitrifiers or denitrfiers. Applied and Environmental Microbiology 44, 1342 – 1348. 

Blossfeld, S., 2013. Light for the dark side of plant life: —Planar optodes visualizing 
rhizosphere processes. Plant and Soil 369, 29–32. doi:10.1007/s11104-013-1767-0 

Blossfeld, S., Gansert, D., 2007. A novel non-invasive optical method for quantitative 
visualization of pH dynamics in the rhizosphere of plants. Plant, cell & environment 
30, 176–86. 

Blossfeld, S., Schreiber, C.M., Liebsch, G., Kuhn, A.J., Hinsinger, P., 2013. Quantitative 
imaging of rhizosphere pH and CO2 dynamics with planar optodes. Annals of botany 
112, 267–76. 

Bobbink, R., Hornung, M., Roelofs, J.G.M., 1998. The effects of air-borne nitrogen 
pollutants on species diversity in natural and semi-natural European vegetation. 
Journal of Ecology 86, 717–738. doi:10.1046/j.1365-2745.1998.8650717.x 

Bonin, P., 1996. Anaerobic nitrate reduction to ammonium in two strains isolated from 
coastal marine sediment: A dissimilatory pathway. FEMS Microbiology Ecology 19, 
27–38. doi:10.1016/0168-6496(95)00075-5 

Booth, M.S., Stark, J.M., Rastetter, E., 2005. Controls on nitrogen cycling in terrestrial 
ecosystems: A synthetic analysis of literature data. Ecological monographs 75, 139 – 
157. 

Borisov, S.M., Klimant, I., 2008. Blue LED excitable temperature sensors based on a new 
europium(III) chelate. Journal of fluorescence 18, 581–9. 

Borisov, S.M., Seifner, R., Klimant, I., 2011. A novel planar optical sensor for 
simultaneous monitoring of oxygen, carbon dioxide, pH and temperature. Analytical 
and bioanalytical chemistry 400, 2463–74. doi:10.1007/s00216-010-4617-4 

Boyle, S., Rich, J., Bottomley, P., Cromackjr, K., Myrold, D., 2006. Reciprocal transfer 
effects on denitrifying community composition and activity at forest and meadow 
sites in the Cascade Mountains of Oregon. Soil Biology and Biochemistry 38, 870–
878. doi:10.1016/j.soilbio.2005.08.003 

Braker, G., Fesefeldt, A., Witzel, K.P., 1998. Development of PCR primer systems for 
amplification of nitrite reductase genes (nirK and nirS) to detect denitrifying bacteria 
in environmental samples. Applied and environmental microbiology 64, 3769 – 3775. 

Bruland, G.L., Richardson, C.J., Whalen, S.C., 2006. Spatial variability of denitrification 
potential and related soil properties in created, restored, and paired natural wetlands. 
Wetlands 26, 1043 – 1056. 



53 

Brumme, R., Beese, F., 1992. Effects of liming and nitrogen fertilization on emissions of 
CO2 and N2O from a temperate forest. Journal of Geophysical Research 97, 12851 – 
12858. 

Buckland, W., 1835. On the discovery of coprolites, or fossil faeces, in the Lias at Lyme 
Regis, and in other formations. Transactions of the Geological Society, London 2, 
223–236. 

Butterbach-Bahl, K., Gasche, R., Huber, C., Kreutzer, K., Papen, H., 1998. Impact of N-
input by wet deposition on N-trace gas fluxes and CH4-oxidation in spruce forest 
ecosystems of the temperate zone in Europe. Atmospheric Environment 32, 559–564. 
doi:10.1016/S1352-2310(97)00234-3 

Butterbach-Bahl, K., Gundersen, P., Ambus, P., Augustin, J., Beier, C., Boeckx, P., 
Dannenmann, M., Gimeno, B.S., Ibrom, A., Kiese, R., Kitzler, B., Rees, R.M., Smith, 
K.A., Stevens, C., Vesala, T., Zechmeister-Boltenstern, S., 2011. Nitrogen processes 
in terrestrial ecosystems, in: Sutton, M.A., Howard, C.M., Erisman, J.W., Billen, G., 
Bleeker, A., P, G., VanGrinsven, H., Grizzetti, B. (Eds.), The European Nitrogen 
Assessment - Sources, Effects and Policy Perspectives. Cambridge University Press, 
Cambridge, pp. 99–125. 

Buzier, R., Tusseau-Vuillemin, M.-H., Mouchel, J.-M., 2006. Evaluation of DGT as a 
metal speciation tool in wastewater. The Science of the total environment 358, 277–
85. doi:10.1016/j.scitotenv.2005.09.051 

Cabello, P., Roldan, M.D., Castillo, F., Moreno-Vivian, C., 2012. The nitrogen cycle, in: 
M., S., Schaechter, M. (Eds.), Topics in Ecological and Environmental Microbiology. 
Academic Press, p. 503. 

Cai, W., Reimers, C.E., 1993. The development of pH and pCO2 microelectrodes for 
studying the carbonate chemistry of pore waters near the sediment water interface. 
Limnology and Oceanography 38, 1762 – 1773. doi:10.2307/2838450 

Cambardella, C.A., Moorman, T.B., Novak, J.M., Parkin, T.B., Karlen, D.L., Turco, R.F., 
Konopka, A.E., 1994. Field-scale variability of soil properties in central Iowa soils. 
Soil science society of America journal 58, 1501 – 1511. 

Carlsson, G., Huss-Danell, K., 2003. Nitrogen fixation in perennial forage legumes in the 
field. Plant and soil 253, 353 – 372. doi:10.1023/a:1024847017371 

Chèneby, D., Hallet, S., Mondon, M., Martin-Laurent, F., Germon, J.C., Philippot, L., 
2003. Genetic characterization of the nitrate reducing community based on narG 
nucleotide sequence analysis. Microbial ecology 46, 113–21. doi:10.1007/s00248-
002-2042-8 

Chèneby, D., Hartmann, A., Hénault, C., Topp, E., Germon, J.C., 1998. Diversity of 
denitrifying microflora and ability to reduce N 2 O in two soils. Biology and Fertility 
of Soils 28, 19–26. doi:10.1007/s003740050458 

 



54 

Chèneby, D., Perrez, S., Devroe, C., Hallet, S., Couton, Y., Bizouard, F., Iuretig, G., 
Germon, J.C., Philippot, L., 2004. Denitrifying bacteria in bulk and maize-
rhizospheric soil: diversity and N2O-reducing abilities. Canadian journal of 
microbiology 50, 469–74. doi:10.1139/w04-037 

Choi, Y.S., Lvova, L., Shin, J.H., Oh, S.H., Lee, C.S., Kim, B.H., Cha, G.S., Nam, H., 
2002. Determination of Oceanic Carbon Dioxide Using a Carbonate-Selective 
Electrode. Analytical Chemistry 74, 2435–2440. doi:10.1021/ac0108459 

Christensen, S., Tiedje, J.M., 1990. Brief and vigorous N2O production by soil at spring 
thaw. Journal of Soil Science 41, 1–4. doi:10.1111/j.1365-2389.1990.tb00039.x 

Chung, G., McCoy, B.J., Scow, K.M., 1993. Criteria to assess when biodegradation is 
kinetically limited by intraparticle diffusion and sorption. Biotechnology and 
bioengineering 41, 625 – 632. 

Cleveland, C.C., Townsend, A.R., Schimel, D.S., Fisher, H., Howarth, R.W., Hedin, L.O., 
Perakis, S.S., Latty, E.F., Von Fischer, J.C., Elseroad, A., Wasson, M.F., 1999. 
Global patterns of terrestrial biological nitrogen (N-2) fixation in natural ecosystems. 
Global biochemical cycles 13, 623 – 645. 

Cole, J.A., 1988. Assimilatory and dissimilatory reduction of nitrate to ammonia, in: Cole, 
J.A., Ferguson, S.J. (Eds.), The Nitrogen and Sulphur Cycles. Cambridge University 
Press, Cambridge, pp. 281–329. 

Cole, J.A., 1990. Physiology, biochemistry and genetics of nitrate dissimilation to 
ammonia, in: Revsbech, N.P., Sørensen, J. (Eds.), Denitrification in Soil and 
Sediment. Plenum Press, New York, USA, pp. 57–76. 

Corré, M.F., Beese, F.O., Brumme, R., 2003. Soil nitrogen cycle in high nitrogen 
deposition forest: Changes under nitrogen saturation and liming. Ecological 
applications 13, 287 – 298. 

Cronenberg, C., van Groen, B., de Beer, D., van den Heuvel, H., 1991. Oxygen-
independent glucose microsensor based on glucose oxidase. Analytica Chimica Acta 
242, 275 – 278. 

Crookes, W., 1898. Presidential Address to the British Association for the Advancement of 
Science. Chemical News 78, 125. 

Cruz-García, C., Murray, A.E., Klappenbach, J.A., Stewart, V., Tiedje, J.M., 2007. 
Respiratory nitrate ammonification by Shewanella oneidensis MR-1. Journal of 
bacteriology 189, 656–62. doi:10.1128/JB.01194-06 

Cunningham, R.T., Ramage, G.A., 1888. The polychaeta sedentaria of the Firth of Forth. 
Transactions of the Royal Society of Edinburgh xxxiii, 635–684. 

Damgaard, L.R., Revsbech, N.P., 1997. A Microscale Biosensor for Methane Containing 
Methanotrophic Bacteria and an Internal Oxygen Reservoir. Analytical Chemistry 69, 
2262–2267. 



55 

Damgaard, L.R., Revsbech, N.P., Reichardt, W., 1998. Use of an oxygen-insensitive 
microscale biosensor for methane to measure methane concentration profiles in a rice 
paddy. Applied and environmental microbiology 64, 864–70. 

Dannenberg, S., Kroder, M., Dilling, W., Cypionka, H., 1992. Oxidation of H2, organic 
compounds and inorganic sulfur compounds coupled to reduction of O2 or nitrate by 
sulfate-reducing bacteria. Archives of Microbiology 158, 93–99. 
doi:10.1007/BF00245211 

Dapples, E.C., 1942. The Effect of Macro-organisms upon Near-Shore Marine Sediments. 
SEPM Journal of Sedimentary Research Vol. 12, 118–126. doi:10.1306/D426916B-
2B26-11D7-8648000102C1865D 

Davison, W., Fones, G.R., Grime, G.W., 1997. Dissolved metals in surface sediment and 
microbial mat at 100-μm resolution. Nature 387, 885 – 888. doi:10.1038/43147 

Davison, W., Grime, G., Morgan, J., Clarke, K., 1991. Distribution of dissolved iron in 
sediment pore waters at submillimeter resolution. Nature 352, 323 – 325. 

Davison, W., Zhang, H., Grime, G.W., 1994. Performance characteristics of gel probes 
used for measuring the chemistry of pore waters. Environmental science & 
technology 28, 1623–32. doi:10.1021/es00058a015 

De Beer, D., 2000. Potentiometric microsensors for in situ measurements in aquatic 
environments, in: Buffle, J., Horvai, G. (Eds.), In Situ Monitoring of Aquatic 
Systems: Chemical Analysis and Speciation. John Wiley & Sons Ltd., pp. 161–195. 

De Beer, D., Sweerts, J.-P.R.A., 1989. Measurement of nitrate gradients with an ion-
selective microelectrode. Analytica Chimica Acta 219, 351 – 356. 

De Beer, D., van den Heuvel, J.C., 1988. Response of ammonium-selective 
microelectrodes based on the neutral carrier nonactin. Talanta 35, 728–730. 
doi:10.1016/0039-9140(88)80171-1 

De Vries, F.T., Hoffl, E., VanEekeren, N., Brussaard, L., Bloem, J., 2002. Fungal/bacterial 
ratios in grasslands with contrasting nitrogen management. 

deBeer, D., Glud, A., Epping, E., Kuhl, M., Beer, D. De, Kiihl, M., 1997a. A fast-
responding CO2 microelectrode for profiling sediments, microbial mats, and biofilms. 
Limnology and Oceanography 42, 1590–1600. 

deBeer, D., Schramm, A., Santegoeds, C.M.C.M., Kuhl, M., Beer, D. De, de Beer, D., 
Kühl, M., 1997b. A nitrite microsensor for profiling environmental biofilms. Applied 
and environmental microbiology 63, 973–977. 

Dechesne, A., Pallud, C., Debouzie, D., Flandrois, J.., Vogel, T.., Gaudet, J.., Grundmann, 
G.., 2003. A novel method for characterizing the microscale 3D spatial distribution of 
bacteria in soil. Soil Biology and Biochemistry 35, 1537–1546. doi:10.1016/S0038-
0717(03)00243-8 



56 

Delin, S., Strömberg, N., 2011. Imaging-optode measurements of ammonium distribution 
in soil after different manure amendments. European Journal of Soil Science 62, 295–
304. doi:10.1111/j.1365-2389.2010.01326.x 

Denier van der Gon, H., Bleeker, A., 2005. Indirect N2O emission due to atmospheric N 
deposition for the Netherlands. Atmospheric Environment 39, 5827–5838. 
doi:10.1016/j.atmosenv.2005.06.019 

DeVries, W., Leip, A., Reinds, G.J., Kros, J., Lesschen, J.P., Bouwman, A.F., Grizzetti, B., 
Bouraoui, F., Butterbach-Bahl, K., Bergamaschi, P., Winiwarter, W., 2011. 
Geographical variation in terrestrial nitrogen budgets across Europe, in: Sutton, M.A., 
Howard, C.M., Erisman, J.W., Billen, G., Bleeker, A., P, G., VanGrinsven, H., 
Grizzetti, B. (Eds.), The European Nitrogen Assessment - Sources, Effects and Policy 
Perspectives. Cambridge University Press, Cambridge, pp. 317–344. 

Dise, N.B., Rothwell, J.J., Gauci, V., van der Salm, C., de Vries, W., 2009. Predicting 
dissolved inorganic nitrogen leaching in European forests using two independent 
databases. The Science of the total environment 407, 1798–808. 
doi:10.1016/j.scitotenv.2008.11.003 

Dobbie, K.E., McTaggart, I.P., Smith, K.A., 1999. Nitrous oxide emissions from intensive 
agricultural systems: Variations between crops and seasons, key driving variables, 
and mean emission factors. Journal of geophysical research 104, 26891 – 26899. 

Docekalová, H., Clarisse, O., Salomon, S., Wartel, M., 2002. Use of constrained DET 
probe for a high-resolution determination of metals and anions distribution in the 
sediment pore water. Talanta 57, 145–155. doi:10.1016/S0039-9140(01)00679-8 

Dong, L.F., Smith, C.J., Papaspyrou, S., Stott, A., Osborn, A.M., Nedwell, D.B., 2009. 
Changes in benthic denitrification, nitrate ammonification, and anammox process 
rates and nitrate and nitrite reductase gene abundances along an estuarine nutrient 
gradient (the Colne estuary, United Kingdom). Applied and environmental 
microbiology 75, 3171–9. doi:10.1128/AEM.02511-08 

Dong, L.F., Sobey, M.N., Smith, C.J., Rusmana, I., Phillips, W., Stott, A., Osborn, A.M., 
Nedwell, D.B., 2011. Dissimilatory reduction of nitrate to ammonium, not 
denitrification or anammox, dominates benthic nitrate reduction in tropical estuaries. 
Limnology and Oceanography 56, 279–291. doi:10.4319/lo.2011.56.1.0279 

Dragosits, U., Theobald, M.., Place, C.., Lord, E., Webb, J., Hill, J., ApSimon, H.., Sutton, 
M.., 2002. Ammonia emission, deposition and impact assessment at the field scale: a 
case study of sub-grid spatial variability. Environmental Pollution 117, 147–158. 
doi:10.1016/S0269-7491(01)00147-6 

Ebert, A., Brune, A., 1997. Hydrogen concentration profiles at the oxic-anoxic interface: a 
microsensor study of the hindgut of the wood-feeding lower termite Reticulitermes 
flavipes (Kollar). Applied and Environmental Microbiology 63. 

Ehrlich, P.R., Ehrlich, A.H., 1992. The value of biodiversity. Ambio 21, 219 – 226. 
doi:10.2307/4313931 



57 

Eickhorst, T., Tippkötter, R., 2008. Improved detection of soil microorganisms using 
fluorescence in situ hybridization (FISH) and catalyzed reporter deposition (CARD-
FISH). Soil Biology and Biochemistry 40, 1883–1891. 
doi:10.1016/j.soilbio.2008.03.024 

Ekschmitt, K., Liu, M., Vetter, S., Fox, O., Wolters, V., 2005. Strategies used by soil biota 
to overcome soil organic matter stability — why is dead organic matter left over in 
the soil? Geoderma 128, 167–176. doi:10.1016/j.geoderma.2004.12.024 

Emery, K.O., Rittenberg, S.C., 1952. Early diagenesis of California basin sediments in 
relation to origin of oil. Bulletin of the American Association of Petroleum 
Geologists 36, 735 – 806. 

Emery, K.O., Rittenberg, S.C., Kaplan, I.R., 1963. The distribution and isotopic abundance 
of sulphur in recent marine sediments off southern California. Geochimica Et 
Cosmochimica Acta 27. 

Erisman, J.W., Sutton, M.A., Galloway, J., Klimont, Z., Winiwarter, W., 2008. How a 
century of ammonia synthesis changed the world. Nature Geoscience 1, 636–639. 
doi:10.1038/ngeo325 

Eskew, D.L., Eaglesham, A.R.J., App, A.A., 1981. Heterotrophic (N-15)2 fixation and 
distribution of newly fixed nitrogen in a rice-flooded soil system. Plant physiology 
68, 48 – 52. 

Evans, J.R., 1989. Photosynthesis and nitrogen relationships in leaves of C3 plants. 
Oecologia 78, 9–19. doi:10.1007/BF00377192 

Fagerli, H., Aas, W., 2008. Trends of nitrogen in air and precipitation: model results and 
observations at EMEP sites in Europe, 1980--2003. Environmental pollution 
(Barking, Essex : 1987) 154, 448–61. doi:10.1016/j.envpol.2008.01.024 

Fang, X., Zhao, M., Liang, S.C., 2014. Performance of the Immobilized Aerobic 
Denitrification Bacteria. Journal of Pure and Applied Microbiology 8, 847 – 854. 

Fazzolari, É., Nicolardot, B., Germon, J.C., 1998. Simultaneous effects of increasing levels 
of glucose and oxygen partial pressures on denitrification and dissimilatory nitrate 
reduction to ammonium in repacked soil cores. European Journal of Soil Biology 34, 
47–52. doi:10.1016/S1164-5563(99)80006-5 

Forshay, K.J., Stanley, E.H., 2005. Rapid Nitrate Loss and Denitrification in a Temperate 
River Floodplain. Biogeochemistry 75, 43–64. doi:10.1007/s10533-004-6016-4 

Fowler, D., O’Donoghue, M., Muller, J.B.A., Smith, R.I., Dragosits, U., Skiba, U., Sutton, 
M.A., Brimblecombe, P., 2005. A chronology of nitrogen deposition in the UK 
between 1900 and 2000. Water, Air, & Soil Pollution: Focus 4, 9–23. 
doi:10.1007/s11267-005-3009-9 

Galloway, J., 2003. The nitrogen cascade. Bioscience 53, 341 – 356. doi:10.2307/1314367 



58 

Glud, R., 1998. Oxygen dynamics at the base of a biofilm studied with planar optodes. 
Aquatic Microbial Ecology 14, 223 – 233. 

Glud, R.N., 2008. Oxygen dynamics of marine sediments. Marine Biology Research 4, 
243–289. doi:10.1080/17451000801888726 

Glud, R.N., Gundersen, J.K., Ramsing, N.B., 2000. Electrochemical and optical oxygen 
microsensors for in situ measurements, in: Buffle, J., Horvai, G. (Eds.), In Situ 
Monitoring of Aquatic Systems: Chemical Analysis and Speciation. John Wiley & 
Sons Ltd., pp. 20–73. 

Glud, R.N., Klimant, I., Holst, G., Kohls, O., Meyer, V., Kühl, M., Gundersen, J.K., 1999. 
Adaptation, test and in situ measurements with O2 microopt(r)odes on benthic 
landers. Deep Sea Research Part I: Oceanographic Research Papers 46, 171–183. 
doi:10.1016/S0967-0637(98)00068-5 

Glud, R.N., Ramsing, N.B., Gundersen, J.K., Klimant, I., 1996. Planar optrodes: A new 
tool for fine scale measurements of two- dimensional O2 distribution in benthic 
communities. Marine Ecology Progress Series 140, 217 – 226. 

Groffman, P.M., Altabet, M.A., Böhlke, J.K., Butterbach-Bahl, K., David, M.B., Firestone, 
M.K., Giblin, A.E., Kana, T.M., Nielsen, L.P., Voytek, M.A., 2006. Methods for 
measuring denitrification: diverse approaches to a difficult problem. Ecological 
Applications 16, 2091–2122. doi:10.1890/1051-
0761(2006)016[2091:MFMDDA]2.0.CO;2 

Groffman, P.M., Butterbach-Bahl, K., Fulweiler, R.W., Gold, A.J., Morse, J.L., Stander, 
E.K., Tague, C., Tonitto, C., Vidon, P., 2009. Challenges to incorporating spatially 
and temporally explicit phenomena (hotspots and hot moments) in denitrification 
models. Biogeochemistry 93, 49–77. doi:10.1007/s10533-008-9277-5 

Grundmanis, V., Murray, J., 1977. Nitrification and denitrification in marine sediments 
from Puget sound. Limnology and Oceanography 22, 804 – 813. doi:10.2307/2834919 

Haber, F., 1920. Nobel Lecture: The synthesis of ammonia from its elements [WWW 
Document]. URL www.nobelprize.org/nobel prizes/chemistry/laureates/1918/haber-
lecture.pdf 

Hafner, S.D., Groffman, P.M., 2005. Soil nitrogen cycling under litter and coarse woody 
debris in a mixed forest in New York State. Soil Biology and Biochemistry 37, 2159–
2162. doi:10.1016/j.soilbio.2005.03.006 

Hallberg, R.O., 1968. Some factors of significance in the formation of sedimentary metal 
sulphides. Stockholm Contributions in Geology 15, 39–66. 

Hanrahan, G., Patil, D.G., Wang, J., 2004. Electrochemical sensors for environmental 
monitoring: design, development and applications. Journal of environmental 
monitoring : JEM 6, 657–64. doi:10.1039/b403975k 

 



59 

Hansel, C.M., Fendorf, S., Jardine, P.M., Francis, C.A., 2008. Changes in bacterial and 
archaeal community structure and functional diversity along a geochemically variable 
soil profile. Applied and environmental microbiology 74, 1620–33. 
doi:10.1128/AEM.01787-07 

Hayatsu, M., Tago, K., Saito, M., 2008. Various players in the nitrogen cycle: Diversity 
and functions of the microorganisms involved in nitrification and denitrification. Soil 
Science and Plant Nutrition 54, 33–45. doi:10.1111/j.1747-0765.2007.00195.x 

Helliwell, J.R., Sturrock, C.J., Grayling, K.M., Tracy, S.R., Flavel, R.J., Young, I.M., 
Whalley, W.R., Mooney, S.J., 2013. Applications of X-ray computed tomography for 
examining biophysical interactions and structural development in soil systems: a 
review. European Journal of Soil Science 64, 279–297. doi:10.1111/ejss.12028 

Hermanowicz, S.W., Liu, S.X., Peng, M., 2003. Nitrate removal from drinking water 
through the use of encapsulated microorganisms in alginate beads. Environmental 
technology 24, 1129 – 1134. 

Hertel, O., Reis, S., Skjøth, C.A., Bleeker, A., Harrison, R., Cape, J.N., Fowler, D., Skiba, 
U., Simpson, D., Jickells, T., Baker, A., Kulmala, M., Gyldenkærne, S., Sørensen, 
L.L., Erisman, J.W., 2011. Nitrogen processes in the atmosphere, in: Sutton, M.A., 
Howard, C.M., Erisman, J.W., Billen, G., Bleeker, A., P, G., VanGrinsven, H., 
Grizzetti, B. (Eds.), The European Nitrogen Assessment - Sources, Effects and Policy 
Perspectives. Cambridge University Press, Cambridge, pp. 177–207. 

Hodge, A., Paterson, E., Grayston, S.J., Campbell, C.D., Ord, B.G., Killham, K., 1998. 
Characterisation and microbial utilisation of exudate material from the rhizosphere of 
Lolium perenne grown under CO2 enrichment. Soil Biology and Biochemistry 30, 
1033–1043. doi:10.1016/S0038-0717(97)00269-1 

Hodge, A., Robinson, D., Fitter, A., 2000. Are microorganisms more effective than plants 
at competing for nitrogen? Trends in Plant Science 5, 304–308. doi:10.1016/S1360-
1385(00)01656-3 

Hofstra, N., Bouwman, A.F., 2005. Denitrification in Agricultural Soils: Summarizing 
Published Data and Estimating Global Annual Rates. Nutrient Cycling in 
Agroecosystems 72, 267–278. doi:10.1007/s10705-005-3109-y 

Holst, G.A., Kuehl, M., Klimant, I., Liebsch, G., Kohls, O., 1997. Characterization and 
application of temperature micro-optodes for use in aquatic biology, in: Thompson, 
R.B. (Ed.), Proceedings of SPIE - the International Society for Optical Engineering. 
pp. 164–170. doi:10.1117/12.273525 

Johansson, J.F., Paul, L.R., Finlay, R.D., 2004. Microbial interactions in the 
mycorrhizosphere and their significance for sustainable agriculture. FEMS 
microbiology ecology 48, 1–13. doi:10.1016/j.femsec.2003.11.012 

Jones, D.L., Kemmitt, S.J., Wright, D., Cuttle, S.P., Bol, R., Edwards, A.C., 2005. Rapid 
intrinsic rates of amino acid biodegradation in soils are unaffected by agricultural 
management strategy. Soil Biology and Biochemistry 37, 1267–1275. 
doi:10.1016/j.soilbio.2004.11.023 



60 

Jørgensen, B.B., 1977. Bacterial sulfate reduction within reduced microniches of oxidized 
marine sediments. Marine Biology 41, 7–17. doi:10.1007/BF00390576 

Kaspar, H., 1982. Nitrite reduction to nitrous-oxide by propionibacteria - detoxification 
mechanism. Archives of microbiology 133, 126 – 130. 

Keiluweit, M., Bougoure, J.J., Zeglin, L.H., Myrold, D.D., Weber, P.K., Pett-Ridge, J., 
Kleber, M., Nico, P.S., 2012. Nano-scale investigation of the association of microbial 
nitrogen residues with iron (hydr)oxides in a forest soil O-horizon. Geochimica et 
Cosmochimica Acta 95, 213–226. doi:10.1016/j.gca.2012.07.001 

Klimant, I., Kuhl, M., Glud, R.N., Holst, G., 1997. Optical measurement of oxygen and 
temperature in microscale: strategies and biological applications. Sensors and 
Actuators B (Chemical) B38, 29 – 37. 

Klimant, I., Meyer, V., Kuhl, M., 1995. Fiber-optic oxygen microsensors, a new tool in 
aquatic biology. Limnology and Oceanography 40, 1159 – 1165. 
doi:10.2307/2838711 

Kohls, O., Klimant, I., Holst, G.A., Kuehl, M., 1997. Development and comparison of pH 
microoptodes for use in marine systems, in: Gourley, P.L. (Ed.), Proceedings of SPIE 
- the International Society for Optical Engineering. pp. 82–91. doi:10.1117/12.269958 

König, B., Kohls, O., Holst, G., Glud, R.N., Kühl, M., 2005. Fabrication and test of sol–gel 
based planar oxygen optodes for use in aquatic sediments. Marine Chemistry 97, 262–
276. doi:10.1016/j.marchem.2005.05.003 

Kraft, B., Strous, M., Tegetmeyer, H.E., 2011. Microbial nitrate respiration--genes, 
enzymes and environmental distribution. Journal of biotechnology 155, 104–17. 
doi:10.1016/j.jbiotec.2010.12.025 

Kraft, B., Tegetmeyer, H.E., Sharma, R., Klotz, M.G., Ferdelman, T.G., Hettich, R.L., 
Geelhoed, J.S., Strous, M., 2014. Nitrogen cycling. The environmental controls that 
govern the end product of bacterial nitrate respiration. Science (New York, N.Y.) 345, 
676–9. doi:10.1126/science.1254070 

Kreutzer, K., Butterbach-Bahl, K., Rennenberg, H., Papen, H., 2009. The complete 
nitrogen cycle of an N-saturated spruce forest ecosystem. Plant biology (Stuttgart, 
Germany) 11, 643–9. doi:10.1111/j.1438-8677.2009.00236.x 

Kristensen, H.L., Gundersen, P., Callesen, I., Reinds, G.J., 2004. Throughfall Nitrogen 
Deposition Has Different Impacts on Soil Solution Nitrate Concentration in European 
Coniferous and Deciduous Forests. Ecosystems 7, 180 – 192. doi:10.1007/s10021-
003-0216-y 

Krom, M., Davison, P., Zhang, H., Davison, W., 1994. High-resolution pore-water 
sampling with a gel sampler. Limnology and Oceanography 39, 1967 – 1972. 
doi:10.2307/2838401 

Kühl, M., 2005. Optical microsensors for analysis of microbial communities. Methods in 
enzymology 397, 166–99. doi:10.1016/S0076-6879(05)97010-9 



61 

Kuhl, M., Jørgensen, B.B., 1992. Microsensor measurements of sulfate reduction and 
sulfide oxidation in compact microbial communities of aerobic biofilms. Applied and 
environmental microbiology 58, 1164 – 1174. 

Kühl, M., Revsbech, N.P., 2001. Biogeochemical microsensors for boundary layer studies, 
in: Bordreau, B.B., Jørgensen, B.B. (Eds.), The Benthic Boundary Layer. Oxford 
University Press, New York, pp. 180–210. 

Kühl, M., Steuckart, C., 2000. Sensors for in situ analysis of sulfide in aquatic systems, in: 
Buffle, J., Horvai, G. (Eds.), In Situ Monitoring of Aquatic Systems: Chemical 
Analysis and Speciation. John Wiley & Sons Ltd., pp. 121–159. 

Kühl, M., Steuckart, C., Eickert, G., Jeroschewski, P., 1998. A H2S microsensor for 
profiling biofilms and sediments: application in an acidic lake sediment. Aquatic 
Microbial Ecology 15, 201–209. 

Kuzyakov, Y., Blagodatskaya, E., 2015. Microbial hotspots and hot moments in soil: 
Concept & review. Soil Biology and Biochemistry 83, 184 – 199. 
doi:10.1016/j.soilbio.2015.01.025 

Larsen, L.H., Kjær, T., Revsbech, N.P., 1997. A Microscale NO(3)(-) Biosensor for 
Environmental Applications. Analytical chemistry 69, 3527 – 3531. 
doi:10.1021/ac9700890 

Larsen, M., Borisov, S.M., Grunwald, B., Klimant, I., Glud, R.N., 2011. A simple and 
inexpensive high resolution color ratiometric planar optode imaging approach: 
application to oxygen and pH sensing. Limnology and Oceanography-Methods. 
doi:10:4319/lom.2011.9.348 

Lee, S.-H., Jang, I., Chae, N., Choi, T., Kang, H., 2013. Organic layer serves as a hotspot 
of microbial activity and abundance in Arctic tundra soils. Microbial ecology 65, 
405–14. doi:10.1007/s00248-012-0125-8 

Lee, W.C., de Beer, D., 1995. Oxygen and pH microprofiles above corroding mild-steel 
covered with a biofilm. Biofouling 8, 273 – 280. 

Leermakers, M., Gao, Y., Gabelle, C., Lojen, S., Ouddane, B., Wartel, M., Baeyens, W., 
2005. Determination of High Resolution Pore Water Profiles of Trace Metals in 
Sediments of the Rupel River (Belgium) using Det (Diffusive Equilibrium in Thin 
Films) and DGT (Diffusive Gradients in Thin Films) Techniques. Water, Air, and Soil 
Pollution 166, 265–286. doi:10.1007/s11270-005-6671-7 

Loranger-Merciris, G., Barthes, L., Gastine, A., Leadley, P., 2006. Rapid effects of plant 
species diversity and identity on soil microbial communities in experimental 
grassland ecosystems. Soil Biology and Biochemistry 38, 2336–2343. 
doi:10.1016/j.soilbio.2006.02.009 

M’Intosh, W.C., 1894. On certain homes or tubes formed by Annelids. The Annals and 
Magazine of Natural History Series 6 xiii, 1–18. 



62 

Manning, P., Saunders, M., Bardgett, R.D., Bonkowski, M., Bradford, M.A., Ellis, R.J., 
Kandeler, E., Marhan, S., Tscherko, D., 2008. Direct and indirect effects of nitrogen 
deposition on litter decomposition. Soil Biology and Biochemistry 40, 688–698. 
doi:10.1016/j.soilbio.2007.08.023 

Matheson, F.., Nguyen, M.., Cooper, A.., Burt, T.., Bull, D.., 2002. Fate of 15N-nitrate in 
unplanted, planted and harvested riparian wetland soil microcosms. Ecological 
Engineering 19, 249–264. doi:10.1016/S0925-8574(02)00093-9 

McClain, M.E., Boyer, E.W., Dent, C.L., Gergel, S.E., Grimm, N.B., Groffman, P.M., 
Hart, S.C., Harvey, J.W., Johnston, C.A., Mayorga, E., McDowell, W.H., Pinay, G., 
2003. Biogeochemical Hot Spots and Hot Moments at the Interface of Terrestrial and 
Aquatic Ecosystems. Ecosystems 6, 301–312. doi:10.1007/s10021-003-0161-9 

Mergel, A., Schmitz, O., Mallmann, T., Bothe, H., 2001. Relative abundance of 
denitrifying and dinitrogen-fixing bacteria in layers of a forest soil. FEMS 
Microbiology Ecology 36, 33–42. doi:10.1016/S0168-6496(01)00113-1 

Meyer, R.L., Larsen, L.H., Revsbech, N.P., 2002. Microscale biosensor for measurement 
of volatile fatty acids in anoxic environments. Applied and environmental 
microbiology 68, 1204 – 1210. doi:10.1128/AEM.68.3.31204-1210.2002 

Millington, R.J., Quirk, J.P., 1961. Permeability of porous solids. Faraday Society -- 
Transactions 57, 1200 – 1207. 

Misselbrook, T.H., Shepherd, M.A., Pain, P.F., 1996. Sewage sludge applications to 
grassland: Influence of sludge type, time and method of application on nitrate 
leaching and herbage yield. Journal of agricultural science 126, 343 – 352. 

Mitchell, G.J., Jones, J.G., Cole, J.A., 1986. Distribution and regulation of nitrate and 
nitrite reduction by Desulfovibrio and Desulfotomaculum species. Archives of 
Microbiology 144, 35–40. doi:10.1007/BF00454953 

Mohan, S.B., Schmid, M., Jetten, M., Cole, J., 2004. Detection and widespread distribution 
of the nrfA gene encoding nitrite reduction to ammonia, a short circuit in the 
biological nitrogen cycle that competes with denitrification. FEMS microbiology 
ecology 49, 433–43. doi:10.1016/j.femsec.2004.04.012 

Mohr, G.J., Werner, T., Wolfbeis, O.S., 1995. Application of a novel lipophilized 
fluorescent dye in an optical nitrate sensor. Journal of fluorescence 5, 135–8. 
doi:10.1007/BF00727530 

Morford, J., Kalnejais, L., Martin, W., 2003. Sampling marine pore waters for Mn, Fe, U, 
Re and Mo: modifications on diffusional equilibration thin film gel probes. Journal of 
Experimental Marine Biology and Ecology 285/286. 

Mortimer, R., MD, K., Harris, S., Hayes, P., Davies, I., Davison, W., Zhang, H., 2002. 
Evidence for suboxic nitrification in recent marine sediments. Marine Ecology 
Progress Series 236, 31 – 35. 



63 

Mortimer, R.J.., Krom, M.., Hall, P.O.., Hulth, S., Ståhl, H., 1998. Use of gel probes for 
the determination of high resolution solute distributions in marine and estuarine pore 
waters. Marine Chemistry 63, 119–129. doi:10.1016/S0304-4203(98)00055-3 

Mosier, A.R., Syers, J.K., Freney, J.R., 2004. Agriculture and the Nitrogen Cycle, in: 
SCOPE Report No. 65. Island Press, Washington , DC. 

Motelica-Heino, M., Naylor, C., Zhang, H., Davison, W., 2003. Simultaneous Release of 
Metals and Sulfide in Lacustrine Sediment. Environmental Science & Technology 37, 
4374–4381. doi:10.1021/es030035+ 

Mueller, C.W., Kölbl, A., Hoeschen, C., Hillion, F., Heister, K., Herrmann, A.M., Kögel-
Knabner, I., 2012. Submicron scale imaging of soil organic matter dynamics using 
NanoSIMS – From single particles to intact aggregates. Organic Geochemistry 42, 
1476–1488. doi:10.1016/j.orggeochem.2011.06.003 

Müller, C., Kaleem Abbasi, M., Kammann, C., Clough, T.J., Jäger, H.J., 2004. Soil 
respiratory quotient determined via barometric process separation combined with 
nitrogen-15 labeling. Soil science society of America journal 68, 1610 – 1615. 

Müller, C., Rütting, T., Kattge, J., Laughlin, R.J., Stevens, R.J., 2007. Estimation of 
parameters in complex 15N tracing models by Monte Carlo sampling. Soil Biology 
and Biochemistry 39, 715–726. doi:10.1016/j.soilbio.2006.09.021 

Musat, N., Halm, H., Winterholler, B., Hoppe, P., Peduzzi, S., Hillion, F., Horreard, F., 
Amann, R., Jørgensen, B.B., Kuypers, M.M.M., 2008. A single-cell view on the 
ecophysiology of anaerobic phototrophic bacteria. Proceedings of the National 
Academy of Sciences of the United States of America 105, 17861–6. 
doi:10.1073/pnas.0809329105 

Nellemann, C., Thomsen, M.G., 2001. Long-term changes in forest growth: Potential 
effects of nitrogen deposition and acidification. Water, Air, and Soil Pollution 128, 
197 – 205. doi:10.1023/a:1010318800180 

Neudörfer, F., Meyer-Reil, L.A., 1997. A microbial biosensor for the microscale 
measurement of bioavailable organic carbon in oxic sediments. Marine Ecology 
Progress Series 147, 295 – 300. 

Nielsen, M., Larsen, L.H., Jetten, M.S.M., Revsbech, N.P., 2004. Bacterium-based NO2- 
biosensor for environmental applications. Applied and environmental microbiology 
70, 6551–8. doi:10.1128/AEM.70.11.6551-6558.2004 

Nijburg, J.W., Coolen, M.J.L., Gerards, S., Gunnewiek, P.J.A.K., 1997. Effects of nitrate 
availability and the presence of Glyceria maxima on the composition and... Applied 
and Environmental Microbiology 63. 

Nishio, T., Komada, M., Arao, T., Kanamori, T., 2001. Simultaneous determination of 
transformation rates of nitrate in soil. Japan Agricultural Research Quarterly 35, 11 – 
17. 



64 

Ogilvie, B., Rutter, M., Nedwell, D.B., 1997. Selection by temperature of nitrate-reducing 
bacteria from estuarine sediments: species composition and competition for nitrate. 
FEMS Microbiology Ecology 23, 11–22. doi:10.1016/S0168-6496(97)00004-4 

Oguri, K., Kitazato, H., Glud, R.N., 2006. Platinum octaetylporphyrin based planar 
optodes combined with an UV-LED excitation light source: An ideal tool for high-
resolution O2 imaging in O2 depleted environments. Marine Chemistry 100, 95–107. 
doi:10.1016/j.marchem.2005.11.005 

Otte, S., Kuenen, J., Nielsen, L., Paerl, H., Zopfi, J., Schulz, H., Teske, A., Strotmann, B., 
Gallardo, V., Jørgensen, B., 1999. Nitrogen, carbon, and sulfur metabolism in natural 
Thioploca samples. Applied and Environmental Microbiology 65, 3148 – 3157. 

Page, K.L., Dalal, R.C., Menzies, N.W., 2003. Nitrate ammonification and its relationship 
to the accumulation of ammonium in a Vertisol subsoil. Australian Journal of Soil 
Research 41, 687. doi:10.1071/SR02100 

Panikov, N.S., 2010. Microbial ecology, in: Handbook of Environmental Engineering. pp. 
121–191. 

Partington, 1925. Textbook of Inorganic Chemistry, 2nd ed. Macmillan, London. 

Pausch, J., Kuzyakov, Y., 2011. Photoassimilate allocation and dynamics of hotspots in 
roots visualized by 14C phosphor imaging. Journal of Plant Nutrition and Soil 
Science 174, 12–19. doi:10.1002/jpln.200900271 

Philippot, L., 2002. Denitrifying genes in bacterial and archaeal genomes. Biochimica Et 
Biophysica Acta 1577, 355 – 376. 

Philippot, L., Hallin, S., Schloter, M., 2007. Ecology of Denitrifying Prokaryotes in 
Agricultural Soil. Advances in Agronomy 96, 249 – 305. doi:10.1016/s0065-
2113(07)96003-4 

Philippot, L., Piutti, S., Martin-Laurent, F., Hallet, S., Germon, J.C., 2002. Molecular 
Analysis of the Nitrate-Reducing Community from Unplanted and Maize-Planted 
Soils. Applied and Environmental Microbiology 68, 6121–6128. 
doi:10.1128/AEM.68.12.6121-6128.2002 

Pilegaard, K., Ambus, P., Beier, C., Skiba, U., Dick, J., Horvath, L., Dorsey, J., Gallagher, 
M., Pihlatie, M.K., Vesala, T., Leip, A., Seufert, G., Kitzler, B., Zechmeister-
Boltenstern, S., Duyzer, J., Westrate, H., Brüggemann, N., Butterbach-Bahl, K., 
Gasche, R., Rosenkranz, P., 2006. Factors controlling regional differences in forest 
soil emission of nitrogen oxides (NO and N2O). Biogeosciences 3, 651 – 661. 

Pitcairn, C.E.R., Leith, I.D., Sheppard, L.J. et al ., Sutton, M.A., Fowler, D., Munro, R.C., 
Tang, S., Wilson, D., 1998. The relationship between nitrogen deposition, species 
composition and foliar nitrogen concentrations in woodland flora in the vicinity of 
livestock farms. Environmental pollution 102, 41 – 48. 



65 

Ploug, H., Kühl, M., Buchholz-Cleven, B Jørgensen, B., 1997. Anoxic aggregates - an 
ephemeral phenomenon in the pelagic environment? Aquatic Microbial Ecology 13, 
285–294. 

Poll, C., Brune, T., Begerow, D., Kandeler, E., 2010. Small-scale diversity and succession 
of fungi in the detritusphere of rye residues. Microbial ecology 59, 130–40. 
doi:10.1007/s00248-009-9541-9 

Pumphrey, G.M., Hanson, B.T., Chandra, S., Madsen, E.L., 2009. Dynamic secondary ion 
mass spectrometry imaging of microbial populations utilizing C-labelled substrates in 
pure culture and in soil. Environmental microbiology 11, 220–9. doi:10.1111/j.1462-
2920.2008.01757.x 

Ramaswami, A., Ghoshal, S., Luthy, R.G., 1997. Mass transfer and bioavailability of PAH 
compounds in coal tar NAPL-slurry systems. 2... Environmental Science and 
Technology 31. 

Ramaswami, A., Luthy, R.G., 1997. Mass Transfer and Bioavailability of PAH 
Compounds in Coal Tar NAPL−Slurry Systems. 1. Model Development. 
Environmental Science & Technology 31, 2260–2267. doi:10.1021/es9608499 

Ramaswami, A., Luthy, R.G., 2002. Measuring and Modeling Physicochemical Limitations 
to Bioavailability and Biodegradation, in: Hurst, C.J., Crawford, R.L., Knudsen, G.R., 
McInerney, M.J., Stetzenbach, L.D. (Eds.), Manual of Environmental Microbiology. 
ASM Press, Washington DC, pp. 916–924. 

Raynaud, X., Nunan, N., Naoise, N., 2014. Spatial Ecology of Bacteria at the Microscale in 
Soil. PLoS ONE 9, e87217. doi:10.1371/journal.pone.0087217 

Recous, S., Mary, B., Faurie, G., 1990. Microbial immobilisation of ammonium and nitrate 
in cultivated soils. Soil Biology and Biochemistry 22, 913 – 922. 

Redfield, A.C., 1934. On the proportions of organic derivations in sea water and their 
relation to the composition of plankton, in: Daniel, R.J. (Ed.), James Johnstone 
Memorial Volume. University Press of Liverpool, pp. 177–192. 

Remenant, B., Grundmann, G.L., Jocteur-Monrozier, L., 2009. From the micro-scale to the 
habitat: Assessment of soil bacterial community structure as shown by soil structure 
directed sampling. Soil Biology and Biochemistry 41, 29–36. 
doi:10.1016/j.soilbio.2008.09.005 

Revsbech, N.P., Jørgensen, B.B., 1986. Microelectrodes: Their use in microbial ecology, 
in: Marshall, K.C. (Ed.), Advances in Microbial Ecology, Vol. 9. Plenum publishing 
corporation, pp. 293–352. 

Revsbech, N.P., Kjær, T., Damgaard, L.R., Lorentzen, J., Larsen, L.H., 2000. Biosensors 
for analysis of water, sludge and sediments with emphasis on microscale biosensors, 
in: Buffle, J., Horvai, G. (Eds.), In Situ Monitoring of Aquatic Systems: Chemical 
Analysis and Speciation. John Wiley & Sons Ltd., pp. 196–223. 



66 

Rice, C.W., Tiedje, J.M., 1989. Regulation of nitrate assimilation by ammonium in soils 
and in isolated soil microorganisms. Soil biology and biochemistry 21, 597 – 602. 

Rich, J.J., Heichen, R.S., Bottomley, P.J., Cromack, K., Myrold, D.D., 2003. Community 
Composition and Functioning of Denitrifying Bacteria from Adjacent Meadow and 
Forest Soils. Applied and Environmental Microbiology 69, 5974–5982. 
doi:10.1128/AEM.69.10.5974-5982.2003 

Rich, J.J., Myrold, D.D., 2004. Community composition and activities of denitrifying 
bacteria from adjacent agricultural soil, riparian soil, and creek sediment in Oregon, 
USA. Soil Biology and Biochemistry 36, 1431–1441. 
doi:10.1016/j.soilbio.2004.03.008 

Robertson, G.P., Klingensmith, K.M., Klug, M.J., Paul, E.A., Crum, J.R., Ellis, B.G., 
1997. Soil resources, microbial activity, and primary production across an agricultural 
ecosystem. Ecological applications 7, 158 – 170. 

Roy, A.H., Hammond, L.L., 2004. Challenges and opportunities for the fertilizer industry, 
in: Mosier, A., Syers, K.J., Freney, J.R. (Eds.), Agriculture and the Nitrogen Cycle. 
Island Press, Washington DC, pp. 233–243. 

Ruamps, L.S., Nunan, N., Chenu, C., 2011. Microbial biogeography at the soil pore scale. 
Soil Biology and Biochemistry 43, 280–286. doi:10.1016/j.soilbio.2010.10.010 

Ruamps, L.S., Nunan, N., Pouteau, V., Leloup, J., Raynaud, X., Roy, V., Chenu, C., 2013. 
Regulation of soil organic C mineralisation at the pore scale. FEMS microbiology 
ecology 86, 26–35. doi:10.1111/1574-6941.12078 

Rudolph, N., Voss, S., Moradi, A.B., Nagl, S., Oswald, S.E., 2013. Spatio-temporal 
mapping of local soil pH changes induced by roots of lupin and soft-rush. Plant and 
Soil 369, 669–680. doi:10.1007/s11104-013-1775-0 

Samarkin, V.A., Madigan, M.T., Bowles, M.W., Casciotti, K.L., Priscu, J.C., McKay, C.P., 
Joye, S.B., 2010. Abiotic nitrous oxide emission from the hypersaline Don Juan Pond 
in Antarctica. Nature Geoscience 3, 341–344. doi:10.1038/ngeo847 

Sanaullah, M., Blagodatskaya, E., Chabbi, A., Rumpel, C., Kuzyakov, Y., 2011. Drought 
effects on microbial biomass and enzyme activities in the rhizosphere of grasses 
depend on plant community composition. Applied Soil Ecology 48, 38–44. 
doi:10.1016/j.apsoil.2011.02.004 

Satoh, H., Okabe, S., 2013. Spatial and Temporal Oxygen Dynamics in Macrofaunal 
Burrows in Sediments: A Review of Analytical Tools and Observational Evidence. 
Microbes and Environments 28, 166–179. doi:10.1264/jsme2.ME12182 

Scala, D., Kerkhof, L.J., 1998. Nitrous oxide reductase (nosZ) gene-specific PCR primers 
for detection of denitrifiers and three nosZ genes from marine sediments. FEMS 
Microbiology Letters 162, 61–68. doi:10.1016/S0378-1097(98)00103-7 



67 

Scarascia-Mugnozza, G., Bauer, G.A., Persson, H., Matteucci, G., Masci, A., 2000. Tree 
biomass, growth and nutrient pools, in: Schulze, E.D. (Ed.), Carbon and Nitrogen 
Cycling in European Forest Ecosystems. Springer, Berlin, pp. 49–60. 

Schmidt, C.S., Richardson, D.J., Baggs, E.M., 2011. Constraining the conditions 
conducive to dissimilatory nitrate reduction to ammonium in temperate arable soils. 
Soil Biology and Biochemistry 43, 1607–1611. doi:10.1016/j.soilbio.2011.02.015 

Schmidt, H., Eickhorst, T., 2014. Detection and quantification of native microbial 
populations on soil-grown rice roots by catalyzed reporter deposition-fluorescence in 
situ hybridization. FEMS Microbiology Ecology 87. 

Schmidt, H., Eickhorst, T., Tippkötter, R., 2010. Monitoring of root growth and redox 
conditions in paddy soil rhizotrons by redox electrodes and image analysis. Plant and 
Soil 341, 221–232. doi:10.1007/s11104-010-0637-2 

Schmidt, H., Vetterlein, D., Köhne, J.M., Eickhorst, T., 2015. Negligible effect of X-ray μ-
CT scanning on archaea and bacteria in an agricultural soil. Soil Biology and 
Biochemistry 84, 21–27. doi:10.1016/j.soilbio.2015.02.010 

Schmidt, I.K., Tietema, A., Williams, D., Gundersen, P., Beier, C., Emmett, B.A., Estiarte, 
M., 2004. Soil Solution Chemistry and Element Fluxes in Three European Heathlands 
and Their Responses to Warming and Drought. Ecosystems 7, 638 – 649. 
doi:10.1007/s10021-004-0217-5 

Schotte, W., 1992. Prediction of the molar volume at the normal boiling point. The 
Chemical Engineering Journal 48, 167–172. doi:10.1016/0300-9467(92)80032-6 

Schulz, H., Brinkhoff, T., Ferdelman, T., Marine, M., Teske, A., Jørgensen, B., 1999. 
Dense populations of a giant sulfur bacterium in Namibian shelf sediments. Science 
284, 493 – 495. 

Schulz, H., Jørgensen, B., 2001. Big bacteria. Annual Review of Microbiology 55, 105 – 
137. 

Seagren, E.A., Rittmann, B.E., Valocchi, A.J., 1993. Quantitative evaluation of flushing 
and biodegradation for enhancing in situ dissolution of nonaqueous-phase liquids. 
Journal of Contaminant Hydrology 12, 103 – 132. 

Seitzinger, S., Harrison, J.A., Böhlke, J.K., Bouwman, A.F., Lowrance, R., Peterson, B., 
Tobias, C., Drecht, G. Van, 2006. Denitrification across landscapes and waterscapes: 
a synthesis. Ecological Applications 16, 2064–2090. doi:10.1890/1051-
0761(2006)016[2064:DALAWA]2.0.CO;2 

Shepherd, M.A., Hatch, D.J., Jarvis, S.C., Bhogal, A., 2001. Nitrate leaching from 
reseeded pasture. Soil Use and Management 17, 97 – 105. 

Shoun, H., Kim, D.H., Uchiyama, H., Sugiyama, J., 1992. Denitrification by fungi. FEMS 
Microbiology Letters 73, 277 – 281. 



68 

Silver, W.L., Herman, D.J., Firestone, M.K., 2001. Dissimilatory nitrate production to 
ammonium in upland tropical forest soils. Ecology 82. 

Silver, W.L., Thompson, A.W., Reich, A., Ewel, J.J., Firestone, M.K., Thompson, A.W., 
Firestone, M.K., Ewel, J.J., 2005. Nitrogen cycling in tropical plantation forests: 
Potential controls on nitrogen retention. Ecological Applications 15, 1604 – 1614. 

Sims, R., Overcash, M., 1983. Fate of polynuclear aromatic compounds (PNAS) in soil-
plant systems. Residue reviews 88, 1 – 68. 

Skiba, U., Dick, J., Storeton-West, R., Tang, S., VanDijk, N., Lopez-Fernandez, S., 
Woods, C., 2006. The relationship between NH3 emissions from a poultry farm and 
soil NO and N2O fluxes from a downwind forest. Biogeosciences 3, 375 – 382. 

Smil, V., 1999. Nitrogen in crop production: An account of global flows. Global 
biogeochemical cycles 13, 647 – 662. 

Smith, C.J., Nedwell, D.B., Dong, L.F., Osborn, A.M., 2007. Diversity and abundance of 
nitrate reductase genes (narG and napA), nitrite reductase genes (nirS and nrfA), and 
their transcripts in estuarine sediments. Applied and environmental microbiology 73, 
3612–22. doi:10.1128/AEM.02894-06 

Smith, M.S., 1982. Dissimilatory reduction of nitrite to ammonium and nitrous oxide by a 
soil Citrobacter-sp. Applied and Environmental Microbiology 43, 854 – 860. 

Söderlund, R., Svensson, B.H., 1976. The global nitrogen cycle. Ecological Bulletin 22, 
23–73. 

Sotta, E.D., Corre, M.D., Veldkamp, E., 2008. Differing N status and N retention processes 
of soils under old-growth lowland forest in Eastern Amazonia, Caxiuanã, Brazil. Soil 
Biology and Biochemistry 40, 740–750. doi:10.1016/j.soilbio.2007.10.009 

Spohn, M., Kuzyakov, Y., 2014. Spatial and temporal dynamics of hotspots of enzyme 
activity in soil as affected by living and dead roots—a soil zymography analysis. 
Plant and Soil 379, 67–77. doi:10.1007/s11104-014-2041-9 

Sterner, R.W., Elser, J.J., 2002. Ecological Stoichiometry - The Biology of Elements from 
Molecules to the Biosphere. Princeton University Press, Princeton, NJ. 

Stewart, W.D.P., Rosswall, T., 1982. The Nitrogen Cycle. The Royal Society, London. 

Stirzaker, R.J., Passioura, J.B., Wilms, Y., 1996. Soil structure and plant growth: Impact of 
bulk density and biopores. Plant and Soil 185, 151–162. doi:10.1007/BF02257571 

Stockdale, A., Davison, W., Zhang, H., 2009. Micro-scale biogeochemical heterogeneity in 
sediments: A review of available technology and observed evidence. Earth-Science 
Reviews 92, 81–97. doi:10.1016/j.earscirev.2008.11.003 

Streeter, J., 1988. Inhibition of legume nodule formation and nitrogen fixation by nitrate. 
Critical Reviews in Plant Sciences 7, 1 – 24. 



69 

Strobel, B.W., Andersen, M.K., Raulund-Rasmussen, K., Hansen, H.C.B., Borggaard, 
O.K., 2001. Composition and reactivity of DOC in forest floor soil solutions in 
relation to tree species and soil type. Biogeochemistry 56, 1 – 26. 
doi:10.1023/a:1011934929379 

Strohm, T.O., Griffin, B., Zumft, W.G., Schink, B., 2007. Growth yields in bacterial 
denitrification and nitrate ammonification. Applied and environmental microbiology 
73, 1420–4. doi:10.1128/AEM.02508-06 

Strömberg, N., Hulth, S., 2001. An ammonium selective fluorosensor based on the 
principles of coextraction. Analytica Chimica Acta 443, 215–225. 
doi:10.1016/S0003-2670(01)01221-1 

Sutton, M.A., Howard, C.M., Erisman, J.W., Billen, G., Bleeker, A., P, G., VanGrinsven, 
H., Grizzetti, B., 2011. Assessing our nitrogen inheritance, in: Sutton, M.A., Howard, 
C.M., Erisman, J.W., Billen, G., Bleeker, A., P, G., VanGrinsven, H., Grizzetti, B. 
(Eds.), The European Nitrogen Assessment - Sources, Effects and Policy 
Perspectives. Cambridge University Press, Cambridge, pp. 1–6. 

Sutton, M.A., Reis, S., Bahl, K.B., 2009. Reactive nitrogen in agroecosystems: Integration 
with greenhouse gas interactions. Agriculture, Ecosystems & Environment 133, 135–
138. doi:10.1016/j.agee.2009.06.008 

Taillefert, M., Luther, G.W., Nuzzio, D.B., 2000. The Application of Electrochemical 
Tools for In Situ Measurements in Aquatic Systems. Electroanalysis 12, 401–412. 
doi:10.1002/(SICI)1521-4109(20000401)12:6<401::AID-ELAN401>3.0.CO;2-U 

Takaya, N., 2002. Dissimilatory nitrate reduction metabolisms and their control in fungi. 
Journal of Bioscience and Bioengineering 94, 506–510. doi:10.1016/S1389-
1723(02)80187-6 

Tanimoto, T., Hatano, K.I., Kim, D.H., Uchiyama, H., Shoun, H., 1992. Co-denitrification 
by the denitrifying system of the fungus Fusarium oxysporum. FEMS Microbiology 
Letters 93, 177–180. doi:10.1016/0378-1097(92)90525-S 

Thomas, R.C., 1978. Ion-Sensitive Intracellular Microelectrodes: How to Make and Use 
Them (Biological techniques series). Academic press. 

Tiedje, J., Sexstone, A.J., Myrold, D.D., Robinson, J.A., 1982. Denitrification: ecological 
niches, competition and survival. Antonie van Leeuwenhoek Journal of Microbiology 
48, 569 – 583. 

Tiedje, J.M., Sexstone, A.J., Myrold, D.D., Robinson, J.A., 1983. Denitrification: 
ecological niches, competition and survival. Antonie van Leeuwenhoek 48, 569–583. 
doi:10.1007/BF00399542 

Tilman, D., Downing, J.A., 1994. Biodiversity and stability in grasslands. Nature 367, 363 
– 365. 

Tilman, D., Wedin, D., Knops, J., 1996. Productivity and sustainability influenced by 
biodiversity in grassland ecosystems. Nature 379, 718–720. doi:10.1038/379718a0 



70 

Trinsoutrot, I., Recous, S., Mary, B., Nicolardot, B., 2000. C and N fluxes of decomposing 
13C and 15N Brassica napus L.: effects of residue composition and N content. Soil 
Biology and Biochemistry 32, 1717–1730. doi:10.1016/S0038-0717(00)00090-0 

Tugtas, A.E., Pavlostathis, S.G., 2007. Electron donor effect on nitrate reduction pathway 
and kinetics in a mixed methanogenic culture. Biotechnology and bioengineering 98, 
756–63. doi:10.1002/bit.21487 

USEPA, 2013. 2013 Revisions to the Greenhouse Gas Reporting Rule and Final 
Confidentiality Determinations for New or Substantially Revised Data Elements 
[WWW Document]. URL 
http://www.epa.gov/ghgreporting/documents/pdf/2013/documents/2013-data-
elements.pdf 

Van Breemen, N., Boyer, E.W., Goodale, C.L., Jaworski, N.A., Paustian, K., Seitzinger, 
S.P., Lajtha, K., Mayer, B., Van Dam, D., Howarth, R.W., Nadelhoffer, K.J., Eve, M., 
Billen, G., 2002. Where did all the nitrogen go? Fate of nitrogen inputs to large 
watersheds in the northeastern U.S.A. Biogeochemistry (Dordrecht) 57-58, 267 – 293. 

Van Cleemput, O., 1998. Subsoils: chemo- and biological denitrification, N2O and N-2 
emissions. Nutrient cycling in agroecosystems 52, 187 – 194. 
doi:10.1023/A:1009728125678 

Van den Bulcke, J., Boone, M., Van Acker, J., Van Hoorebeke, L., 2009. Three-
dimensional x-ray imaging and analysis of fungi on and in wood. Microscopy and 
microanalysis : the official journal of Microscopy Society of America, Microbeam 
Analysis Society, Microscopical Society of Canada 15, 395–402. 
doi:10.1017/S1431927609990419 

Van den Heuvel, R.N., Hefting, M.M., Tan, N.C.G., Jetten, M.S.M., Verhoeven, J.T.A., 
2009. N2O emission hotspots at different spatial scales and governing factors for 
small scale hotspots. The Science of the total environment 407, 2325–32. 
doi:10.1016/j.scitotenv.2008.11.010 

Van der Veeken, P.L.R., Pinheiro, J.P., van Leeuwen, H.P., 2008. Metal Speciation by 
DGT/DET in Colloidal Complex Systems. Environmental Science & Technology 42, 
8835–8840. doi:10.1021/es801654s 

Van Egmond, K., Bresser, T., Bouwman, L., 2002. The European Nitrogen Case. AMBIO: 
A Journal of the Human Environment 31, 72–78. doi:10.1579/0044-7447-31.2.72 

Vanhoudt, P., Lewandowski, Z., Little, B., 1992. Iridium oxide pH microelectrode. 
Biotechnology and bioengineering 40, 601 – 608. 

Vermeiren, J., Van de Wiele, T., Verstraete, W., Boeckx, P., Boon, N., 2009. Nitric oxide 
production by the human intestinal microbiota by dissimilatory nitrate reduction to 
ammonium. Journal of biomedicine & biotechnology 2009, 284718. 
doi:10.1155/2009/284718 



71 

Vinten, A.J.A., Vivian, B.J., Wright, F., Howard, R.S., 1994. A comparative study of 
nitrate leaching from soils of differing textures under similar climatic and cropping 
conditions. Journal of Hydrology (Amsterdam) 159, 197 – 213. 

Viollier, E., Rabouille, C., Apitz, S.E., Breuer, E., Chaillou, G., Dedieu, K., Furukawa, Y., 
Grenz, C., Hall, P., Janssen, F., Morford, J.L., Poggiale, J.-C., Roberts, S., 
Shimmield, T., Taillefert, M., Tengberg, A., Wenzhofer, F., Witte, U., 2003. Benthic 
biogeochemistry: State of the art technologies and guidelines for the future of in situ 
survey. Journal of Experimental Marine Biology and Ecology 285-286, 5 – 31. 

Visscher, P.T., Beukema, J., van Gemerden, H., 1991. In-situ characterization of sediment 
measurements of oxygen and sulfide profiles with a novel combined needle electrode. 
Limnology and Oceanography 36, 1476 – 1480. doi:10.2307/2837655 

Vitousek, P.M., Cassman, K., Cleveland, C., Crews, T., Field, C.B., Grimm, N.B., 
Howarth, R.W., Marino, R., Martinelli, L., Rastetter, E.B., Sprent, J.I., 2002. Towards 
an ecological understanding of biological nitrogen fixation. Biogeochemistry 57, 1 – 
45. 

Vogel, H.J., 2000. A numerical experiment on pore size, pore connectivity, water 
retention, permeability, and solute transport using network models. European Journal 
of Soil Science 51, 99–105. doi:10.1046/j.1365-2389.2000.00275.x 

Wallenstein, M.D., Myrold, D.D., Firestone, M., Voytek, M., 2006. Environmental 
controls on denitrifying communities and denitrification rates: insights from 
molecular methods. Ecological Applications 16, 2143–2152. doi:10.1890/1051-
0761(2006)016[2143:ECODCA]2.0.CO;2 

Watson, A.T., 1890. The tube building habits of Terebella littoralis. Journal of the Royal 
Microscopical Society 10, 685–689. 

Watt, M., Hugenholtz, P., White, R., Vinall, K., 2006. Numbers and locations of native 
bacteria on field-grown wheat roots quantified by fluorescence in situ hybridization 
(FISH). Environmental microbiology 8, 871–84. doi:10.1111/j.1462-
2920.2005.00973.x 

Wenzhöfer, F., Holby, O., Kohls, O., 2001. Deep penetrating benthic oxygen profiles 
measured in situ by oxygen optodes. Deep Sea Research Part I: Oceanographic 
Research Papers 48, 1741–1755. doi:10.1016/S0967-0637(00)00108-4 

Widerlund, A., Davison, W., 2007. Size and Density Distribution of Sulfide-Producing 
Microniches in Lake Sediments. Environmental Science & Technology 41, 8044–
8049. doi:10.1021/es071510x 

Wilke, C., Chang, P., 1955. Correlations of diffusion coefficients in dilute solutions. 
AICHE Journal 1, 264 – 270. 

Witty, J., 1991. Microelectrode measurements of hydrogen concentrations and gradients in 
legume nodules. Journal of experimental botany 42, 765 – 771. 



72 

Wolf, B., Zheng, X., Brüggemann, N., Chen, W., Dannenmann, M., Han, X., Sutton, M.A., 
Wu, H., Yao, Z., Butterbach-Bahl, K., 2010. Grazing-induced reduction of natural 
nitrous oxide release from continental steppe. Nature 464, 881–4. 
doi:10.1038/nature08931 

Yin, S., Shen, Q., Tang, Y., Cheng, L., 1998. Reduction of nitrate to ammonium in selected 
paddy soils of China. Pedosphere 8, 221 – 228. 

Yin, S.., Chen, D., Chen, L.., Edis, R., 2002. Dissimilatory nitrate reduction to ammonium 
and responsible microorganisms in two Chinese and Australian paddy soils. Soil 
Biology and Biochemistry 34, 1131–1137. doi:10.1016/S0038-0717(02)00049-4 

Young, I.., Ritz, K., 2000. Tillage, habitat space and function of soil microbes. Soil and 
Tillage Research 53, 201–213. doi:10.1016/S0167-1987(99)00106-3 

Young, I.M., Crawford, J.W., 2004. Interactions and self-organization in the soil-microbe 
complex. Science (New York, N.Y.) 304, 1634–7. doi:10.1126/science.1097394 

Young, I.M., Crawford, J.W., Nunan, N., Otten, W., Spiers, A., 2009. Microbial 
Distribution in Soils. Physics and Scaling. Advances in Agronomy 100, 81 – 121. 
doi:10.1016/s0065-2113(08)00604-4 

Yu, K., Lam, M.H.W., Leung, A.P.K., Yen, Y.F., 2000. Behavior of trace metals in the 
sediment pore waters of intertidal mudflats of a tropical wetland. Environmental 
toxicology and chemistry 19, 535 – 542. 

Zhang, H., Davison, W., Ottley, C., 1999. Remobilisation of major ions in freshly 
deposited lacustrine sediment at overturn. Aquatic Sciences 61, 354. 
doi:10.1007/s000270050071 

Zhu, Q., Aller, R.C., 2010. A rapid response, planar fluorosensor for measuring two-
dimensional pCO2 distributions and dynamics in marine sediments. Limnology and 
Oceanography: Methods 8, 326–336. doi:10.4319/lom.2010.8.326 

Zumft, W.G., 1997. Cell biology and molecular basis of denitrification? Microbiology and 
Molecular Biology Reviews 61, 533 – 616. 

 

  



73 

7 Papers 
 

I Pedersen, L. L., Dechesne, A., Jensen, M. M., Smets, B. F. (2015) 
Dissimilatory Nitrate Reduction to Ammonium in Fagus sylvatica forest 
soil. Manuscript in preparation. 

II Pedersen, L. L., Dechesne, A., Jensen, M. M., Smets, B. F. (2015) 
Reducing diffusion limitation shifts nitrate reduction metabolism from 
incomplete denitrification to reduction to ammonium. Manuscript in 
preparation. 

III Pedersen, L. L., Smets, B. F., Dechesne, A. (2015) Measuring 
biogeochemical heterogeneity at the micro scale in soil and sediments. 
Manuscript under review. 

IV Pedersen, L. L., Dechesne, A., Smets, B. F. (2015) A nitrate sensitive 
planar optode; performance & interferences. Manuscript under review. 

V Pedersen, L. L., Smets, B. F., Dechesne, A. (2015) Notification of 
Invention at DTU: Planar optode sensor sheet production kit. 

 

 





 

 

I 

 

 

 

 

 

 

Dissimilatory Nitrate Reduction to Ammonium in 
Fagus sylvatica forest soil 

 

Pedersen, L.L., Dechesne, A., Jensen, M. M., Smets, B.F. 

 

Manuscript in preparation 

 

 

 



 

 

  



I - 1 

Dissimilatory Nitrate Reduction to Ammonium 
in Fagus sylvatica forest soil 

Lasse L. Pedersen, Arnaud Dechesne, Marlene M. Jensen  
and Barth F. Smets* 

Department of Environmental Engineering, Technical University of 
Denmark. Miljøvej, Building 113, 2800 Kongens Lyngby, Denmark. 

*Corresponding Author: Barth F. Smets.  E-mail: bfsm@env.dtu.dk 

______________________________________________________________ 

 
Abstract 
NO3

- can be microbially reduced to N2 and NH4
+ through denitrification and 

DNRA, respectively. The conditions under which both happen are not fully 
known, but the balance between the two processes is of great importance to 
many ecosystems since DNRA conserves nitrogen in the system and 
denitrification leads to nitrogen loss. Here we look at the incidence and 
magnitude of DNRA vs. denitrification in Fagus sylvatica forest soil litter. 
We utilize an array of column microcosms packed using both organic matter 
and a bacterial community isolated from F. sylvatica forest soil litter to 
investigate the effect of electron donor abundance and bacterial inoculum 
size on NO3

- metabolism. 

Production of NO2
-, NH4

+, and N2O during NO3
--reduction in the F. sylvatica 

forest soil column microcosms was seen to follow a sequential pattern: an 
initial burst of NO2

- production led to DNRA, and for the microcosms which 
became mass transfer limited also to N2O production. Reducing biokinetic 
limitation by increasing the initial inoculum led to a minor increase in NO3

--
reduction, and a very substantial 71% increase in DNRA. Additionally the 
mass transfer limited columns achieved complete NO3

--removal , while 
simultaneously maintaining both DNRA and incomplete denitrification, with 
NO2

- and NH4
+-production rates of 1 and 5 mg-N/l respectively. These 

observations both suggest a possibility for influencing DNRA and  N2O 
emissions through manipulation of soil, and prompts further studies into the 
impact of soil heterogeneity. 
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1 Introduction 
Nitrogen is a key element for all organisms, and understanding the nitrogen 
cycle in depth is of great importance in agriculture and when dealing with 
pollution in the form of nitrate, nitric oxide and nitrous oxide. The nitrogen 
cycle is composed of several processes that are involved in nitrogen 
transformations, see figure 1. NO3

- is an important electron acceptor in soil, 
and it is involved in two of the processes in the nitrogen cycle. Both are 
dissimilatory NO3

- reductions that take place at low oxygen 
concentrations(Tiedje et al., 1982); one is denitrification, the reduction of 
NO3

- to gaseous compounds , the other is Dissimilatory Nitrate Reduction to 
Ammonium, DNRA. NO3

-  itself can leach out of soil, and transformation of 
NO3

- to N2O and N2 through denitrification causes substantial nitrogen loss 
from terrestrial environments (Fang et al., 2015). DNRA, in contrast, 
converts NO3

-  directly into NH4
+, which is retained in soils and is more 

likely to be incorporated into biomass (Buresh and Patrick, 1978; Tiedje, 
1988). Thus, the relative contributions of denitrification and DNRA in a 
given ecosystem can have a big impact on nitrogen retention, plant growth 
and climate (Yoon et al., 2014).  

 

               

Figure 1: The nitrogen cycle. 

 



I - 3 

The common soil bacterium Clostridium welchii was shown to perform 
DNRA already in 1938(Woods, 1938) but half a century later many studies 
only ever considered denitrification when investigating dissimilation of 
nitrate in anaerobic soils, leaving it underexplored for a long time (Cole, 
1990). It has been hypothesized that the ratio of electron donor to acceptor is 
a major determinant of the relative dominance of DNRA over denitrification , 
since more electrons can be transferred per mole of NO3

- under DNRA than 
under denitrification. DNRA is favored under NO3

--limiting conditions where 
electron acceptor shortage is most likely limiting microbial growth (Tiedje et 
al., 1982). This is supported by a comparison of denitrification by 
Paracoccus denitrificans to DNRA by Wolinella succinogenes  in pure 
cultures that found that twice as much cell mass was produced during DNRA 
per mole of NO3

- consumed compared to during denitrification (Strohm et al., 
2007), although it should be noted that direct comparisons between strains is 
difficult. 

Enzymes involved in DNRA have been characterized (Kraft et al., 2011; 
Philippot and Hojberg, 1999; Simon, 2002), molecular techniques for 
detecting some of the microorganisms capable of performing DNRA have 
been developed (Philippot, 2005), and the process has been studied in several 
ecosystems. The existing body of work has been reviewed for both marine 
(Burgin and Hamilton, 2007) and terrestrial ecosystems (Rütting et al., 2011), 
and includes studies that has found that DNRA is exceedingly important in 
many forest soils: in some it was at least three times higher than 
denitrification (Silver et al., 2005; Templer et al., 2008), in others it 
accounted for 99% of the total nitrate reduction (Huygens et al., 2007).  

One ecosystem that is currently underexplored with respect to DNRA are 
temperate climate forests. F. sylvatica, the European beech, is one of the 
most widespread and important trees in Europe, and it is also present in parts 
of Asia. It grows on a wide variety of soils, is tolerant of poor soil conditions 
(Packham et al., 2012), and supplies large quantities of litter to the 
ecosystem, forming soil rich in humus (Pawłowski et al., 1966). In this study 
we utilize an array of column microcosms to investigate the incidence and 
magnitude of DNRA and denitrification in a F. sylvatica forest litter system, 
using both organic matter and a bacterial community isolated from this 
ecosystem to investigate the effect of electron donor abundance and bacterial 
inoculum size on NO3

- metabolism.  
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1 Materials and Methods 

1.1 Soil Sampling and processing   
Soil was collected from the upper 10 cm of Fagus sylvatica forest humus in 
Dyrehaven, Kgs. Lyngby, Denmark, and passed through a sieve with a 2x2 
mm mesh. Part of the sieved soil was set aside for extraction of bacteria, and 
the remaining soil was autoclaved three times at 115⁰C for 20 minutes, dried 
in an oven at 105⁰C for 60 min and then kept in an airtight container. Three 
samples of the autoclaved, dried soil were weighed, heated to 550⁰C for 30 
minutes and weighed again to determine the organic matter content. The 
average loss on ignition was estimated at 18.7% ± 0.2%. 

1.2 Extraction of bacteria 
Bacteria were extracted from sieved soil using the Nycodenz density-gradient 
extraction method according to Lindahl and Bakken (Lindahl and Bakken, 
1995); bacteria from 45 grams soil were extracted and resuspended in 7.5 ml 
0.9% NaCl. The enumeration of bacteria using a counting chamber gave a 
value of 6.0 . 107 ± 1.5 . 106 bacteria per ml extract. 

1.3 Experimental setup 
An array of six 225 ml sacrificial F. sylvatica soil column microcosms was 
constructed. Each composed of a borosilicate glass cylinders (56.0 mm 
diameter, 3.5mm wall thickness, from mirit.dk) fitted with custom made 
Teflon™ plugs equipped with nitrile rubber gaskets (M. Wilhelmsen NBR 
3.0mm O-ring, from m-seals.dk). Stainless steel piping was fitted to the 
plugs. The column were fed by a multi-channel Technicon AutoAnalyzer II 
proportioning pump connected to sealed borosilicate bottles filled with an 
influent solution composed of 10 mM NaNO3 (equal to 140 mg NO3

--N per 
liter) and 100 µM Na2HPO4 in distilled water, the latter being added to avoid 
phosphate limitation. All influent solutions were sterilized by autoclaving at 
115⁰C for 20 minutes and sparged with nitrogen for 20 minutes to remove 
dissolved oxygen. The effluent pipe of each column was connected to  a 
sampling port for withdrawal of effluent and to stainless steel storage coil 
(internal diameter 6mm) able to hold 170 ml effluent, while maintaining a 
long diffusive path to the atmosphere and thus avoid O2 entry in the column, 
see figure 2.  
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Figure 2: Array of 225 ml columns. The columns contained an increasing amount of soil 
(0g, 0.3g, 3.0g, 3.0, 30g, and 300g, indicated by the first number in the brackets) with the 
rest of the volume being occupied by sand. All were inoculated with the same amount of 
bacteria, previously extracted from soil, with the exception of column 4, which was 
inoculated with ten times as many bacteria as the other columns. Relative inoculum  is 
indicated by the second number in the brackets, and by the abundance of dots in the 
column matrix. 1: stainless steel influent pipe, 2: Teflon plug with nitrile rubber gasket, 3: 
borosilicate glass cylinder, 4: central compartment for soil, 5: stainless steel effluent pipe, 
6: port for withdrawing samples, 7: stainless steel coil for storing effluent. 
 

The columns were packed by first placing two filters (Advantec GF-75 glass 
fiber filter, from frisenette.dk) on the bottom Teflon™ plug, adding the 
appropriate volume of bacterial extract and then filling the columns with 225 
ml matrix composed of the dry and sterile soil and of sterile sand (Dansand® 
Filtersand type 0, from Dansand.dk) soaked in influent solution to facilitate 
packing. Columns were packed with increasing amounts of soil, with the rest 
of the 225 ml matrix being sand. The soil content of the six columns was 0 , 
0.3, 3.0, 3.0, 30 and 300 g respectively. Five columns were inoculated with 
500 µl bacterial extract, while one of the columns which had been packed 
with 3.0g soil was inoculated with 5000 µl bacterial extract, corresponding to 
ten times as much as the other columns. The columns will be referred to by 
two numbers indicating their soil content and inoculum relative to the lowest 
overall initial inoculum, giving the six columns the designations ( 0 ; 1 ), ( 
0.3 ; 1 ), ( 3 ; 1 ), ( 3 ; 10 ), ( 30 ; 1 ), and ( 300 ; 1 ). After packing the 
matrix, two filters were placed on top, the top Teflon™ plug was fitted to the 
glass cylinder and the storage coils were filled with influent solution to 
ensure a long (~6 m) diffusive path from the atmosphere to the sampling 
ports to minimize exchange of gasses. The pump was set to deliver 75ml 
influent solution per day to each column for a total of 294 mg-N (NO3

-) over 
28 days. 
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1.4 Effluent analysis 
Triplicate samples were withdrawn daily from the sampling ports using 
syringes . pH was measured using a Hach HQ40d multi-parameter meter 
equipped with an IntelliCAL PHC20101 pH electrode. N2O content was 
measured using a Unisense nitrous oxide sensor connected to an Unisense 
mV-meter (both from unisense.com). Bacteria were enumerated 
microscopically using a counting chamber. Total organic carbon, TOC, was 
analyzed on a Shimadzu Total Organic Carbon Analyzer TOC-Vwp with auto 
sampler ASI-V. NO3

-, NO2
-, and NH4

+ contents were determined using the 
appropriate Merck Spectroquant test kit (Merck cat. no. . 00683, 09713, 
14752 and 14776) according to the manufacturer’s specifications.  

1.5 Calculation of maximum NO3
--consumption 

rate, maximum 24h increase in NO3
--consump-

tion rate and mass balance 
Maximum NO3

--consumption rate was calculated by subtracting the lowest 
effluent concentration from the influent concentration, and multiplying with 
the flow rate. Maximum 24h increase in NO3

--consumption rate was 
calculated as the largest slope obtained from linear regression on NO3

--
effluent concentration as a function of time for two subsequent days. Mass 
balance for a given N-compound was calculated by adding the daily 
production / consumption, defined as ((effluent concentration - influent 
concentration) .  flow rate), for the entire 28 day period. 

 

2 Results 
The six column microcosms were all fed the same solution of 140 mg NO3

--N 
per liter and 100 µM Na2HPO4 in distilled water. The difference between the 
NO3

- concentration in the influent and effluent gives an estimate of net NO3
--

removal. For the other compounds measured in the effluent their 
concentration is an estimate of net production. 

2.1 Nitrate consumption 
The NO3

- concentration in the effluent  decreased sharply over the first week 
of the experiment, except from for columns ( 0 ; 1 ) and ( 0.3 ; 1 ) (figure 3a). 
No decrease in NO3

- concentration was seen for column ( 0 ; 1 ), which is in 
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line with the column having been packed with no organic matter to serve as 
electron donor source. Column ( 0.3 ; 1 ) only exhibited a very modest 
decrease in during the first seven days, after which the NO3

- concentration 
returned to its initial value. This suggests that the organic matter was 
consumed and eluted out before much activity could take place. For columns  
( 3 ; 1 ) and ( 3 ; 10 ) effluent NO3

- content started decreasing around day 
three of the experiment, reached a plateau during days seven to twelve 
(fifteen for column ( 3 ; 1 )), and then returned to its initial value before the 
end of the experiment. This suggests that the readily bioavailable part of the 
organic matter contained in the three grams soil these two columns was 
packed with was within the limits of what could be metabolized under the 
prevailing conditions. Column ( 3 ; 10 ) reached a higher NO3

- utilization rate 
than column ( 3 ; 1 ), showing that the latter was limited by the size of the 
initial inoculum (figure 3a).  

Maximum absolute NO3
- consumption rate and maximum 24h increase in 

absolute nitrate consumption were both correlated with organic matter 
content for the columns which had received the same initial inoculum. 
Column ( 3 ; 10 ) with its high inoculum exhibited a maximum absolute NO3

- 
consumption rate 36% higher than column ( 3 ; 1 ) which had the same initial 
matrix organic matter content.  This suggests that column ( 3 ; 1 ) was 
biokinetically limited until the electron donor source started becoming 
exhausted.  
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Figure 3: Column effluent concentrations of nitrate (a) and ammonium (b). Phase 1: Initial 
slow nitrate consumption. Phase 2: Rapid increase in nitrate consumption. Phase 3: Plateau 
in nitrate consumption. Phase 4: Decreasing nitrate consumption. Arrow "A" indicates the 
effect of increasing the inoculum tenfold, arrow "B" the effect of increasing the amount of 
available carbon. The first number in a bracket indicates the amount of soil in a given 
column, the second number indicates the size of its initial inoculum relative to the lowest 
overall initial inoculum. For most points the ±SE bars are smaller than the symbol size. 
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Increasing the organic matter content increases the maximum absolute NO3
- 

consumption rate until all NO3
- is consumed (table 1). At this point the 

system must be expected to have been mass transfer limited. It took four and 
seventeen days for columns ( 30 ; 1 ) and ( 300 ; 1 ) to reach their maximum 
absolute NO3

- consumption rate (figure 3a), suggesting that at this point they 
changed from being biokinetically limited to being mass transfer limited. 

2.2 Other nitrogen compounds collected in effluent 
Overall the picture is that first NO3

- consumption takes off and reaches a 
steady state, then NO2

- -peaks start appearing, followed by NH4
+-peaks and 

ultimately N2O production in the case of columns ( 30 ; 1 ) and ( 300 ; 1 ). 

NH4
+ appeared in effluent from column ( 300 ; 1 ) at the third day of the 

experiment, and one to two days later for columns ( 3 ; 1 ), ( 3 ; 10 ), and ( 30 
; 1 ) . For all four columns it peaked around days seven to ten, after this the 
NH4

+ content decreased across the board. In columns ( 3 ; 1 ) and ( 3 ; 10 ) it 
disappeared around day fourteen, while it stabilized itself around 4 mg-N per 
liter in column ( 30 ; 1 ) and 7 mg-N per liter in column ( 300 ; 1 ) at the 
same time (figure 3b).  

At day two NO2
- appeared in the effluent of columns ( 30 ; 1 ) and ( 300 ; 1 ). 

For the former the effluent reached a NO2
- content of ~1 mg-N per liter 

within three days and stayed at this level for the duration of the experiment, 
while column ( 300 ; 1 ) peaked at 7.2 mg-N per liter on day 6, after which 
the NO2

- concentration gradually shifted towards the same ~1 mg-N per liter 
as column ( 30 ; 1 ) (figure 4a). N2O was present in column ( 30 ; 1 ) effluent 
during the first half of the experiment, and during the entire period in column 
( 300 ; 1 ) effluent. While column ( 30 ; 1 ) N2O production never increased 
beyond 1 mg-N per liter, it reached a plateau at 6-7 mg-N per liter for column 
( 300 ; 1 ) during days eleven to seventeen, and then decreased to around 2 
mg-N per liter (figure 4b). For column ( 300 ; 1 ) NH4

+ and NO2
- production 

peaked a few days after NO3
- disappeared in the effluent, and N2O production 

peaked a few days later.  
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Table 1. Maximum absolute and normalized nitrate consumption rates. Normalized rates 
have been normalized with respect to the amount of organic matter in the columns. The 
first number in a bracket indicates the amount of soil in a given column, the second 
number indicates the size of its initial inoculum relative to the lowest overall initial 
inoculum. 

Column 

( 0
 , 1

 ) 

( 0
.3
 ; 1

 ) 

( 3
 ; 1

 ) 

( 3
 ; 1

0
 ) 

( 3
0
 ; 1

 ) 

( 3
0
0
 ; 1

 ) 

Organic matter (g)   0  0.056  0.56  0.56  5.6  56 

Inoculum (107 bacteria)  3.0  3.0  3.0  30  3.0  3.0 

Maximum absolute nitrate 
consumption rate (µg nitrate‐N 

per day) 
0  625  4820  6550  10400  10400 

Maximum 24h increase in 
absolute nitrate consumption 

rate (µg nitrate‐N) 
0  225  1950  2300  1925  4375 

 

Columns ( 3 ; 1 ) and ( 3 ; 10 ) exhibited small, transient NO2
- -peaks during 

the first seven days of the experiment (figure 4a). This coincided with the 
period until the NO3

- consumption rate reached its plateau (figure 3a), at 
which point the NH4

+ peaks appeared (figure 3b), comparable to the sequence 
seen for column ( 300 ; 1 ). No N2O was found in their effluent (figure 4b).  
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Figure 4: Column effluent concentrations of nitrite (a) and nitrous oxide (b). The first 
number in a bracket indicates the amount of soil in a given column, the second number 
indicates the size of its initial inoculum relative to the lowest overall initial inoculum. For 
all points the ±SE bars are smaller than the symbol size. 
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2.3 Effluent pH, bacterial count and TOC content 
Effluent pH from all columns bar ( 0 ; 1 ) decreased for the first ten days of 
the experiment, with the tendency for the columns with higher soil content to 
display the most substantial reductions in pH during this period. At this point, 
which coincided with columns ( 3 ; 1 ) and ( 3 ; 10 ) being in the fourth day 
of their plateau in NO3

- consumption, effluent from these two columns had 
decreased 0.15 - 0.65 points. For the remainder of the experiment their 
overall tendency was still a decrease in pH, albeit a weak one compared to 
the first ten days. Effluent pH decreased more steeply for columns ( 30 ; 1 ) 
and ( 300 ; 1), and after the first nineteen days their pH had dropped roughly 
one point, to a pH of 5.4 and 4.7, respectively (figure S1). Coupling this the 
figures 3 and 4 it is seen that drops in pH are associated with removal of NO3

- 
Effluent bacterial count started around 2.5 . 106 per ml for the columns which 
had received the same initial inoculum, and over the course of the experiment  
the general trend was a slight decrease and readings between 0.5 . 106 and 1.5 
. 106 per ml. Two notable exceptions effluent bacterial count for column ( 300 
; 1 ), which had been packed with the highest amount of soil, stabilized 
around 3.0. 106 per ml, and column ( 3 ; 10 )  which had received a ten times 
higher inoculum than the other columns initially had ~3 times higher effluent 
bacterial count, but after a week decreased to be in the vicinity of that from 
the other columns in ten days (figure S2). This means that most columns 
initially lost an amount of bacteria equal to their inoculum per day, so most 
of what was inoculated was lost immediately. For column ( 3 ; 10 ), it took 
longer time to lose an amount of bacteria equal to the inoculum, but this 
column nevertheless lost a large fraction of the initial inoculum on a daily 
basis (figure S2).  

TOC content decreased for all columns from the beginning of the experiment 
to the end, with high matrix soil content being correlated, albeit not linearly, 
with high effluent TOC content (figure S3). It is noted that there is still 
organic carbon in the effluent of columns ( 30 ; 1 ) and ( 300 ; 1 ) at the end 
of the experiment. It is not known how much of this is assimilable, but it 
suggests that these columns do not become limited by carbon and electron 
donor supply. 
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2.4 Overall nitrogen balance 
Looking at the entire four week period, NO3

- consumption increased with 
increasing matrix organic matter content. Increasing the inoculum tenfold in 
column ( 3 ; 10 )  compared to column ( 3 ; 1 )  gave a 12% increase in NO3

- 
consumption (figure 5a), showing that the latter had been biokinetically 
limited. Collection of NO2

- and NH4
+ increased with increasing matrix 

organic matter content, but the increase in inoculum from column ( 3 ; 1 ) to 
column ( 3 ; 10 ) led to a 71% higher overall NH4

+ production, with an 
unchanged NO2

--production. The fraction of nitrogen added as NO3
- that is 

collected in the form of other nitrogen compounds increases with increasing 
availability of electron donor, but while NH4

+ production increases steadily 
from column ( 3 ; 1 ) to ( 300 ; 1 ), N2O was only collected from columns ( 
30 ; 1 )  and ( 300 ; 1 ), the two columns that became limited by mass 
transfer. Column ( 300 ; 1 ) released 12 times more N2O than column ( 30 ; 1 
), and had also gotten to the point of consuming all available NO3

- after only 
four days, thirteen days earlier than column ( 30 ; 1 ), suggesting a link 
between mass transfer limitation and N2O production. A similar picture is 
seen for NO2

- (figure 5). For columns ( 30 ; 1 ) and ( 300 ; 1 ) there was a 
steady production of both NO2

- and NH4
+ after the initial peaks, and they 

accounted for up to 2.8 and 6.7 % of the removed NO3
- overall. 

 

Figure 5: Nitrate consumption in columns and nitrogen compounds collected in effluent. 
The dashed line in (a) indicates the total amount of Nitrate-N added to each column, 
294mg. The first number in a bracket indicates the amount of soil in a given column, the 
second number indicates the size of its initial inoculum relative to the lowest overall initial 
inoculum. For some values the ±SE bars are too small to be visible. 
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3 Discussion 
The five columns designated ( 0.3 ; 1 ), ( 3 ; 1 ), ( 3 ; 10 ), ( 30 ; 1 ), and ( 
300 ; 1 ) were set up with a range of experimental conditions that represent a 
spectrum of NO3

- reduction, from electron donor limitation to excess. For the 
first three of these columns  the electron donor supply runs out during the 
experiment and we only see transient NO3

- removal. In columns ( 30 ; 1 ) and 
( 300 ; 1 ) NO3

- removal is maintained for the remainder of the experiment 
once it has been established, showing that the electron donor supply is 
sufficiently high to drive complete NO3

- removal in the system. 

There are strong similarities between the NO3
--profiles for the five columns 

containing soil, and they are seen to fall in four distinct phases, exemplified 
by columns ( 3 ; 1 ) and ( 3 ; 10 ), which had been packed with relatively 
small amounts of organic matter. NO3

- consumption was initially very slow 
(phase 1), then the consumption rate increased rapidly for a few days (phase 
2), at which point it plateaus (phase 3), and eventually decreases and ceases 
(phase 4) (figure 3a). We assume that phase 1 is caused by the initially 
limited population needing to multiply and colonize the columns before NO3

-

-transformations could take off, and once that had happened a progressive 
increase in NO3

- consumption was seen (phase 2). At this point the columns 
are no longer limited by microbial abundance and start becoming limited by 
carbon in phase 3, and NO3

- consumption at this point starts being affected by 
the store of organic matter starting to run out throughout phase 4. Before the 
end of the experiment NO3

- consumption ceased in these columns, at the 
same time as effluent TOC reached 0 mg/L. Columns ( 30 ; 1 ) and ( 300 ; 1 ) 
exhibited phases 1, 2, and 3 like columns ( 3 ; 1 ) and ( 3 ; 10 ), but unlike 
those they plateaued when they reached complete  NO3

--removal, which was 
then maintained for the remainder of the experiment (figure 3a). Column ( 0.3 
; 1 ) which had received a tenth of the carbon that columns ( 3 ; 1 )  and ( 3 ; 
10 ) got only ever exhibited a little NO3

- removal activity, indicating that the 
organic matter was consumed / eluted before much activity could start up. 

Comparing columns ( 3 ; 1 ) and ( 3 ; 10 ) the only difference in experimental 
conditions was the higher initial inoculum in column ( 3 ; 10 ), and the NO3

--
profiles only differ transiently as the extra cells reduce biokinetic limitation 
and convert additional NO3

-, which is possible due to the system not being 
limited by mass transfer. Once the organic matter is presumably used up the 
profiles for the two columns coincide. Going from column ( 3 ; 1 ) to ( 30 ; 1 
) and further on to ( 300 ; 1 ) the system the NO3

--removal is initially 
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relatively unchanged, but the extra available electron donor allows for extra 
consumption and the system eventually reaches a state of mass transfer 
limitation with respect to the NO3

-. In column ( 300 ; 1 ) the electron donor 
supply is even greater yet, and mass transfer limitation is reached 
significantly sooner (figure 3a). 

Looking at the other nitrogen species collected in effluent columns ( 3 ; 1 ) 
and ( 3 ; 10 ) both see NO2

--peaks starting at days  three to four, at the same 
time as the NO3

--removal rate is increasing. The peaks reached their maxima 
days four to five only to see NO2

--collection decrease immediately afterwards 
and reach zero in a few days (figure 4a). At this point NH4

+ production was 
on the rise and subsequently peaked around day nine, after which time it too 
decreases, to reach zero around day sixteen (figure 3b). This is in line with 
NO3

- reduction beginning to cease at this time. Moving on to columns ( 30 ; 1 
) and ( 300 ; 1 ), the ones that became mass transfer limited,  they initially 
followed a similar sequential pattern as columns ( 3 ; 1 ) and ( 3 ; 10 ) with 
respect to NO2

- and NH4
+, albeit with production of both nitrogen compounds 

being correlated with initial electron donor supply. But while NO2
- and NH4

+-
production in columns ( 3 ; 1 ) and ( 3 ; 10 ) die out when the columns start 
becoming limited by their electron donor supply, for both columns ( 30 ; 1 ) 
and ( 300 ; 1 ) it reaches a constant level around 1 and 5 mg-N/l for NO2

- and 
NH4

+ respectively (figures 3b and 4a). This happens while the columns are 
mass transfer limited (figure 3a).  

The sequential nature of the NO2
- and NH4

+ peaks suggests that similar 
mechanisms are at work in the involved columns. The initial burst of NO2

- 
may be due to a general, sudden activity increase, while DNRA is generally 
considered to be favored by a high electron donor/acceptor ratio (Fazzolari et 
al., 1998; Shixue et al., 1998; Silver et al., 2005; Smith, 1982), which could 
have resulted from easily diffusible organic compounds creating a high 
carbon flux early on. The continued production of NH4

+ in columns ( 30 ; 1 ) 
and ( 300 ; 1 ) may then have been sustained by less easily diffusible 
compounds which are released slowly from organic matter particles. It is 
somewhat surprising to see the constant production of NH4

+ at the same time 
as NO2

- production during complete NO3
--reduction at a rate of 140 mg-N/l, 

and that with a near constant 5:1 ratio. As mentioned before DNRA is 
thought to be favored by a high electron donor/acceptor ratio, and incomplete 
denitrification when the electron donor is limiting. Even during these 
conditions we saw roughly 4% DNRA and 1% incomplete denitrification. 
Two scenarios present themselves. The first is that the microbial community 



I - 16 

includes both DNRA microbes and microbes with incomplete denitrification. 
The second is that it is a result of terrestrial nitrogen cycling being dominated 
by hotspots and hot moments, where most of the activity takes place in small 
fractions of the total soil mass (Groffman et al., 2009; Kuzyakov and 
Blagodatskaya, 2015). The latter scenario opens up for the microcosms 
containing considerable heterogeneity, where some areas may favor DNRA, 
and others yield incomplete denitrification. 

Both column ( 30 ; 1 ) and ( 300 ; 1 ) saw N2O production beginning at the 
same time as NO2

- appeared in the effluent. But while it dies out around day 
15 for column ( 30 ; 1 ), it is seen that for column ( 300 ; 1 ) it takes off in 
earnest after the column becomes mass transfer limited, peaks after NO2

--
production peaked and reaches the same maximum rate of 7 mg-N/l as NO2

--
production did (figure 4). These sequential peaks suggests that part of the 
nitrogen that was initially turned into NO2

- got directed towards N2O shortly 
thereafter. N2O production from soil ecosystems is often considered in a 
denitrification context, and a study of denitrifying activity in F. sylvatica 
forest soil found that it was higher than in agricultural soil, that N2 
production was low and that N2O was the primary end product of 
denitrification (Struwe and Kjøller, 1992). DNRA, on the other hand, is 
generally seen as a process that conserves nitrogen in soils. Nevertheless, 
some microorganisms which perform DNRA also produce N2O (Bleakley and 
Tiedje, 1982; Cole, 1988), and it has been suggested that this is done to avoid 
high concentrations of NO2

- (Kaspar, 1982), this is in line with our 
observation of the NO2

--peak being followed by N2O production. Cole 
reported that the N2O production rate by DNRA produces typically is around 
1% of the NO3

- reduction (Cole, 1988), and a batch incubation study found 
that N2O production during DNRA accounted for 5-10% of the added NO3

- 
(Smith and Zimmerman, 1981). Here we saw the overall N2O production 
increase with increasing the initial electron donor supply, and that most of the 
N2O production took place while the system was limited by mass transfer. At 
its highest N2O production accounted for less than 3% of the total NO3

- 
reduction, but 25% of the collected nitrogen compounds (figure 5).  

Significant drops in pH occurred over the duration of the experiment (figure 
S1), and for columns ( 30 ; 1 ) and ( 300 ; 1 ) the hydrogen ion activity 
increased by more than an order of magnitude, a significant increase. This is 
in line with organic matter decomposition in soil having been found to 
increase acidity (Fujii et al., 2008; Poss et al., 1995). It is known that 
denitrification is inhibited by low pH, in particular the enzyme nitrous oxide 
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reductase responsible for converting nitrous oxide to dinitrogen (Liu et al., 
2014). While the two columns with the overall highest acidity levels were the 
ones in which N2O was produced, they still managed to maintain complete 
NO3

-  removal. In addition to that only column ( 300 ; 1 ) maintained its N2O 
production once it had started, and it decreased during the last seven days 
where the column pH was at an all time low. This suggests that the impact of 
pH on nitrate metabolism was limited or transient, and it is noted that the 
response of denitrifying bacteria to pH changes has been seen to vary 
significantly from community to community (Dörsch et al., 2012). 

NH4
+ can be produced though other means than DNRA, it can also be 

generated by ammonification of decomposing organic matter, and NH4
+ 

already present in the soil particles at the beginning of the experiment could 
have suddenly been  washed out by the application of a constant flow of a 
mineral salt solution through the columns. However, the amount of organic 
nitrogen in F. sylvatica litter is expected to in, or near, the range of 7.42 to 
13.82 µg per g dry litter (Mooshammer et al., 2012), which means that the 
columns are expected to contain from up to 4.15 µg (column ( 0.3 ; 1 ) ) to 
4.15 mg (column ( 300 ; 1 ) ) organic nitrogen at the beginning of the 
experiment. Even if all the organic nitrogen present was ammonified it would 
only account for 1 (column ( 3 ; 1 ) ) to 23% (column ( 300 ; 1 ) ) of the 
collected NH4

+, which still allows for most of the collected  NH4
+ to be 

attributed to DNRA. No NH4
+ was observed in effluent for several days after 

the flow was turned on, so it is assumed that no, or very little, physical 
release of NH4

+ took place. This is supported by the fact that increasing the 
inoculum tenfold in column ( 3 ; 10 ) relative to column ( 3 ; 1 ) increased the 
amount of NH4

+ collected by 71%, indicating that column ( 3 ; 1 ) was 
biologically limited and also that the NH4

+ was biologically produced. 

In summary production of NO2
-, NH4

+, and N2O during NO3
--reduction in the 

F. sylvatica forest soil column microcosms was seen to follow a sequential 
pattern: an initial burst of NO2

- production led to DNRA, and for the 
microcosms which became mass transfer limited also to N2O production. 
Reducing biokinetic limitation by increasing the initial inoculum led to a 
minor increase in NO3

--reduction, and a very substantial 71% increase in 
DNRA. Additionally the mass transfer limited columns achieved complete 
NO3

--removal , while simultaneously maintaining both DNRA and 
incomplete denitrification, with NO2

- and NH4
+-production rates of 1 and 5 

mg-N/l respectively. Coupled with the knowledge that terrestrial nitrogen 
cycling is dominated by substantial spatial and temporal heterogeneity, where 
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most of the activity takes place in small fractions of the total soil mass, these 
findings both support the idea of heterogeneity influencing  the terrestrial 
nitrogen cycle, and suggest a possibility for influencing DNRA and  N2O 
emissions through manipulation of heterogeneity. This could be in the form 
of modulating mass transfer rates or diffusive limitation, both processes 
which influence the minute gradients in soil.  
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Supplementary material 

 

 

Figure S1: Column effluent pH. The first number in a bracket indicates the amount of soil 
in a given column, the second number indicates the size of its initial inoculum relative to 
the lowest overall initial inoculum. For most points the ±SE bars are smaller than the sym-
bol size. 
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Figure S2: Column effluent bacterial count. The first number in a bracket indicates the 
amount of soil in a given column, the second number indicates the size of its initial inocu-
lum relative to the lowest overall initial inoculum. 
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Figure S3: Column effluent Total organic carbon concentration. The first number in a 
bracket indicates the amount of soil in a given column, the second number indicates the 
size of its initial inoculum relative to the lowest overall initial inoculum. For all points the 
±SE bars are smaller than the symbol size. 
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Abstract 
Dissimilatory Nitrate Reduction to Ammonium, DNRA, can conserve 
nitrogen in soil by converting NO3

- and NO2
- directly to NH4

+,thus bypassing 
both denitrification and nitrogen fixation in the nitrogen cycle. The factors 
that control whether nitrate reduction proceeds via DNRA or via 
denitrification are not clear.  Here we impose prescribed degrees of diffusive 
limitation on Fagus sylvatica soil litter column microcosms to study the 
impact of diffusive limitation on NO3

- reduction. The diffusion limitation was 
quantified using the dimensionless Damkohler number Da3, which takes into 
account the biotransformation rate and the micropore diffusion rate. 

Under conditions with high diffusive limitation (Da3 = 1.34) NO2
- and N2O 

production accounted for 20% and 2.3% of the total NO3
- reduction, 

respectively, which decreased to 0.2% and 0% under conditions of low 
diffusive limitation (Da3 = 0.0239), and at the same time up to 4.4% of the 
reduced NO3

- was now converted to NH4
+.  

This makes controlling diffusive limitation a potentially valuable tool for 
increasing DNRA in soils, mitigating N2O pollution, and modulating other 
environmental processes. The study highlight the importance of considering 
microscale biogeochemical gradients and diffusive limitation when trying to 
infer the factors controlling environmental processes where bulk 
measurements do not provide conclusive answers. 
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1 Introduction 
Nitrogen and the nitrogen cycle is of great significance to many organisms 
and ecosystems, and understanding the processes that contribute to the 
nitrogen cycle and identifying their drivers are of paramount importance in 
agriculture and when investigating and remediating pollution in the form of 
nitrogen containing compounds such as NO3

-, NO and N2O. A key compound 
in the nitrogen cycle is NO3

-, and its fate in many ecosystems is to a large 
extent decided by an interplay between two dissimilatory NO3

- reduction 
processes crucial to the nitrogen cycle: denitrification, in which NO3

- is 
reduced to the gaseous compounds N2O and N2, and Dissimilatory Nitrate 
Reduction to Ammonium, DNRA, also called fermentative ammonification, 
fermentative NO3

- reduction or NO3
- ammonification. Both processes have 

NO2
- as an intermediate product (Philippot and Hojberg, 1999), and both take 

place at low oxygen concentrations (Tiedje et al., 1982), however the 
consequences of the two processes are radically different. NO3

- itself is 
poorly retained in many soils, and its conversion to N2O and N2 through 
denitrification causes substantial nitrogen loss from terrestrial environments 
(Fang et al., 2015). DNRA, on the other hand, bypasses denitrification and N2 
fixation by converting NO3

-  to NH4
+ (Tiedje, 1988), which is more easily 

retained in soils than NO3
-, thus conserving nitrogen in soil (Buresh and 

Patrick, 1978). 

For most of the 20th century, many studies of anaerobic dissimilatory NO3
- 

reduction in soils focused on denitrification, and failed to take DNRA into 
account (Cole, 1990), but it has now been clearly recognized  in both marine 
(Burgin and Hamilton, 2007) and terrestrial ecosystems (Rütting et al., 2011), 
its molecular machinery has been characterized (Kraft et al., 2011; Philippot 
and Hojberg, 1999; Simon, 2002) and molecular methods for detecting the 
microorganisms involved have been developed (Philippot, 2005). 

In some ecosystems, denitrification is the dominant pathway for NO3
- 

removal (Baker and Vervier, 2004; Forshay and Stanley, 2005), while in 
others DNRA activity has been found to be at least three times higher than 
denitrification activity (Silver et al., 2005; Templer et al., 2008), even going 
as high as 99% of the total NO3

- reduction (Huygens et al., 2007). Several 
studies have looked into what factors decide whether denitrification or 
DNRA will be dominant in a given ecosystem, and many have focused on the 
ratio between available organic matter and NO3

- in the system, that is, 
between electron donor and electron acceptor. Several authors reported that 
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DNRA was dominant under conditions where there was an excess of electron 
donor (Fazzolari et al., 1998; Shixue et al., 1998; Silver et al., 2005; Smith, 
1982), which is supported by  the observation that DNRA yielded a 
significantly higher cell mass per mole of NO3

- than denitrification (Strohm et 
al., 2007). However, it has been suggested that the perceived effect of the 
ratio is due to changes in soil oxidation state due to the experimental setups 
(Matheson et al., 2002), and an incubation of intact forest soil cores found no 
correlation between DNRA and electron donor / acceptor ratio (Sotta et al., 
2008). These disagreements suggest that the processes governing the 
interplay between DNRA and denitrification cannot be reduced to a simple 
ratio, and that further investigations are needed. We have previously reported 
that DNRA and NO2

--production was readily observed when nitrate was 
passed through Fagus sylvatica soil litter column microcosms and that  both 
could be maintained under mass transfer limiting conditions with complete 
NO3

--removal (Pedersen et al., 2015). Combined with the knowledge that 
terrestrial nitrogen cycling is dominated by hotspots and hot moments, where 
most of the activity takes place in small fractions of the total soil mass, this 
suggests that local, small scale fluxes in electron donors and acceptors impact 
NO3

- reduction in soil.  

It is well established that soils are exceedingly heterogeneous environments, 
not merely at the macroscopic scale, but also at the micro scale where local 
conditions create specialized niches due to the interplay of biogeochemical 
gradients and diffusive limitation (Nunan et al., 2007; Raynaud et al., 2014; 
Vos et al., 2013). Ecologically important processes such as the cycling of 
carbon have been shown to be impacted by this heterogeneity (Hansel et al., 
2008; Widerlund and Davison, 2007). Part of the heterogeneity arises from 
the aggregative nature of soils. Indeed, microorganisms attached to the 
surfaces of the soil microagregates can be excluded from entering the soil 
micropores due to their size. Soluble electron acceptors and donors must then 
diffuse through the pore water to the surface of the aggregates before they 
become available to the microorganisms  (Ramaswami and Luthy, 2002).  

A way of quantifying the diffusive limitation imposed on microbial activity 
by this kind of heterogeneity is the dimensionless Damkohler number Da3, 
sometimes referred to as the Thiele modulus; it is defined as the ratio 
between the biotransformation rate and the diffusion rate within the 
aggregate: 

Da3 = kbio 
. R2 / Deff (1) 
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where kbio is the biotransformation rate constant, R is the aggregate radius, 
and Deff is the effective intra-aggregate diffusion coefficient that accounts for 
sorption-retarded diffusion within tortuous micropores.  If Da3 > 1, then 
intra-aggregate micropore diffusion limits biotransformation (Chung et al., 
1993; Ramaswami and Luthy, 1997; Ramaswami et al., 1997). If Da3>1, the 
biological potential limits the reaction rate. 

Here, we vary the relative distribution of organic matter and bacteria 
extracted from forest litter in flowthrough columns to quantify the impact of 
the diffusion limitation, as evaluated with Da3, on microbial NO3

--
metabolism. 

 

2 Materials and Methods 
To quantify the impact of reducing the diffusive limitation of soil organic 
matter on microbial NO3

--metabolism we arranged an array of column 
microcosms with different degrees of diffusive limitation imposed on a finite 
amount of soil organic matter (electron donor) and a constant flux of NO3

- 
(electron acceptor), and monitored the fate of NO3

-. All columns, with the 
exception of the controls, had the same amount of sterile soil distributed into 
a sandy matrix inoculated with bacteria extracted from the same soil, but they 
differ by the spatial distribution of the soil, from very patchy to fairly 
homogeneous.  

2.1 Preparation of carbon source and extraction of 
bacteria 

We sampled  soil from the upper 10 cm of Fagus sylvatica forest in 
Dyrehaven, Kgs. Lyngby, Denmark. Bacteria were extracted using the 
Nycodenz density-gradient extraction method according to Lindahl and 
Bakken (Lindahl and Bakken, 1995). Soil was sterilized by autoclaving three 
times at 115⁰C for 20 minutes, drying in an oven at 105⁰C for 60 min and 
then kept in an airtight container. Soil organic matter content was determined 
to be 18.3 ± 0.4% and the bacterial extract contained 5.8E7 ± 1.5E6 bacteria 
per ml. 
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2.2 Batch experiment for determining the 
biotransformation rate constant 

To estimate the intrinsic maximum NO3
- reduction rate in the soil litter 

columns, we set up a batch experiment of 3 x 3 stirred bottles, see "Batch 
experiment for determining the biotransformation rate constant" in the 
Supplementary Material. Only the bottles which had received both soil and 
bacteria showed a decrease in NO3

--concentration. Since an excess of NO3
- to 

organic matter was used, first order kinetics with respect to organic matter 
was assumed. The biological rate constant, kbio, was estimated at 1.60 ± 0.03 
d-1 by linear regression after log transformation (R²= 0.99 ± 0.0004). 

2.3 Estimating the diffusion coefficient 
Strobel et al (2001) characterized the composition of dissolved organic 
carbon in soil suspension from several soil types, and reported that for F. 
sylvatica forest litter from Zealand, Denmark, the dissolved organic carbon 
was primarily composed of formic and acetic acids, but also of several other 
organic compounds (table 1). (Strobel et al., 2001). We estimated the 
diffusion coefficient for these compounds using the Wilke-Chang correlation: 

DAB = (7,4 . 10-8 (φB 
. MB)(1/2)  . T) / (ηB . VA (0.6)) (2) 

 

Where DAB is the diffusion coefficient of a compound, designated A, in a 
solvent, designated B, in (cm2 / s), here DAB is equal to DW, the diffusion 
coefficient in water, since the solvent is water; T is the absolute temperature 
in K; ηB is the viscosity of the liquid medium in (kg/ (m s)) (1.308 for water); 
φB is an association parameter for the solvent (2.6 for water); MB is the 
molecular weight of the liquid medium (18.02 g/mol for water) and VA is the 
solute specific molar volume at its normal boiling point in (m3 / kg mol) 
(Wilke and Chang, 1955), which is estimated using: 

VA = 0.32 . L .  (L - 1) + ∑ (Aj 
. Gj) (3) 

 

Where L is the number of C, B, and Si atoms in the longest chain, corrected 
for side groups, Aj is the number of side groups j, and Gj is the group 
contribution for group j, given by (Schotte, 1992). 

To take into account that the organic substrate diffuses in a porous medium, 
Dw was converted to Deff using: 

Deff = Dw . ε(4/3) (4) 
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where ε, the porosity, is defined as cm3 pore volume per cm3 bed material 
(Millington and Quirk, 1961).  

Using the organic matter composition from the study of soil suspensions 
(Strobel et al., 2001) as a reference, we calculated VA using equation (3) and 
used those results to calculate Deff using equations (2) and (4) (table 1). 
Multiplying Deff for each organic compound with its concentration, summing 
the results and dividing it with the sum of the concentrations gave a weighted 
mean Deff of 7.761 cm2/s.  

2.4  Designing a defined soil-water interface 
In order to be able to utilize equation (1) to quantify the extent of diffusion 
limitation we designed a well-defined soil-water interface by encasing the 
sterile soil prepared in section 2.1. in an alginate matrix which exclude 
microorganism entry but allows diffusion of soluble organic carbon. This was 
done by mixing the soil with a 1.0% solution of sodium alginate (reagent 
grade, from sigmaaldrich.com) which had been sparged with nitrogen gas for 
20 minutes to minimize the amount of dissolved oxygen. The mixture was 
transferred to syringes with different diameter nozzles, and subsequently 
firmed up by gently emptying the syringes into a 1.0% CaCl2 (reagent grade, 
from sigmaaldrich.com) solution which had also been sparged with nitrogen 
gas for 20 minutes. Using this technique we produced a soil-alginate cylinder 
(120 mm long, 15 mm diameter , 21.2 cm3 volume, containing 3.0g sterile 
soil), as well as large (7 mm diameter, 0.180 cm3 volume, containing 25 mg 
sterile soil each) and small (2 mm diameter, 0.0335 cm3 volume, containing 
4.7mg sterile soil each) spherical soil-alginate pellets. For controls, a 1% 
alginate cylinder and 2 mm pellets without soil were also produced in a 
similar manner. Both cylinders and pellets were allowed to firm up in the 
CaCl2 bath for 12h hours, and were inspected visually before use; fused and 
otherwise non-spherical pellets were discarded. The same volume of soil-
alginate mixture (21.2 cm3) was used in all column but this corresponded to 
different interfacial areas depending on the its geometry : 60.0, 181 and 79.6 
cm2 for the cylinder, 7 mm pellets and 2 mm pellets, respectively. 
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Table 1: Organic compounds found in soil solution from Fagus sylvatica forest soil. c is 
the concentration measured in soil solution by Strobel et al (2001), VA is the solute specific 
molar volume at its normal boiling point in (m3 / kg mol) calculated using the method by 
Schotte (1992), Deff is the effective intra-grain diffusion coefficient estimated using the 
Wilke-Chang correlation (Wilke and Chang 1955). 

  c (µM)  VA (m
3 / kg mol)  Deff (cm

2 / s) 

Malonic acid  4  96.36  5.897 . 10‐6 

Malic acid  4  122.6  5.102 . 10‐6 

Succinic acid  1  117.3  5.241 . 10‐6 

Citric acid  3  137.5  4.763 . 10‐6 

Formic acid  67  47.59  9.002 . 10‐6 

Acetic acid  93  65.73  7.418 . 10‐6 

Propanoic acid  15  86.03  6.312 . 10‐6 
 

 

Using these interfacial areas, we used equation (1), the kbio determined in the 
batch experiment and the weighted mean Deff to quantify the degree of 
diffusion limitation for the three aggregate sizes, and obtained Da3 values of 
0.0239, 0.292, and 1.34 for the 15 mm cylinder, 7 mm pellet and 2 mm pellet 
respectively. This corresponds to a range of diffusive limitation that stretches 
from no intra-aggregate micropore diffusion limitation on biotransformation 
to intra-aggregate micropore diffusion limiting biotransformation. 

2.5 Experimental setup 
Six 225 cm3 columns were constructed from borosilicate glass cylinders (56 
mm diameter, 3.5mm wall thickness, from mirit.dk), Teflon™ plugs equipped 
with nitrile rubber gaskets (M. Wilhelmsen NBR 3.0mm O-ring, from m-
seals.dk) and stainless steel piping. A sterile influent solution composed of 
10mM NaNO3 (equal to 140 mg NO3

--N per liter) and 100 µM Na2HPO4 in 
distilled water, the latter added to avoid phosphate becoming a limiting 
factor, was distributed to the columns using a multi-channel Technicon 
AutoAnalyzer II proportioning pump. All influent solution was sparged with 
nitrogen for 20 minutes to remove dissolved oxygen. The effluent pipes were 
equipped with individual sampling ports and stainless steel coils for storing 
effluent (figure 1). 

The columns were packed by first placing two filters (Advantec GF-75 glass 
fiber filter, from frisenette.dk) on the bottom Teflon™ plug, adding 1 ml 
bacterial extract and then filling the columns with 225 cm3 matrix composed 
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of soil-alginate (or alginate only) cylinders or pellets in sterile sand 
(Dansand® Filtersand type 0, from Dansand.dk) which had been soaked in 
influent solution to facilitate packing. Columns one and three were packed 
with a central 120mm long cylinders of alginate with and without soil, 
respectively. The matrix for the remaining four columns was prepared by 
measuring out 21.2 cm3 pellets in a beaker, adding sand soaked in influent 
solution to a total volume of 225 cm3, gently mixing the pellets and sand with 
a glass spatula and transferring the mix to the columns. Column two received 
2mm alginate beads with no soil, column four 7mm pellets with soil, and 
columns five and six 2mm pellets with soil. The pump was set to deliver 
75ml influent solution per day to each column for a total of 294 mg-N (NO3

-) 
over 28 days. 

2.6 Effluent analysis 
Samples were withdrawn from the sampling ports using syringes and 
analyzed in triplicates. NO3

-, NO2
-, and NH4

+ contents were determined  
using Merck Spectroquant NO3

- test kit (Merck cat. no. 09713), NO2
- test kit 

(Merck cat. no. 14776) and NH4
+ test kits (Merck cat. no. 00683 and 14752) 

according to the manufacturer’s specifications. N2O content was measured 
using a Unisense nitrous oxide sensor connected to an Unisense mV-meter 
(both from unisense.com). pH was measured using a Hach HQ40d multi-
parameter meter equipped with an IntelliCAL PHC20101 pH electrode. 
Bacteria were enumerated using a counting chamber. Total organic carbon, 
TOC, was analyzed on a Shimadzu Total Organic Carbon Analyzer TOC-
Vwp with auto sampler ASI-V. Visual inspection of the column contents after 
the 28 days revealed no visible degradation of the alginate matrix. 
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Figure 1: Array of 300 ml columns for studying the impact of diffusive limitation on the 
fate of nitrogen in soil. The columns were packed with similar amounts of sand and soil 
encased in alginate, but differing in the diameters of the soil-alginate particles, and thus 
also in the degree of diffusive limitation, indicated by size of the third Damköhler number, 
Da3. All columns were inoculated with the same amount of bacteria previously isolated 
from soil. 1: stainless steel influent pipe, 2: Teflon plug with nitrile rubber gasket, 3: 
borosilicate glass cylinder, 4: central compartment for soil, 5: stainless steel effluent pipe, 
6: port for withdrawing samples, 7: stainless steel coil for storing effluent. 

 

2.7 Calculation of maximum consumption and 
production rates, maximum 24h increase in 
consumption and production and mass balance 

Maximum consumption and production rates were calculated by subtracting 
the lowest effluent concentration from the influent concentration, and 
multiplying with the flow rate. Maximum 24h increase in consumption and 
production was calculated as the largest slope obtained from linear regression 
on NO3--effluent concentration as a function of time for two subsequent 
days. Mass balance for a given N-compound was calculated by adding the 
daily production / consumption, defined as ((effluent concentration - influent 
concentration) .  flow rate), for the entire 28 day period. 
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Table 2: Maximum relative nitrate consumption rates and nitrite, nitrous oxide and 
ammonium production rates; all rates are per g organic matter 

Column nr.  3  4  5  6 

Da3   1.34  0.292  0.0239  0.0239 

NO3
‐‐N 

Maximum consumption rate (µg/d)  4850  5675  8025  7425 

Maximum increase in 
consumption over 24h (µg)  3324  3097  3962  5101 

NO2
‐‐N 

Maximum production rate (µg/d)  1393  1832  47.7  24.2 

Maximum increase in production 
over 24h (µg)  473  934  29.3  14.0 

N2O‐N 

Maximum production rate (µg/d)  603  352  0  0 

Maximum increase in production 
over 24h (µg)  498  56.8  0  0 

NH4
+‐N 

Maximum production rate (µg/d)  0  0  868  280 

Maximum increase in production 
over 24h (µg)  0  0  245  105 

 

3 Results 

3.1 Nitrate consumption 
The overall picture was that NO3

- consumption initially was very slow (phase 
1), then increased rapidly for a few days (phase 2), after which it plateaued 
(phase 3), and eventually decreased and stopped (phase 4) (figure 2a). During 
the first two weeks, effluent NO3

- content decreased for all columns 
containing soil-alginate aggregates, but more so for the ones with the lowest 
degree of diffusive limitation. The column with the highest degree of 
diffusive limitation and the one with the intermediary degree had comparable 
maximum NO3

--consumption rates, it increased significantly for the columns 
with the lowest degree of diffusive limitation (table 2), both of which 
maintained a higher NO3

--consumption rate than the other columns for a 
week. At this point, their NO3

--consumption rate went down to the level of 
the other columns for a few days, then plummeted and ended up around 0. In 
comparison the columns with the highest and the intermediate degree of 
diffusive limitation maintained a low NO3

--consumption for a longer time, 
and activity had not died out completely at the end of the experiment (figure 
2a). 
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3.2 Other nitrogen compounds collected in the 
effluent 

NH4
+ production was only detected in the two columns with the lowest 

degree of diffusion limitation, reaching its peak when these columns 
exhibited their highest NO3

--consumption (table 2); after this time NH4
+ 

production decreased sharply over the course of a few days and then ceased 
completely (figure 2b). While the most diffusion-limited column did not 
show signs of NH4

+ production, it started producing NO2
- after a week when 

the column was about to reach a plateau in NO3
--consumption.  
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Figure 2: Effluent concentrations of nitrate (a) and ammonium (b) for different degrees of 
diffusive limitation quantified using the Damkohler number Da3. For many points the ±SE 
bars are smaller than the symbol size. 
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During this plateau the NO2
--production first increased sharply until it 

reached its maximum production rate, then gradually decreased over the next 
two weeks. The column with the intermediary degree of diffusive limitation 
reached its plateau in NO3

--consumption later than the one with the highest 
degree of diffusive limitation, and likewise its NO2

--production was slower to 
take off, but for this column it also happened at the time its NO3

--
consumption plateaus (figure 3a). This column had both the highest 
maximum NO2

- production rate, and the sharpest increase in NO2
--production 

out of all columns (table 2). The two columns with the lowest degree of 
diffusive limitation saw a very minor production of NO2

- during a few days, 
concomitant to their initial increase in NO3

--consumption. This only 
amounted to 1% of the NO2

- produced in the columns that are more diffusion 
limited. For the most diffusion-limited column and the one with the 
intermediate degree of diffusive limitation, the onset of NO2

--production 
coincided with release of N2O, for the former, as a five day spike of N2O, 
while for the latter, as more progressive, 2 week production event  (figure 
3b). 

3.3 Effluent pH, bacterial count and TOC content 
The effluent from the columns with the highest and intermediary degree of 
diffusive limitation started around pH 7.0, gradually decreased to 6.8 over the 
time it took the columns to reach the middle of their NO3

--consumption 
plateaus, and stayed around this level for the remainder of the experiment; 
effluent from the columns with the lowest degree of diffusive limitation 
stayed around pH 6.7 to 6.8 for most of the experiment. In comparison, the 
control columns gave pH readings in the 7.2 to 7.3 range (figure S1). Bacteria 
in effluent started around 2.0 . 106 per ml, and decreased to 2.0 . 105 per ml 
over the course of the experiment for all columns (figure S2), and likewise 
TOC decreased for all columns over the course of the experiment (figure S3).  
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Figure 3: Effluent concentrations of nitrite (a) and nitrous oxide (b) for different degrees 
of diffusive limitation quantified using the Damkohler number Da3. For many points the 
±SE bars are smaller than the symbol size. 
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3.4 Overall nitrogen balance 
NO3

--consumption was similar for the four soil containing columns, ranging 
from 27% of the added NO3

- to 32%. Out of the NO3
- that got converted 23% 

from the highest degree of diffusive limitation and 4.5% from the lowest 
could be accounted for by the collected NO2

-, N2O and NH4
+, leaving 77% to 

95% for N2 (figure 4). The size of the converted fraction was seen to follow 
the increase in maximum NO3

--consumption rate (table 2). Going from a high 
degree of diffusive limitation to an intermediary one didn't affect the fraction 
of NO3

- that got converted to NO2
-, it stayed at 20%, while the fraction that 

got converted to N2O increased from 2% to 3%. Continuing on to the 
columns with the lowest degree of diffusive limitation practically abolished 
NO2

-- and N2O-production, and instead up to 4.5% of the NO3
- got converted 

to NH4
+ (figure 4). 

 

Figure 4: Nitrate consumption in columns (a) and nitrogen compounds collected in 
effluent (b) as a function of diffusive limitation quantified using the Damkohler number 
Da3. Please note that the left and right vertical axes have different scales. For some values 
the ±SE bars are too small to be visible. 
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4 Discussion 
At the beginning of the experiment, the bacterial density was around 2.0 . 106 
per cm3 for all columns, but many of these cells failed to attach and  initially 
the columns lost daily an amount of bacteria similar to their inoculum (figure 
S2).We thus assume that the cause of phase 1 was that the limited starting 
population needed to multiply and colonize the columns before NO3

--
transformations could increase steadily until the highest 24h increase in 
nitrate consumption was registered for all columns (table 2).  At this point the 
columns were no longer limited by microbial abundance but soon hereafter 
carbon limitation set in at the beginning of phase 3 due to the columns 
starting to become limited by carbon, indicated by effluent TOC having 
decreased by roughly 75% (figure S3) . Eventually the organic carbon 
became so depleted that NO3

- consumption started to cease in phase 4 (figure 
2a).   

Looking at the most diffusion-limited column and the one with the 
intermediary degree of diffusive limitation, both NO2

--  and N2O-production 
and  took during the transition to beginning carbon limitation, and then 
decreased as carbon supplies dwindled further. For the two columns with the 
lowest degree of diffusive limitation NH4

+-production began while NO3
- 

consumption was increasing, and before carbon limitation had set in. It too 
started to cease as carbon limitation set in, and eventually died out. It stands 
to reason that going from a high to a low degree of diffusive limitation 
resulted in a shift from conditions that favor NO2

-- and N2O-production, to 
ones favoring DNRA, and that the change in conditions was a switch from 
low to high local availability of carbon, brought about by different degrees of 
diffusive limitation. 

Looking first at NH4
+-production, as described in the introduction DNRA 

activity has been linked to a high electron donor/acceptor ratio. Looking at 
the literature describing the relationship between  the electron donor/acceptor 
ratio and DNRA, a study utilizing rapidly shaken batch cultures of the soil 
bacteria Citrobacter C48 in a liquid growth media found that a high ratio led 
to increased DNRA (Smith, 1982), and similar results were found by a study 
which did bulk measurements on compacted, homogenized soil from a 
cultivated field (Fazzolari et al., 1998). Conversely, a study doing 
measurements on tropical soil cores that had been retrieved with great care in 
terms of preserving their internal structure found no impact of electron 
donor/acceptor ratio on DNRA (Sotta et al., 2008). While these studies did 
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not look at how mass transfer limitations might have affected the electron 
donor and electron acceptor fluxes at the micro scale, but it seems plausible 
that there were differences in the degree of diffusive limitation between the 
carefully preserved soil, the homogenized soil, and certainly the rapidly 
shaken liquid growth media . Based on our results presented here it is likely 
that diffusive limitation impacted the results in the aforementioned studies, 
and that DNRA was stimulated by a high local availability of organic matter, 
facilitated by a low degree of diffusive limitation. 

We have previously reported that DNRA activity is readily observable in 
litter from Fagus sylvatica soil from Dyrehaven, Kgs. Lyngby, Denmark, and 
that increasing the electron donor/acceptor ratio and/or the bacterial inoculum 
increased DNRA in this system significantly (Pedersen et al., 2015). Now, 
with the aid of quantified controlled diffusive limitation, we have explored 
the system further and found that we can push it from NO2

-- and N2O-
production to DNRA by reducing diffusive limitation. This suggests that 
while the bulk electron donor/acceptor ratio investigated in earlier studies 
may at times be a useful indicator for what nitrogen transformation processes 
are likely to be dominant in a given system, gaining a deeper insight into the 
conditions and processes at small scales where biogeochemical gradients and 
diffusive limitation is of paramount importance may give us a far more 
accurate and useful tool.  

DNRA was not the only possible source of NH4
+ in the system:, NH4

+ already 
present in the litter at the beginning of the experiment could have been 
washed out by the application of a constant flow of a mineral salt solution 
through the columns, and it could also have been formed by ammonification 
of decomposing organic matter. However, in all columns, no NH4

+ was 
observed in effluent during the first  five days of  flow so it is assumed that 
no, or very little, abiotic release of NH4

+ took place. In addition, the amount 
of organic nitrogen in F. sylvatica litter is expected to be in, or near, the 
range of 7.42 to 13.82 µg per g dry litter (Mooshammer et al., 2012), which 
translates for columns 3 to 6 into up to 41.5 µg organic nitrogen at the 
beginning of the experiment, which amount to less than 5% of the collected 
NH4

+, leaving the remaining 95% to be described to DNRA activity. 

Moving on to incomplete denitrification, an earlier study of NO3
- removal in 

Fagus sylvatica soil found that most of the removed nitrate was converted to 
N2O (Struwe and Kjøller, 1992), something that has been suggested is linked 
to the microorganisms trying to avoid high concentrations of NO2

- (Kaspar, 
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1982). N2O production rates during DNRA are typically in the range of 1-
10% (Cole, 1988; Smith and Zimmerman, 1981), however in the present 
study we did not register any N2O-production and little NO2

- -production 
during DNRA, only during denitrification.  

The factors controlling N2O emissions during  denitrification are complex 
and not yet fully deciphered. The response of soil NO2

- and N2O-production 
to the electron donor/acceptor ratio during denitrification has been shown to 
depend on the soil history: soils with a history of fertilizer use increase NO2

- / 
N2O-production in response to a high ratio, while soils with no such history 
will decrease NO2

- and N2O-production in response (Senbayram et al., 2012). 
This is supported by a study of soil in an agricultural region which exhibited 
increased N2O emission in response to increased availability of organic 
matter. Same study also noted that N2O emission was related to 
environmental conditions, and not recognizably so to soil origin (van den 
Heuvel et al., 2009). In our present study we found that under conditions with 
high diffusive limitation NO2

- and N2O production accounted for 20% and 
2.3% of the total NO3

- reduction, respectively, which decreased to 0.2% and 
0% under conditions of low diffusive limitation, and at the same time up to 
4.4% of the reduced NO3

- was now converted to NH4
+. This supports that 

N2O production is influenced significantly by environmental conditions, here 
in the form of the onset of carbon limitation, and that the environmental 
conditions at small scales must be taken into consideration when studying 
microbial processes in soil. 

Our findings also show that manipulating diffusive limitation may be a useful 
tool for mitigating N2O pollution. This comes with one caveat, however, 
since we did not observe a linear relationship between diffusive limitation 
and  release of N2O: going from a high degree of diffusive limitation to an 
intermediary one increased N2O-release slightly, and further reduction of 
diffusive limitation was needed to switch it off. As a result, one must be 
diligent when adjusting diffusive limitation, lest one will not get the desired 
result. Reducing the size of soil aggregates and thus decreasing the diffusion 
path length within the aggregates has already been shown to enhance 
desorption (Steinberg et al., 1987) and increase mineralization of organic 
contaminants (Rijnaarts et al., 1990). Diffusion rates strongly depend on the 
concentration gradient and the average solute transport distance. In naturally 
occurring soil aggregates the microbial removal of the dissolved part of the 
substrate can lead to a steeper concentration gradient; the removal of organic 
matter can also shorten the average solute transport distance, as the 
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microorganisms may become able to colonize more sections of the soil 
aggregates as they start breaking down. Both of these factors can lead to 
increased diffusive supply to the microorganisms, and the soil processes are 
further impacted by the spatial distribution of the microorganisms in the soil 
matrix (Dechesne et al., 2010; Groffman et al., 2009; Owsianiak et al., 2010). 
Assuming no degradation of the alginate matrix over the course of the 
experiment, as suggested from visual inspection of the column contents at the 
end of the experiment, there will have been no shortening of the average 
solute transport distance. This means that reducing the particle size of 
naturally occurring soil organic matter potentially has an even bigger 
potential to shift a system from incomplete denitrification towards DNRA, 
compared to what is seen for the soil-alginate aggregates utilized in this 
experiment.  

The importance of our results is twofold. First of all they opens up the 
possibility for controlling soil nitrogen transforming processes though 
modulating diffusive limitation. Secondly, they show that quantified, 
controlled diffusive limitation is a useful tool for studying environmental 
processes, a tool that should be utilized further in the study in DNRA and 
N2O emission, but also one that may be applied to the study and manipulation 
of other environmental processes. One such process is the degradation of 
pollutants where small scale heterogeneity has been shown to be an important 
factor (Dechesne et al., 2010; Owsianiak et al., 2010). The utility of the 
approach used in this study underlines that taking microscale biogeochemical 
gradients and diffusive limitation into account is of great importance when 
trying to infer the factors controlling environmental processes where bulk 
measurements do not provide conclusive answers, emphasizing the need for 
further studies of small scale heterogeneity and diffusive limitation. 
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Supplementary material 

 

 

Figure S1: Column effluent pH. For many points the ±SE bars are smaller than the symbol 
size. 
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Figure S2: Column effluent bacterial count per ml.  
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Figure S3: Column effluent Total organic carbon concentration. For most points the ±SE 
bars are smaller than the symbol size. 
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Batch experiment for determining the biotransformation rate constant 

A batch experiment of 3 x 3 bottles  was set up: all bottles were filled with 
225 ml of a solution composed of 100mM NaNO3 (equal to 1400 mg NO3

--N 
per liter) and 100 µM Na2HPO4 in distilled water to ensure an excess of NO3

-. 
The solution had previously been sterilized by autoclaving at 115�C for 20 
minutes and sparged with nitrogen for 20 minutes to remove dissolved 
oxygen.  

The first three bottles received 3.0g of the soil and 500 µl of the bacterial 
extract prepared above, the next three bottles received 3.0g soil and no 
bacteria, and the last three bottles received neither soil nor bacteria. The 
bottles were equipped with injection caps, placed on a shaking table at room 
temperature and samples were withdrawn every 12 hours for a week using a 
syringe. The NO3

--content of the samples was measured in triplicate using a 
Merck Spectroquant NO3

- -test kit (Merck cat. no. 09713).  

 

A (3 bottles): 200 ml NO3
--solution, 3.0g soil, soil bacteria 

B (3 bottles): 200 ml NO3
--solution, 3.0g soil 

C (3 bottles): 200 ml NO3
--solution, soil bacteria 

 

Table S1: NO3
- concentration  (mg NO3

--N/l) as a function of time for bottles in batch 
experiment. 

  A1  A2  A3  B1  B2  B3  C1  C2  C3 

0h  1510  1510  1490  1500 1490 1510 1520 1500  1490

13h  1480  1490  1500 

32h  1500  1470  1490  1520 1490 1500 1470 1510  1500

53h  1430  1410  1440 

56h  1130  1160  1150 

59h  950  950  970 

62h  770  760  780 

65h  650  600  640 

77h  290  280  290  1490 1500 1470 1480 1480  1490
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For first order reactions ln([X]) = −k . t + ln([X]0), where t is time, [X] is the 
concentration of the compound of interest, [X]0 is the initial concentration of 
X at t = t0, and k is the first order rate constant. To determine what value to 
use for [X]0 for the purpose of linear regression, we used Students t-test with 
a 5% significance threshold to determine when the average NO3

- 

concentration in the "A" bottles was significantly different from their average 
concentration at the beginning of the experiment; this was found to be 53h 
after the start of the batch experiment. 

Linear regression of ln(NO3
- conc.) as a function of time gave the following 

fits: 

A1: ln([NO3
- conc.]) = −k . t + ln([X]0) = -1.58 t + 7.25, r2 = 0.9993 

A2: ln([NO3
- conc.]) = −k . t + ln([X]0) = -1.63 t + 7.25, r2 = 0.9988 

A3: ln([NO3
- conc.]) = −k . t + ln([X]0) = -1.60 t + 7.26, r2 = 0.9996 

Which gives an average kbio of 1.60 ± 0.03 d-1. 
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Abstract 
Steep physiochemical gradients and diffusive limitation associated with 
microscale features such as cracks and pores make soil and sediments 
remarkably heterogeneous environments, which is reflected on many 
environmentally important processes. If we are to understand and attempt to 
control the ecology of the microorganisms which inhabit these environments 
we must not only characterize their inhabitants, but also the complex 
biogeochemical landscape they live in. This includes local concentrations of 
electron acceptors and donors, microbial metabolites and key physical and 
chemical parameters such as pH and soil structure.  

To this end, an array of techniques for collecting data at the microscale has 
been developed, deployed and refined, ranging from microsensor probes to 
planar sensors. This review provides a general reference for and a critical 
comparison of microscale techniques available to the fields of soil and 
sediment microbial ecology. Techniques are evaluated based on their ability 
to provide spatially resolved data at the micro scale, with focus on 
performance characteristics, potential for repeated measurements, degree of 
physical disruption they create, and accessibility.  

Microscale studies have given us many insights, but we outline further 
progress needed to make  the microscale toolkit more accessible and to 
extend the range of analytes that can be measured simultaneously, so that we 
may expand our knowledge of the complex environmental microscale 
heterogeneity and its impact on soil and sediment ecology and functioning. 
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1 Introduction 
Soil and sediments are complex, heterogeneous environments. Some of this 
heterogeneity is visible to the naked eye and/or can be readily measured 
using samples of gram to kilogram size. However it is becoming more and 
more evident that heterogeneity is not just present at the macroscopic scale, 
but also at the microscopic scale, the scale directly relevant for the ecology 
and functioning of microorganisms. Here local conditions in microscale 
features such as cracks in sand grains (Minagawa et al., 2008) and pores in 
organic remains (Widerlund and Davison, 2007) impact important processes, 
such as the cycling of carbon, nitrogen, sulfur and metals (Hansel et al., 
2008; Widerlund and Davison, 2007).  In this review, ‘microscale’ is reserved 
for structures and processes measuring or occurring at scales from 1 to 100 
µm, ‘macroscale’ from 1 cm and above, and ‘mesoscale’ for anything in 
between. Similarly, the term ‘microniche’ here refers to 1 µm3 to 100 µm3 
subdomains associated with reactive compounds where diffusion limits the 
exchange with the bulk of the studied system. 

Diffusive limitation caused by microscale features can lead to substantial 
spatial heterogeneity in the biogeochemistry, and if we want to understand  
the ecology of the microorganisms that inhabit these heterogeneous 
environments, then we must not only be able to describe the microorganisms 
themselves, but also characterize the spatiotemporal niches they inhabit and 
how, and to which extent, the microorganisms and niches interact with each 
other(Nunan et al., 2007; Raynaud et al., 2014; Vos et al., 2013). While the 
total volume occupied by a given microniche is very small compared to the 
bulk system, its surfaces often provide plenty attachment opportunities for 
microbes which  are exposed to the ambient gradients but also modify them 
and create new ones. The resulting microbial microcolonies and biofilms are 
hotspots of activity reacting to and contributing to the complex web of spatial 
and temporal physiochemical gradients(Nunan et al., 2007). The occurrence 
of microbial hotspots in soil has recently been reviewed by Kuzyakov and 
Blagodatskaya who examined both the microbial hotspot occurrence, size, 
spatial distribution, lifetime and the associated intensity of microbial activity. 
The study revealed links between hotspots, their consumption of labile 
carbon, microbial growth, competition and other processes, concluding that 
despite occupying only 0.2 to 5% of the soil volume, the hotspot niches may 
be responsible for most processes measured in mixed soil samples, such as 
organic matter degradation and nitrogen cycling (Kuzyakov and 
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Blagodatskaya, 2015). This heterogeneity has not only biogeochemical 
consequences; microniches can also function as a reservoir for important 
human pathogens such as Staphylococcus aureus, Pseudomonas aeruginosa 
(Mohammed et al., 2012), and Vibrio cholera(Vezzulli et al., 2010), all 
responsible for infections, hospitalizations and deaths every year(Ali et al., 
2012; Hota et al., 2009; Palavecino, 2004).  

Measurements performed on such complex heterogeneous systems with tools 
lacking microscale resolution overlook microscale features or, at best, 
represent them by a single data point (Docekalová et al., 2002; Grundmanis 
and Murray, 1977; Leermakers et al., 2005). This is clearly  illustrated by 
studies where microscale techniques reveal substantial heterogeneity 
previously overlooked using macroscale techniques, such as the recording of 
the first in situ deep penetrating oxygen profiles in the western South Atlantic 
using oxygen optodes and microelectrodes, which showed that the 100 µm 
resolution of the microelectrode was needed to accurately measure the 
diffusive boundary layer (Wenzhöfer et al., 2001). Likewise, the 
simultaneous deployment of diffusive gradient in thin-films, DGT, and 
diffusive equilibrium in thin-films, DET, probes in Loch Duich, Scotland, 
gave direct evidence for a nitrate peak between the iron and sulphate 
reduction zones, a microfeature which had hitherto been overlooked  
(Mortimer et al., 2002). We still know little about the complex interactions of 
microniches, physiochemical gradients and spatial organization of 
multispecies microbial communities, and removing them from their natural 
environment and taking them apart and analyzing them is likely to modify or 
destroy both structure and functions(Epstein, 2009). Therefore our 
understanding of the microbial ecology of soils and sediments will benefit 
from the use of microscale techniques, which should not only be sensitive, 
robust, durable, minimally invasive but also economically accessible.  

For a long time the impact of microscale heterogeneity was not evident, and 
progress in our understanding of these systems has been dependent on  a 
gradual move towards studying the microenvironments directly in minimally 
disturbed samples and at a higher and higher resolution. This has allowed us 
to piece together an increasingly detailed view of their complex spatial 
organization, steep physicochemical gradients and diffusion and flow 
patterns(Amann and Kühl, 1998). 
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1.1 Early studies of environmental heterogeneity 
Many of the early works on heterogeneity in soil and sediments were to a 
large extent zoological studies and examined how macro organisms, such as 
benthic biota, construct their burrow structures and affect the area around 
them(Buckland, 1835; Cunningham and Ramage, 1888; M’Intosh, 1894; 
Watson, 1890). Much of this body of work was reviewed by 
Dapples(Dapples, 1942) and more recently by Aller(Aller, 2001, 1982).  

Core sampling followed by core slicing and analysis has been used 
extensively in sediments due to its ease. Unfortunately, various retrieval 
artefacts mean that data from measurements on the cores might not reflect the 
conditions found in situ(Blomqvist, 1991; Emerson et al., 1982; Murray et 
al., 1980; Pamatmat and Fenton, 1968). When average concentrations in each 
slice are determined, all potential gradients within the slices are 
overlooked(Brendel and Luther III, 1995). Additionally, the mixing of the 
sample may allow chemicals that were localized in separate niches to meet 
and react, or simply give the impression that there is an overlap of redox 
species which did not exist in the untreated sample(Luther et al., 1999, 1998).  

The hypothesis that there exist niches in some environmental systems where a 
high content of organic matter results in localized spots of reducing 
conditions was suggested long ago as an explanation for the presence of 
metal sulfides within oxidized marine sediments (Emery and Rittenberg, 
1952) and was brought up again by others making similar suggestions(Emery 
et al., 1963; Hallberg, 1968). This hypothesis was expanded on by Jørgensen 
who developed a theoretical model for the maintenance of a reduced 
microniche within an oxic environment. He also suggested that the existence 
of such reduced microniches may be important for other metabolic and 
diagenetic processes (Jørgensen, 1977). Structural microscale studies of soils 
and its microbial inhabitants using electron microscopy gave early hints at the 
complex microscale heterogeneity of soils. The technique relied on extensive 
preparation protocols that served to both stabilize the soil physically and 
render it electron dense (Foster, 1988), but were not artefact-free. Early 
electron microscopy studies provided important clues to the functioning of 
soil, such as soil being composed of many small microbial colonies, each 
surrounded by its own immediate microenvironment (Hattori and Hattori, 
1976) and that the extracellular polysaccharides of an autolyzed bacterial 
colony may continue to hold an aggregate together well after the demise of 
the colony (Foster and Martin, 1981). 
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For some time, the microniche hypothesis was not confirmed, in spite of the 
availability of the necessary tools. Electrochemical microsensors capable of 
providing data at high spatial resolution have been available for over six 
decades. However they went unnoticed by microbial ecologists for almost 
three decades: intracellular capillary microsensors with tip diameters of less 
than 1 µm were used for studying action potentials and iron transport over 
biological membranes by neurophysiologists in the 1950s. A few years later, 
ion-sensitive microsensors for analysis of H+, Na+, K+ and Ca2+ were 
developed, and in the 1960s the first polarographic microsensors for the 
measurement of oxygen were described. At this time both types of 
microsensor were used for measurements in tissues and cell cultures but it 
would not be until the 1970s that microbial ecologists rediscovered them and 
introduced them to their field (Revsbech and Jørgensen, 1986). They have 
since been utilized to confirm the presence of steep microscale chemical 
gradients in soil. An example of this was the discovery that what had first 
appeared to be oxic silt loam soil contained small soil aggregates with central 
anaerobic niches, which were linked to denitrification (Sexstone et al., 1985). 

Since then, a wide array of microsensors, some available commercially, have 
been invented and put to use. In addition, planar optodes and other techniques 
able to acquire data in multiple dimensions have been developed and used to 
measure O2 (Glud et al., 1999), pH(Hulth et al., 2002), temperature (Borisov 
et al., 2011), CO2 (Blossfeld et al., 2013) and NH4

+ (Strömberg and Hulth, 
2005, 2001) and also multiple variables at the same time (Borisov et al., 
2011). 

1.2 Scope of this review 
This review serves not just as a general reference but also provides a critical 
comparison of microscale techniques available to the field of soil and 
sediment microbial ecology. The selected techniques have been chosen and 
are compared based on their ability to provide spatially resolved data at the 
micro scale, with focus on performance characteristics, potential for repeated 
measurements, degree of systems disruption, and accessibility.  
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2 Microsensors 
One of the most accessible groups of tools suited for the task of performing 
measurements at the micro scale are microsensors, pen-shaped probes with 
tip diameters down to a few micrometers. They convert a non-electrical 
physical or chemical signal into an electrical or optical output.  

Microsensors have several distinct advantages over other sensors, the most 
obvious one being their small sensor tips which, in some cases, measure just 
a few micrometers. Since the measurements are done at the scale of the tip, 
microsensors allow for high spatial resolution. In addition, their microscale 
internal dimensions and membranes mean short diffusive distances, fast 
response times, and low analyte consumption(Glud et al., 2000; Kühl and 
Revsbech, 2001; Revsbech and Jørgensen, 1986). Broadly speaking, 
microsensors fall into two categories: microelectrodes based on 
electrochemical signal detection, and microoptodes based on optical signal 
detection. Microelectrodes are divided into potentiometric sensors which 
passively measure the potential between two electrodes in the absence of a 
current, and then relate the potential to the concentration of the analyte, and 
amperometric sensors that have a potential applied between two electrodes, 
which results in a current proportional to the concentration of the analyte. 
The microelectrodes with highest use in microscale ecology can be divided 
into gas sensors, ion-exchange sensors, solid state sensors and biosensors. 
Microoptodes and microbiosensors will be discussed separately. A selection 
of microsensors and their performance characteristics are discussed below. 

2.1 Microelectrodes 
Commonly used microelectrode tip designs are shown in figure 1, and 
performance characteristics for a selection of published microelectrodes are 
available in table 1. Some of the first microsensors used in microbial ecology 
were simple cathodes, sometimes coated with either glass or a polymer and 
tipped with a resin to shield the electrodes from the environment (Baumgärtl 
and Lübbers, 1973; Whalen et al., 1967). These sensors have been used to 
measure redox potential, pH and sulfide, among others (Ebert and Brune, 
1997; Kuhl and Jørgensen, 1992; Revsbech and Jørgensen, 1986; Vanhoudt et 
al., 1992; Visscher et al., 1991). 
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Table 1. A selection of microsensors and their performance characteristics.  

Sensor type 

Minimum 

tip 

diameter 

(µm) 

Maximum 

response 

time to 90% 

signal (s) 

Major 

interferenc

es 

Minimum 

expected 

lifetime 

(months) 

References 

Gas sensors 

O2  1  0.5 H2S 12 (Glud et al., 2000) 

H2S  2  0.5  light  12 
(Kühl and Steuckart, 2000; 

Kühl et al., 1998) 

H2  1  10  H2S  12 
(Ebert and Brune, 1997; Witty, 

1991) 

N2O  1  50 H2S 12 (Andersen et al., 2001) 

CO2  10  300 H2S days (Cai and Reimers, 1993) 

Ion exchange sensors 

pH  10  10  none  12 
(Amman, 1986; Revsbech and 

Jørgensen, 1986; Thomas, 

1978) 

NO2
‐  10  15  H2S, Cl

‐  <1 
(de Beer, 2000; deBeer et al., 

1997b) 

NO3
‐  1  30 

H2S, Cl
‐, 

HCO3
‐  hours 

(de Beer and Sweerts, 1989; 

de Beer, 2000) 

CO3
‐  1  5  none days (Choi et al., 2002) 

NH4
+  1  60  Na+, K+  days 

(de Beer and van den Heuvel, 

1988; de Beer, 2000) 

Ca2+  1  5  none days (Amman, 1986; de Beer, 2000) 

pH  1  10  none  <1 
(de Beer, 2000; deBeer et al., 

1997a; Lee and de Beer, 1995) 

CO2  10  10  none  <1 
(de Beer, 2000; deBeer et al., 

1997a; Lee and de Beer, 1995) 

Optodes           

O2  20  1 

SO2, 

backgroun

d 

fluorescenc

e 

<1 
(Glud et al., 2000; Klimant et 

al., 1997b, 1995) 

Temperature  20 
not 

published 
O2  1  (Holst et al., 1997) 

pH  20  60 none 1 (Kohls et al., 1997) 

Solid state sensors 

pH  10  60 H2S <1 (Vanhoudt et al., 1992) 

Redox  10 
not 

published 
H2S  12  (Ebert and Brune, 1997) 

S2‐  10  900  pH  days 
(Kuhl and Jørgensen, 1992; 

Revsbech and Jørgensen, 

1986; Visscher et al., 1991) 
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Figure 1 – A selection of microsensor tips: a: Bare solid state electrode b: Gold tipped 
solid state electrode tipped with DPX, a resin composed of Distyrene, a Plasticizer and 
Xylene c: Liquid Ion eXchanger, LIX, -type microsensor in which a liquid ion exchanger is 
positioned at the tip of the sensor. Transport of ions over the membrane results in the 
buildup of a potential which can be measured by the chlorinated Ag wire. Redrawn from 
Kühl and Revsbech (2001) d: Glass pH microsensor made from pH-sensitive glass which is 
selectively permeable to hydrogen ions, like for the LIX microsensor transport of ions over 
the glass results in the buildup of a potential. Redrawn from (Revsbech, 2005). e: Clark 
type microsensor in which the measuring cathode is protected by an Ag guard electrode 
positioned further away from the silicone membrane; the guard electrode scavenges analyte 
diffusing from the bulk electrolyte. Redrawn from Revsbech (1989) f: Sturdy Clark type 
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microsensor, a modification of the regular Clark type microsensor (e) with thicker glass 
casing and silicone membrane. These modifications increase the travel  distanceof the 
analyte to the cathode, deteriorating the response time. Redrawn from Revsbech (1989) g: 
Nitrate-biosensor in which bacteria immobilized between the cathode and the outer 
silicone membrane convert NO3

- to N2O, which is then measured by the N2O-measuring 
cathode. Redrawn from Revsbech et al (2000) h: Oxygen-insensitive N2O microsensor 
where dissolved gasses have to cross an ascorbate solution to reach the cathode; the 
ascorbate solution scavenges O2, ensuring that only N2O reaches the cathode. Redrawn 
from Revsbech (2005).  

 

Their main disadvantages are that the signal tends to drift due to the electrode 
surface being poisoned by organic matter and other soil and sediment 
constituents, and that they can consume significant amounts of the analyte. 
The surface of the electrode requires frequent maintenance, and operating 
them is thus more time consuming than the gas and ion-exchange sensors 
(Kühl and Revsbech, 2001). Many gas sensors are Clark-type sensors where 
the partial pressure of a gas, usually O2, H2S, H2, N2O or CO2, is measured 
using a measuring cathode or anode immersed in an electrolyte and separated 
from the surroundings by a glass casing with a small gas-permeable silicone 
membrane(Clark et al., 1953). Gas diffuses through the membrane and reacts 
at the tip of the measuring electrode, resulting in an electrical signal. A guard 
cathode is placed in the electrolyte to prevent any gas from reaching the 
measuring cathode from the bulk electrolyte. These sensors tend to have very 
good response times, down to 500 ms or less, low sensitivity to stirring, 
which is ideal for use in soil and sediment, and expected lifetimes around 12 
months. They have few major interferences, with the notable exception of 
H2S which interferes with most gas sensors(Andersen et al., 2001; Cai and 
Reimers, 1993; Ebert and Brune, 1997; Glud et al., 2000; Kühl and Steuckart, 
2000; Kühl et al., 1998; Witty, 1991).  

Potentiometric microsensors based on ion-exchange consist of a silver wire 
immersed in an electrolyte and encased in a glass shielding. The tip contains 
either a membrane of liquid ion exchanger or a glass permeable to the species 
of interest, such as in the case of the glass pH microelectrode(Thomas, 1978). 
The measuring principle is based on the measurement of an electrical 
potential across the membrane or permeable glass, and, to facilitate this, the 
potentiometric microelectrodes are paired with a reference electrode in direct 
contact with the environment being analyzed. Examples of profiles recorded 
with a Clark-type gas sensor and a glass pH sensor are seen in figure 2a and 
2b respectively.  
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While ion-exchange sensors may not be able to match the response times of 
the fastest Clark-type sensors, some of them have response times down to 
5000 ms, and also a fairly low number of serious interferences; the aspect 
where they tend to fall behind is expected lifetime, where some ion-exchange 
sensors only are expected to only last a day or less (Amman, 1986; Choi et 
al., 2002; de Beer and Sweerts, 1989; de Beer and van den Heuvel, 1988; de 
Beer, 2000; Lee and de Beer, 1995; Revsbech and Jørgensen, 1986; Thomas, 
1978). 

Both simple solid state, gas and ion exchange microelectrodes have been 
manufactured with tips, and thus resolutions, at, or below, 10 µm. The fastest 
have response times around 1 s, and most are at, or below, 10s. The published 
lifetimes generally favor the gas sensors, but many will function for about 
one month, see table 1. 

 

 

Figure 2 – Combined measurements of oxygen, pH, and photopigment fluorescence in 
a cyanobacterial mat: Optodes and a glass pH microelectrode have been fixed to the tip 
of an oxygen microsensor and used to simultaneously measure profiles for oxygen, pH and 
photopigment fluorescence through a cyanobacterial mat. a: oxygen profile measured using 
a Clark type oxygen microsensor, b: pH profile measured using a glass pH microelectrode, 
c: phycobilin and chlorophyll fluorescence profiles measured using a microoptode. The 
microscale measurements reveal stratification of oxygenic photosynthetic activity into 
distinct zones that correlate with the attenuation of scalar irradiance and the distribution of 
photosynthetic microorganisms mapped using the distribution of their characteristic 
pigment fluorescence. Adapted from (Kühl and Fenchel, 2000) with permission from the 
publisher. 
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2.2 Biosensors 
While many of the first microelectrodes relied on electrochemical sensing 
principles, there are environmental variables that cannot be measured using 
this approach. In some cases this problem can be overcome by combining 
traditional electrochemical microsensors with biological catalysts, either in 
the form of enzymes or as whole cells.  

This approach is, however, made difficult by the fact that the biological 
catalysts generally need specific physicochemical conditions to be able to 
function, and there is a limit to how long these conditions can be maintained 
inside the microsensor due to consumption of nutrients and production of 
metabolites. This increases the dimensions of microbiosensors compared to 
microelectrodes, and restricts their use not just in terms of how and where 
they can be used, but also for how long they can remain functional. Tip 
diameters are around 20 µm, two times or more than that of a microelectrode, 
response times are often close to 60 seconds, and the sensors have lifespans 
in the range of a few days, see table 2 for performance characteristics of 
selected microbiosensors. Despite these challenges, several different 
biosensors have been constructed and deployed in microbial ecology studies.  

In 1997 a microscale NO3
--biosensor was constructed by combining a N2O 

microelectrode with immobilized denitrifying bacteria lacking a N2O 
reductase, and therefore reducing NO3

- to N2O (Larsen et al., 1997). Similar 
biosensors have, in combination with a NO2

--biosensor(Nielsen et al., 2004), 
been successfully applied to the study of nitrification (Lorenzen et al., 1998), 
denitrification (Nielsen et al., 2009) and anammox (Vázquez-Padín et al., 
2010), showing how changing environmental parameters influence the 
nitrogen cycle at the micro scale in different systems of great importance to 
agriculture and pollution control (Hunt et al., 2005; Nagumo and Hatano, 
2000). 1997 also saw the first microscale CH4-biosensor, a modified oxygen 
microsensor in which methane-oxidizing bacteria respire oxygen from an 
internal oxygen reservoir when methane diffuses to the bacteria from the 
environment (Damgaard and Revsbech, 1997). A study utilizing such a sensor 
in rice paddy soil yielded methane and oxygen profiles which revealed a 
strong correlation between oxygen penetration and methane appearance as a 
function of the light regimen, linking microbenthic photosynthesis to limiting 
methane emissions from waterlogged soils (Damgaard et al., 1998). Studies 
presenting microscale biosensors for NH4

+ (Bollmann and Revsbech, 2005) 
and volatile fatty acids(Meyer et al., 2002) have also been published. 
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Microelectrodes with antibodies targeted at specific proteins (Lamborová et 
al., 2013) are still in the early stages of development.  

While macroscale biosensors are available commercially, this is not the case 
for the microscale biosensors, due to their short lifetimes – so if one wishes 
to work with them, tools and materials for their construction need to be 
acquired.  

 

Table 2 - A selection of microbiosensors and their performance characteristics. 

Sensor type 

Minimum 

tip 

diameter 

(µm) 

Maximum 

response 

time to 90% 

signal (s) 

Major 

interferences 

Minimum 

expected 

lifetime 

(months) 

References 

NO2
‐  20  180  H2S  days 

(Larsen et al., 1997; 

Nielsen et al., 2004) 

NOx
‐  20  60  H2S  days 

(Larsen et al., 1997; 

Revsbech et al., 

2000) 

CH4  20  60  H2S  <1 

(Damgaard and 

Revsbech, 1997; 

Damgaard et al., 

1998; Revsbech et al., 

2000) 

Glucose  10  10  H2S  days 
(Cronenberg et al., 

1991) 

Volatile fatty 

acids 
20  90  H2S  days  (Meyer et al., 2002) 

Dissolved 

organic 

carbon 

50  10  O2  days 
(Neudörfer and 

Meyer‐Reil, 1997) 

 

2.3 Microoptodes 
The simplest optical microsensors can be constructed from optical fibers 
already attached to a fiber connector, by cutting the light collecting end 
perpendicular to the length of the fiber, see figure 3a. Such a microoptode can 
be connected to a suitable detector and used to detect light. These sensors 
only measure light from a narrow solid angle, and will therefore not quantify 
the total amount of light available at the tip. A way around this limitation is 
by turning the tip of the microoptode into a light diffusion sphere, see figure 
3c. This is either accomplished by affixing a sphere to the end of the optode, 
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or by melting and remodeling the end of the optode. The sensor then becomes 
a scalar irradiance microoptode capable of harvesting light from all directions 
apart from where the sphere is fixed to the optical fiber (Kühl, 2005). 

Fluorescence is the emission of light from a substance that has previously 
been excited by light. The emitted light is generally of a longer wavelength 
than the excitation light, and this shift in wavelength can be utilized in 
microoptodes  by covering the light collecting end with a layer of  a 
compound which changes its fluorescence reversibly as a function of the 
target analyte (Vogelmann and Björn, 1986). The compound(s) used in the 
sensing mechanism is usually referred to as the sensor chemistry, and it is 
generally shielded from the environment by a layer of optical isolation to 
avoid that light in the surrounding microenvironment influences the 
measurement, see figure 3b. For this third type of microoptode, the detector 
device must supply the excitation light through the optical fiber. 

 

Figure 3 – Different types of microoptodes: a: Simple microoptode; in essence a glass 
fiber coated with metal: light enters the optode at the tip and travels to the measuring 
device at the other end of the fiber, while the metal shielding prevents light from entering 
the fiber elsewhere. b: Microoptode tipped with a layer of sensor chemistry, a compound 
which changes its fluorescence reversibly as a function of concentration of the target 
analyte,  and optically isolated from the surroundings using silicone membrane which 
allows the analyte to diffuse through to the sensor chemistry. In this setup light of defined 
wavelength is sent through the fiber from the measuring device and interacts with the 
sensor chemistry. The emitted fluorescence travels back through the fiber and is 
subsequently quantified. c: Scalar irradiance microoptode equipped with a light-scattering 
sphere which collects the available light from all directions; is used for quantifying total 
radiative flux in light-scattering media. Redrawn from Kühl (2005). 
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Microoptodes have been manufactured with low response times (~1000 ms), 
good long-term signal stability and, unlike most non-optical microsensors, 
they are not affected by high concentrations of H2S. Depending on the sensor 
chemistry they may be vulnerable to high concentrations of some compounds 
such as SO2, see table 1, and also to high pressure(Glud et al., 1999).  

Due to their versatility, microoptodes have been used in many different 
aquatic (Schreiber et al., 2002) and terrestrial ecosystems(Mock et al., 2002), 
they have even been used to measure diurnal oxygen patterns inside rhizomes 
(Dickopp et al., 2011). Temperature microoptodes constructed as 
shownfigure 3b, but with an oxygen impermeable optical insulation to protect 
the  the oxygen-sensitive  temperature sensor chemistry (Holst et al., 2000) 
are suited for a wide range of environments, from soils and sediments to 
microbial mats and further on to hot springs with their steep temperature 
gradients (Klimant et al., 1997a). They have better spatial resolution than 
microthermocouples of comparable size (Holst et al., 1997). Utilizing both 
the resilient microoptodes and the more delicate microelectrodes to describe a 
system lets one analyze a wide array of variables, making it possible to map 
distinct reactive zones and even infer the distribution of specific 
microorganisms, see figure 2.  

2.4 System disruption and physical stability 
Compared to classical macroscale electrodes, microelectrodes impact 
considerably less the investigated environment. Firstly, their small external 
dimensions minimize the direct impact of their deployment as they displace 
less volume than macroscale electrodes. Secondly, their modest internal 
dimensions make for low analyte consumption, which means that chemical 
gradients are disturbed less during measurements. Since the sensing principle 
in microoptodes has the advantage of not consuming the analyte, they impact 
the system even less than a microelectrode with the same physical 
dimensions. That said, it is not possible to eliminate the risk of damaging 
burrowing organisms and roots, and deploying the tip into the deeper layers 
of the studied system will cause substantial disturbance from the sensor shaft, 
and increase the risk of breaking the tip. Even inserting the tip of a 
microsensor can disturb chemical gradients, and when a feature of interest is 
smaller than the thickness of the microsensor tip, it will go unnoticed (Glud 
et al., 1994; Schramm et al., 1996).  

A significant drawback to using microsensors in soils is that measurements of 
aqueous analytes is only possible in water saturated soils, making 
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measurements in well drained soils possible only during short periods after 
heavy watering or rain event (McIntyre, 1966). In addition, microelectrodes 
containing an electrolyte reservoir risk drying out if left in unsaturated 
conditions for prolonged time, rendering them non functional. For 
microelectrodes which require simultaneous use of a reference electrode, both 
electrodes will disturb the system, and to study sediments, it is often 
beneficial not to aim at having the reference electrode as near the tip of the 
sensing electrode as possible, but rather have it in the water phase. This has 
the additional advantage of minimizing any eventual exposure to sulfide 
which might impair the function of the reference electrode (Kühl and 
Revsbech, 2001). 

The risk of breakage can be reduced by manufacturing a sensor with thicker 
walls and membranes, see figures 1e and 1f for a comparison of a regular 
Clark-type microelectrode and a more sturdy version of the same design. 
Since this modification means that the analyte has to travel further through 
the sensor to be measured, this modification comes at a cost of an increased 
response time. It also leads to more physical disturbance of the system. Glass 
microelectrodes have been utilized to measure profiles of up to 80 mm in 
depth. Beyond this, the sensor geometries and its fragile construction make 
their deployment unfeasible. Microoptodes do not have these limitations as 
the robust needle like sensors allow for a greatly improved penetration depth:  
an oxygen microoptode has been used to record at a sediment depth of 400 
mm, roughly five times deeper than most studies utilizing non-optical 
microsensors(Wenzhöfer et al., 2001).  

2.5 Accessibility 
Microsensors are the microscale technique that is easiest to get started with, 
both in terms of ease of use and cost. A wide array of microsensors are 
available from commercial suppliers, see table 3 for a selection. Considering 
the price of the sensor itself and its expected lifespan, one can work with an 
oxygen microoptode in the laboratory or field for approximately €10 a month, 
or somewhere in the vicinity of €200 a month for some of the more expensive 
sensors. In addition to that cost, one needs a suitable multimeter and various 
fixtures, but these can be shared between several different microsensors. 

Construction of microsensors is delicate work and the primary expense is in 
terms of man-hours, as the equipment and materials needed are generally 
inexpensive, and if one does make the effort to establish a facility for 
constructing microsensors locally, then it will also open up the possibility of 
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working with a wide array of sensors, including the short lived microscale 
biosensors, for a relatively low cost. A comprehensive introduction to making 
and using microelectrodes was published in 1978 (Thomas, 1978) and a short 
outline of the process can be found in Revsbech and Jørgensen (1986). 

 

Table 3 – A selection of commercially available microsensors and their performance 
characteristics. 

Sensor type 

Minimum tip 

diameter 

(µm) 

Maximum response 

time to 90% signal 

(s) 

Minimum 

expected lifetime 

(months) 

Reference 

O2 microsensor  25  >0.2  9  amt‐gmbh.com 

O2 microsensor  3  0.3  12  unisense.com 

O2 microoptode  50  2  36  unisense.com 

H2S microsensor  25  >0.2  9  amt‐gmbh.com 

H2S microsensor  3  10  6  unisense.com 

H2 microsensor  25  2  6  amt‐gmbh.com 

H2 microsensor  3  10  3  unisense.com 

N2O microsensor  20  15  3  unisense.com 

NO microsensor  10  1  3  unisense.com 

pH microsensor  10  10  6  unisense.com 

Redox 

microsensor 
5  10  12  unisense.com 

 

For additional information regarding specific types of microsensors, readers 
may benefit from consulting general reviews on microsensors(Hanrahan et 
al., 2004; Taillefert et al., 2000; Viollier et al., 2003) and a number of 
excellent reviews on potentiometric microsensors (de Beer, 2000), 
microoptodes (Kühl, 2005), oxygen microsensors (Glud et al., 2000), sulfide 
microsensors (Kühl and Steuckart, 2000) and microscale 
biosensors(Revsbech et al., 2000). 
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3 Planar sensors 
The most obvious limitation to the use of microsensors is that they only allow 
for measurements in one spatial dimension. To get around this limitation, 
planar sensors have been developed. These sensors fall into two broad 
categories, planar gel probes and planar optodes. 

3.1 Gel probes 
Two techniques utilizing gel probes for sampling pore water have been 
developed.  The first relies on diffusive equilibration between a thin-film of a 
gel (DET) and the pore water: the probe is prepared by casting a gel onto a 
plastic support and is then covered with a protective membrane filter 
(Davison et al., 1991). The second technique relies on establishment of a 
diffusive gradient in a thin-film of gel (DGT). Like DET, it relies on a gel 
probe, but, in DGT, a solid with high affinity for the desired analyte is added 
to the gel (Davison et al., 1994). In both cases, the probe is then placed into 
contact with the soil or sediment of interest, and left for approximately one 
day (Harper et al., 1997) so that the water in the gel can equilibrate with the 
pore water in the case of DET, and the solid component can bind the analyte 
in DGT. The probe is then recovered, and in the case of DET the analyte is 
fixed chemically in the gel – in DGT the dispersed solid serves this function. 
Finally the probe is analyzed using techniques such as proton-induced x-ray 
emission or laser ablation inductively coupled plasma mass 
spectroscopy(Davison et al., 1994, 1991). 

Ions in the DET gel will diffuse from regions of high concentration to regions 
of lower concentration over time, during deployment and during the time 
from deployment and until fixation. This process , called diffusional 
relaxation, limits the spatial resolution of DET so that a 1 mm thick gel will 
have a resolution near 1 x 1 mm, which cannot be considered microscale 
resolution(Davison et al., 1994, 1991; Harper et al., 1997). This limitation 
has been circumvented by cutting a DET probe into 200 µm wide sections 
using a laser, and then spacing the gel sections 200 µm apart, resulting in a 
resolution of 400 µm. The cost of this improvement is a considerably more 
laborious probe construction(Fones et al., 1998). DGT does not suffer from 
diffusional relaxation and offers a superior resolution compared to DET; it 
has been used to measure the distribution of metals at 100 µm resolution 
(Davison et al., 1997). 



III - 18 

What speaks for the gel probes is that they can be used to measure a wide 
array of analytes, many of which cannot currently be detected using optodes. 
DET has been used for Fe, Mn (Davison et al., 1994), alkalinity, Br, Cl, Ca, 
CO2, NH4

+ (Mortimer et al., 1998), NO3
-, SO4

2- (Krom et al., 1994), K, Mg 
(Zhang et al., 1999), Cd, Cr, Cu, Pb, Zn (Yu et al., 2000), Mo, Re, U 
(Morford et al., 2003) – and also for several analytes at the same 
time(Docekalová et al., 2002). To date, the analytes that have been measured 
using DGT include As, Mn, Zn (Davison et al., 1997), Co, Fe, Ni, and S2- 
(Motelica-Heino et al., 2003), Cd, Cu (Buzier et al., 2006), and Pb(van der 
Veeken et al., 2008).  

3.2 Planar optodes 
In 1996, the first study using a planar oxygen sensitive optode in microbial 
ecology was published, demonstrating non-invasive monitoring of oxygen 
dynamics in sediment with a spatial resolution of 25-100 µm (Glud et al., 
1996). The measuring principle is very similar to that of the microoptodes 
with sensor chemistry, but, in the case of planar optodes, the sensor chemistry 
and a polymer are dissolved in a solvent and spread onto a transparent 
support foil. The sensor foil is put in contact with the soil or sediment and, as 
for microoptodes, the sensor chemistry is excited by a light source and the 
light emitted by the sensor chemistry is recorded by a camera and later 
analyzed using a computer (Glud, 1998; Glud et al., 1996), see figure 4a.  

While planar optodes incorporating several sensor chemistries have been 
created and characterized, often either response times or major interferences 
are not reported. Similarly the literature often omits a detailed analysis of 
expected sensor lifetimes in various environments, though measurement 
campaign of a few weeks to two months are commonly reported, see table 4. 
Sensor lifetime depends on several factors: fluorescent molecules can be 
inactivated by photobleaching in which the excitation light provokes 
photochemical destruction, and by reactive compounds in the 
microenvironment.  

The resolution of the images recorded with a planar optode depends largely 
on the camera and the geometry of the experimental setup. Setups with a 
maximum theoretical pixel resolution in the vicinity of 10 x 10 µm have been 
published (Larsen et al., 2011), at or near the resolution that many 
microelectrodes can offer in one dimension. The performance characteristics 
of planar optodes rival those of most microelectrodes: response times in the 
range of 10-20s are common, see table 4 for details.  
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Figure 4 – Planar optode 
experimental setups:  

a: Setup for measuring the two-
dimensional distribution of an analyte 
inside an aquarium or flow cell. 
Redrawn from Larsen et al (2011).  

b: Planar optode setup build into a 
periscope head which allows for two-
dimensional mapping of oxygen in 
coastal sediments at a depth of up to 
50m. Redrawn from Glud et al (2001).  

1: Planar optode sensor foil containing 
an immobilized compound which 
changes its fluorescence reversibly as a 
function of the concentration of the 
target analyte, 2: camera for recording 
the fluorescence emission, 3: trigger 
box controlling the excitation light 
source, 4: excitation light source 
composed of several LEDs, 5: 
excitation filter, 6: emission filter, 7: 
aquarium, 8: dichroic mirror, 9: mirror, 
10: sensor window, 11: fluorescence 
emission light from the sensor 
chemistry in (1), and 12: excitation 
light from the excitation light source 
(4). 
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Table 4 – A selection of planar optodes and their performance characteristics, where 
available. A dash (-) indicates that information is not available.  * 20s with a silicone layer 
to reduce light scattering, 3s without. **Response time when pH was increased from pH 
6.5 to 8.9. 

Sensor type 

Maximum 

response time to 

90% signal (s) 

Major 

interferences 

Minimum 

expected 

lifetime 

References 

Single analyte planar optodes 

O2  ‐  ‐  > 1 month 
(König et al., 

2005) 

O2  10  ‐  > days 
(Oguri et al., 

2006) 

O2  3/20*  ‐  ‐ 
(Larsen et al., 

2011) 

NH4
+  120  K+, pH  8 months 

(Strömberg and 

Hulth, 2001) 

CO2  18  ‐  2 weeks 
(Zhu and Aller, 

2010) 

Temperature  ‐  O2 

<day if exposed to 

oxygen 

(Borisov and 

Klimant, 2008) 

pH  ‐  ‐  8 weeks 
(Blossfeld and 

Gansert, 2007) 

pH  60  ‐  ‐ 
(Larsen et al., 

2011) 

Dual analyte planar optode 

pH  ‐  ‐  > days  (Blossfeld et al., 

2013) CO2  ‐  ‐  > days 

Dual analyte planar optode 

O2  12 
Temperature 

changes 
‐ 

(Borisov et al., 

2011) 

CO2  122 
Temperature 

changes 
‐ 

Quadruple analyte planar optode 

O2  22 
Temperature 

changes 
‐ 

(Borisov et al., 

2011) 

CO2  274 
Temperature 

changes 
‐ 

pH  34 

Temperature 

changes, ionic 

strength 

‐ 

Temperature  ‐  O2, pH  ‐ 
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3.2.1 Multi-analyte planar optodes 
Being able to simultaneously track several variables is much desired, and 
many have constructed sensor arrays to reach this goal. These efforts have 
brought us approaches that utilize fiber-optic sensors(Pasic et al., 2007; 
Weigl et al., 1994), sensor spots(Li and Walt, 1995), and sensing 
particles(LaFratta and Walt, 2008; Walt, 2010), techniques that allow for 
simultaneous monitoring of several analytes in points in close proximity to 
each other.  

Multi-analyte planar optode is a fairly new approach towards this goal. This 
technique realizes the great potential for multiplexing inherent in sensor dyes 
by combining multiple sensor dyes in the same or adjoining sensing layers. In 
essence, multi-analyte planar optodes are several planar optodes with 
different sensor chemistries combined into one – in some cases two dyes are 
added to the same layer, and, in others, two or more layers with different dyes 
are used on top of each other (Borisov et al., 2011). In theory this allows 
information from all sensor dyes to be transported through the same 
transparent medium, generally air, water, plastic and/or glass, to the same 
point on a camera sensor, allowing for simultaneous monitoring of several 
analytes at the same point. In practice one may need to either split the light 
coming from the sensor and record different wavelengths with different 
cameras, or set one camera to record different wavelengths in separate 
images. Accounting for this and for some analytes having to diffuse a few 
extra micrometers than others, multi-analyte planar optodes comes very close 
to monitoring several analytes in the same point. 

Several sensor chemistries capable of measuring  temperature and either 
oxygen (Baleizão et al., 2008; Borisov and Wolfbeis, 2006; Lam et al., 2011), 
pH (Borisov et al., 2010), pressure (Coyle and Gouterman, 1999; Hradil et 
al., 2002) or carbon dioxide (Blossfeld et al., 2013) have been developed, and 
likewise for oxygen and pH (Kocincova et al., 2007; Vasylevska et al., 2006) 
and oxygen and carbon dioxide(Borisov et al., 2006). Few have gone beyond 
measuring two parameters, but simultaneous optical measurement of oxygen, 
pH and temperature has been achieved (Stich et al., 2009), and a recent effort 
reached four parameters by adding monitoring of carbon dioxide to this 
combination (Borisov et al., 2011). 
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3.3 Comparison of planar sensors 
Most gel probes do not provide spatially resolved data at the micro scale. 
While they do have the upper hand when it comes to the number potential 
analytes for two dimensional approaches, they give just one reading for the 
entire deployment time. In comparison, planar optodes offers a much higher 
temporal resolution. 

Fluorescence-based measurements can be limited by the background 
autofluorescence of soil and sediment. Planar optodes are sometime optically 
insulated. This insulating layer generally consists of fine graphite particles in 
a matrix of Teflon or silicon(Glud et al., 2001; Larsen et al., 2011) with a 
thickness in the vicinity of 15 µm. This layer also provides some mechanical 
protection for the underlying sensor layer, reducing the risk of scratches. 
There is, however, a performance cost associated with this approach, as the 
response time of the optode will increase from around 3 s without the 
insulation to more than 30 s with it (Larsen et al., 2011).  

Multi-analyte planar optodes are deployed in the same way as regular 
optodes, but the measurement process is more complicated since two or more 
wavelengths need to be recorded. This can be done using filters or multiple 
cameras – but it can also be achieved by picking the dyes so that they have 
substantially different fluorescence decay times, allowing for the 
measurements to be temporally separated (Hradil et al., 2002). Depending on 
the absorption wavelengths of the dyes, one may need more than one 
excitation sources, but this is generally less expensive and not as much a 
hurdle as having to deal with extra cameras and filters. 

The main downside to increasing the number of analytes a given planar 
optode can monitor is illustrated very clearly by the quadruple analyte planar 
optode (Borisov et al., 2011). In this study, Borisov et al measured the 
response time for oxygen and carbon dioxide when only these two sensor 
chemistries were in place, and when sensor chemistries for pH and 
temperature had been placed on top of them. Response times were 
significantly increased by the addition of the two extra sensor chemistries, 
since the gasses had to diffuse a longer distance to be detected, see table 4. It 
is thus clear that one not only has to carefully pick the sensor chemicals so 
that their absorption and excitation spectra fit, one also has to keep in mind 
that adding extra layers has a detrimental effect on response times. 
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While multi-analyte planar optodes enable us to monitor O2, CO2, pH and 
temperature in soils and sediments (Blossfeld et al., 2013; Rudolph et al., 
2013), and are a promising in terms of the microscale data they may provide 
us with in the near future, they are still a fairly new development, and further 
efforts toward more potential analytes, higher robustness and lower response 
times are needed for them to reach their full potential.  

3.4 System disruption and physical stability 
The planar optodes can be left in situ for up to weeks at a time, depending on 
the lifetime of the sensor, see table 4 for details. They are thus typically used 
for repeated measurements, unlike DET and DGT, to study the two 
dimensional distribution of the analyte over time. Transparent optodes 
additionally allow for visual inspection of physical features such as roots or 
burrows.  

DET and DGT probes can be deployed in the field for later recovery and 
analysis, but planar optodes need to be optically accessible to a camera, 
which means that they are primarily being used in the laboratory where an 
experimental setup can be build around the sensor, see figure 4a. This is 
however not always the case: a periscope-like construction incorporating the 
components of an oxygen-sensitive planar optode setup for using planar 
optodes in coastal sediments has been developed (Glud et al., 2001), see 
figure 4b. This instrument is an example of how planar optodes can be taken 
out of the laboratory and deployed in the field, in this case allowing for the 
recording of oxygen profiles at a depth of 25 m. Inserting a sensor or 
sediment chamber into soil or sediment is invasive can result in smearing 
(Nilsson and Rosenberg, 2000) although none was apparent in the case of the 
periscope system (Glud et al., 2001). It is obvious that inserting a periscope 
has a bigger impact on the topology of soil and sediment than the insertion of 
a microsensor, and in all cases it is important to consider to which extent the 
deployment of a planar optode will affect the environment being studied and 
consequently the data collected.  

Introducing a planar surface may influence the habits of burrowing organisms 
or the spread of roots, and sensor chemicals, impurities, breakdown products 
or residual solvents may diffuse into the adjacent soil or sediment, a potential 
issue during long term deployments.  More studies regarding the impact of 
deployment of planar sensors on the environment being studied are needed to 
evaluate the impact of these factors. 
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One deployment of a microsensor will not describe the three dimensional 
extent of a microscale feature. This limitation can somewhat be overcome by 
deploying microsensors in a grid, but that at the cost of an increased risk of 
damaging structures, burrowing animals and roots. Mechanical disturbances 
on the planar sensors may result in scratches or deformation of even the most 
resilient sensors, but such a scratch on a planar sensor does not necessarily 
result in complete loss of function:  at the end of an experiment the integrity 
of the planar sensor can be analyzed, and data from undamaged parts can be 
identified.  

3.5 Accessibility 
Planar sensors are a relatively new and underused technique in the field of 
microbial ecology, and sourcing the necessary components is comparatively 
more cumbersome than for microsensors. Many published planar optode 
studies have utilized an expensive charge-coupled device camera, but a 
different approach that uses an entry-level digital single-lens reflex camera 
while not compromising on the quality of the generated data, was published a 
few years ago(Larsen et al., 2011). Combined with high resolution digital 
cameras becoming more and more affordable, microscale planar optodes are 
becoming an increasingly accessible technology. The same study also made 
software available for coordinating the camera and the excitation light. Image 
analysis can be performed using the free software ImageJ 
(http://rsweb.nih.gov/ij/), an example of planar optode data recorded using 
this setup can be seen in figure 5. The most problematic consumable 
acquisition is sensor chemicals: their purchase is the lion’s share of the 
consumable costs, and some cannot currently be purchased but must be 
synthesized. 
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Figure 5 – Example of planar optode measurements demonstrating how complex 
spatial dynamic of a chemical parameter can be monitored and quantified: Example 
of pH planar optode measurements performed using a setup like the one shown in figure 
4a, at a virtual pixel size of 90x90µm. Here the aquarium has been filled with distilled 
water adjusted to pH 9.0 using 10mM NaOH, and 5.0 ml 100mM HCl is added to the 
aquarium using a pipette and pH is monitored using a planar optode containing a lipophilic 
8-Hydroxy-1,3,6-pyrenetrisulfonic acid trisodium (HPTS) salt derivate which changes its 
fluorescence reversibly as a function of pH. a: Right before addition of HCl. b: 10s after 
addition of HCl. The arrow indicates where HCl was added. c: 90s after addition of HCl. 
The dotted white line from A to B represents the extracted profile shown in figure 5d. d: 
Extracted pH profile from A to B from figure 5c. 
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4 Current state  and future direction of 
microscale environmental studies 
Many microscale studies on soils and sediments have been undertaken, but 
only a few have monitored multiple parameters . This complicates the 
interpretation of the results and makes comparisons between studies difficult: 

Fornes and Hamilton-Taylor investigated vertical profiles of trace metals in 
sediment cores from the North-East Atlantic using DGT probes with a 1 mm 
resolution and ascribed high local concentrations of Cd, Cu, Ni and Zn to the 
presence of microniches created by the presence of organic matter introduced 
by benthic organisms(Fones et al., 2004), but did not look into O2 dynamics. 
Investigating O2 penetration with microsensors and planar optodes, Glud et al 
connected extensive microscale variation in O2 distribution at Sagami Bay, 
Japan, to microniches in relation to organic matter(Glud et al., 2005). Fifteen 
years earlier Jahnke et al had investigated O2 dynamics at the coast of 
California using a microsensor and also considered that the observed 
variations were likely  due to organic matter introduced by benthic organisms 
(Jahnke et al., 1990). All three studies looked at the involvement of organic 
matter-rich niches in sediments, but neither of the two studies of O2 
distributions looked at trace metals, and while they both looked at O2 
microscale profiles, the study in Japan showed a substantially lower O2 
penetration than the one in California, implying different biogeochemistries 
in the two areas. To get a more complete picture of the microenvironments 
and to be able to compare them in great detail we need further data on their 
biogeochemical heterogeneity, which leads to a need for not just further 
technological advances in microscale measurements, but also for these tools 
to be more accessible. 

Advances in microscale technology have put remarkable tools at our disposal, 
and putting these tools to use in explaining microscale heterogeneity has 
filled many gaps in our knowledge. A prime example is how microscale 
studies showed that the absence of anaerobic bacteria in anoxic niches in 
planktonic aggregates was due to the niches being so transient that slow-
growing obligate anaerobic microorganisms such as methanogenic bacteria 
and sulfate reducing bacteria would not have time to colonize them (Ploug et 
al., 1997).  

While the well established microelectrodes and gel probes have an impressive 
array of potential analytes, planar optodes combines two-dimensional 



III - 27 

microscale resolution and the potential for repeated measurements over long 
periods of time with a less expansive array of potential analytes. Expanding 
this list to include compounds of high biogeochemical significance such as 
nitrate, iron and sulfide would be of great interest. As stated above, 
improvements to the microscale techniques are only part of our path towards 
explaining environmental heterogeneity, another part is the popularization of 
microscale techniques amongst environmental researchers. Here it is 
impossible to ignore the question of accessibility and acquisition cost.  

Microsensors and planar sensors can describe chemical gradients but they do 
not provide information on the spatial location of microorganisms nor on the 
physical structure of the environment they inhabit. Depending on the 
experimental setup, this deficit may be solved by techniques such as resin 
fixation and thin section analysis; computer aided X-ray tomography, CT; 
and nano secondary ion mass spectrometry, NanoSIMS. 

Resin fixation followed by thin section analysis allows for the visualization 
of microorganisms in relationship to the spatial structure of their 
microenvironment. The technique has been used to show that bacteria in a 
topsoil appeared to develop defined patches to a higher degree than those in 
the underlying subsoil(Nunan et al., 2003, 2002), identify benthic organisms 
(Bernhard et al., 2003) and characterize bacterial colonies associated with 
animal excrement(Bruneau et al., 2005). It is a rather laborious process, 
suffers from retrieval artefacts as all techniques relying on core 
samples(Blomqvist, 1991; Emerson et al., 1982; Murray et al., 1980; 
Pamatmat and Fenton, 1968), and the use of the classical histological 
techniques fixation, formation of a resin block, and cutting, is vulnerable to 
the formations of artefacts like the ones seen in biological tissue 
histology(Geneser, 1999). It has, however, been suggested that it may not be 
a major issue when studying soil (Bernhard et al., 2003).  

Where resin fixation followed by thin section analysis relies on extensive 
sample preparation, CT utilizes a rotating array of x-ray emitters and 
receivers to emit and detect x-rays at all angles around the sample. The x-rays 
are absorbed based on material composition and density in every scanned 
point in the sample, allowing for the computation of consecutive transverse 
absorption maps, so that, for example, solid and aqueous phases can be 
distinguished(Dufour et al., 2005). Continual refinement of the technique 
means that it can now be used to observe and quantify microscale structural 
heterogeneity in samples with negligible effect on both soil and bacteria 
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(Schmidt et al., 2015), and at resolutions below 1 µm (Helliwell et al., 2013; 
Van den Bulcke et al., 2009). While CT allows for observations of benthic 
organisms, organic matter and other soil and sediment constituents the 
technique relies on the retrieval of cores or construction of systems in the 
laboratory. As such they are bound by the already mentioned limitations 
inherent to these approaches(Blomqvist, 1991; Emerson et al., 1982; Murray 
et al., 1980; Pamatmat and Fenton, 1968). In situations where these 
limitations are acceptable CT can complement other techniques with much 
desired three dimensional visualization of structures, including repeated 
measurements if so desired. 

CT and resin fixation followed by thin section analysis both give valuable 
information about the spatial structure of the microenvironment. NanoSIMS 
goes even further and can provide qualitative measurements of 
biogeochemical processes, and of interactions between microorganisms, 
organic matter and minerals at the scale of soil particles or even single cells 
(Keiluweit et al., 2012). The technique utilizes a high-energy beam of ions 
such as Cs+ to eject atoms and molecules from a sample surface, allowing for 
its analysis using a mass spectrometer at an impressive 50 to 150 nm 
resolution within soil samples. NanoSIMS has already been utilized in an 
environmental context: it has been used to investigate soil microparticles 
(Blair et al., 2006; Mueller et al., 2012), microorganisms (Keiluweit et al., 
2012; Musat et al., 2008; Pumphrey et al., 2009) and interactions between 
organic matter and minerals (Keiluweit et al., 2012). A requirement for the 
use of SIMS is that the sample is conductive, dry, relatively flat and also 
stable under a high vacuum (Eybe et al., 2008; Tartivel et al., 2012; Woebken 
et al., 2012). These requirements prevent the tracking of live microbial cells, 
and mean that temporal resolution can only be achieved through sub-
sampling and replication (Mueller et al., 2013), the high resolution, however, 
makes NanoSIMS an interesting technique for environmental microscale 
studies when its protocol requirements can be met. 

While parts of the microscale toolkit have become increasingly accessible 
and affordable in recent years, there is still room for improvements. In part 
this can occur by making it easier to start using a wider arsenal of sensors, 
and by further development and characterization of especially sensors 
capable of measuring multiple analytes simultaneously, which will open up 
for more researchers undertaking elaborate microscale studies. Another 
promising venue is combining biogeochemical characterizations of the 
microenvironment using the microscale tools described in this review with 



III - 29 

microscale sampling and the latest molecular tools such as single-cell 
sequencing (Woyke et al., 2009). This promises to link well-defined  
microorganisms to a point in the spatio-temporal web of interlocking 
environmental microgradients, something that can improve our understanding 
not just of the structure of the microenvironment, but also of what forces 
shape the microbial heterogeneity at the micro scale, and how to influence 
and utilize it. 
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Abstract 
We present a newly developed nitrate sensitive planar optode . It exhibits a 
linear response to nitrate from 1 to 50 mM at pH 8.0, a fast response time of 
< 10s and good lifetime, allowing for fast two dimensional measurements of 
nitrate distributions over long periods of time. Interference from nitrite, 
chloride and thiocyanate, however, limits its use in environments where these 
are encountered, notably seawater with its high chloride content.  
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1 Introduction 
Planar optode technology has developed steadily during the last two decades 
and now allows for true 2D microscale measurements of analytes such as O2 
[1–3], pH [3, 4], CO2 [5] and NH4

+ [6]. The list of analytes that can be 
analyzed using this technique is however still short, and does not include 
biologically and environmentally important compounds such as nitrate and 
nitrite [7].   

Mohr et al developed an optical nitrate sensor utilizing the principle of 
coextraction [8, 9]: their sensor contains the hydrophobic compounds 
tridodecylmethylammonium (TDMA) chloride and 1-hydroxypyrene-tris-
3,6,8-octadecylsulfonamide (HPTS-TOA) in a polyvinylchloride matrix[10]. 
When the TDMA cation binds a nitrate anion from solution, electroneutrality 
is maintained by coextraction of a proton from H2O which results in 
protonation of HPTS-TOA, which, in turn, changes its fluorescence intensity: 

 

TDMA+
(sensor) + HPTS-TOA(sensor) + NO3

-
(aq) + H+

(aq) ↔ 

TDMA-NO3 (sensor) + HPTS-TOA-H+
(sensor) 

 

Here we present a nitrate sensitive planar optode based on the sensor 
chemistry described by Mohr et al and an inexpensive planar optode setup. 

 

2 Materials and Methods 

2.1 Recording setup 
The experimental setup for calibrating the optode and determining its 
sensitivity to anions and response time was based on the pH planar optode 
setup described by Larsen et al [3]. For recording the optode data, a digital 
single-lens reflex Canon EOS 1100D camera was modified by removing the 
NIR-filter, which increases the camera sensor’s sensitivity to red light. A 
Sigma 50 mm F2.8 EX DG macro lens was attached to the camera, and a 410 
nm band pass filter (Edmund Optics NT65-194, from edmundoptics.com) was 
connected using filter adapters (Edmund Optics NT59-445 and NT59-466, 
from edmundoptics.com). The excitation light source was constructed by 
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fixing four 405-410 nm UV LEDs (LED Engin LZ1-10UA00-U8, from 
mouser.com) to a 50 mm square x 30 mm high heat sink with a thermal 
resistance rating of 4.8 °C/W (Alpha LDP50 from luxeonstar.com) using 
Arctic SilverTM low thermal  resistance adhesive (ASTA-7G, from 

luxeonstar.com) and then covering the LEDs with a LED collimator lens 
(Polymer Optics 261, from luxeonstar.com) and a 455 long pass filter 
(Edmund Optics NT45-063 from edmundoptics.com). A trigger box and 
Look@RBG software for controlling the camera and excitation light source 
was acquired from Dr.-Ing. Björn Grunwald (imaging.fish-n-chips.de). All 
recordings were performed at a room temperature of 20⁰C. Recordings and 
calculations were done as described by Larsen et al[3]. 

2.2 Nitrate sensor foil 
For making the nitrate sensor foil, an 8% (wt/wt) solution of Hydromed D4 
polyurethane hydrogel (advbiomaterials.com) was prepared by dissolving the 
hydrogel in a 9:1 (vol/vol) ethanol/water mixture by stirring for three hours. 
200 mg HPTS-TOA (synthesized according to Mohr et al (1995)), 200 mg 3-
(5-chloro-2-benzoxazolyl)-7-(diethylamino)-2H-1-benzopyran-2-one 
(Macrolex Fluoreszenzgelb 10GN, from simon-und-werner.de) and 95 mg 
TDMA chloride were dissolved in 1000 µl hexane, and then 8% hydrogel 
solution was added to a total volume of 10 ml. The mixture was stirred gently 
to avoid forming visible air bubbles for 5 minutes and then spread over a 
200x200 mm sheet of 150 µm thick polyester support film (from 
goodfellow.com) using a custom-made coating device. Solvents were allowed 
to evaporate for 24 h in a fume-hood in the dark, after which the thickness of 
the sensing layer was < 5 µm. The sensing foil was removed from the coating 
device and used the same day unless otherwise noted. 

2.3 Anion sensitivity 
For determining the nitrate sensor foil's sensitivity to a range of anions, a 
freshly made sensor sheet was cut into 65x65 mm squares, one square was 
fixed to the inside of a 200x200x30 mm acrylic glass aquarium filled with 
500 ml distilled water adjusted to pH 8.0 using 10 mM sodium hydroxide 
(figure 1). The nitrate sensor foil was allowed to rest for three hours, after 
which incremental volumes of 500 mM sodium nitrate (adjusted to pH 8.0 
using 10 mM sodium hydroxide) were added to the aquarium. Between each 
addition the content of the aquarium was stirred with a glass rod for one 
minute, allowed to rest for five minutes, after which three optode readings 
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were performed, 20 seconds apart. All recordings and calculations of optode 
data were performed as described by Larsen et al[3].  

                      

Figure 1. Experimental setup: 1: Planar optode sensor foil, 2: camera, 3: trigger box 
controlling the excitation light, 4: LEDs, 5: excitation filter, 6: excitation light, 7: 
fluorescence emission light, 8: emission filter and 9: aquarium with distilled water adjusted 
to pH 8.0 using NaOH. 

 

Average values for the central 2500 mm2 of the foil were used for the 
readings, to avoid edge effects. All fluorescence readings were made relative 
to the fluorescence recorded at a nitrate concentration of 50 mM at pH 8.0. 
The above procedure was repeated once at pH 7.0 instead of 8.0, and then 
four more times where 500 mM sodium nitrite, sodium chloride, sodium 
sulfate or sodium thiocyanate were used at pH 8.0. Each time, a new 
65x65mm square of nitrate sensor foil was used.  

2.4 Response time 
The response time to 95% signal was investigated by placing a new 
65x65mm square of nitrate sensor foil in the aquarium, adding 500 ml 
distilled water adjusted to pH 8.0 using 10 mM sodium hydroxide, and 
allowing the nitrate sensor foil to rest for three hours. Incremental volumes of 
500 mM sodium nitrate were added to the aquarium. Between each addition, 
the content of the aquarium was stirred with a glass rod for four seconds, 
after which optode readings were performed every two seconds for four 
minutes. Again, only the central 2500mm2 of the foil was used for the 
readings. 
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2.5 Sensor lifetime 
The procedure for determining the nitrate sensor foils sensitivity to nitrate 
was repeated as described above, but this time the aquarium with nitrate 
sensor foil still in place was gently washed with distilled water three times 
after the last optode reading, after which the aquarium was filled with 
distilled water and stored in darkness at 20°C. The aquarium was not shielded 
from atmospheric air. The sensor foil sensitivity procedure was repeated after 
30 and 60 days. 

2.6 Tracking a nitrate plume using the nitrate 
sensitive planar optode 

A 200x200mm nitrate sensor foil was placed in the main chamber of an 
acrylic glass flow cell (volume 400cm3) which was then filled with 1mm 
borosilicate glass beads (CG-1101-06, from gpescientific.co.uk) and distilled 
water, see figure 2. The nitrate sensor foil was optically accessible through 
the front of the flow cell, and a 20mm vertical and horizontal grid of silicone 
filled ports, each 2mm in diameter, on the backside of the flow cell allowed 
for injection and withdrawal of liquid. Flow was set to 500 ml per hour and 
the setup was allowed to stand for six hours, at which point 5.0 ml of 50 mM 
sodium nitrate solution were injected over 20 seconds through the central 
silicone port. Optode readings were taken in triplicate every 5 seconds after 
injection started. After 20 minutes, 300 µl samples were withdrawed from 
four injection ports using syringes and analyzed in triplicate using a Merck 
Spectroquant nitrate test kit (Merck cat. no. 09713) according to the 
manufacturer’s specifications. The sample values were then compared to 
optode readings taken at the same time as the samples were withdrawn, using 
Students t-test with a 5% significance threshold. The optode reading for a 
given sampling port was calculated as the average reading for a 2x2 mm 
square centered on the sampling port. 
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Figure 2: a: Front side view of acrylic glass flow cell incorporating the nitrate sensor foil. 
1: stainless steel influent pipe, 2: stainless steel effluent pipe, 3: liquid distribution 
chamber, 4: main chamber lined by the nitrate sensor foil (yellow) and containing 
borosilicate glass beads (dark grey). b: back side of flow cell with a 9 x 9 grid of silicone 
injection ports; distance between adjacent injection ports is 20 mm. 

 

Reagent grade ethanol, hexane, sodium nitrate, sodium nitrite, sodium 
chloride, sodium sulfate, sodium thiocyanate, tridodecylmethylammonium 
chloride, and sodium hydroxide were acquired from Sigma-Aldrich 
(sigmaaldrich.com).  

 

3 Results and discussion 

3.1 Anion sensitivity 
The optode showed  a linear response to nitrate from 1mM to 50mM at pH 
8.0 (R2 = 0.999) and from 2.5mM to 25mM at pH 7.0 (R2 = 0.981). The other 
tested  anions also show a linear response interval; from 5mM to 35mM for 
nitrite (R2 = 0.994), from 1mM to 35mM for thiocyanate (R2 = 0.993) and 
from 10mM to 100mM for chloride (R2 = 0.995), figure 3. Transition from 
0mM to 50mM at pH 8.0 gives a relative signal change of 25.6% for nitrate, 
23.3% for nitrite, 19.8% for thiocyanate, 5.3% for chloride, and 0.5% for 
sulfate. In an environmental context, this means that the nitrate sensor foil is 
not suited for measurements where nitrite is expected or chloride is abundant 
(e.g. seawater).  
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Figure 3: Relative fluorescence signal recorded at different concentrations of given anions 
at pH 8.0, and for nitrate also at pH 7.0. Each point represents triplicate measurements of 
the average response for a 50x50 mm optode sensor sheet. The dotted lines indicate the 
interval for which the optode has a linear response for a given anion. For most points the 
±SE is smaller than the symbol size.  

 

At pH 7.0 the relative signal change is 5.49% for nitrate, substantially lower 
than at pH 8.0. This is in accordance with Larsen et al (2011) who found that 
the baseline fluorescence for HPTS-TOA is roughly 50% higher at pH 7.0 
than at 8.0, and it underlines the importance of carefully adjusting pH or 
correcting the optode results for pH effects. 

The lack of specificity towards nitrate is in line with Mohr et al (1995) who 
found that the nitrate-sensing chemistry exhibited a response to other anions 
which followed the Hofmeister series, a way of ordering ions based on their 
different impact on organic macromolecules[11]. The Hofmeister series 
behavior has been explained by the ions differential ability to interact with 
water molecules[12, 13] and the water-macromolecule interface[14] and their 
effect on the surface pH [15, 16]. In the case of the nitrate sensitive foil, its 
response to most anions does follow the Hofmeister series, with the exception 
of thiocyanate, which was expected to cause a stronger response than it did. 
Other examples of ion induced changes not following the Hofmeister series 



IV - 8 

have been reported[17–19], and it could be the case that this is due to specific 
interactions between a given ion and the macromolecule, or in the specific 
case of the nitrate sensitive foil: the thiocyanate ion and one of the foil 
constituents. 

3.2 Response time 
Response time to obtain 95% signal was consistently below 10 seconds 
(figure 4).  The primary determinant for response times in planar optodes is 
the distance the analyte has to diffuse to interact with the sensor chemistry, 
which is determined by the thickness of the sensing layer and any additional 
layers applied on top of it. The response time of the nitrate sensitive planar 
optode is in the same range as those reported for optodes with similar 
thicknesses, 3-20 seconds[2, 3, 20]. 

 

 

Figure 4: Planar optode response time when increasing the concentration from one level to 
another.  
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3.3 Sensor lifetime 
The fluorescent sensor chemistry of planar optodes is typically vulnerable to 
photobleaching where the sensor dye is inactivated by the excitation light, 
and also to reactive compounds in the environment. The nitrate sensitive 
optode retained sensitivity to nitrate at the end of the 60 day experiment, 
having lost only 6% signal intensity after 30 days and 14% after 60 days, 
compared to its original performance (figure 5).  

Minimal expected lifetimes for planar optodes are somewhat underreported, 
complicating comparisons between sensors, but, for some, ranges of days 
have been reported[2, 21, 22], while others have been shown to last several 
weeks or months[4–6]. This places the nitrate sensitive planar optode in the 
upper range for expected lifetime. 

 

 

Figure 5: Relative fluorescence signal recorded at different concentrations of nitrate using 
the same optode sensor sheet that has been kept in the dark when not recording, and has 
been exposed to distilled water and atmospheric air for different periods of time. The 
dotted lines indicate the interval for which the optode has a linear response. For most 
points the ±SE is smaller than the symbol size. 
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3.4 Tracking a nitrate plume using the nitrate 
sensitive planar optode 

The nitrate sensitive optode was successfully applied to tracking the nitrate 
plume in the flow cell, and Students t-test showed no statistically significant 
difference between the values determined using the nitrate test kit and the 
nitrate sensitive optode (figure 6), confirming the accuracy of the optode.  

 

Figure 6: Planar optode images of a nitrate plume over time. 5.0 ml 50mM sodium nitrate 
was injected over 20 seconds in injection port E5 at t = 0. a: t = 5s. b: t = 60s. c: t = 10 
min. d: t = 20 min. Samples withdrawn through ports E5, F5, G5 and H5 were analyzed 
and their nitrate content was estimated at 41.1, 36.7, 9.40 and 0.247 mM respectively. The 
injection port grid is indicated by grey circles. 
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4 Conclusions 
The planar optode described here responds linearly to nitrate concentrations 
from 1mM to 50mM at pH 8.0, has a fast response time of less than 10s and 
good lifetime expectancy. Hence, fast two dimensional measurements of 
nitrate distributions over long periods of time are made possible, however, 
nitrite, chloride and thiocyanate are interfering analytes; the sensitivity to 
chloride limits its use in seawater conditions.  
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